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foreword

If you have built castles in the air, your work need not be lost; that is
where they should be. Now put the foundations under them.  

Henry David Thoreau (1854)

It is axiomatic that any building needs firm foundations on which to rest, to ensure its
strength and persistence. The taller the building the deeper and more secure its foundations
must be. So, too, with fields of endeavor: lasting success and influence depends on the devel-
opment of firm foundations on which the field can develop and grow. 

For restoration ecology, these foundations are being put in place now. The importance of
restoration ecology as the science that informs the practice of ecological restoration has in-
creased dramatically over a relatively short period of time. Although the need for environ-
mental repair has been recognized for a long time, and there have been attempts to restore
different types of ecosystem for many decades, the science underpinning these attempts is
still young and in a formative stage. 

Restoration ecology has been raised within other parent disciplines, particularly ecology,
which have their own long and venerable traditions. It is in these disciplines that restoration
ecology finds the principles and ideas to guide its development. The building blocks with
which the scientific foundations of restoration ecology are being constructed come from a
broad range of topics and approaches within theoretical and applied ecology and other fields.
These building blocks are not necessarily taken unchanged into restoration ecology; rather,
they often need to be reworked in recognition of the fact that the science interacts strongly
with the practicalities of doing restoration. Theory has to make sense in practice. Indeed, the
practice of restoration should ideally serve as a testing ground, which can help inform and
improve ecological theory, as has been eloquently argued in the past (Bradshaw 1987).

At the same time, the success and effectiveness of restoration practice can be significantly
enhanced by ensuring that ideas and approaches being used are based on an up-to-date un-
derstanding of how ecosystems are put together and function, and by being able to learn from
successes and failures in other systems and other parts of the world. The practice of ecologi-
cal restoration has frequently been based largely on local understanding of how particular
ecosystems work, without any real reference to a recognized body of theory or generalized
framework. Some of these local restoration projects have been spectacularly successful in
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achieving their goals, due to the insight and energy of those involved. These are the castles
that have been built in the air already, which stand as examples of what can be achieved. We
can learn from these and aim to emulate the successes elsewhere.

Others have been less successful and have not met their restoration goals, because they
have failed to reverse ecosystem degradation or to reconstruct the desired ecosystem in terms
of species composition or structure. The lack of success has sometimes stemmed from poor
planning or execution, but at other times has been due to an incomplete or erroneous un-
derstanding of how ecological systems work. These castles have tumbled. We can also learn
from these. What went wrong? What lessons are there for future projects elsewhere? The fail-
ures are not necessarily the fault of the people involved and may have more to do with a gen-
eral shift in the past few decades in the way we perceive ecological systems. While restoration
ecology has been growing up, ecology has also been developing, and ecologists have shifted
ground on many basic concepts of how communities and ecosystems work. In particular,
there has been a shift from viewing ecosystems as static equilibrium entities in which simple
linear causation can be detected, to viewing them as complex dynamic systems in which
nonlinearity, historical dependence, and unpredictability are often major features. These
shifts have dramatic implications for how we manage and restore systems (Botkin 1990;
Wallington et al. 2005).

These shifts obviously have important implications for how we choose and assemble the
building blocks for the foundations of restoration ecology. If we build the foundation on out-
dated or erroneous building blocks, we can expect to see many more castles tumble as people
repeat the mistakes of the past. If, however, we build the foundations on the best and sturdi-
est building blocks we have available, we have the chance to build even bigger and better cas-
tles. Developing a sound foundation based on current ideas and concepts provides restora-
tion ecology with the opportunity to start being able to provide generalizable approaches that
can be tried and tested in different systems and different places. This is why this book is so im-
portant. Certainly, we will find that not every idea presented here will stand the test of time
or work in practice everywhere. But the editors and authors are building a foundation on
which we can build and move forward. It’s time for restoration ecology to have a solid foun-
dation and to develop as the enabling science behind the truly awe-inspiring restoration ac-
tivities needed in this increasingly human-damaged world. 

Richard J. Hobbs, Perth, Australia
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Chapter 1

Ecological Theory and Restoration Ecology

Margaret A. Palmer, Donald A. Falk, and Joy B. Zedler

Ecological restoration has been practiced in some form for centuries. For instance, many in-
digenous peoples tended lands to sustain natural ecosystem services, such as production of
basket-weaving materials, food crops, or forage for game animals, and they continue to do so
(Stevens 1997). Today, the practice of ecological restoration is receiving immense attention
because it offers the hope of recovery from much of the environmental damage inflicted by
misuse or mismanagement of the Earth’s natural resources, especially by technologically ad-
vanced societies (Economist 2002; Malakoff 2004). 

Strictly speaking, ecological restoration is an attempt to return a system to some historical
state, although the difficulty or impossibility of achieving this aim is widely recognized. A
more realistic goal may be to move a damaged system to an ecological state that is within
some acceptable limits relative to a less disturbed system (Figure 1.1). In this sense of the
term, ecological restoration can be viewed as an attempt to recover a natural range of ecosys-
tem composition, structure, and dynamics (Falk 1990; Allen et al. 2002; Palmer et al. 2005).
Correspondingly, restoration ecology is the discipline of scientific inquiry dealing with the
restoration of ecological systems. 

The simplest restorations involve removing a perturbation and allowing the ecosystem to
recover via natural ecological processes. For example, a small sewage spill to a large lake
might correct itself, if microorganisms can decompose the organic matter and the added nu-
trients do not trigger algal blooms. Locally extirpated species can recolonize sites as habitat
quality improves, and the physical structure of communities can begin to resemble the pre-
disruption condition.

More often, however, restoration requires multiple efforts, because multiple perturbations
have pushed ecosystems beyond their ability to recover spontaneously. For example, restor-
ing streams affected by urbanization often requires new stormwater infrastructure to reduce
peak flows, followed by channel regrading and riparian plantings (Brown 2000). For coastal
marshes that have been dredged for boat traffic, restoration might involve removing fill, 
recontouring intertidal elevations, amending dredge spoil substrates, and introducing na-
tive plants. In some cases, “restoration” sensu latu is never finished, as some level of mainte-
nance is always needed (e.g., in wetlands dominated by invasive species). Full restoration
means that the ecosystem is once again resilient—it has the capacity to recover from stress
(SERI 2002; Walker et al. 2002). Yet it is rarely possible to achieve the self-sustaining state
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because degraded ecosystems typically lack natural levels of environmental variability (Baron
et al. 2002; Pedroli et al. 2002) and their resilience is no longer recoverable (Suding et al.
2004).  

While restoration is sometimes considered an art or a skill that is honed by practice and
tutelage (Van Diggelen et al. 2001), science-based restorations are those projects that benefit
from the infusion of ecological theory and application of the scientific method. Science-
based restorations follow (1) explicitly stated goals, (2) a restoration design informed by eco-
logical knowledge, and (3) quantitative assessment of system responses employing pre- and
postrestoration data collection. Restoration becomes adaptive when a fourth step is followed:
(4) analysis and application of results to inform subsequent efforts (Zedler and Callaway
2003). Analogous to adaptive management, the corrections that are made to the restoration
process should be guided by sound theory and experimentation, not just trial and error.

An unfortunate aspect of ecological restoration as it is commonly practiced today is that
the results of most efforts are not easily accessible to others. Despite pleas to report long-term
responses (Zedler 2000; Lake 2001), most projects are not monitored postrestoration (NRC
1992; Bernhardt et al. 2005). Informing later efforts is in many ways the most critical ele-
ment—science, in its simplest form, is the sequential testing of ideas that over time leads to a
better understanding of nature.

Ecological Experimentation in a Restoration Context 

The focus of this book is the mutual benefit of a stronger connection between ecological the-
ory and the science of restoration ecology. Ecological restoration provides exciting opportu-

2 foundations of restoration ecology

Figure 1.1 Ecological systems are highly dynamic entities. Thus, all attributes of natural sys-
tems, including levels of ecosystem processes (dark grey spheres), vary over time and space
within a natural window of variability (dashed oval line). Restoration should be attempted when
the system attribute moves outside that window of natural variability (mottled grey spheres).
Once “restored,” the system is unlikely to be exactly where it was predisturbance. Although this
figure is drawn in three dimensions, the true assessment of both reference and degraded condi-
tions is likely to be multivariate. Illustration motivated by Walker and Boyer (1993). 

Ec
os

ys
te

m
 F

un
ct

io
n

Time

Space



nities to conduct large-scale experiments and test basic ecological theory, both of which have
the potential to build the science of restoration ecology (Figure 1.2). A fundamental premise
of this book is that the relationship of restoration ecology to ecological theory works in both
directions: restoration ecology benefits from a stronger grounding in basic theory, while eco-
logical theory benefits from the unique opportunities for experimentation in a restoration
context (Palmer et al., 1997). Many examples of this reciprocity are found throughout this
book.

Although ecology overall lacks a general unified theory, the field has developed a strong
and diverse body of theory addressing nearly every aspect of ecological interactions (Weiner
1995; McPherson and DeStefano 2003). As evidenced throughout the book, this body of the-
ory is highly relevant to both the science of restoration ecology and the practice of ecological
restoration (Table 1.1). While ecological restoration has scientific underpinnings, the inte-
gration of ecological theory and restoration has been uneven, despite recognition that the
practice could be enhanced by such integration (Young et al. 2005).

1. Ecological Theory and Restoration Ecology 3

Figure 1.2 The relationship between ecological theory, restoration ecology, and ecological
restoration can be viewed in a hierarchical fashion. While there is a very large body of ecological
theory (A, unfilled box), only some of it can be directly applied to restoration ecology at the pres-
ent time (B, grey box). There is thus a demand to extend and develop theory, and the benefits of
doing so extend in both directions. Ecological science benefits from the linkage, as does restora-
tion ecology and ecological restoration. There is also a large part of ecological restoration that
will never be guided by restoration ecology (C, black box); instead, contextual constraints and
societal objectives, such as co-opting natural resources or modifying ecological systems for hu-
man use, will determine restoration objectives and potential much of the time. 



table 1.1 

Broad areas of ecological theory that are foundational to the science of restoration ecology and are
covered in the book. 

Relevant 
ecological theory

Examples of ecological
restoration questions

Examples of current themes, issues, 
and models Contributors

Population and
ecological
genetics

Which propagule
sources and num-
bers should be in-
troduced?

Bottlenecks and founder events, drift in
small populations, locally adapted
genotypes, within- and among-popu-
lation genetic diversity, inbreeding
and outbreeding effects, genetic
neighborhoods and spatial genetics,
effective population size, gene flow 

Falk, Richards,
Montalvo, and
Knapp 
(Chapter 2)

Ecophysiologi-
cal and func-
tional ecology

What are the poten-
tial physiological
challenges in the
restored environ-
ment?

Stress tolerance, physiological limits of
survival and reproduction, adapta-
tion to novel environments, pheno-
types tolerant of unusual conditions

Ehleringer and
Sandquist
(Chapter 3)

Demography,
population
dynamics,
metapopula-
tion ecology

How can we tell if
populations will
persist?

Population dynamics, demographic
transition matrices, seed dormancy
and germination, population persis-
tence and resilience, population spa-
tial structure, age structure and den-
sity dependence, dispersal among
subpopulations, metapopulation
dynamics

Maschinski 
(Chapter 4)

Community
ecology

What assemblages
will persist in each
part of the restored
site? In what order
should they be in-
troduced?

Community composition, coexistence
of species, assembly theory, alterna-
tive successional pathways, sensitivity
to initial conditions, predation,
trophic structure, dispersal, environ-
mental filters, disturbance regimes,
mutualism

Menninger and
Palmer 
(Chapter 5)

Evolutionary
ecology

How will organisms
adapt to novel re-
stored environ-
ments?

Evolutionary environment, adaptation
to novel environments, trait selec-
tion, metapopulations, genetic diver-
sity, evolutionary potential, land-
scape genetics

Stockwell, Kinni-
son, and Hendry 
(Chapter 6)

Fine-scale het-
erogeneity

How can sites be
modified to en-
hance diversity?

Spatial heterogeneity of resources and
ecosystem functionality, spatial and
temporal variation at individual or
community level, coexistence of
multiple species at multiple spatial
scales

Larkin, Vivian-
Smith, and
Zedler 
(Chapter 7)

Food webs Do interacting
species need to be
introduced?

Trophic cascades, bottom-up/top-down
dynamics, food-web networks, pro-
ductivity and food-web structure,
plant-herbivore interactions, preda-
tor-prey theory, indirect interactions

Vander Zanden,
Olden, and 
Gratton 
(Chapter 8)

Ecological dy-
namics and
trajectories

How will the restored
system develop?

Trajectories of ecosystem degradation
and recovery, natural variability, lin-
ear and nonlinear dynamics, multi-
ple stable states vs. ordered succes-
sion, resilience, multiple equilibria,
ecological thresholds

Suding and Gross
(Chapter 9)
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table 1.1 (continued)

Broad areas of ecological theory that are foundational to the science of restoration ecology and are
covered in the book. 

Relevant 
ecological theory

Examples of ecological
restoration questions

Examples of current themes, issues, 
and models Contributors

Biodiversity and
ecosystem
functioning

Can a single restora-
tion site maximize
species richness
and ecosystem
functions?

Diversity-stability relationships, func-
tional diversity, functional equiva-
lence, redundancy, interface be-
tween community and ecosystem
ecology, ecological insurance and
ecosystem reliability

Naeem 
(Chapter 10)

Invasive species
and commu-
nity invasi-
bility

How should sites be
managed to ex-
clude undesired
species?

Properties of invasive species, commu-
nity invasibility, alteration of ecosys-
tem processes, plant community re-
sponses, resistance and resilience,
competition, top-down and bottom-
up control, disturbance theory

D’Antonio and
Chambers 
(Chapter 12)

Modeling and
simulations

How predictable are
restoration out-
comes?

Stochastic influences on deterministic
processes, uncertainty, natural range
of variability, spatial interactions,
heuristic and simulation models,
multivariate statistics 

Urban 
(Chapter 11)

Research design
and statistical
analysis 

How can we design
restoration experi-
ments and analyze
the resulting data?

Replication, power analysis, sample
size, general statistical framework,
time series and repeated measures,
chronosequence analysis, multivari-
ate characterization, estimating ef-
fect size, BACI designs

Osenberg, Bolker,
White, St. Mary,
and Shima 
(Chapter 13)

Macroecology How does the larger
spatial context in-
fluence an individ-
ual restored site?

Large-scale ecological processes,
species and population migrations
over time and space, ecosystem size
and community diversity/structure,
cross-system fluxes

Maurer 
(Chapter14)

Paleoecology,
climate
change

Can restoration be
planned within
the context of ex-
pected global
change?

Climatic cycles, climate-vegetation re-
lationships and migration of vegeta-
tion, vegetation-climate (dis)equilib-
rium, natural variability, temporal
variation

Millar and 
Brubaker 
(Chapter 15)

There is also great potential to enhance understanding of the basic structure and function
of ecological systems by using restoration settings to develop and test theory (Bradshaw 1987;
Jordan et al. 1987; Palmer et al. 1997; Hobbs and Harris 2001; Perrow and Davy 2002). In-
deed, restored sites, or those that are soon to be restored, represent virtual playgrounds for ask-
ing how well ecological theories can predict the responses of natural systems. 

The opportunity to test ecological theory in restoration sites is exciting; at the same time,
ecologists and evolutionary biologists are challenged to use theory to devise experiments that
can be conducted in restoration settings. We do not think this limits our inquiry to a reduc-
tionist paradigm: as with ecology itself, understanding can progress even when formal hy-
potheses cannot be framed (Pickett et al. 1994). Even more difficult is the challenge of de-
signing experiments that are workable within a project’s spatial extent, timing constraints,
and resources. Finding suitable sites, receptive managers, interested researchers, appropriate



ideas to test, and funding to test them—all at the same time and place—is challenging, but
feasible and worth the effort. The payoff for the practice of ecological restoration comes in
learning how to improve approaches, how to correct errors, how to accomplish desired out-
comes, and how to plan future projects. 

Can basic ecological abstractions of nature and mathematical models be used to inform
restoration practice, given that ecological responses are often context-dependent? We think
so. Every step in the restoration process can be informed by existing ecological theory (Table
1.1); however, every attempt to state predictions from theory also indicates the need to ex-
pand theory itself. Thus, we ask: Under what circumstances can we grow the science of
restoration ecology using existing ecological theory? What issues or settings require an exten-
sion of our theories and models or even the development of theories de novo? 

The Imperative to Advance Theory 

Experience indicates that restoration follows multiple pathways, which means that outcomes
are difficult to predict. Part of the difficulty is that restoration takes place across a multidi-
mensional spectrum of specific sites within various kinds of landscapes, and where goals
range from highly specific (e.g., enhance the population of one rare animal species) to gen-
eral (e.g., encourage vegetation to cover bare substrate). The task of developing theory that
offers a high level of predictability is akin to figuring out how to grow myriad crops across a
heterogeneous continent. If we consider the centuries it has taken agriculturalists to optimize
the crops that farmers should grow in one field in one region (e.g., alternate corn and beans
or alfalfa within the cornbelt using specified soil amendments, planting, and harvesting pro-
tocols), the difficulty of reproducing entire ecosystems on demand becomes understandable.
It could take much longer for the science of restoration to achieve predictable results, be-
cause there are more ecosystem types and a wider variety of tools. We assert that these condi-
tions create a great need for guidance from ecological theory. For some ecosystems, ecologi-
cal theory needs to be melded with physical science theory; for example, river restoration
must be informed by geomorphic, hydrological, and ecological theory (Wohl et al. 2005;
Palmer et al. 2006). 

The need to develop a sound theoretical base for ecological restoration is imperative for at
least three reasons. First, restoration is a booming business that requires the support of a
knowledge base and research innovations (Economist 2002). Billions of dollars are spent an-
nually to restore polluted and sediment-clogged streams (Bernhardt et al. 2005; Hassett et al.
2005) and to reforest lands that have been degraded and fragmented (Lamb and Gilmore
2003). Yet many restoration efforts are still trial-and-error improvisations. For example, every
new biological invasion prompts a series of attempts to reduce or eradicate populations that
increasingly damage native communities. Systematic evaluations of multiple tools in a com-
mon site come only after long delays in recognizing the magnitude of the problem and ob-
taining the resources to fund appropriate research. 

Second, the stakes are far too high not to develop a stronger theory for restoration ecology.
As the global human population continues to expand, vital resources, such as fresh water and
arable soils, are threatened and depleted (Gleick 2003; McMichael et al. 2003; Stocking
2003). Obviously, conservation of resources prior to their degradation is desirable, but our
crowded planet’s current rate of resource consumption suggests that we must do more than
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hold the line (Sugden et al. 2003; Palmer et al. 2004). Where conservation has failed to sus-
tain crucial ecological services, ecological restoration should be the option of choice (Dob-
son et al. 1997; Young 2000; Ormerod 2003). Given the state of our environment, restoration
must use ecologically designed solutions (Pimm 1996; Palmer et al. 2004); our only other re-
course is technological fixes to maintain ecosystem processes, an expensive and often inef-
fective option. Admittedly, some ecological technology (e.g., waste treatment) can improve
people’s lives, but many problems (e.g., spatially distributed water shortages) cannot be
solved by technology, at least not affordably (Gleick 2003). Furthermore, technological fixes
lack the aesthetic appeal of restored ecosystems and the species they support. 

A third reason to enhance the linkage between ecological theory and restoration is to grow
the field of ecology. Regardless of their specialty, ecologists can benefit greatly by testing the-
ory in a restoration context (Palmer et al. 1997; Young et al. 2001). As Bradshaw (1987) noted,
restoration is the “acid-test of ecological theory.” If we cannot predict the development of a
community at a restored or managed site based on knowledge of species and their interac-
tions, then perhaps we can make use of what we observe to refine our theories and predic-
tions and improve their predictive power (Zedler 2000; Hobbs and Harris 2001). 

Origins and Structure of This Book

The fields of ecological restoration and restoration ecology have been well served by two jour-
nals of those same names for many years. Since their inception, these journals have pub-
lished hundreds of articles on topics ranging from tools, techniques, research ideas, results,
and philosophy. Today, articles on restoration also appear in mainstream ecological journals
(e.g., Ecological Applications, Journal of Applied Ecology, Science). Yet, despite years of intel-
lectual development, restoration ecology remains to be defined as a field of scientific en-
deavor and its conceptual foundations articulated. This realization ultimately is what led us
to create this book.

Initially, we organized a symposium (Palmer et al. 2002) for the 2002 joint meeting of the
Ecological Society of America (ESA) and the Society for Ecological Restoration Interna-
tional (SERI). In some respects, the 2002 symposium was a follow-up to a previous (1996)
meeting of ecologists and land managers at the National Center for Ecological Analysis and
Synthesis (NCEAS) to discuss the conceptual basis of restoration ecology (Allen et al. 1997).
This culminated in a series of journal articles (Allen et al. 1997; Ehrenfeld and Toth 1997;
Michener 1997; Montalvo et al. 1997; Palmer et al. 1997; Parker 1997; White and Walker
1997) devoted to identifying the conceptual framework for restoration ecology and outlining
critical research questions that offer unique opportunities to couple basic research with the
practical needs of restorationists. Our hope was to move both ecology and the field of restora-
tion ecology forward.

For the 2002 symposium, we asked scientists well versed in ecological theory—but not
necessarily active in restoration work—to present their most creative ideas on the linkage
(real or potential) between ecological theory and restoration ecology. We also asked scientists
actively involved in restoration research to illustrate how ecological theory has been coupled
with restoration efforts and/or how they have tested ecological theory in a restoration context.
This emphasis on two-way communication of ideas between ecological theorists and restora-
tion ecologists is carried forward in this volume. 
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Selecting the topics to include in this book was not easy. We have used the word theory
broadly to include ecological and evolutionary concepts, predictive models, and mathemat-
ical models. We organized the book around the ecological concepts and principles that are
fundamental to restoration. Our goals were to provide comprehensive overview of the theo-
retical foundations of restoration ecology, and to identify critical areas in which new theory
is needed, existing theory needs to be tested, and new and exciting cross-disciplinary ques-
tions need to be addressed. 

Each chapter in this book addresses a particular area of ecological theory. Some of these
(e.g. population genetics, demography, community ecology) are traditional levels of biolog-
ical hierarchy, while others (species interactions, fine-scale heterogeneity, successional tra-
jectories, invasive species ecology, ecophysiology, and functional ecology) explore specific
topics of central relevance to the challenges of restoration ecology. Several chapters focus
on research tools (research design, statistical analysis, modeling, and simulations), or place
restoration ecology research in a larger context (macroecology, paleoecology and climate
change, evolutionary ecology). Some areas merit more specific coverage, including ecosys-
tem processes (e.g., restoration of biogeochemical processes) and landscape-level spatial
ecology, both of which are highly relevant to restoration and merit further work. Other 
important areas fell outside the scope of this book, and we urge readers to consult 
other sources for information on the economics of ecological restoration; on sociological 
issues, such as stakeholder “buy-ins” that often determine the success of a project; and 
on engineering principles and technical issues that are required for some types of
restoration. 

We have organized the book into parts reflecting three general areas of ecological theory
(levels of biological hierarchy, restoring ecological functions and processes, and the macro-
ecological context). Each part is introduced briefly by the Editors. The chapters follow a
common structure designed to assist the reader, particularly the student new to the field.
After a brief introduction to the general area and its significance within ecological research,
each chapter summarizes the body of theory most relevant to restoration ecology, including
its central concepts and models, current issues, and front lines of research. The authors
then discuss the application of this body of theory to restoration ecology as specifically 
as possible, with references to the restoration literature, where possible. The chapters end 
with perspectives on (1) tests of ecological theory research that could help build and
strengthen restoration ecology, and (2) how restoration offers opportunities to test ideas in
basic ecology.

This book is meant to provide a scientific framework for restoration ecology that can be
used to inform ecological restoration as well as stimulate advances in our understanding of
nature. As you read, bear in mind that the implementation of ecological restoration is not
only escalating at an astounding rate, but also that it remains the most ecologically viable and
aesthetically appealing remedy for mending Earth’s ever-increasing number and scale of de-
graded ecosystems. 
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part one 

Ecological Theory and the Restoration of
Populations and Communities

For decades, biologists have conceived of life in terms of nested levels of biological organiza-
tion, from subcellular structures to processes that extend across and among whole ecosys-
tems. This hierarchy obscures much of reality: what happens to the whole organism ramifies
inevitably to the life of the cell, and no organism exists independently of interactions with
other organisms or the physical environment. Nonetheless, levels of biological organization
have proven to be a powerful conceptual tool for understanding how the processes of life are
distributed among many components.

It is this understanding of interacting processes at different levels of organization that
makes the biological hierarchy model relevant to restoration ecology. Inevitably, the restora-
tion ecologist initiates or observes changes across multiple levels of organization. For exam-
ple, setting a prescribed fire in a tallgrass prairie changes soil, water, and nutrient levels and
availability; changes whole-plant water status and mycorrhizal function; alters the competi-
tive balance among species; influences the demography of populations through size and
age-dependent mortality; modifies seed germination, dispersal, and establishment rates; and
redirects the flow of carbon, water, and energy through the ecosystem. None of these out-
comes is fully independent of any other. And, yet, to advance restoration ecology, we need
to probe inside such complex cross-scale processes in order to understand the mechanisms
at work. 

While the hierarchy of life extends from the infinitely small to the globally large, the ge-
netic composition of individual organisms and populations is a convenient and logical base.
Falk, Richards, Montalvo, and Knapp explore the importance of genetic variation to restora-
tion ecology. Genetic variation provides both the potential for, and limitations of, organism
responses to novel environments. In addition to defining the envelope of individual response,
the distribution of genetic variability within and among populations can be crucial to restora-
tion efforts, particularly where the practical goal of restoration is to promote the establish-
ment of self-sustaining populations. Genetic variation is thus the (often unseen) foundation
of the biological outcomes of restoration, and it merits increased attention in both practice
and research.

The response of organisms to both degraded and restored ecosystems is mediated largely
through physiological processes: how the bodies of organisms work. Ehleringer and Sand-
quist examine this important area for restoration ecology, using the example of how plant
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ecophysiology can govern the outcomes of restoration experiments. Whether by design or
accident, the restorationist alters the local distribution of light and energy aboveground, and
water and chemistry belowground. Postrestoration conditions may favor plants with different
photosynthetic pathways, as well as species that can tolerate novel microclimatic conditions
of temperature and humidity. Belowground, plant tolerance for changes in macro- and mi-
cronutrients, as well as exposure to increased concentrations of toxic metals and changes to
soil pH, salinity, and water, can be critical to the outcome of restoration. The altered hy-
drological environment can influence plant rooting depth, root/shoot allocation, and the 
reliance on mycorrhizal symbioses. Restoration exposes plants to a wide range of physio-
logical stressors, and outcomes will depend on the ability of species to tolerate altered
environments.

Plant or animal populations are frequently the focal point of restoration research and
practice. Population size is a basic metric of restoration success or failure, as is the variability
of populations in space and time, particularly in uncertain environments. Maschinsky de-
scribes some of the contemporary tools of population biology that are most relevant to restora-
tion ecology, especially population viability analysis, which incorporates the effects of popu-
lation size and demographic and environmental stochasticity. Elasticity and sensitivity
analysis, which measure the effects on population growth rates of changes in vital rates (birth,
death, growth) are particularly promising tools for restoration research. Beyond the individ-
ual population, metapopulation theory has high potential for helping restorationists design
long-term strategies. The reason is simple: a completely isolated population is unlikely to sur-
vive for long in a variable environment. Exchange of genes and individuals among subpopu-
lations is a fundamental dynamic in a natural landscape, and no less so as we try to restore
sustainable populations in fragmented and altered landscapes.

A complex community with multiple coexisting and persisting species is a common
restoration objective. As Menninger and Palmer observe, however, assemblages of species
and population levels are rarely stable over space and time. Community-level restoration
ecology must thus address both the emergent patterns of species coexistence and the under-
lying processes that govern community composition. Three levels of community function are
relevant to restoration ecology: Regional processes, which determine species composition
through the regional species pool, dispersal, and colonization dynamics, operate within and
among sites. Environmental and habitat attributes constitute a set of biotic and abiotic filters
that govern which species are likely to establish and persist. And, finally, biotic interactions
are highly variable, ranging from directly competitive to mutualistic and potentially varying
with circumstances. A deeper understanding of all of these community-level processes will
be fundamental to restoration ecology.

While restoration projects typically span a few months or years, restoration ecology needs
to extend to time frames that include slow processes and very long-term outcomes. Stockwell,
Kinnison, and Hendry address a challenging and little-explored aspect of restoration ecology,
the evolutionary perspective. Both degraded (prerestoration) and restored environments may
represent novel circumstances for many species. Where the local environment is signifi-
cantly outside the envelope of conditions to which species are adapted, strong selection can
alter gene frequencies rapidly, leading to the emergence of novel character distributions and
even new ecotypes. The rate at which this occurs is influenced by the degree of genetic vari-
ability within and among populations, as well as dispersal, colonization, and survival. By ma-
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nipulating these variables (for example, by moving propagules to a new location), the restora-
tion ecologist inevitably influences processes of adaptation and species distributions. The
evolutionary response to restoration thus integrates all levels of biological organization, from
genes and ecophysiology to the structure and dynamics of metapopulations and the interac-
tion of species in complex communities.
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Chapter 2

Population and Ecological Genetics 
in Restoration Ecology

Donald A. Falk, Christopher M. Richards, Arlee M. Montalvo,

and Eric E. Knapp

Genetic diversity serves as the basis for adaptive evolution in all living organisms. Heritable
differences among individuals influence how they interact with the physical environment
and other species, and how they function within ecosystems. Genetic composition affects
ecologically important forms and functions of organisms, including body size, shape, physio-
logical processes, behavioral traits, reproductive characteristics, tolerance of environmental
extremes, dispersal and colonizing ability, the timing of seasonal and annual cycles, disease
resistance, and many other traits (Lewontin 1974; Hedrick 1985; Booy et al. 2000; Lowe et al.
2004). Genetic diversity within a species thus provides the means for responding to environ-
mental uncertainty and forms the base of the biodiversity hierarchy (Stebbins 1942; Crow
1986; Noss 1990; Hartl 1997; Reed and Frankham 2003). To overlook genetic variation is to
ignore a fundamental force that shapes the ecology of living organisms.

Restoration ecologists are often faced with practical consequences of this variation when
selecting plant and animal materials for restoration projects. Ecological genetics are thus fun-
damental to the design, implementation, and expectations of any restoration project,
whether or not consideration of the genetic dimension is explicit. For these and many other
reasons, genetic variability merits increased attention in restoration practice and research
(Falk and Holsinger 1991; Fenster and Dudash 1994; Havens 1998; Young 2000; Rice and
Emery 2003; Schaal and Leverich 2005).

In this chapter we outline some genetic considerations important to the design, imple-
mentation, and long-term success of populations in natural habitats. We begin by reviewing
the fundamental importance of genetic variation in population ecology. We then discuss
how genetic variation is measured and assessed at the levels of individuals and populations.
We conclude by examining how genetic information can be used in restoration ecology and
ecological restoration practice.

Why Is Genetic Variation Important to Restoration Ecology?

We begin our examination of genetic variation in restoration ecology by focusing on two as-
pects that are likely to be encountered in the restoration process: its importance in providing
the basis for adaptation of organisms to changing environments, and its role in preventing or
ameliorating deleterious effects of inbreeding in small or isolated populations.
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Genetic Diversity Is the Primary Basis for Adaptation to 
Environmental Uncertainty
Genetic variation holds the key to the ability of populations and species to persist through
changing environments over evolutionary time (Frankel 1974; Lewontin 1974; Freeman and
Herron 1998; Stockwell et al. 2003). The magnitude and pattern of adaptive variation is crit-
ical for the long-term persistence of a species, whether endangered or widespread (Booy et al.
2000; Reed and Frankham 2003; Rice and Emery 2003).

Environments that vary in time and over space are often described in terms of the natural
or historic range of variability in weather, disturbance events, resource availability, population
sizes of competitors, and so forth (Morgan et al. 1994; White and Walker 1997; Swetnam and
Betancourt 1998). In a completely stable physical and biological environment, a species
might benefit more by maintaining a narrow range of genotypes adapted to prevailing condi-
tions, and allele frequencies might eventually attain equilibrium (Rice and Emery 2003). By
contrast, if the environment is patchy, unpredictable over time, or includes a wide and
changing variety of diseases, predators, and parasites, then subtle differences among individ-
uals increase the probability that some individuals and not others will survive to reproduce—
that is, individuals will vary in fitness when traits influencing survival or reproduction are ex-
posed to selection.

For example, Knapp et al. (2001) found that while individual blue oak trees flowered for
less than ten days, different trees in the population initiated flowering over a period of a
month in the spring. Such variability is potentially adaptive, since at least some trees in the
population will flower during warm sunny periods when wind pollination is most successful
and an acorn crop is more likely. Because differences among individuals are often deter-
mined at least in part by genes that are under selection, population genetic theory predicts
that a broader range of genetic variation (higher heterozygosity) will persist in variable envi-
ronments (Cohen 1966; Chesson 1985; Tuljapurkar 1989). For instance, within-population
variability is central to the adaptation of desert annuals to uncertain precipitation regimes
(Adondakis and Venable 2004).

On a longer time scale, during periods of rapid climate change or increased climatic vari-
ability, the zone of suitable climate for a species may shift in latitude and elevation. Popula-
tions with individuals containing different genes for adaptation to new climatic conditions
are more likely to persist, and if their seeds are dispersed into the new location the population
can “migrate” across the landscape over generations (Ledig et al. 1997). By contrast, popula-
tions with a narrower range of genotypes (more phenotypically uniform) may fail to survive
and reproduce as conditions become less locally favorable. Such populations are more likely
to become extirpated (locally extinct). The challenge to restoration ecology is to utilize suffi-
cient diversity to allow adaptation to new circumstances, while avoiding the adverse effects of
introducing genotypes that are poorly adapted to the environment (Rice and Emery 2003;
Gustafson et al. 2004a, 2004b).

Genetic Diversity Within Populations Reduces Potentially Deleterious 
Effects of Inbreeding.
In addition to its adaptive value at the population level, genetic variation (or its lack) can af-
fect the survival and performance of individuals. In a diploid organism, when an individual is
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homozygous at a gene or locus, mutations that are not beneficial to survival or reproduction
are more likely to be expressed. This can lead to developmental, physiological, or behavioral
problems of genetic origin, such as malformed physical structure, poor biochemical balance,
improper organ formation and function, altered social behavior, and susceptibility to disease
(Barrett and Kohn 1991; Hartl and Clark 1997; Schaal and Leverich 2005).

Homozygosity at key gene loci is a common result of inbreeding, which is mating among
closely related individuals. Populations that are small, isolated, or subdivided into small
groups because of restricted dispersal can be particularly susceptible to inbreeding and in-
breeding depression, reduced overall fitness of organisms with low heterozygosity. In small or
highly inbred populations, genetic drift, the chance selection of genotypes, can cause delete-
rious alleles to become either fixed or purged from the population (Templeton 1991; Hus-
band and Schemske 1996; Keller and Waller 2002). If populations that have been fixed for
different alleles are crossed, heterosis (increased vigor of hybrids) in progeny may indicate in-
breeding depression (Keller and Waller 2002). Such increases in fitness are known as genetic
rescue, which occurs when new genetic material is added to inbred populations (Hedrick
1995; Richards 2000; Ingvarsson 2001; Tallmon et al. 2004).

It is in a restoration context critical to distinguish the census population (the number of
individuals counted) from the effective population size (Lande and Barrowclough 1987). For
any population, the effective population size (Ne) is the number of individuals that contrib-
ute genes to succeeding generations. This number is typically smaller than the number of in-
dividuals in a population census, because not all individuals reproduce, and progeny num-
bers vary among individuals. Plants with a high proportion of self-fertilization, or those with
unequal sex ratios can have much lower Ne than the census number, as do animal popula-
tions where breeding success is determined by behavior and social interactions. Obligate out-
crossing species (where individuals cannot self-fertilize) are especially vulnerable to the ef-
fects of small Ne (Barrett and Kohn 1991; Schaal and Leverich 2005). Effective population
size—and the components of breeding systems that influence it—are important considera-
tions in collection strategies and the management of small remnant or restored populations
(Barrett and Kohn 1991; Ryman and Lairke 1991; Allendorf 1994; Nunney and Elam 1994;
Newman and Pilson 1997).

Heterozygosity is not always beneficial, nor does inbreeding always have adverse effects
on the fitness of populations (Waser 1993; Byers and Waller 1999). In some circumstances,
a population may be so well adapted to local circumstances that introducing alleles from
other populations actually reduces its performance once populations hybridize (the extrin-
sic, or ecological form of outbreeding depression) (Templeton 1991; Waser 1993; Tallmon et
al. 2004). Alternatively, isolated populations may have diverged and become so different,
even if adapted to similar environmental conditions, that they suffer chromosomal mis-
matches or cytoplasmic incompatibilities when hybridized, reflecting loss of co-adaptation
(the intrinsic, or genetic form of outbreeding depression) (Templeton 1994; Fenster and
Galloway 2000; Montalvo and Ellstrand 2001; Galloway and Etterson 2004). The outcome
can depend on multiple factors, including relatedness of hybridizing populations, their ge-
netic architectures, and the immediate environment (Edmands and Timmerman 2003;
Rogers and Montalvo 2004). If crossed populations are highly differentiated, then the dele-
terious effects of outcrossing may outweigh the beneficial effect of reducing the adverse ef-
fects of inbreeding.
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Restoring populations that balance the adverse effects of excess inbreeding and outbreed-
ing can thus be challenging (Havens 1998). An understanding of how genetic diversity is dis-
tributed within and among populations can provide clues to achieving such a balance. Stud-
ies that examine the relative fitness of translocated populations and effects of mating among
individuals within and between populations can help inform decisions about populations
used for restoration (Keller et al. 2000; Montalvo and Ellstrand 2001; Hufford and Mazer
2003).

How Is Genetic Variation Detected and Measured?

A fundamental problem in ecological genetics is to distinguish between variations caused by
differences in genotype and those attributable to environment. The measurable outward ap-
pearance of a trait (phenotype) can be subdivided broadly into genetic and environmental
(nongenetic) components (Lynch and Walsh 1998). Partitioning the observed trait variance
permits evaluation of the relative importance of heritable variation in shaping morphology
and other complex traits. Many organisms, however, can display a wide variety of phenotypic
responses due to the environment that are ecologically important but not heritable (pheno-
typic plasticity). This flexibility in phenotype may in itself be adaptively important and may
have a genetic basis (Scheiner 1993). The underlying variation and genetic basis of traits is
often referred to as genetic architecture, and a variety of methods exist for assessing genetic
variation, classified broadly as quantitative (biometric) and molecular.

Biometric Studies 
Variation for heritable traits is often evaluated in common garden studies, by planting indi-
viduals from different source populations in a common environment so that genetic differ-
ences among individuals can be revealed (Clausen et al. 1940; Erickson 2004; Rogers and
Montalvo 2004). Source populations and test locations often focus on the range of habitat
variation within a geographic region of interest. Plantings are ideally reciprocal, such that
every accession is planted at every test location.

Common garden experiments can reveal adaptive differentiation among ecotypes by par-
titioning the variance in trait values. For instance, a two-way analysis of variance model can
estimate the significance of the genotype–environment (G × E) interaction in a common
garden trial (Comstock and Moll 1963; Lynch and Walsh 1998). Reciprocal transplants and
common garden experiments allow the researcher to evaluate the relative performance of
genotypes in different environments and look for the signature of home site advantage in-
dicative of ecotypes, or to differentiation on opposing ends of an environmental cline (Mon-
talvo and Ellstrand 2000).

In restoration projects, data from genotypes grown in multiple environments can help
predict the success (or risk) of seed translocation, transplanting, or augmentation of declining
populations from different sources. In addition, the risk of inbreeding and outbreeding de-
pression and the potential to adapt to climate change can be evaluated simultaneously if
progeny of controlled population crosses are incorporated into common garden experiments
(Fenster and Galloway 2000; Keller et al. 2000; Montalvo and Ellstrand 2001; Etterson
2004a, 2004b; Rogers and Montalvo 2004).
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Molecular Marker Variation
Genetic diversity can be measured directly using molecular markers (Schaal et al. 1991; Hartl
and Clark 1997; Petit et al. 1998). Marker-based estimates of diversity have a number of prop-
erties that make them particularly useful in estimating the breeding structure of populations,
population bottlenecks, and the biogeographic structure of species (Schoen and Brown 1993;
Roy et al. 1994; Hedrick 1999). The expansion of molecular approaches has been influenced
by enormous increases in computing speed, cost-effectiveness of implementing molecular
genotyping, and improvements in technologies for sequencing DNA markers with high vari-
ability (Lowe et al. 2004) (Table 2.1 and Box 2.1).

Quantitative Variation in Phenotype, Genotype, and Genes
Interest in the architecture of complex traits, their adaptive value, and the distribution of
quantitative genetic variation in the wild has been longstanding (Clausen et al. 1940; Steb-
bins 1950; Mather and Jinks 1982; Slate 2005; Tonsor et al. 2005). Many traits important for
restoration, such as biomass, flower number, water-use potential, timing of seed flush, seed
weight, and photosynthetic efficiency, are influenced by multiple genes that display continu-
ous rather than discrete variation for trait values. The measurement of such heritable pheno-
types is directly applicable to defining seed transfer zones, where local ecotypes may play an
important role in population persistence.

Quantitative traits are generally thought to be influenced by multiple loci, and may thus
reflect functional variation in several portions of the genome (Table 2.1 and Box 2.1). The
identification of genes that influence quantitative characters focuses on quantitative trait loci
(QTLs). With recent technological advancements and the availability of numerous fully se-
quenced genomes, emphasis is shifting from the analysis of marker genes toward analyses on
the genomic scale (Black et al. 2001; Luikart et al. 2003).

Data for “the genes that matter” may ultimately play an important role in the manage-
ment of germplasm resources and restoration ecology by determining the heritable compo-
nent of ecologically important traits such as growth rates and tolerance for drought or ex-
treme temperatures (Mitchell-Olds 1995; van Tienderen et al. 2002; Howe et al. 2003).
Quantitative genetic approaches can generate useful and testable predictions for the evolu-
tionary dynamics of phenotypes subject to selection under changing environmental condi-
tions, such as may be encountered in both disturbed or restored ecosystems (Stockwell et al.,
this volume).

Spatial and Temporal Dimensions of Diversity and Divergence
In addition to genetic differences among individuals, genetic differences also exist among pop-
ulations of most species. A population is defined as a group of potentially interbreeding indi-
viduals that share a common gene pool. The genetic profile of populations typically varies
from place to place across a species range. Differences among populations may arise as the re-
sult of chance occurrences, such as the genetic composition of dispersing individuals that cre-
ate a new population (founder effect), or changes in allele frequencies that result from chance
mating and reproductive success in very small populations (genetic drift) (Primack and Kang
1989; Templeton 1991; Eckert et al. 1996; Paland and Schmid 2003). Differences among
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Box 2.1 

Sources of Information About Genetic Variation
A wide variety of techniques are used in population and ecological genetics. Much of the re-
sulting information is potentially relevant to restoration ecology, but it is important to under-
stand how data are generated, and the limitations of various techniques. Because each
method looks into the genome in a particular way, various methods may provide significantly
different pictures of genetic diversity and structure (Table 2.1).

While it is beyond the scope of this chapter to review the many tools used in population
and ecological genetics in detail, fortunately a number of excellent texts and summary pa-
pers are available. A good starting point is a recent synthesis by Lowe et al. (2004). Many of
the techniques currently in use can be found there with key supporting references. In addi-
tion to technical caveats, the authors also point out the suitability and limitations of various
marker systems for questions relevant to the ecological genetics of restoration. Similar
overviews of genetic tools and techniques are available in several other works (Brown et al.
1990; Schaal et al. 1991; Hedrick and Miller 1992; Hartl and Clark 1997).

Allozymes are allelic variants of the same enzyme protein (isozyme) that can be separated
on starch gels using electrophoresis (Hartl and Clark 1997). Isozyme analysis has been a
workhorse marker of studies in plant population genetics (Brown 1978; Clegg 1990). While
the application of these markers is relatively inexpensive and requires simple equipment, the
number of loci that can be analyzed and their variability is more limited than for direct assays
of DNA variation. Moreover, allozymes reflect variability in gene products (proteins), not
genes themselves, and thus provide only an indirect view of genetic structure and variability.
Nonetheless, given its wide application over many years, isozyme studies still constitute a pri-
mary source of information for many species of restoration interest (Hamrick and Godt 1990;
Knapp and Rice 1998; Hedrick 2001).

A variety of techniques are used currently to evaluate variation at the level of DNA itself,
including restriction fragment length polymorphisms (RFLP) (Botstein et al. 1980), amplified
fragment length polymorphisms (AFLP) (Vos et al. 1995), simple sequence repeats (SSR) or
microsatellites (Weber and May 1989; Theil et al. 2003), and single nucleotide polymorphisms
(SNP) (Black et al. 2001). Many of these techniques use the polymerase chain reaction
(PCR) to “amplify” a target locus by making multiple copies of a specific DNA sequence.
This amplified DNA can then be used for molecular analysis (Strand et al. 1997).

Molecular techniques have revolutionized population, ecological, and evolutionary ge-
netics and play an increasingly important role in conservation biology (Young 2000; Hedrick
2001). Molecular genetics also show great promise for restoration ecology because of the de-
tailed view they provide of variation among individuals and populations (Excoffier et al.
1992; Hedrick 1999; Black et al. 2001; Hedrick 2001; Holsinger et al. 2002; Luikart et al.
2003; Ryder 2005).

The most direct phenotypically based information on genetic variation comes from
measuring quantitative morphological or physiological variation in organism traits (Lewon-
tin 1984; Storfer 1996; Frankham 1999). Unlike classic Mendelian variation (for instance,
eye color = brown or blue), many ecologically important traits, such as height, mass, growth
rate, reproductive output, seed weight, and drought or disease resistance, are continuously
variable.

Quantitative traits relating to growth, morphology, phenology, and fitness have been used
to assess spatial patterns of adaptive differentiation in a number of restoration contexts. For



populations can also arise deterministically (i.e., by natural selection), especially if the envi-
ronment exposes individuals to different selection pressures for survival and reproduction.

Populations often diverge in their genetic composition, particularly when there is little
gene flow between populations (e.g., limited dispersal of seeds, vegetative propagules, or
pollen, or limited movement of animals across physiographic barriers). Indeed, “popula-
tions” are defined as much by patterns of mating and gene flow as by the physical distribution
of individuals, although the two are often closely related (Levin 1981; Slatkin 1987; Knapp
and Rice 1996; Neigel 1997; Manel et al. 2003).

Patterns of genetic diversity thus reflect both biology and history (Wright 1965; Nei 1975).
For example, nearby populations of plants that are cross-pollinated by bees may share many
alleles because genes (packaged in pollen grains) can flow easily between sites that are within
dispersal distances of pollinators. Seeds of species that are dispersed by birds or wind may dis-
perse many kilometers. Populations of species without significant barriers to dispersal tend to
be genetically similar and may have fewer unique alleles, especially when they are geograph-
ically close. By contrast, there may be less gene flow among populations of species that self-
fertilize or are pollinated by ground-dwelling flightless beetles, or plants whose heavy fruits
fall to the ground in the vicinity of the parent plant (Manel et al. 2003).

Differences among populations are commonly quantified by the use of statistics such as
Wright’s inbreeding coefficient (FST) and Nei’s coefficient of gene variation (GST) (Figure
2.1, Table 2.2). These indices reflect how heterozygosity is partitioned within and among
populations, based on differences in allele frequencies (Wright 1969; Nei 1975; Wright 1978;
McKay and Latta 2002). Genomic-level analyses have led to increased understanding of ge-
netic structure and the development of new analytical methods (Black et al. 2001; Luikart et
al. 2003).

Quantitative traits can also be examined to reveal hierarchical structure (i.e., within and
among populations). The proportion of quantitative trait variance that occurs among popu-
lations relative to that of the total population is called QST (in all of these hierarchical mea-
sures [QST, FST, and GST], the subscript ST indicates the variation in subpopulations com-
pared to all populations taken together). A value of zero means that variation is distributed
randomly in space—that is, all of the variation observed is due to differences among individ-
uals within populations, and none to differences among populations. In contrast, the maxi-
mum value of one means that all the variation is due to differences among populations and
that individuals within populations are similar to each other (Figure 2.1).

In general, the distribution of genetic variation within and among populations is linked
strongly to life-history traits, particularly dispersal and reproductive mode (Hamrick et al.
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instance, Howe et al. (2003) found that quantitative traits in forest trees revealed population
differentiation for characters associated with adaptation to cold and cold hardiness. Quanti-
tative traits can be used in evaluating seed transfer zones or guidelines and assessing standing
levels of genetic diversity (Storfer 1996; Burton and Burton 2002; Hufford and Mazer 2003;
Erickson et al. 2004; Johnson et al. 2004; Rogers and Montalvo 2004). These results suggest
that quantitative trait analysis may be of central importance for restoration ecology.



1979; Hamrick and Godt 1990; Hamrick et al. 1991). Species that disperse genes (in plants,
this includes both pollen and seeds) widely and frequently tend, other things being equal, to
have lower GST (i.e., populations will be relatively similar). Even a moderate rate of gene
movement among populations (one individual every a few generations) can link the gene
pools of two populations.

Restoration ecology has considerable potential to contribute to understanding of popula-
tion genetics, by treating (re)introductions as experimental populations (Newman and Pilson
1997; Gustafson et al. 2004b). For instance, Williams and Davis (1996) found significantly
reduced genetic diversity (percentage of polymorphic loci, allele richness, expected and ob-
served heterozygosity) in transplanted eelgrass beds (Zostera marina) compared to naturally
occurring locations. Their data point to small founder populations with limited initial diver-
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Figure 2.1 Hierarchical nature of population structure, based on Nei (1973).
A. The observed heterozygosity (Hi) for each of three subpopulations is used to calculate the
gene diversity (Dij), also sometimes called among population divergence, for each pair of sub-
populations. Mean population divergence is DST. The average expected heterozygosity of the
subpopulations is HS, and the expected heterozygosity for the pooled subpopulations is HT.
Adapted with permission from Meffe and Carroll (1994). 
B. Resulting population structure for three hypothetical populations based on one locus with
three alleles with no gene flow, low gene flow, and high gene flow (left to right). Most studies
would utilize data from multiple loci.



sity as a likely explanation. Using AFLPs, Smulders et al. (2000) found reduced genetic vari-
ation among reintroduced populations of two meadow species in the Netherlands when com-
pared to source populations, again likely because of a small number of founders. By contrast,
using a combination of allozymes, RAPDs, and competition experiments, Gustafson et al.
(2002, 2004b) found no significant genetic differences between several remnant and restored
tallgrass prairie populations, although geographic variation was evident.

Geographic variation for ecologically significant traits such as drought tolerance may not
be distributed within and among populations in the same way as allozymes and molecular
markers. Nonetheless, recent developments in technical and analytical tools have moved the
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table 2.2

Common statistical measures of genetic diversity within and among populations.
G and QST are based on quantitative traits. The remaining measures are based on discrete trait

variation, usually molecular markers. All models except for QST assume selectively neutral variation.
Most of these measures apply to the average of all pairs of gene copies from the population 

level specified.
Measure Description Basis of value

Genetic diversity within populations
G Genetic component of phenotypic vari-

ation in quantitative traits
The portion of phenotypic variance con-

trolled by genes
h Broad sense heritability Percent of total phenotypic variance due

to all forms of genetic variance
H2 Narrow sense heritability Percent of total phenotypic variance that

is additive (measures ability to respond
to selection)

Ho Average observed heterozygosity Observed fraction of heterozygotes, aver-
aged over all sample loci

He Average expected heterozygosity Expected fraction of heterozygotes based
on allele frequencies, averaged over
sample loci

P Percentage of polymorphic loci Percent of all loci with > one allele
A Average alleles per locus Number of alleles/locus averaged over all

sample loci
F Inbreeding coefficient (the probability

of alleles being identical, that is, or
probability of homozygosity)

The difference between Ho and He rela-
tive to He: [F = (He–Ho)/He]

Genetic diversity among populations
QST Proportion of quantitative trait variance

among populations 
Relative to total phenotypic variance

measured over all populations
FST, GST Proportion of total molecular marker

variation among populations, aver-
aged over loci

Relative to variation measured over all
populations

KST Proportion of mean substitutions per
nucleotide site within populations,
averaged over sites

Relative to mean substitutions over all
populations

Genetic distance Fraction of alleles and frequencies not
shared among pair of populations

Pair-wise comparison among populations

Genetic similarity Fraction of alleles and their frequencies
shared among a pair of populations

Pair-wise comparison among populations

Modified from Rogers and Montalvo (2004).



fields of genetics and ecology closer together. From a restoration perspective, what may be
most important is to recognize that data on neutral and adaptive variation are likely comple-
mentary (Merlia and Crnokrak 2001; McKay and Latta 2002). An understanding of the
forces that shape the distribution of genetic diversity can help to strengthen restoration ecol-
ogy (Hedrick 2001).

Applying Population and Ecological Genetics in Restoration Ecology
Ecological restoration varies widely in its objectives and applications. Its focus can include
introduction, reintroduction, or augmentation of populations (Table 2.3) as well as the restora-
tion of communities and ecosystems. Restoration can also involve a variety of spatial contexts
with different potentials for influencing resident populations. For example, the genetic com-
position and scale of restoration materials relative to that of resident populations can influ-
ence the success of both restored and resident populations profoundly (Figure 2.2).

A significant literature in applied restoration genetics is developing to guide both practi-
cal and fundamental research questions (Knapp and Rice 1994; Hufford and Mazer 2003;
Guerrant et al. 2004; Rogers and Montalvo 2004). In this section we focus on three recurrent
topics in restoration ecology where genetics may play a large role: identifying the goals of re-
stored populations, selecting source populations to obtain material for restoration, and the
process of collecting such material for restoration from source populations.
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table 2.3

Types of population-level restoration.
Restoration materials can be native to a project site or brought in from elsewhere. If a species is not
native to a project site, genetic appropriateness of the plant material can differ, compared to when a

species is resident or connected to nearby resident populations by gene flow. Introduction,
reintroduction, and augmentation may involve both rare and common species.

See Falk and Holsinger (1991), Gordon (1994), and Rogers and Montalvo (2004) for discussion.
Term Definition

Type of restoration
Introduction Species or genotypes not presently at the project site, and not known to have

existed there previously, are established at a site. Species may or may not
be native to broader geographic area

Reintroduction Reestablishment of species or genotypes not presently at the project site, but
that did occur there in the past (population was extirpated and reestab-
lished)

Augmentation Individuals of a species are added to a site where the species occurs
presently (also called restocking)

Type of restoration material
Resident Species, populations, or genotypes native to a local site. These can be ex-

tracted from a local site for onsite restoration or augmentation
Translocated Genotypes collected offsite for planting or release at a project site within the

natural range of the species. Differs from usage in Gordon (1994)
Introduced Species, populations, or genotypes collected offsite and introduced to a

project site outside their historical range. 



Articulating Goals for Restored Populations
The starting pool of genetic variation is a critical element in design and implementation of a
restoration project, but opinions differ on how much explicit attention should be given to the
genetic component. For example, the primary goal for a population-level restoration project
may be variously: (1) reintroduction of a species that has been extirpated; (2) restoration of
critical habitat components (such as nesting structure or food plants) for a species of interest;
or (3) demographic or genetic augmentation of an existing but reduced population. 

Since few reintroductions can replicate past populations exactly, questions about genetics
are often pragmatic: How similar is this source population to the population we wish to aug-
ment? Should we combine material from multiple source populations? Which is the more
immediate threat: genetic, demographic, or environmental stochasticity? These are difficult
questions with few general answers (Clewell 2000). In the case of a wilderness manager
restoring a high-quality reference site, the goal might be complete fidelity to the historic dis-
tribution of genotypes. This standard can be difficult to achieve, however, and also ignores
the possibility that populations are not at genetic equilibrium. By contrast, the highest prior-
ity for a restoration project in a severely degraded ecosystem may be to establish a functional
plant community for which tolerance of extreme conditions may be paramount (Stockwell et
al., this volume).
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Figure 2.2 Spatial context and scale of restoration projects and natural populations. The poten-
tial for introduced genotypes (striped areas) to interact with resident genotypes (dotted or grated
areas) differs in A–D. Dotted/graded areas are the natural range of a species and the striped area
is the restoration project area. In A, gene frequencies of the resident population vary continu-
ously across a gradient, and the restoration area is small relative to the resident area. The sub-
populations in B–D have become genetically differentiated in isolation. Restoration could affect
resident populations by providing a bridge for gene flow among isolated populations. In C, once
isolated resident populations have become connected by gene flow, but are also potentially
swamped by introduced genotypes. In D, the restoration area is long and narrow, as in a road
right-of-way, creating a dispersal corridor that connects isolated resident populations.



Geographic Location of Source Material for Restoration
Restorationists may be concerned not only with the overall degree of variability but also its
particular geographic distribution and phylogenetic lineage. The most common approach is
to specify a geographic (and often elevation) range within which source material should be
collected (Fenster 1991). This approach is based on the assumption that populations near
one another and growing in similar conditions will be more similar genetically due both to
ecotypic variation and the effects of gene flow (Govindaraju 1990). If a population is “genet-
ically local” to a site, it would presumably be adapted to the site and compatible with existing
populations of the same species at the site (Campbell 1986; Gustafson et al. 2004b; Rogers
and Montalvo 2004).

Geographic distance is indeed sometimes a reasonable first approximation of genetic dis-
tance. For instance, on public lands in the western United States, commonly applied guide-
lines suggest that material for outplanting be collected from within 300 m (1,000 ft) elevation
bands and 160 km (100 miles) lateral distance of the planting area (elevation bands vary from
150–900 m [500–3,000 ft] for different agencies) (Johnson et al. 2004). 

Geographic proximity and genetic similarity, however, are not always highly correlated
(Knapp and Rice 1998). Some geographic areas (e.g., California and the Sky Island biore-
gion of southwestern North America) are highly heterogeneous in topography, soils, and cli-
mate at relatively small spatial scales, while other areas (e.g., shortgrass prairies and high
plains) are more homogeneous over large spatial scales. Montalvo and Ellstrand (2001)
found that the cumulative fitness of crossed populations was affected significantly by genetic
distance and environmental factors, but not strongly correlated with geographic distance in
this heterogeneous landscape (Figure 2.3).

Climatic zones or measures of environmental distance may be better predictors of fitness
than genetic distance or geographic distance, especially if there is a clinal variation in an
adaptive trait (Knapp and Rice 1998; Montalvo and Ellstrand 2000, 2001; ONPS 2001). Fur-
thermore, there are no simple distance rules that apply equally to all species, because species
vary in gene flow among populations, population size, and the resulting distribution of diver-
sity (GST). For some species (e.g., self-fertilizing plants in small, isolated patches of habitat, or
fishes in isolated stream reaches), each site may reflect a unique local adaptation, and the
geographic range of suitable genotypes can be very small (a few km2). Other species (for ex-
ample, those with wind-dispersed pollen and seeds, higher rates of gene flow, and larger ef-
fective populations) are generally less differentiated over the landscape and can be collected
across wider ranges.

Moreover, many species have dispersal curves that are leptokurtic (i.e., with long tails),
meaning that a few seeds or offspring in each generation may travel far beyond the majority
(Clark 1998). While few in number, these long-range dispersers may play a critical role in
helping species to adjust their ranges in periods of climate and vegetation change (Schwartz
1992, 1993; Higgins et al. 2003). For each species, the restorationist must ask how widely the
species disperses its genes under normal conditions, and what factors (distance, geographic
barriers, habitat types) influence where genes can spread. 

Of course, it is often possible to mix genotypes from different populations, and let selec-
tion sort out the variation: this is, after all, exactly what nature does. Some geneticists advo-
cate the use of regional mixtures, creating composite collections of genotypes, all of which
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Figure 2.3 Outbreeding depression and local adaptation in Lotus scoparius.
A. Experimental crossing design used to test for outbreeding depression. Plants from populations
listed across the top of the diagram served as mothers, while other plants on the vertical axis
served as fathers.  The cells below the diagonal represent the reciprocal of those crosses shown
above the diagonal. Column and row headings are site name abbreviations.
B. Cumulative fitness of progeny planted at one of two common gardens, plotted as a function of
genetic distance of the crossed parental populations (1 and 2), and as a function of the mean en-
vironmental distance of the parental source sites to the common garden site (3 and 4). For each
variable, data are shown for the juvenile phase (1 and 3) and at maturity (2 and 4). In this study,
genetic distance and mean environmental distance significantly predicted success of hybrids,
whereas geographic distance (not shown) was not a significant predictor of fitness. Figures from
Montalvo and Ellstrand (2001).

A.

B.



are at least moderately well adapted to the general environment and within a broad geo-
graphic zone (Knapp and Dyer 1997; Lesica and Allendorf 1999). Mixing populations sam-
pled from within a local ecoregion may be one way of striking a balance that assures in-
put of genetic variation while limiting extreme differentiation (balancing inbreeding and
outbreeding).

Since many adaptive traits have a genetic basis, restoration material that performs well
may come from a site with similar ecological conditions that is not necessarily close geo-
graphically (Knapp and Rice 1998; Procaccini and Piazzi 2001). If ecosystem functionality is
the main objective, and there are no resident populations that could hybridize with the
restoration materials, then a range of regional genotypes can be introduced, allowing selec-
tion (differential survival and reproduction) to sort out the best genotypes for the site.

Mixing genotypes may be particularly suitable if existing “populations” are in fact isolated
and reduced remnants of formerly widespread and interconnected groups (Maschinski, this
volume). Recombining populations fragmented by human alteration of the landscape may
be appropriate provided that the geographic scale is ecologically realistic and it is not done
indiscriminately. Mixing too broadly (i.e., combining genotypes from very diverse ecological
settings) can result in many individuals that are poorly adapted to the new environment (high
genetic load). Care must also be taken to assure that populations that appear similarly
adapted do not differ in other aspects that could result in a breakup of intrinsic co-adaptation
(favorable interactions among alleles).

The gene pools of many remnant native populations have been seriously eroded, so that
what persists today is often a small remnant of the original diversity. Small gene pools are
more prone to inbreeding, as well as random genetic change from drift. Populations that for-
merly exchanged genes regularly may have also become genetically isolated by habitat frag-
mentation (Schwartz 1993; Young and Clarke 2000; Gustafson et al. 2004b; Uesugi et al.
2005). In such cases, a credible argument can be made to bring together genetic material
from several populations, in effect replacing the natural (but now disrupted) processes of
gene flow. In addition, some restoration sites may be so heavily disturbed (i.e., mine tailing
reclamation areas) that the most geographically local population is no longer the one best
adapted to the new growing environment (Stockwell et al., this volume). In such circum-
stances, a wide diversity of genotypes may increase the chances that at least some plants will
survive.

If remnant native populations of the species being introduced already exist at a site, addi-
tional genetic considerations reinforce the importance of the scale of collection. It is possible,
for instance, that genotypes from outside the apparent current range may swamp the local
genotype, even if they do not outperform locally adapted varieties. Introduced populations
may hybridize with the existing native population, introducing new genes (genetic pollution)
and potentially affecting genetic integrity adversely (Rieseberg 1991; Glenne and Tepedino
2000). If a few poorly adapted individuals recruit into the existing native population, natural
selection may eventually remove the deleterious genes, but this could take many generations
depending on initial establishment success and reproductive factors.

The issue is partly one of numbers; with commercial seed production of many native
species, restorationists now have the tools to introduce large volumes of seed into ecosys-
tems. If the number of poorly adapted, nonlocal propagules is large in relation to the num-
ber of local native types, the chance of mating between poorly and well-adapted plants will
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increase (especially in cross-pollinating species), potentially swamping the native popula-
tion and diluting the local genes. Progeny from such matings may experience outbreeding
depression (i.e., poor survival and growth in relation to the parents). Carefully chosen in-
troductions, with genotypes similar to the existing native population, can avoid these nega-
tive impacts.

Sampling the Diversity of Source Populations 
The genetic diversity of a restoration project is limited initially by the diversity of the original
sample. While other alleles may enter the project area over time (by migration of individuals,
dispersal of gametes, or additional reintroduction measures), the starting pool of genetic di-
versity may govern the performance of a reintroduced population for a long time. Restored
populations almost inevitably represent a genetic subset of the available source populations.
Consequently, many restored populations are subject to some form of the founder effect, the
result of an initially limited gene pool due to a relatively small number of founders (Carr et
al. 1989; Eckert et al. 1996; Montalvo et al. 1997; Knapp and Connors 1999). Hence, maxi-
mizing the diversity of the original source collection within an ecologically meaningful por-
tion of the species range is a critical consideration in restoration. 

A variety of guidelines have been developed for sampling wild populations of plants and
animals for breeding and reintroduction (CPC 1991; Guerrant 1992; BGCI 1994; Guerrant
1996; IUCN/SSC 1998; Guerrant et al. 2004; Rogers and Montalvo 2004). These and other
collecting guidelines vary in their purposes and conclusions; some focus on seed collection
for long-term banking, while others address the needs of plant material for reintroduction of
populations or restoration of habitats. Many of these guidelines derive their sampling size es-
timates in part from early work on this subject by Marshall and Brown (1975). There have
been many variations over the last thirty years emphasizing different aspects of the collection,
such as multilocus diversity and efficiency in collection cost for return in diversity captured
(Falk 1991; Lockwood et al. 2005). Most strategies seek to capture all alleles in a population
with a frequency greater than some value (commonly 5%) with a probability of 95%.

Although the purposes of collections vary, most guidelines address certain common sam-
pling issues:

1. How many individuals will be sampled from each population?
2. How many populations will be sampled to create the source pool?
3. What is the probability of a collected sample surviving to establishment?

Number of Individuals to Sample Within Populations 
The underlying theoretical basis for sampling multiple individuals within a population is that
populations are rarely truly panmictic (that is, with completely randomized breeding). In
plants, a large proportion of mating occurs between neighboring individuals, even when pol-
lination occurs via an animal vector. In animal populations, a wide range of behavioral adap-
tations commonly concentrates breeding success in a few individuals. The result is that pop-
ulations are not genetically homogeneous; to capture their genetic diversity adequately,
multiple individuals need to be sampled.
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In their original analysis of sample size, Marshall and Brown (1975) present the following
fundamental expression:

P[A1, A2] = 1 – (1 – p1)n – (1 – p2)n – (1 – p1 – p2)n

This equation says that the probability of capturing two alleles at a single locus (P[A1, A2])
is one minus the probability of not selecting either or both alleles in n tries, where A1 and A2

are the two alleles in question, and p1 and p2 are the frequencies of those alleles in the sam-
pled population. Lawrence et al. (1995) extend this general framework to accommodate dif-
ferent outcrossing rates and multiple loci.

Lockwood et al. (2005) recently reviewed these and other sampling strategies published
over the past 35 years, and found general agreement when sampling goals are taken into ac-
count (e.g., level of genetic diversity desired, allele frequencies, probability of capture). For
instance, Marshall and Brown (1975 et seq.) estimate a sample of 50–100 seeds collected
from separate individuals per site, whereas, using a different theoretical model, Lawrence 
et al. conclude that collection of 172 seeds from separate individuals will meet sampling
objectives. These sampling strategies represent a minimum collection, however, and the
restorationist must also take into consideration the viability of field-collected material
through to the stage of reintroduction (see below). For species that are locally rare, large
seed collections may not be advised if they would potentially interfere with the dynamics of
the source population.

Perhaps the most important insight from population genetics with regard to restoration
sampling strategies, however, is the influence of ecological and life-history variation on the
distribution of genetic diversity within and among populations (Hamrick and Godt 1996;
Lockwood et al. 2005). As we have stressed above, processes such as population size, dispersal
rates and distances, strength of local selection, breeding strategy (clonal, selfing, outcrossing),
and metapopulation dynamics all have important effects on gene flow and diversity, and thus
on the amount and distribution of genetic variation within a species (Maschinski, this vol-
ume). Average expected heterozygosity within a population (He, Table 2.2) may provide an
indication of the mean genetic difference among individuals. For restoration ecology, it is
clearly most important to understand the ecology, genetics, and evolutionary biology of a tar-
get species first, and then to craft a collecting strategy accordingly.

Number of Populations to Sample
In most species, the cumulative amount of genetic variation captured increases as successive
populations are added to the sample. However, since populations have some degree of simi-
larity (0 < GST < 1), each additional population added to a sample collects some alleles that
are new to the sample, and some that are already present from previous samples. As the num-
ber of populations sampled increases, the marginal diversity rate decreases (that is, fewer and
fewer novel alleles are captured), and the cumulative diversity function approaches an as-
ymptote (Figure 2.4). For a pool of populations sampled at random, there comes a point at
which further sampling across populations provides little or no additional genetic benefit
(Falk 1991; Neel and Cummings 2003).

The number of populations at which this occurs is related strongly to the measure of dif-
ferentiation among populations, GST. When GST is high, populations are more differentiated
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from one another, so more populations need to be sampled to capture the maximum total di-
versity. When GST is low, populations are relatively similar, so sampling from only a few will
capture most of the diversity that exists.

Beyond these general patterns, and given the great variability within and among organ-
isms, there are few absolute rules for the number of populations to be sampled that apply to
all taxa of restoration interest. Moreover, different components of the genome may accumu-
late at different rates; for example, as successive populations are sampled, rare or uncommon
alleles accumulate at a slower rate than common alleles. Thus, if it is suspected that impor-
tant adaptations occur at low frequency (for instance, because of recent environmental
change), then it may be advisable to sample a larger number of sites. Brown (Marshall and
Brown 1975; Brown and Briggs 1991; Brown and Hardner 2000) has argued that collections
for diversity should span the environmental range of the focal species. It is important to real-
ize that many of these sampling schemes seek to maximize the capture of genetic variation
within a taxon for ex situ conservation or agriculture. Sampling for reintroduction to a partic-
ular restoration site may be restricted to sites that are within gene flow range or located in
ecologically similar habitats.

One other exception to the general null model is for populations that are strongly differ-
entiated along habitat lines (ecotypes or opposite ends of clines). If the reintroduction area is
unusual habitat for a species, then it is worth sampling other populations that occur in simi-
lar conditions to increase the likelihood of capturing useful adaptive variation. This follows
from the observation that habitat characteristics (and not simple geographic proximity) may
best predict quantitative variation that is under the most direct selection and thus of the great-
est ecological and adaptive significance.

Restoration experiments may prove extremely useful in testing the effect of combining
propagules from multiple populations. For instance, Smulders et al. (2000) found that
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Figure 2.4 Sampling for in situ conservation of the rare species Erigeron parishii. Neel and
Cummings (2003) used a resampling procedure to determine the proportion of 1,000 samples
required to reach known levels of expected heterozygosity (left) and to include all common al-
leles (right) for a finite number of populations of four rare plant species. Original sample data in-
cluded 30 populations and up to 30 samples per population. For 14 isozyme loci, there were 49
common alleles (frequency of alleles >0.05 in at least one population) and He = 0.19. The point
at which 95% of samples were within ± 10% is indicated with a horizontal line (left figure). Lev-
els corresponding to the 90% and 95% probabilities of all common alleles are indicated with
horizontal lines (right figure).



genetic diversity in reintroduced populations of two meadow species was increased when
propagules were drawn from two or more source populations, even though there was only
moderate differentiation among populations. Similar results have been obtained in other
studies (Gustafson et al. 2002, 2004b).

Probability of a Collected Sample Surviving to Establishment 
In the end, what counts in a reintroduction is the number of individuals in the new popula-
tion, as well as their diversity (Menges 1991; Guerrant 1996; Primack 1996; Montalvo et al.
1997). Almost certainly, less than 100% of the samples (seeds, cutting, eggs, adults) collected
in the field will survive to establishment on the restoration site. Attrition occurs at every step
along the way: during the collecting process, transportation, storage, propagation/curation,
and outplanting/release (Guerrant 1992, 1996). High initial mortality rates are frequently ob-
served in reintroduced populations, often continuing for several years (Brown and Briggs
1991; Howald 1996).

A simple “back of the envelope” calculation can help estimate the compensation for attri-
tion of collected samples and reintroduced progeny. Let Ps represent the probability that a
collected sample s will survive to establishment through the restoration process, and N, the
number of individuals desired in the final restored population. Then we account for attrition
during the reintroduction process by collecting N/Ps samples in the field. For example, sup-
pose that plants dug for transplant have an ultimate survival rate of 40% from initial collect-
ing to the third year of a reintroduction project and that we want to establish a population of
50 individuals. Correcting for attrition, an initial collection of (50/.40), or 125 individuals,
will have a reasonable chance of providing the final population size required.

The processes of collecting and reintroduction set the stage for the future performance of
the population. For instance, attrition in an outplanted or released population has genetic as
well as demographic consequences (Maschinski, this volume). If a large proportion of indi-
viduals fail to survive, the restored or reintroduced population may be subject both to the
founder effect and then further genetic bottlenecks as effective population size diminishes
due to mortality (Newman and Pilson 1997; Robichaux et al. 1997). If the initial outplanting
or release is genetically uniform to begin with (e.g., hundreds or thousands of plants pro-
duced by cloning), the resulting gene pool in the field can be quite narrow. Such apparently
large populations are, in genetic terms, very small (Lande and Barrowclough 1987; Barrett
and Kohn 1991; Nunney and Elam 1994).

Of course, genetically limited populations occur in nature, often resulting from processes
similar to those that shape restored populations. Founder events resulting from long-distance
dispersal of a small number of colonizing individuals are genetically narrow almost by defini-
tion. The effects of genetic homogeneity in a reintroduced population may not be immedi-
ately evident, but over a period of years the population may have lower rates of growth, sur-
vival, and reproduction and may persist less successfully through periods of natural
environmental variability.

Summary

Genetic variation is often the “invisible dimension” of ecological restoration (Rice and
Emery 2003). Understandably, restoration clients, practitioners, and even researchers may be
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immediately concerned with more readily apparent variables, such as the size and location of
a restored or reintroduced population, or the overall composition of a restored community.
Nonetheless, we argue that genetic variation (or its absence) is a keystone factor in the out-
come of restoration experiments, especially in the long term.

In the most general terms, restorationists (practitioners or scientists) should be aware of
the degree of genetic diversity with which they are working. Restoration researchers, planners
and managers must understand how the plants and animals they use were generated, by ask-
ing the collector, propagator, or breeder how the material was obtained, and what steps were
taken to assure the presence of a suitably wide range of genotypes. While flats of thousands of
identical plants produced by cloning may appear to offer short-term advantages of pre-
dictable response to current growing conditions (as they do for agricultural crops), in the long
run (again as with crops) such populations may be less likely to persist and succeed in the
face of disease, competition, and environmental variability. Of course, knowing the methods
by which individuals or material were produced provides genetic information only by infer-
ence; it is unfortunately uncommon to have actual genetic data ahead of time for reintro-
duction efforts.

The range of genetic tools and information available to the restoration ecologist is 
vastly greater than even a decade ago. New techniques for DNA sequencing and quantita-
tive variation in particular have opened up a detailed view of the genomes of many species.
Even if a species of restoration interest has not been sequenced or studied, it is increasingly
likely that congeners or other species with similar life histories have been. Partnerships be-
tween restoration ecologists and population geneticists can be fruitful in the interpretation
and application of observed patterns, and restoration ecology stands to benefit from such
interactions.

The differentiation of populations across the range of a species remains at the heart of the
genetic equation for restoration ecology. Despite the search for universal and simple rules,
population genetics shows us that species vary in their dispersal rates and distances, and
hence in rates of gene flow and the degree of genetic differentiation among populations.
These differences are often correlated closely with life-history attributes particular to each
species. This leads us to conclude that the most relevant guidelines for restoration ecology
will often be species-specific, although some general patterns appear robust. If populations
are highly divergent, reflecting either the neutral effects of isolation and small population
size, or the diversifying effects of selection, the restoration ecologist must seek to understand
this variation.

Geographic distance is a reasonable but potentially misleading means of matching geno-
types to the appropriate environment. In a disrupted and fragmented landscape, nearby rem-
nant populations may be genetically depauperate and may lack genotypes that correspond to
the conditions under restoration. If populations are strongly selected for local habitat condi-
tions, then habitat similarity may outweigh geographic or physical distance as a criterion for
choosing propagules for restoration. Local and regional climatic and soil zones may be more
useful criteria for obtaining material for reintroduction, since these will often represent or-
ganisms more closely adapted to conditions at the restoration site.

As sources of material for reintroduction, large, genetically diverse populations may be
preferable to small, limited populations even when the latter are closer to the restoration site,
although small populations may also contain valuable variation. It may also be desirable in
some circumstances to combine material from several suitable sites, to capture a wider array
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of genotypes that can succeed in the new location. Such “regional mixtures” should draw on
populations within a similar ecological zone (climate, soil) to the restoration site, to avoid too
large a proportion of individuals that are not well adapted to the new conditions. However,
such mixtures also increase the risk of outbreeding depression through breakup of local adap-
tation and co-adaptation, and should be monitored closely. Small local populations can be
“swamped” by non-native genotypes if a species already exists at a restoration site. If existing
populations are to be augmented, the number of individuals introduced from other locations
should not be so large as to overwhelm the local gene pool, particularly if there is evidence of
local adaptation.

We have argued that population and ecological genetics are important sources of ideas
and information for restoration. We also maintain that restoration ecology has a great deal of
unique value to offer in return. It should be evident from this chapter that restoration ecology
is fertile ground for testing many basic ideas in ecological and population genetics. Restora-
tion ecology is particularly well configured to contribute empirical tests of genetic drift,
founder events, breakup of co-adapted gene complexes and maladaptation, inbreeding and
outbreeding depression, reduced gene flow, and small effective population size, all of which
are possible outcomes of the restoration process itself. These are all promising areas of re-
search in restoration genetics.

Restoration involves, almost by definition, the movement of propagules and consequently
the dispersal of genes. Restoration frequently includes the establishment of new populations
or the augmentation of existing ones, where initial population size is known (something 
the evolutionary biologist or ecological geneticist rarely knows from nature). With a bit of
added effort, the diversity and even the specific genomic content of reintroduced populations
could be documented routinely. Restoration experiments can provide valuable baselines 
for tracking temporal change in population genetics, something that is very difficult using
naturally occurring populations exclusively (Newman and Pilson 1997; Gustafson et al.
2004b).

Given the thousands of reintroduction and restoration projects currently underway world-
wide, the opportunities for empirical tests of basic concepts in population and ecological ge-
netics are enormous. Today, much of that potential is wasted, as both practical and research
restoration projects are implemented with no genetic baseline. There could be a leap of or-
ders of magnitude in scientific understanding were we to bring basic questions from popula-
tion genetics to the restoration ecologist’s doorstep.
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Chapter 3

Ecophysiological Constraints on Plant Responses
in a Restoration Setting

James R. Ehleringer and Darren R. Sandquist

Plant restoration activities can be positively or negatively impacted by changes in the abiotic
environment, such as changes in aboveground microclimate, soil structure, or soil nutrients,
from that of the predisturbance condition. Through an understanding of the ecophysiologi-
cal and biochemical mechanisms of adaptation that describe the potential for a plant to per-
sist in a habitat or location, one can better assess the impact of an altered environment on fu-
ture plant performance and restoration outcomes. This feature of plants is often referred to as
tolerance. Plant species differ in their capacities to tolerate different biotic and abiotic stres-
sors and this tolerance can be the basis for why some species are capable of reestablishing
themselves quickly in a restoration setting, whereas the reestablishment of other species pro-
ceeds at a much slower rate, if at all. This chapter focuses on two basic ecophysiological
themes that relate to the capacity to become reestablished and tolerate variations in abiotic
conditions: (1) light and energy relations in aboveground processes, and (2) water and nutri-
ent relations in belowground processes. We describe the basic requirements of plants, as well
as the types of stressors and plant responses associated with these themes. We also describe
specific examples that relate to needs required for mitigation in a restoration context, where
mitigation could refer to improving factors that impact the reestablishment of particular
species or of an ecosystem process.

It is important to recognize that in some cases the physical environment (aerial microcli-
mate or soil conditions) may have been so extensively modified by a previous disturbance or
land-use activity that plant reestablishment may not be possible in the short term, because
anthropogenic activity has irreversibly altered the environment (Suding et al. 2004). In such
cases, reestablishment of historically present species may not be possible or practical. An ex-
ample of such an extreme would include reestablishment of particular native species in por-
tions of the north central United States (e.g., Iowa and Indiana) where extensive below-
ground tile systems were installed a century ago to convert swamp regions into fertile
agricultural lands (Prince 1997). A second example is the portions of Australia where histori-
cal conversion of forest to agricultural lands has resulted in salt migration to the soil surface
that makes plant establishment difficult (Cocks 2003; Eberbach 2003). Lastly, tailings that
have accumulated from mining activities in the western United States, as well as other places
in the world, have resulted in soils that either are so contaminated with toxic elements that no
species can persist or simply lack the basic soil structure that allows plants to get established
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(Shaw 1990). Nonetheless, efforts to restore vegetation to these significantly altered ecosys-
tems can and should benefit from understanding the ecophysiological principles that allow
tolerance of stressors associated with these altered systems. 

Light and Energy Balance: Aboveground Processes

Photosynthesis is the basic process whereby the simultaneous capture of carbon dioxide from
the atmosphere and photons from the sun results in the formation of the organic compounds
used as the building blocks of growth in plants. In general, neither of these two essential sub-
strates for photosynthesis differs in concentration between pristine habitats and those dis-
turbed sites undergoing restoration. What may differ, though, is the light profile within the
vegetation, which becomes relevant if plant species vary in their tolerances of light levels. In
this regard, it is prudent to recognize that different species have quite different tolerances in
the degree to which their leaves will persist when exposed to full sunlight conditions. In ad-
dition, plants with different photosynthetic pathways may have a differential capacity to uti-
lize light resources for photosynthetic carbon gain, especially when considering a restoration
setting involving herbaceous species. Three major photosynthetic pathways exist: C3, C4, and
Crassulacean Acid Metabolism (CAM) (Farquhar et al. 1989; Sage and Monson 1999; Taiz
and Zieger 1999). However, owing to slow growth rates and relatively low abundances of
CAM species worldwide, only C3 and C4 photosynthesis are particularly relevant to restora-
tion activities in most cases. These two pathways share similar biochemical and structural fea-
tures to capture the sun’s photons, and as a result produce ATP and NADPH to drive the pho-
tosynthetic reduction of CO2 to form sugars. Where the two pathways differ is in how carbon
dioxide is fixed, which results in C4 taxa typically having a greater capacity to fix carbon than
C3 taxa in the same environment, particularly in warm and high-light conditions. 

C3 Versus C4 Photosynthesis
C3 photosynthesis is the ancestral pathway common to all taxonomic lines (Ehleringer and
Monson 1993; Sage and Monson 1999). During photosynthesis, carbon dioxide diffuses into
leaves through stomata and then diffuses to chloroplasts where it combines with ribulose bis-
phosphate (a 5-C molecule) via ribulose bisphosphate carboxylase (Rubisco) to form two
molecules of phosphoglycerate (a 3-C molecule), which can then be transformed into usable
sugar molecules. However, Rubisco can also combine ribulose bisphosphate with atmo-
spheric oxygen to form one molecule of phosphoglycerate and one molecule of glycolate.
The glycolate produced cannot be directly transformed into a usable sugar and must thereby
be processed through a biochemical “salvage” pathway referred to as photorespiration that re-
sults ultimately in the generation of carbon dioxide. Although Rubisco has a much greater
affinity for CO2 than O2, photorespiration reduces overall photosynthetic carbon gain in C3

plants in proportion to the ratio of ambient CO2 vs. O2 (the two competing substrates for Ru-
bisco). Under current atmospheric conditions of 0.037%, CO2 and 21% O2, the reduction of
net carbon gain is about 35% and this inefficiency increases even more as temperatures in-
crease.  

C4 photosynthesis appears to have evolved multiple times and most likely as a result of low
carbon dioxide conditions (Ehleringer et al. 1997; Sage and Monson 1999). It is a modifica-
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tion of the C3 pathway that spatially restricts the C3 photosynthetic cycle to the interior por-
tions of a leaf, such as bundle sheath cells as shown in Figure 3.1. In the outer cells of C4

pathway leaves, PEP carboxylase takes up carbon dioxide (actually bicarbonate) at a high rate
to produce oxaloacetate (a 4-C molecule). The 4-C molecules diffuse into the interior bun-
dle sheath cells where a decarboxylation reaction occurs and the resulting carbon dioxide is
fixed into organic matter using the C3 photosynthetic cycle. Because of the greater enzymatic
activity of PEP carboxylase relative to Rubisco, the PEP carboxylation activity results in a
pump-like mechanism that creates high carbon dioxide concentrations at the leaf interior
where the Rubisco portion of the photosynthetic cycle takes place. Thus, photorespiratory
carbon dioxide loss does not occur in C4 plants. 

C4 plants tend to have a higher photosynthetic rate relative to C3 plants because they lack
photorespiratory activity. They usually also have higher growth rates, particularly in warm cli-
mates. Not surprisingly, many of the most common invasive species on disturbed sites in
temperate to tropical regions possess C4 photosynthesis. Indeed, some of the world’s worst
weeds are C4 taxa (Sage and Monson 1999). Thus, in any restoration activity, it is important
to recognize the often-superior competitive ability of C4 taxa, especially if the objective is to
reestablish C3, nonwoody vegetation. This competitive advantage comes from the ability of
C4 plants to take advantage of today’s relatively low carbon dioxide atmosphere. Additionally,
on open, disturbed sites, warm microclimatic conditions, especially during the summer, also
favor C4 taxa over C3 taxa, because the high temperatures at the soil surface tend to increase
photorespiration and reduce net photosynthetic carbon gain in C3 taxa. Ironically, with hu-
man burning of fossils fuels resulting in increased atmospheric carbon dioxide levels, it is pos-
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Figure 3.1 Cross-sections of C3 (left) and C4 (right) plant leaves and schematic representations
for each photosynthetic pathway showing the basic differences in carbon dioxide fixation. Note
that C4 plants have the C3 photosynthetic pathway, but it is restricted to interior cells.



sible that the competitive advantage of C4 over C3 taxa today will diminish in the next cen-
tury (Ehleringer et al. 2004).

High Light as a Stressor
Photosynthetic uptake of carbon dioxide in leaves of both C3 and C4 taxa increases with in-
creasing sunlight. This is expected since two of the essential substrates for photosynthetic car-
bon gain are the ATP and NADPH generated by the light reactions of photosynthesis. Even-
tually a plateau is reached where there is no further increase in photosynthetic carbon
dioxide uptake with increasing light levels (Figure 3.2). While several factors determine the
light level at which photosynthesis does not increase further, the two most common features
not associated with the light reactions of photosynthesis are stomatal conductance and leaf
protein content (typically estimated by leaf nitrogen content). Each of these factors responds
to the plant’s growth environment, with the upper limits often well correlated with leaf life
expectancy (Reich et al. 1999). Stomatal conductance is a measure of how wide open the
stomatal pores are that allow the inward diffusion of carbon dioxide for photosynthesis. Water
stress (described below) tends to result in reduced stomatal conductance, reduced photosyn-
thetic rates, and for the light saturation point of photosynthesis to occur at lower light levels. 

The same response applies for protein content. Since the majority of leaf protein is asso-
ciated with photosynthetic activity, reduction in leaf protein content will reduce photosyn-
thetic rates, particularly under water stress. The successful establishment of plants in a
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Figure 3.2 The response of photosynthesis (as measured by carbon dioxide fixation rate) to
changes in the sunlight (photon fluxdensity, PFD) for two C4 species adapted to different light
conditions. Amaranthus palmeri is a desert annual, adapted to high-light environments. Euphor-
bia forbesii is a shade-adapted species from the forests of Hawaii. Note the correlation between
maximum photosynthetic rate and sunlight level at which photosynthesis saturates. Modified
from Pearcy and Ehleringer (1984).



restoration setting will depend on both a sufficient supply of nutrient resources to build plant
tissues and support photosynthetic activities and on sufficient amounts of water supplied to
leaves to maintain stomatal conductance for the inward diffusion of carbon dioxide.

Exposure to light levels far in excess of those experienced during development, such as for
greenhouse plants transplanted to the field or for shade plants exposed to higher light levels
than they might be exposed to under more natural conditions, can create a significant chal-
lenge for plants in a restoration context. That is, once photosynthetic light saturation is
achieved, as shown in Figure 3.2, high light levels can become a stressor (Demmig-Adams
1998), inhibiting plant establishment and potentially causing leaf mortality. Photosynthetic
light saturation can occur at light levels that are as little as 5%–20% of midday sunlight for
leaves of understory plants or shade leaves of large trees. High light can also become a stres-
sor if the photosynthetic apparatus generates too much ATP and NADPH (the products of
the light reactions) and thus exceeds the ability of these substrates to be utilized in the dark
reactions. In this case, carbon dioxide availability for the dark reactions generally limits over-
all photosynthesis (often due to stomatal diffusion limitation). 

Another type of light stress is photoinhibition, a process that can occur when leaves are ex-
posed to sunlight levels that are above the light saturation point, as shown in Figure 3.2 (Adir
et al. 2003; Demmig-Adams 2003). The excess energy from the light reactions of photosyn-
thesis oxidizes cellular components unless a mechanism is available to dissipate this energy.
The effects of photoinhibition can include a reduction in photosynthetic capacity and loss of
chlorophyll (bleaching). There are protective mechanisms within a leaf to minimize the po-
tential damage caused by excess light availability (Demmig-Adams 1998; Adir et al. 2003;
Adams et al. 2004), including the xanthophyll cycle, where excessive energy is dissipated
without causing chlorophyll pigment loss (Demmig-Adams 2003). However, sometimes the
light level exposure is too high for protection to be effective, as for plants that naturally grow
in shade but are exposed to high light during transplanting, or plants exposed to water stresses
and high temperature conditions. Here, exposure to high light does constitute a stress that re-
sults in photoinhibition and degradation of protein components of the photosynthetic appa-
ratus (Demmig-Adams 1998; Jiao et al. 2004). When leaves of low-light adapted or accli-
mated plants are exposed to high light levels, the photoinhibitory effects often result in a
photosynthetic light response curve (e.g., Figure 3.2) in which photosynthetic rates actually
decline at higher light levels, such as in the case of some tropical tree species (Langenheim
et al. 1984). 

Microclimatic Stressors
Microclimate variation contributes greatly to the small-scale topographic heterogeneity that
plays an important role in the ecology of both plant and animal systems (Larkin et al., this
volume). For example, plants may experience a microclimate in which the air and leaf tem-
peratures in the 0.5 m above the soil surface can be significantly hotter during the day and
significantly cooler at night than those experienced at greater heights. Microclimatic condi-
tions such as these can be considered stressors because they can result in tissue desiccation,
protein degradation, high respiration, and other biochemical dysfunctions. The vicinity of
the soil surface is the harshest of environments because plant tissues are potentially exposed
to both contrasting stressors, especially during the sensitive period of plant establishment.

46 ecological theory and the restoration of populations and communities



During the day, the sun’s energy is absorbed by the soil surface, potentially raising the tem-
perature of the soil surface to particularly high levels on sunny days. A portion of the surface
heat is transferred to the air by convection, raising the air temperature nearest the surface,
and creating an air temperature profile that is hottest near the soil surface (Figure 3.3). Now
consider two plants of differing heights with leaves in the same microclimate profile. Meta-
bolic rates, such as rates of photosynthesis, respiration, and transpiration, are a function of
leaf temperature. So, we would expect the highest transpiration rates and respiration rates to
occur in leaves nearest the soil surface. This poses a thermal stress, especially during seedling
establishment, since the rooting depths, water transport capacities, and carbon reserves are
likely to be lower in young, establishing plants than in mature, established plants. The im-
pact of a soil-surface microclimate stress can be even greater under certain conditions and ul-
timately result in mortality. This is because leaf temperatures often can be elevated 1°–10°C
above air temperatures.

The difference between leaf and air temperatures will depend on the net leaf energy bal-
ance, qualitatively described as:

absorbed solar + infrared radiation = infrared reradiation + convection + transpiration,

where the solar and infrared radiation absorbed by a leaf represent the energy gained by a leaf
that must, in turn, be dissipated through reradiation, convection, and transpiration. Leaf tem-
peratures will rise until the energy absorbed by a leaf equals the amount of energy dissipated
by these three processes. Thus, leaf temperatures will normally exceed air temperatures by an
amount reflecting the net energy gain. If leaves are able to transpire at a high rate or if leaves
are small so that convection rates are potentially high, then leaf temperatures may be similar
to air temperatures. However, seedlings with large leaves near the surface, or leaves not able
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Figure 3.3 Microclimate profile of air temperatures, a function of height above the soil surface
during midday and nighttime conditions.



to dissipate heat through transpirational cooling, will have higher temperatures than that of
the adjacent air. Over time, these elevated leaf temperatures can result in dehydration and
leaf mortality of young seedlings getting established. Not surprisingly there is strong selective
pressure for leaf tissues to grow beyond the soil surface in order to reduce transpiration rates
and reduce respiratory carbon losses. Having leaves even 2–3 cm above the soil surface is
enough to greatly reduce transpiration rates. This is one reason why screens and other shad-
ing structures are so important in promoting establishment of seedlings in a restoration set-
ting: they reduce the net energy load incident on the seedling.

At the critical stage of seedling establishment, spring nighttime conditions at the soil sur-
face in some habitats can also represent a thermal stress. This is because at night the coldest
part of the microclimatic profile on a bare surface is at the soil surface (Figure 3.3). Here en-
ergy is lost by reradiation; the radiative loss from the soil is greater than the absorption of in-
frared radiation from a nighttime sky, resulting in falling soil and leaf temperatures at the soil
surface. During early spring conditions in temperate regions, frost develops at the soil surface
as a result of this thermal imbalance. Again, emerging seedling tissues at the soil surface are
most vulnerable to this freezing stress, which can often be avoided by leaf and bud tissues that
are elevated 5–10 cm above the soil surface. Increasing wind speed (and therefore convective
heat transfer to the surface) will reduce the magnitude of the cooling effect in the microcli-
matic profile, but often the air is most stable at night and so wind speeds are typically low.

Water and Nutrients: Belowground Processes

Many terrestrial restoration settings are associated with significantly altered soil conditions.
These include disturbances that have completely replaced surface soils (such as in mining
operations); changes in the composition of soil components (such as the addition of clay par-
ticles or the loss of organic matter); altered bulk soil densities (such as those associated with
compaction); losses of microbes (such as mycorrhizae and nitrogen-fixing bacteria); and the
addition of contaminants (such as heavy metals from a smelting operation). Such activities
may affect both the availability and distribution of belowground resources and alter the abil-
ity of plants to acquire the critical resources essential for growth. The extent to which the be-
lowground environment has changed can strongly dictate the potential for recovery owing to
highly sensitive nutrient and water dependencies of vegetation. In many cases belowground
alterations, even subtle structural changes in soil compaction or increases in some elements,
will preclude native ecosystem restoration. In contrast to these terrestrial cases, the restora-
tion challenge of wetland ecosystems is often increased surface salinities that alter plant/
water relations, thereby reducing the likelihood of plant establishment (Handa and Jeffrie,
2000; Zedler et al. 2003).

Tolerances Associated with Minerals in Soils
Most plants take up nutrients through their roots, specifically through single-celled roots that
probe the aqueous soil environment surrounding a root. A common practice in restoration
settings is to surface supply some of the critical macronutrients for plant growth—particularly
calcium, iron, magnesium, nitrogen, phosphorus, and sulfur—as fertilizer (Bloomfield et al.
1982; Cione et al. 2002; Bradshaw 2004). Mineral nutrients, such as nitrate and ammonium,
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are highly soluble in soil water and have a relatively high diffusion rate in a water solution, fa-
cilitating their uptake. The uptake of nutrients by roots is an active, energy-dependent pro-
cess, in contrast to the uptake of water, which is a largely passive process. The uptake of min-
erals is facilitated by their solubilities, but this also makes these same minerals highly
leachable from soils, especially in high-precipitation environments. Of the mineral elements
extracted from the soil, nitrogen is the element needed in highest concentration within
leaves as an essential component of proteins, pigments, and nucleic acids, which explains
why high additions of nitrogen are particularly important (Bradshaw 1983, 1984). Some pio-
neer species that readily establish in restoration settings have the ability to produce their own
nutrient nitrogen, avoiding the requirement that nitrogen be supplied in the soil. These
plants are known as nitrogen-fixers, and they accumulate organic nitrogen through nitrogen
fixation in association with a bacterial symbiont.

Often the surface area and lateral extension of a root hair are inadequate to provide suf-
ficient exposure for roots to all essential nutrients available in the soil. This is particularly
true for phosphorus, an essential element that has a low solubility and low diffusivity in the
soil water solution. Thus, fungal associations are essential to establishment and nutrient up-
take by most higher plants (Lambers et al. 1998; Chapin et al. 2002; Fitter and Hay 2002).
Fungal hyphae are able to extend up to several orders of magnitude farther away from the
root than can root hairs, creating such an effective mineral-uptake situation that many
plants do not grow or have significantly reduced growth rates in the absence of their symbi-
otic mycorrhizal partners. Reclamation studies have provided some of the strongest evi-
dence of the critical roles of mycorrhizal associations for the establishment of plants in a
restoration setting (Allen 1991; Caravaca et al. 2003; Querejeta et al. 2003). Disturbance
processes (e.g., strip mining activities) that precede the restoration phase often kill or re-
move mycorrhizal spores, requiring that seeds or transplanted seedlings on restoration sites
be provided a fungal inoculum.

Terrestrial restoration settings often differ from more natural habitats by an abundance of
toxic elements in the soil (Bradshaw 1983, 1984, 2004; Shaw 1990). The three most common
mineral-related challenges to restoration are highly saline soils (discussed later), soils with al-
tered pH levels, and high-metal-toxicity soils. The physiological impacts of these three stres-
sors on plants are as different as the solutions applied in a restoration setting. Interestingly,
there are often populations or taxa adapted to these unusual soil regimes, with the tolerance
mechanism being either as accumulators or excluders. Studies of genetic variation for toler-
ance to heavy metals have also been extremely insightful. For example, the ability of different
grass species to invade and colonize mine spoils is related to genetic variation in non-related
features (Shaw 1990; MacNair 1993). 

Altered soil pH levels have multiple effects on plant roots and tolerances are fairly general.
Directly, pH can have a negative impact through the effect of excess H+ or OH– on mem-
brane integrity and ion uptake systems. Indirectly, pH can influence the solubility of metals
that are toxic to plants. In contrast, heavy-metal tolerance in plants is often fairly specific and
limited to a single metal, rather than species being tolerant of a wide range of heavy metals
(Shaw 1990). For instance, aluminum toxicity (Al3+) occurs in acidic soils and is a major con-
straint on plant growth in all but calcifuge (“chalk-escaping,” “acid-loving”) species, which
hyper-accumulate aluminum (Jansen et al. 2002). The presence of Al3+ generally reduces
root elongation and uptake rates of essential cations such as calcium and magnesium
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(Fuente-Martinez and Herrera-Estrella 1999). Zinc, cadmium, copper, iron, and other met-
als can have negative effects on plant metabolism when present in the soil in high concen-
trations (Shaw 1990; Rout and Das 2003). While much is known about whether tolerant
species accumulate or avoid these metals, much less is known about the specific mechanisms
of adaptation. In many cases, genotype-specific tolerance has been identified (MacNair
1993). However, there is limited molecular-level information on the mechanisms of toler-
ance and sensitivity to the metal among species (Pollard et al. 2002; Assuncao et al. 2003).
This is a promising area of restoration ecology research (Fuente-Martinez and Herrera-
Estrella 1999; Prasad and Freitas 2003). With the advances in genetics and the rise of new
molecular tools such as micro-array analyses, it may soon be possible to pinpoint the specific
molecular mechanism(s) that underlie the differing capabilities of species to persist in
restoration settings with high soil metal concentrations.

Water Availability and Acquisition
As with nutrients, the acquisition of water via belowground plant structures may be signifi-
cantly altered in a restored habitat, owing to effects on both water availability and plant func-
tion (i.e., uptake and transport). The former is primarily a hydrological issue, influenced by
soil properties, soil salinity, and climate (Sperry 2000). However, ecological effects, such as
competition for water by neighboring plants (Ehleringer et al. 1991) and hydraulic redistri-
bution of water from deep to shallow depths (Burgess et al. 1998), can also play an important
role in altering the abundance of water resources. At the plant functional level, basic water
uptake via roots is generally similar among most species, but the degrees of sensitivity to wa-
ter limitation or water excess result in strongly varied responses. In natural systems, these dif-
ferences can determine species distributions, and in restored systems may dictate a plant’s
ability to survive (Lambers et al. 1998). Basic rooting zones for water uptake differ between
juvenile and adult plants for many perennial species (Donovan and Ehleringer 1992, 1994).
Water acquisition can also be increased by mycorrhizal associations (found in many species)
and by specific plant adaptations, such as hydraulic redistribution (generally defined as the
movement of soil water through root systems from areas of high water availability to areas
with lower water availability). Direct interception of moisture, such as fog, may also be criti-
cal to the establishment and maintenance of both tree and understory species in restoration
of maritime terrestrial ecosystems (Burgess and Dawson 2004). Facilitating the maintenance
or recovery of these biotic contributions to resource enhancement may be particularly cru-
cial to restoration. For example, mycorrhizae abundance and their association with plants
have been shown to be sensitive to nutrient supplementation (e.g., Egerton-Warburton and
Allen 2000; Corkidi et al. 2002), a common practice in many restoration projects.

In a natural setting, plant species within the community often exhibit pronounced differ-
ences in effective rooting depth, with root density and effective rooting depth for water up-
take varying within the soil profile (Dawson and Ehleringer 1998). This is illustrated in a
study from the southwestern United States (Figure 3.4), which showed that the hydrogen iso-
tope ratio of xylem water quantitatively reflects the depth in the soil from which water was de-
rived. Summertime precipitation events resulted in upper-surface soil layers having a hydro-
gen isotope ratio of ca. –20%, whereas wintertime precipitation events had ratios closer to 
ca. –90%. Following a summer rain event, a large fraction of the vegetation did not use that
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resource at all, or used only a portion of that new moisture as a transpiration source. Some
species appeared to utilize soil water from surface and deeper soil layers equally, while others
utilized moisture from recent summer rains or moisture from stored winter rains. Uptake of
nitrogen from the soil and uptake of water need not come from the same rooting depths, as
roots often exhibit resource acquisition specialization (Gebauer and Ehleringer 2000;
Gebauer et al. 2002). Therefore, to increase the probability of restoration, it becomes critical
to know both the actual rooting distributions as well as the depths from which plants extract
nutrient and water resources.

Water Limitation Stressors and Biotic Feedbacks
Many studies underscore the importance of water availability and water acquisition in sus-
taining community properties and ecosystem processes (Chapin et al. 2002). Stresses owing
to the lack of water constitute the majority of these examples, in part because water limita-
tion, rather than water excess, is more prevalent as a stress and has a greater overall negative
impact on productivity. This is due in great part to reduced carbon gain owing to stomatal
closure, but water stress also decreases cellular and biochemical functions, and may nega-
tively affect production by altering structural integrity. Thus, it comes as no surprise that re-
ductions in water availability are easily capable of altering entire communities and ecosys-
tems (such as found in stream diversions) (Naeem, this volume).
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Figure 3.4 Hydrogen isotope ratios of xylem water showing flux-weighted sources of water used
by different annual and perennial species following strong summer rains in an arid land commu-
nity of the Colorado Plateau in the southwestern United States. Modified from Ehleringer et al.
(1991).



Following uptake, the transport of water through a plant is achieved by the presence of a
water potential gradient from the site of water uptake (the soil) to the site of water loss (air).
Commonly referred to as the soil-plant-air continuum (SPAC), this water transport mecha-
nism is largely passive and driven by leaf-level transpiration, but because transport depends
on the maintenance of this gradient, it is critical that management of each end-member (soil
and air) accompany restoration of the transport medium (plant). Although the SPAC gradi-
ent is passively derived, the actual water fluxes are regulated by biotic factors, such as sto-
matal function and hydraulic architecture, and environmental factors, such as the leaf-to-air
vapor pressure difference (Sperry 2000; Sperry et al. 2002). 

Over the past decade or so, it has become clear that plant hydraulic architecture plays a
fundamental role in governing the flow of water through plants. Given that water in the xylem
is held under tension, low soil moisture availability and high evaporation demand can cause
xylem within plant stems and roots to lose its conductive ability (i.e., cavitate), resulting in a
disruption of water flow from the soil to the transpiring leaf surfaces. Different plant species
have contrasting “vulnerability” curves, which describe the relationship between the plant wa-
ter potential (a measure of water stress) and xylem cavitation (a measure of the plant’s ability to
move water between roots and leaves) (Figure 3.5). The xylem tissues transporting water be-
tween roots and shoots of plant species from more mesic habitats tend to cavitate at higher
plant water potentials. The steep changes in cavitation that can occur over a narrow plant wa-
ter potential range underscore the importance of maintaining adequate soil moisture, espe-
cially during the development and establishment of plants in a restored community. 

Leaf stomata have the greatest effect on regulating water fluxes from plants (Boyer 1985).
Stomata are sensitive to both plant water status and relative humidity, and generally close
during periods of water stress (Kozlowski and Pallardy 2002; Sperry 2002). There is not a sin-
gle stomatal response exhibited by all plants to humidity and water-deficit stresses, but rather
stomatal pores of different species exhibit a wide range of sensitivities (Schulze and Caldwell
1994; Flexas et al. 2004). To the extent that plants in a restoration setting are influenced by
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Figure 3.5 Vulnerability curves for three contrasting perennial species, showing loss of xylem
conductance (xylem embolism) within the plant hydraulic system as a function of plant water
potential. Modified from Sperry (2000). 



pronounced diurnal or seasonal changes in humidity, both transpiration and photosynthesis
rates will exhibit similar dynamics.

The differential rooting depths and sensitivities of stomata to humidity describe a funda-
mental water-relations challenge in restoring species within arid ecosystems. However, facil-
itation by shading to alter the microclimate can be a viable mechanism permitting species
with differing rooting depths to become established. Maestre et al. (2001) described estab-
lishment of three desired shrub species (Medicago arborea, Quercus coccifera, and Pistacia
lentiscus) in a Mediterranean restoration setting using the tussock of Stipa tenacissima (alpha
grass) to facilitate establishment. It is likely that the differential use of soil moisture in surface
and deeper soil layers by the grass and shrubs species, respectively, afforded an opportunity to
both reduce the energy load on developing perennials and avoid competition for water at
depth. With better knowledge of the differential rooting depths for water uptake of juvenile
and adult perennials, it is possible to devise irrigation routines that increase the probability
that perennials will become established in a restoration setting.

Variation of water availability, uptake, and transport, and the factors that affect them in
restoration settings should follow patterns similar to those found under natural conditions.
However, in light of the altered soil conditions typical of most projects, future restoration ef-
forts would benefit from designs that explicitly incorporate the ecological importance of water
relations, especially if the restoration objectives include efforts to recover some semblance of a
normal or sustainable hydrological cycle. Indeed, because water availability is found repeat-
edly to be the resource most limiting to plant and ecosystem production (Chapin et al. 2002),
recognizing the factors that govern water acquisition and transport is critical to restoration pro-
grams. What we don’t know is which water-use traits are most difficult to recover in restoration
programs and the degree to which water limitation influences the success of such efforts.

In recent years, the integration of ecophysiology and ecosystem ecology has promoted
greater recognition of biotic feedbacks and their importance in sustaining water resources of
ecosystems. The feedback framework has proved useful in elucidating the functional impor-
tance of species within a community, and identifying which species should be considered
keystone from a functional perspective (Naeem, this volume). For example, fog-water inter-
ception and subsequent fog drip caused by redwood trees in the coastal forests of northwest-
ern California have been shown to contribute substantial portions of the monthly water con-
sumption by understory species (Dawson 1998). In the absence of these tall trees, summer
soil moisture input for understory and shrub species would be nil since rainfall is absent dur-
ing the summer in this ecosystem. Similarly, belowground water redistribution (hydraulic
lift) by key tree species within eastern deciduous forests can enhance water availability in the
upper soil layers, not only to the tree species itself, but also to many forb and herbaceous
species in the tree’s immediate proximity (Dawson 1993, 1996).

The absence of certain canopy trees has also been shown to increase leaf-to-air vapor pres-
sure difference (recall Figure 3.4), which leads to increased transpiration of remaining plants
and hastens drought and water stress in the system. This negative feedback can lead to slow
but pronounced changes in species function and composition, ultimately resulting in type
conversion to a relatively more xerophytic flora. The danger of such wholesale conversions is
the possibility of a system reverting to an alternative state that may be resilient to restoration
(Suding et al. 2004; Suding and Gross, this volume).
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Salinizing and Groundwater Shifts at Landscape Scales

Human activities affect the hydrology of entire river basins, and modern high-nutrient agri-
cultural systems leach nutrients into groundwater systems. Perhaps nowhere is the hydrologi-
cally driven restoration challenge made clearer than in riparian zones. Existing ecological
and agroecological systems can alter the salinity and water relations of a region such that
restoration activities become challenged by an altered groundwater system (David et al.
1997; Kozlowski 2002; Cocks 2003; Eberback 2003). Conversely the tiling of waterlogged
soils to drain marshes and other wetlands can alter the surface-groundwater dynamics irre-
versibly, to the extent that reestablishment of native communities becomes challenging, at
best, or even impossible in the foreseeable future (Prince 1997). 

One extreme example is the hydrologically driven restoration effort being made in west-
ern Australia, where both the challenges and the needs for restoration come face to face.
Here the emergence of an extensive and highly productive wheat agriculture economy over
the past century has replaced trees as the dominant plant type across the landscape (Bell
1999; Eberbach 2003). The forest-to-crop conversion during this time period has resulted in
lower overall transpiration water fluxes across the landscape and, consequently, the rise of a
saline groundwater table that now has the potential to jeopardize the stability of the wheat-
driven economy. The rising saline water table also is likely to impact nearby salt-intolerant
ecosystems (Cramer and Hobbs 2002).

In this instance, restoration for a mix of stable agricultural and natural vegetation requires
lowering of the groundwater by the reintroduction of tree and perennial shrub species capa-
ble of drawing down the water table with their higher-than-wheat transpiration rates (Bell
1999). This would seem initially possible given the higher and more continuous transpira-
tion rates by a dense forest stand. Cocks (2003) suggests that native biodiversity could be
maintained by planting native trees with higher water-flux rates, which might be harvested
periodically for bioenergy, wood products, and fuel. Yet salinity is also likely to reduce tran-
spiration rates by perennial species in the short term, through its impact on water potential
and stomatal conductance. Lefroy and Stirzaker (1999) predict that an extensive agroforestry
effort would be required to manage the rising saline water tables. However, Hatton et al.
(2003) recently concluded that even with extensive revegetation of the landscape, this effort
might be inadequate to achieve a stable hydrogeochemical state given the magnitude of the
historical crop-related activities. Clearly the situation in western Australia presents an excit-
ing opportunity for restoration ecology, ecophysiological, and agricultural interests to work
together to identify feasible alternatives and implement measures that will offer a sustainable
future for the region.

Summary

In the most ideal research, plant ecophysiological performance in a restored setting should
be compared to that of reference plants in a natural ecosystem. Such studies provide the best
opportunity for identifying performance expectations and ultimately attaining restoration
goals. Thus, field-based comparative experiments are likely to offer the greatest insights for
restoration, but in the past, this research tended to be time-intensive and technologically ex-
pensive—burdens that often precluded adequate sample sizes. However, improved techno-
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logical capabilities over the past two decades, such as lightweight, portable, gas-exchange sys-
tems and compact data loggers, have made field ecophysiological assessments much more
rapid and tractable. In addition, the use of proxies, such as stable isotopes that correlate well
with long-term, integrated, ecophysiological function, provide a relatively easy means by
which to monitor plant performance and predict restoration outcomes. Careful selection of
which ecophysiological variables to monitor, and on which species, also helps to refine such
studies—the variables should be based on the stresses that are expected to have the greatest
impact on plant survival (e.g., water potential in an arid system or light response in a high-
light environment) and for those species that best represent the reference ecosystem. Simple
proxies, such as leaf area and stem elongation, can provide a decent integrated evaluation of
stress response, but if certain ecosystem functions, such as water or carbon fluxes, are an ob-
jective of restoration, more sophisticated measurements may be necessary. In all cases, how-
ever, ecophysiological trait values that match the expected ranges seen in reference plants
should be included in the performance standards of a restoration project.

It is clear that not all plant species exhibit the same sets of physiological response curves or
stress tolerances. Thus, changes in the state of aboveground microclimate conditions and be-
lowground resource states are likely to produce different species responses that might be pre-
dictable once the basic ecophysiological characteristics of the key species are understood.
Restoration involves not only an understanding of the role of the physical environment as a
driver of plant performance, but also an appreciation of the biotic feedbacks that influence
plant performance directly. An appreciation of these basic ecophysiological mechanisms of
adaptation and physiological environmental responses can shed fundamental insights that
inform the practice of ecological restoration, as well as help guide restoration ecology re-
search and restoration experiments. Furthermore, because restoration settings often pose
unique environmental challenges to plants, ecophysiological studies in these settings may
also provide significant new insights about plant ecophysiological function.
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Chapter 4

Implications of Population Dynamic and
Metapopulation Theory for Restoration

Joyce Maschinski

For many who have tried to restore viable self-sustaining populations to the wild, there has
come a great sense of humility and wonder at the complexity of systems that have a deceiving
appearance of simplicity. Many early attempts at restoring populations met with low success,
because of this naïve perception that it would be simple and quick (examples in Falk et al.
1996). But experience has taught us otherwise. 

Understanding how populations change in the face of spatial and temporal variation or in
response to environmental, genetic, and demographic uncertainty is central to planning any
restoration effort or recovering any rare species. Interactive factors influencing population
persistence are complex and much more research is needed in this area. Even basic data for
estimating birth rates, death rates, rates of population increase, and habitat occupation is of-
ten lacking, yet it is essential for developing effective, reliable recovery and restoration plans
(Schemske et al. 1994). 

Theoretical population viability and metapopulation models have become integral to the
legal protection of rare species and habitats (Schemske et al. 1994; ESA 1996; Dreschler and
Burgman 2004). They have become widely used for conservation management, and they
also have relevance for restoration planning (Possingham et al. 2000). Because they are being
used to document the compliance of restoration projects with mitigation laws, developing re-
liable models capable of detecting “real” change is essential (Dreschler and Burgman 2004).
Although some argue that widespread application may be inappropriate because the as-
sumptions of the models do not hold for all natural populations, patches, or metapopulations
(Doak and Mills 1994), models can help guide management actions for conservation of
species and can substantiate the success or failure of restoration projects. 

Theoretical constructs from population viability and metapopulation analyses can help
provide testable hypotheses for restoration projects, which may in turn help refine theory. In
the face of increasing threats of habitat fragmentation and climate change, it is critical that
restoration efforts include a research agenda and an experimental component.

Here, I briefly highlight key principles of the major theories of relevance to restoration
and note the challenges of each. I review several studies that have tested hypotheses either
supporting or refuting theory. Using case studies, I illustrate some of the limitations and po-
tential of using population dynamics and metapopulation theory in restoration. My examples
include plant populations, particularly rare species, and animal populations. Using these
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theoretical constructs for restoration planning is akin to unraveling the woven rug to learn
how it was constructed. The theoretical threads can trigger the questions, but only experi-
mentation can provide the evidence needed to move the science forward. 

Population Viability Analysis 

Population viability analysis (PVA) has become fundamental to understanding and predict-
ing the persistence of populations. Rather than predicting the absolute fate of a population,
PVA can best be used as a heuristic tool for estimating the relative viability of populations un-
der variable management or experimental regimes (Possingham et al. 2000; Brigham and
Thomson 2003), in natural versus restored habitats (Bell et al. 2003), under scenarios of pro-
jected future conditions (Maschinski et al. 2006), or for risk assessment (e.g., Madden and
Van den Bosch 2002). In that sense PVA provides a perfect theoretical platform from which
restoration plans can be derived. 

Approaches to PVA can be deterministic or stochastic, analytical or simulation based, spa-
tially structured or nonspatial (Beissinger and Westphal 1998). Although the most commonly
used modeling approach is the stage or age-structured matrix model, other options are avail-
able (e.g., Dennis et al. 1991; Meir and Fagan 2000; Holmes 2004). Models are becoming
more sophisticated and challenge researchers to hone approaches to understanding species’
biology. (See reviews by Menges 2000; Beissinger and McCullough 2002; Reed et al. 2002;
Brigham and Schwartz 2003; Lande et al. 2003.)

PVA modeling can help address restoration questions about the size of site needed for the
founding population, the type of propagule that should be used, and whether the restored
population is sustainable. PVA forms a formal framework for exploring potential effects of dif-
ferent restoration strategies (Ball et al. 2003). Below I address several components of PVA that
have relevance to restoration.

Minimum Viable Population (MVP)
The concept of minimum viable population size required for conserving a species in a par-
ticular location and time (Soulé 1987) arose from population viability analysis. Early ideas
of MVP were based upon the size of population needed to sustain a genetic condition nec-
essary for short-term survival, continued adaptation to environmental change, and con-
tinued evolution to new forms. Early estimates of MVP ranged from 50 to 500 (Franklin
1980; Soulé 1980). Later empirical and theoretical work incorporating risks of deleterious
mutations increased the suggested effective population size from 103 to 106 (Shaffer 1987;
Menges 1991; Lande 1995). For many rare species, actual population sizes are much less
than one thousand individuals (Wilcove et al. 1998), which begs the question of whether
their populations have a chance of maintaining evolutionary potential and long-term ge-
netic viability.

For reintroductions of rare species, simulation models have been used to determine feasi-
bility and the MVP (smallest founding group) that could result in a sustainable population
with an acceptable probability of persistence. Simulations using varying initial population
size generate trajectories of populations over time. If simulation models also incorporate en-
vironmental and genetic components, they offer more robust predictions.
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Uncertainty 
Although early models were deterministic, population viability models now incorporate un-
certainty or stochasticity (Lande 2002) and analysis of extinction probability or quasi extinc-
tion, defined as a population dropping below an arbitrary threshold assigned by the modeler
(Burgman et al. 1993). Shaffer (1987) first introduced and defined categories of uncertainty
that influence population viability: demographic uncertainty, resulting from random events
in the survival and reproduction of individuals; environmental uncertainty, caused by unpre-
dictable changes in weather, resource supply, and populations of predators, competitors, and
so forth; natural catastrophes, such as floods, fires, and droughts, which are extreme manifes-
tations of a fluctuating environmental (Lande 1993); and genetic uncertainty, caused by ran-
dom changes in the genetic makeup of populations due to inbreeding, genetic drift, or
founder effects. All of these factors have a stronger influence on small populations than 
on large populations (Shaffer 1987; Menges 1998), because larger populations are better
buffered against stochasticity. 

Several authors have made relative comparisons of the type of stochasticity that has the
greatest import to population viability. Most agree that, of these factors, environmental sto-
chasticity is likely to have the most important effects on populations, while demographic and
genetic stochasticity will likely play their greatest roles in small populations (Shaffer 1987;
Lande 1993, but see Lande 1995 and Kendall and Fox 2002). Populations with modest
growth rates and delayed reproduction tend to be influenced more strongly by demographic
stochasticity (Menges 1998). Populations that have a mean per capita growth rate larger than
variance will have greater persistence under environmental stochasticity (Lande 1993). Re-
gardless of initial population size, a population with negative long-run growth rates will have
high probabilities of extinction (Lande 1993). 

Knowing that uncertainty plays an important role in population dynamics calls for testing
the performance of founding populations with varying genetic diversity and densities in habi-
tats that vary in quality, level of disturbance, or other factors (e.g., Kephart 2004). 

Elasticity Analysis
Elasticity analyses measure the proportional change in population growth (λ) given small
changes in stage-specific vital rates (Caswell 2001). Elasticity values can be used to identify
the life stage that has the strongest influence on the population viability model; matrix ele-
ments with the highest elasticity contribute the most to the overall population growth (e.g.,
Silvertown et al. 1996). Thus, elasticity analysis can be used to determine what life stage will
have greatest promise for building and sustaining a restored population. Recently, alternative
methods to elasticity analyses have been reviewed or presented in the literature (Horvitz et al.
1997; Caswell 2000; Grant and Benton 2000; Wisdom et al. 2000; Caswell 2001). 

It is important to be aware of underlying assumptions that generate elasticities and recog-
nize that elasticity analyses may not always provide accurate predictions for restorations. Vital
rates with high elasticities do not necessarily correspond to the life history stages that are cur-
rently limiting population growth or that are the most productive targets for management
(Brigham and Thomson 2003; Schwartz 2003). Models assume that transition elements are
independent while, in reality, transitions may be correlated. Improving reproduction may
negatively impact survival or growth, for example. Some elements may vary widely across
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years, such that selecting the highest value life stage for a restoration in one year may not hold
for another year. Elements with high elasticities tend to have low variation across years or sites
(Pfister 1998, but see Pico et al. 2003); therefore, changes in these life stages may have little
impact on population growth. For example, long-lived species often have the largest elasticity
values for surviving adults, yet the major threat for species’ persistence may result from lack of
recruitment (Schwartz 2003). Restoring a population with adults may not only be the techni-
cally most difficult and resource-intensive approach, but it also may not improve the species’
conservation status in the long term. 

Challenges of Population Viability Modeling 
Population viability models require long-term data sets and a good understanding of the
species’ biology. Ideally, long-term data sets capture the range of variation in vital rates of the
species. Long-lived species present a special problem in that they have very slow responses,
low mortality, low turnover, and extremely episodic recruitment (Schwartz 2003). These be-
come especially problematic for measuring population growth of restored populations using
PVA (e.g., Bell et al. 2003).

Just as population behavior is controlled by “weakest” links in time (Menges 1998), the
models we are able to construct are limited by the “weakest” link(s) in our data. Notoriously
large information gaps that directly affect the quality of the models we are able to build are
dormancy, seed or egg banks, survival of dispersed young, and the effects of uncertainty on all
model parameters. Often empirical data needed to quantify or estimate accurately the tran-
sition stages for these parameters are not available or would require a great deal of time to
collect. 

Data required to make a good prediction about dormancy, such as long-term variability 
in reproductive success, may be no faster or easier to collect than actual vital rates for seeds
(Doak et al. 2002). Further, vital rate measurements in a greenhouse or laboratory setting,
such as percent germination or percent survival, may not translate to the field (e.g., Dudash
1990). Even small changes in estimates of annual seed or egg survival, or annual seed germi-
nation or egg hatching, can result in dramatically different estimates of population extinction
risk, and these effects are most important under conditions of highly variable environments
(Aikio et al. 2002; Doak et al. 2002). 

For example, a 21-year data set demonstrated that two co-occurring Daphnia species had
dramatically different rates of dormancy and hatching (Caceres 1997) (Figure 4.1). Daphnia
galeata mendotae failed to reproduce in 8 out of 21 years sampled in Oneida Lake, New York.
Multiyear dormancy allowed this weak competitor to persist at this location. In contrast, the
co-occurring Daphnia pulicaria did not rely on egg storage for persistence and had consis-
tently high recruitment. Thus, the importance of the dormant stage had markedly different
influences on population growth rates depending upon species-specific responses to environ-
mental variation. Similarly, co-occurring plant species may germinate from seed banks at dif-
ferent rates under varying environmental conditions, thereby enabling coexistence of species
(Baskin and Baskin 1998; Pake and Venable 1996) and maintaining variation in population
genetic structure (Levin 1990; McCue and Holtsford 1998). Variable rates of germination
from dormant stages reduce the ability to generalize seed or egg bank parameters for a PVA
across co-occurring species. 
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Quantifying the survival or mortality of individuals that disperse from a study site is also
problematic for building PVA models. This is especially true for pelagic or wind-dispersed or-
ganisms whose young may settle far from the parent (Crowder et al. 1994). Assessment of ju-
venile dispersal and survival may be compromised by sampling techniques (Szacki 1999), ac-
curate identification of young produced within a sample area (Sork et al. 2002), and the
patterns of movement across season and location (Szacki 1999; Ball et al. 2003). These pa-
rameters may be unknown, even in organisms that have been studied extensively.
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Figure 4.1 Example of two co-occurring Daphnia species with dramatically different egg dor-
mancies. Mean population growth rates of two Daphnia species in a homogeneous egg bank are
represented. The portion of the population growth rate that does not include recruitment varia-
tion is represented by black squares; the portion of the population growth rate that is due to an-
nual variation in recruitment is represented by open circles; the boundary growth rate, repre-
sented by open triangles, is the sum of each circle/square pair. For D. galeata mendotae, all
squares fall below the zero line, indicating that this species could not persist without variable re-
cruitment and reestablishment from the egg bank. In contrast, D. pulicaria persistence did not
depend upon egg bank storage. Redrawn from Caceres (1997).



PVA predictions are most accurate for short time intervals (10–20 years), because models
will become increasingly imprecise as time from field data collection increases (Ellner et al.
2002). Models are sensitive to estimated mean vital rates, which can vary with stochastic fac-
tors, time, and space. 

Metapopulation Analysis

Spatial and temporal variation in population demography is critical to the long-term popula-
tion dynamics and persistence of a species across its range (Gilpin and Soulé 1986; Pulliam
1988; Lande 1993; references in Kauffman et al. 2003). Metapopulation models link popu-
lation ecology (local abundance) with biogeography (regional occurrence) and provide a
useful framework for understanding correlative and experimental data on population distri-
bution and abundance (Gotelli 1991). A metapopulation approach is likely to provide useful
tools for developing restoration strategies for optimizing among-population processes critical
for the persistence of many natural systems (Thrall et al. 2000). 

Hanski and Gyllenberg (1993) considered two theoretical models for metapopulation
analysis as extremes of a continuum (Figure 4.2). The mainland-island model, based on the
equilibrium theory of island biogeography (MacArthur and Wilson 1967), assumes a large
and invulnerable source population on the “mainland,” from which individuals migrate to
smaller habitat patches (“islands”) with more transient populations. Levins’s model (1969,
1970) assumes a set of equally large habitat patches, or islands, with local populations fre-
quently going extinct and vacated patches recolonized from the currently occupied set of
patches. Most species occur intermediate to these extremes, where there is significant spatial
variation in habitat patch sizes, even if there is no true “mainland” invulnerable to extinction
(Harrison 1991). 

Kareiva (1990) reviewed models that describe spatial organization in heterogeneous envi-
ronments: island models, where populations are subdivided; stepping-stone models, where
patches have explicit spatial dimensions; and reaction-diffusion models, which assume a ho-
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Figure 4.2 (A) Mainland-Island model (adapted from Hanski and Gyllenberg 1993); (B) Levins
model (Levins 1969, 1970). In the Mainland-Island model, individuals migrate from the large,
invulnerable source population to the smaller habitat patches. The smaller patches are vulnera-
ble to extinction and can be recolonized. The Levins model assumes equal-sized patches with
multidirectional dispersal, and all patches are capable of extinction and recolonization.

(A) (B)



mogeneous environment and provide a null model describing spatial patterns that arise from
random motion and population growth alone (Figure 4.3). All require good information
about dispersal, whether or not dispersal depends upon density and whether direction of
movement is influenced by the quality of habitats. All depend on knowing the spatial scale
over which population dynamics are considered. 

Several generalities arise from metapopulation theory (see Box 4.1). The theory predicts
that a threshold number of suitable patches is required for large-scale metapopulation persis-
tence; immigration and colonization must be greater than extinction. Non-equilibrium
metapopulations are destined for ultimate extinction, with the time to extinction of the
metapopulations being the same as the time to extinction of the largest populations (Hanski
1999). Spatially explicit models allow for inclusion of the areas and spatial locations of the
patches (Hanski 1994, 1999) and are becoming more widely used for conservation and
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Figure 4.3 Types of spatial models (adapted from Kareiva 1990): (A) Island models have a col-
lection of patches coupled by one common pool of dispersers; all patches are equally accessible;
there is no explicit spatial dimension; and dispersal rates are fractions of individuals that move
without regard to distance moved. Island models can be used to investigate how spatial subdivi-
sion (or fragmentation) alters the metapopulation behavior. (B) Stepping-stone models have the
same qualities as Island models except that patches have fixed spatial coordinates. These can be
used to examine consequences of long-range versus short-range dispersal. (C) Reaction-diffusion
models assume a homogeneous environment, and use standard continuous-time Lotka-Volterra
representations of local dynamics and a constant, random rate of dispersal. These models can ex-
amine the consequences of population density and habitat quality on metapopulation structure.



restoration applications to help determine the value of patches for species’ persistence (e.g.,
Hanski and Ovaskainen 2003; Ovaskainen and Hanski 2003). Models that consider hetero-
geneous habitat, such as stochastic patch occupancy models (SPOM) are helping to develop
more spatially realistic metapopulation theory (Hanski 2001). 

Several studies have shown the impact of habitat fragmentation and/or disturbance on
metapopulation persistence (e.g., Collingham and Huntley 2000; Hanski and Ovaskainen
2003). Using a site occupancy and recruitment model of eighteen plant species growing in
grasslands of Scandinavia, Eriksson and Kiviniemi (1999) found a significant relationship be-
tween species diversity, availability of suitable habitat, and ability to colonize roadsides. Gen-
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Box 4.1

Key Principles of Metapopulation Theory

1. The probability of extinction decreases as average population or patch size increases
(Shoener and Spiller 1987; Hanski 1991), as the fraction of large patches increases
(Hanski and Gyllenberg 1993), and as the total number of patches increase (Sim-
berloff 1976; Hanski and Gyllenberg 1993). The largest patches have the lowest ex-
tinction risk, and these determine estimates of time to extinction of the metapopula-
tion. 

2. Persistence of metapopulation is possible only if recolonization exceeds extinction
(Hanski 1991). Preserving a metapopulation requires either increasing colonization
or reducing extinction. 

3. As maximum reproductive rate increases within a patch, the probability of extinction
decreases (Earn et al. 2000). 

4. The “rescue effect” occurs when increasing the number of immigrants increases
patch occupancy and decreases the risk of extinction (Brown and Kodric-Brown
1977).

5. The “establishment effect” occurs when increasing the proportion of suitable habitats
occupied by a species increases the rate of successful colonization through dispersal
and augmentation (Lande et al. 2003).

6. Heavy emigration will make local populations smaller and hence more vulnerable to
extinction (Hess 1996a; Maschinski 2001; Menges et al. 2004). 

7. The closer the proximity of patches, the higher the migration between the patches
and the greater the likelihood of recolonization of vacant patches (e.g., Ovaskainen
and Hanski 2003).

8. Larger patches have a greater probability of contributing migrants to a metapopula-
tion; therefore the genetic composition of the largest population influences that of
the entire metapopulation (Hanski and Gyllenberg 1993). 

9. Patch arrangement and corridor quality can influence metapopulation size. Land-
scapes with greater interior patches will support larger metapopulations than those
with more peripheral patches. Increasing the number of high-quality corridors (those
that allow for greater survival after dispersal) will increase the metapopulation size
(Anderson and Danielson 1997).



eralist grassland species with good dispersal ability were predicted to increase or remain sta-
ble, while species with limited seed dispersal, low seed set and/or low disturbance tolerance
had higher risk of extinction. In fragmented Douglas-fir forests of the U.S. Pacific Northwest,
populations of seed predators increased three- to fourfold, thereby increasing seed predation
and the extinction risk of Trillium ovatum (Tallmon et al. 2003). Where habitats are frag-
mented, networks of small habitat patches can serve as stepping stones connecting and facil-
itating migration between landscape patches (Huntley 1991a, 1991b), and larger patches are
better. Models indicate that corridors are important for migrating species, but not necessarily
sessile organisms (Collingham and Huntley 2000). Due to assumptions of the models,
metapopulation models may not be suitable for all restoration systems, but they may be use-
ful as heuristic tools to help identify risks of either removing populations or creating new pop-
ulations (e.g., Lande 1988). 

Minimum Viable Metapopulation Size 
Hanski et al. (1996) defined minimum viable metapopulation (MVM) size as the minimum
number of interacting local populations necessary for long-term persistence of a metapopu-
lation in balance between local extinctions and recolonizations. The minimum amount of
suitable habitat (MASH) was defined as the minimum density (or number) of suitable habi-
tat patches necessary for metapopulation persistence. In order for a metapopulation to per-
sist, there must be a balance between local extinctions and recolonizations of empty but suit-
able habitat patches. In general, 15 to 20 well-connected patches are required for MVM.

With high turnover rates and habitat destruction, a metapopulation is not at equilibrium
and is destined for extinction. Chance variation in the number of extant populations is analo-
gous to demographic stochasticity and can lead to extinction, especially when metapopula-
tions are small. Metapopulations consisting of a small number of local populations, each with
a high risk of extinction, are not likely to persist long. Hanski et al. (1996) concluded that many
rare and endangered species fall below the minimum viable metapopulation size and may al-
ready be headed toward extinction, unless the fragmentation of their habitat is reversed.

Sources, Sinks, Population Regulation, and Habitat Selection 
In complex habitat mosaics, individuals may be distributed among habitats and have variable
or habitat-specific demographic rates (i.e., different life spans, developmental rates, birth 
and death rates) (Pulliam 1988; Pulliam and Danielson 1991). Surplus individuals from
highly productive “source” habitats may immigrate to less productive “sink” habitats, where
within-habitat reproduction fails to keep pace with within-habitat mortality (Pulliam 1988).
Habitat selection based on differences in habitat quality from source habitats can maintain
large sink populations (Pulliam 1988). If good breeding sites in the source habitat are rare,
and poor sites in the sink are relatively common, a large population may occur in the sink.
Populations can be sustained by immigration from more productive source habitats. 

Pulliam and Danielson (1991) modeled differences in λ two habitat types: source habitat
that produces a surplus of individuals available for dispersal, and sink habitat that cannot pro-
duce enough young to meet even its own losses. The models indicate that the effect of habi-
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tat loss depends upon the ability of the individuals to sample the environment and the qual-
ity of the habitat (m). If 90% of poor-quality habitat was removed, the population was reduced
by only a moderate amount because the high-quality habitat was so productive that it contin-
ued to produce offspring to saturate both habitats (Figure 4.4). By contrast, removing good-
quality habitat had a much greater impact on population size and caused extinction when
site selection was low. Habitat fragmentation increased distance between successive sites on
the dispersal path. If dispersal was limited, then there was reduced sampling (m), which
could cause extinction. Coupled effects of decreased sampling and habitat loss are the key to
extinction, rather than either factor singly. 

Habitat-specific demographic rates may be more important ecologically than age-specific
demographic rates. Because species may occur commonly (and breed successfully) in sink
habitats, populations need to be studied in the landscape context to understand how habitat
heterogeneity influences population dynamics (Pulliam 1988). Several studies have shown
that population dynamics are affected by disturbance, spatial variation, and environmental
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Figure 4.4 Comparison of projected population size when 90% of low-quality and high-quality
habitat is removed (adapted from Pulliam and Danielson 1991). Loss of good-quality habitat had
a more devastating effect on the population size and caused extinction when site selection was
low. Loss of poor-quality habitat had less impact, because immigration from the high-quality
habitat maintained populations at a moderate level.



heterogeneity (references in Menges and Quintana-Ascencio 2003). In large restoration sites,
population size and growth rate may be a function of the relative proportion of the habitat
types provided. 

Although source-sink models apply to highly mobile species with the ability to select the
best habitats and influence their own reproduction, the models offer insights to restoration
planners, who are the “habitat selectors.” If m is translated into reintroduction attempts, it
may be possible for populations to increase to equilibrium and stabilize with enough at-
tempts. Because not all utilized habitats are necessarily valuable to the species, restoration us-
ing multiple habitats may help to determine where the species’ demographic vital rates will
be highest. Estimates of the relative contributions of different habitat types to population size
and growth will help to determine which habitats are the most valuable to the species.
Source-sink models allow us to determine the effect that a given change in the availability of
high- and low-quality habitats will have on the global population (Pulliam and Danielson
1991). When a species with very low dispersal ability is to be managed, patch size and spatial
dispersion may be more important than the total amount of habitat that is preserved. It is im-
portant to determine the ratio of good to poor habitat that will have the best chance of main-
taining a viable population of a species. The key is to understand the extent to which the per-
sistence of the population depends upon immigration (Pulliam and Danielson 1991). 

Challenges of Metapopulation Theory
Metapopulation models have inherent limitations that present challenges to practitioners. As
is true of PVA, metapopulation models need all of the data required for a simple demo-
graphic model, including means and variances of all vital rates. In addition, metapopulation
models depend upon good estimates of migration, dispersal, or colonization, for which accu-
rate and relevant data can be difficult to obtain (e.g., Freckleton and Watkinson 2002). Few
ecological studies of any species occur at the spatial or temporal scale required to obtain this
data (Doak and Mills 1994). Empirical estimates of the model parameters will significantly
influence the results and their interpretation; these will be magnified by increasingly com-
plex models (Doak and Mills 1994). Therefore, comparative simulations rather than absolute
risk assessments are recommended (Melbourne et al. 2004). Restoration experiments provide
opportunities for testing population and metapopulation theory through long-term data sets
that will aid our refinement of the theory and our understanding of biological patterns in
species with varying life histories. 

Indirect evidence can be used to infer how plants colonize vacant sites. For instance, col-
onization is a function of distance from the nearest existing population (Harrison et al. 2000;
Jacquemyn et al. 2003). It may be unclear whether a new population occurrence is a true col-
onization or simply an awakened dormant seed bank (van der Meijden et al. 1992). Although
a state variable can depict dispersal through time, this is rarely included in PVA and
metapopulation models (Freckleton and Watkinson 2002). 

Similarly, accurate estimates of animal dispersal are difficult to obtain. For example, mi-
gration of bank voles (Clethrionomys glareolus) and yellow-necked mice (Apodemus flavicol-
lis) varied with season, sex, resource abundance, and nature of the matrix between patches
(Szacki 1999), making it difficult to generalize across sites, years, or species for metapopula-
tion modeling. 
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Addressing Restoration Questions Using Population 
and Metapopulation Theory

In this section, I illustrate how theory has been applied to restoration planning and imple-
mentation. In some cases, empirical tests have given insight into limitations of theory or have
not been done, while others show support for the generalizations of theory (see Box 4.1). In-
corporating experimentation in restorations offers opportunities to test and refine theory. 

How Many Individuals Should Be Reintroduced?
Theory indicates that the smaller the population, the larger the influence of stochastic factors
and the larger the extinction risk. Using as large a founding population as is practical should
increase chances of reestablishing the species. 

Bell et al. (2003) compared the number of propagule types that would be required to cre-
ate an MVP with less than 5% extinction probability in the next one hundred years. They
found that more than 400 transplants of one-year rosettes, or 1,600 seedlings, or 250,000
seeds would be required to create a viable restored population of Cirsium pitcheri. These
numbers may not be reasonable to achieve with extremely rare populations, especially if re-
moving substantial propagules from a wild population for restoration to another location may
endanger the wild population (Menges et al. 2004). 

Researchers simulated the founding population size needed for reintroducing capercaillie
(Tetrao urogallus) in Scotland (Marshall and Edwards-Jones 1998). They found that a mini-
mum of 60 individuals would be required in 5,000 ha to have greater than 95% probability of a
population establishing for 50 years. However, if populations were supplemented every five
years with two birds genetically unrelated to the founding population, the MVP was reduced,
and genetic health, as measured by levels of heterozygosity, was maintained (Figure 4.5). Sup-
plying new individuals to the population allows for smaller initial populations to be used in a
restoration. To date, empirical evidence of capercaillie reintroduction success is not available.

How Large Should Patches Be?
Theory indicates that larger patches have lower extinction risk. The largest patches within a
metapopulation will determine the persistence of the metapopulation. Restoration sites may
be limited; however, practitioners can choose the largest patches in the best available habitat
for reintroducing target species. For example, in southern Scotland, sites selected for caper-
caillie reintroduction were forest blocks with the largest area and most suitable annual pre-
cipitation (Marshall and Edwards-Jones 1998). (See also the Jacquemontia reclinata case
study later in this chapter.) 

The degree of isolation interacts with population size to determine population fate. In a
metapopulation analysis of the federally endangered wireweed (Polygonella basiramia),
Boyle et al. (2003) found that populations growing in small isolated gaps in Florida scrub
were more likely to go extinct than those growing in larger gaps. Gaps created by fires are crit-
ical to the species’ persistence.

Patch size and patch isolation influence reproductive success. Large outcrops of serpen-
tine morning glory (Calystegia collina) had greater flower and fruit production and greater
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densities of flowering patches (Wolf and Harrison 2001). Pollination was positively correlated
with flower and patch density due to higher quality of pollen being transferred.

What Developmental Stage Should Be Used? 
Elasticity analyses indicate the life stages that have the greatest influence on population
growth rate and can guide choice of propagule for use in restoration. Using population via-
bility models of three plants with varying life histories, Guerrant (1996) simulated variation of
quasi-extinction rate and final population size as a function of founding population size.
Larger initial propagule sizes or stage classes could reduce extinction probability and demo-
graphic cost of restoration plantings regardless of the life history of the species he tested. High
seedling mortality was partially responsible for this pattern. For one annual species, only
those populations founded by whole plants exceeded the original cohort size after 10 years.

Elasticity predictions may miss important aspects of restored population behavior, which
can be different from that of the natural population. Plants may be altered by the transplant-
ing or may face environmental conditions unlike any they have seen in natural habitats (Bell
et al. 2003; Maschinski et al. 2004). For example, elasticity analyses of the federally endan-
gered Upper Sonoran shrub (Purshia subintegra) indicated that vegetative and reproductive
adult survival had the greatest contributions to population growth (Table 4.1) (Maschinski et
al. 2006) suggesting that adult plants would be the best life stage to use for reintroduction.
However, reintroductions comparing whole plants and seeds showed seeds to be the most
successful propagule after five years (Figure 4.6) (Maschinski et al. 2004; Maschinski et al.
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Figure 4.5 Population size and mean expected heterozygosity of capercaillie after 50 years fol-
lowing releases into habitats with K = 300. The x-axis represents three scenarios: (1) Initial popu-
lation is 30 and is supplemented with two unrelated individuals every 5 years. Models indi-
cate100% probability of survival to year 50. (2) Initial population is 30, and no supplementation
occurs. Models indicate 88% probability of survival to year 50. (3) Initial population is 60, and
no supplementation occurs. Models indicate 88% probability of survival to year 50. Therefore,
with supplementation of new individuals, a lower number of founders can be used. Redrawn
from Marshall and Edwards-Jones (1998).
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table 4.1

Elasticities for Purshia subintegra for transition years 2001–2002 and 2002–2003
in dry sites. Note that stasis in vegetative and reproductive adults have the 

highest elasticities.
2001–2002

Seedbank Seedling Juvenile Veg. Adult Rep. Adult

Seedbank 0 0 0 0 0
Seedling 0 0 0 0 0
Juvenile 0 0 0 0 0
Veg. 0 0 0 0.998 0.0011
Rep. 0 0 0 0.001 0

2002–2003 λ 0.779

Seedbank Seedling Juvenile Veg. Adult Rep. Adult

Seedbank 0 0 0 0 0
Seedling 0 0 0 0 0.0028
Juvenile 0 0.0028 0.0008 0 0
Veg. 0 0 0.0028 0.188 0.1845
Rep. 0 0 0 0.187 0.4313

λ 0.961

Figure 4.6 Proportion of surviving Purshia subintegra in reintroduction trials and in the natural
population in Verde Valley, Arizona, measured from 1998–2003 (adapted from Maschinski et al.
2004 and Maschinski et al. 2002). Reintroduced whole plants were propagated from cuttings
taken from the Verde Valley population and watered for five months after transplanting to the
site. Caged seedlings arose from seeds introduced into cages; the survival of seedlings is reported.
No supplemental water was given to seeds or seedlings. The survival of naturally occurring wild
seedlings was assessed in 30 demographic plots.



2006). Several factors may have been responsible for the improved survival of the experi-
mental versus natural seedlings, including the loosening of the soil during sowing that may
have allowed better root development and the caging that provided protection from preda-
tion and desiccation. Propagule selection has logistic considerations also. Introducing 4,800
P. subintegra seeds was less expensive than propagating, growing, planting, and maintaining
450 whole plants. In the end, elasticity analyses can provide insight to current natural popu-
lation behavior, but there is no replacement for field testing (Lande et al. 2003) or for the ex-
perience of the practitioner.

What Is Suitable Habitat? 
What constitutes a site suitable for colonization is sometimes unclear (e.g., Watkinson et al.
2000; Freckleton and Watkinson 2002). Experimental tests have demonstrated the existence
of suitable, yet unoccupied, habitat (e.g., Quintana-Ascencio et al. 1998). Simply knowing
that a species historically occurred at a site may not be an indication that the site still repre-
sents suitable habitat, especially if the factor that caused extirpation from the site has not
been removed. Metapopulation models generally assume that patches in which extinction
occurs are immediately available for recolonization (Hess 1996a), when in reality extinction
may have been caused by habitat destruction or some other alteration that permanently
changes the suitability of the habitat. Removing the cause of local extinction will make the
largest contribution toward reducing extinction rate (Hess 1996a).

When selecting suitable sites for restoration, one must consider physical, biological, lo-
gistical, and historical criteria. However, even with such data, suitable sites are not always ev-
ident (Fiedler and Laven 1996). Population dynamic and metapopulation theory suggest that
the spatial arrangement of restored patches, their size, and distance from one another are
equally important considerations. 

Two major factors complicate the selection of areas of suitable habitat for restoration.
First, habitats may change over time due to anthropogenic or natural factors, making the es-
tablishment of “suitability” less certain. Second, it is often difficult to identify what factors
make a site suitable. Evaluating the quality of habitat using fitness attributes of the popula-
tion (such as mean annual population growth rate) must be done over a long enough time
scale to average performance of the organism over good and bad years. Local extirpation of a
population may have been due to the marginal suitability of the site, to the lack of recolo-
nization or recruitment in the site, or to some anthropogenic disturbance that permanently
altered it. Sowing experiments have been used to test whether habitat is suitable, but unoc-
cupied (Quintana-Ascencio et al. 1998; Eriksson and Kiviniemi 1999; Ehrlen and Eriksson
2000).

As an example, little is known about the natural habitat requirements of the endangered
hoary pea, Tephrosia angustissima var. corallicola. Its only extant population in the continen-
tal United States is in a cultivated field in south Florida that has been mowed for 50 years or
more. Herbarium records indicate that the species once grew in pine rockland habitat.
Although there are several herbarium specimens from Cuba, the status of populations and
their ecology there is unknown. To increase the total number of U.S. populations and im-
prove the species’ conservation status, Fairchild Tropical Botanic Garden researchers trans-
planted replicate genotypes into each of three habitats within the pine rockland: along a 
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firebreak road, under the canopy of Pinus elliotti var. densa, and in sand pockets adjacent to
Serenoa repens (Wendelberger et al. 2003). Survival of transplants varied across microsites
(Figure 4.7). More surprising was that within three months after transplanting, seedlings re-
cruited into all three sites. Thus, this experimental reintroduction greatly increased knowl-
edge of the species’ biology, while increasing population numbers and decreasing the risk of
extinction.

Suitability of habitat may also change temporally with the advent of disturbance events. A
comparison of Eucalyptus cladocalyx in its native habitat in the southern Flinders Ranges of
South Australia and in southwestern Australia, where it is invasive, indicated that fire fre-
quency is a primary force influencing the population dynamics of the species (Ruthrof et al.
2003). Following fire, the species has mass seedling recruitment. Because the introduced site
has burned more frequently in the last 15 years than the native site, E. cladocalyx has become
invasive. Several studies have shown that time-since-fire affects the demography of plant
species dramatically (Platt et al. 1988; Satterthwaite et al. 2002; Quintana-Ascencio et al.
2003; Menges and Quintana-Ascencio 2004; Suding and Gross, this volume). 

Can Increasing Dispersal and Colonization Improve 
Metapopulation Persistence?
Restoration practitioners can tip the scales toward greater metapopulation persistence by re-
peatedly collecting and introducing new individuals (rescue effect and establishment effect)
and by modifying the habitat to increase likelihood of survival (e.g., Maschinski et al. 2004).
For example, Kauffman et al. (2003) used population modeling to evaluate how past man-
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Figure 4.7 Percent survival of Tephrosia angustissima var. corallicola introduced as whole
plants and their seedling recruits into three habitat types within pine rockland in south Florida:
roadside, under Pinus elliottii var. densa canopy, and in sand pockets adjacent to Serenoa repens.
Whole plants were propagated from cuttings taken from the mowed population (adapted from
Wendelberger et al. 2003).

Serenoa



agement activities influenced endangered peregrine falcons (Falco peregrinus anatum) in
California. The authors used habitat-specific fecundity trends and estimated survival rates in
a time-varying matrix model to estimate population growth rates of peregrine falcons in rural
and urban habitats. In urban habitats, population growth rates were 29% per year, birds had
higher fecundity, and survival rates of first-year birds were higher than in rural habitats,
where λ = 0.99 and there was slower improvement in eggshell thickening through the 1980s.
The models indicated that introductions were pivotal in recovering the rural population.

Colonization and dispersal processes must be preserved for any species to have a long-
term future (Thrall et al. 2000). To restore dispersal and colonization to land fills, Robinson
and Handel (2000) created habitat islands of trees and shrubs believed to be good bird at-
tractors and good sources of clonal or seed propagules. After five years, avian dispersers facili-
tated the introduction of 26 other species to the woodland, most of which were from sources
in close proximity to the experimental site. 

How Should Restoration Sites Be Spatially Arranged?
Selecting the spatial arrangement of restored patches can be critical to the long-term persis-
tence of the metapopulation. Clustering of patches can benefit species retention due to in-
creased dispersal opportunities (Kareiva and Wennergren 1995) and pollinator visitation
(Groom 2001). But there is a possibility for the unintended effects of connecting or enhanc-
ing the dispersal of undesirable organisms (such as pathogens, predators, exotics) that may
have adverse effects on target species (Noss 1987; Simberloff and Cox 1987; Hess 1996b). In-
creasing connectivity may also synchronize local population fluctuations and increase ex-
tinction risk (Earn et al. 2000). Further, recent studies indicate that the interpatch matrix
greatly influences dispersal between patches (Ricketts and Morris 2001). The authors suggest
that modifying the matrix could reduce patch isolation and extinction risk of populations in
fragmented landscapes.

For practitioners, these diametrically opposed views can make the decision about spatial
arrangement of patches in the complex landscape matrix problematic. Knowledge of the
species’ biology is essential for assessing risks and benefits of spatial structure. This area has
great potential for experimental design in restoration that can contribute to theory.

Theory predicts that the closer restored populations are to intact habitats and populations,
the greater the opportunity for dispersal leading to colonization and persistence. In a study
comparing geographical locations of forest patches on total species colonization, Jacquemyn
et al. (2003) found that total species richness was higher for non-isolated than for isolated
patches. Because only presence/absence data were collected, it was not possible to assess
whether patch isolation influenced the viability of the colonizing species. The authors ex-
pressed a concern that forest restoration might be pointless if there are no intact habitats
nearby to serve as a propagule source. Others have argued that although larger tracts are bet-
ter, even small tropical forest fragments, especially if close to intact forest, can support a rea-
sonable array of species (Turner and Corlett 1996). Isolation is less critical for species with
long-lived seed banks (Piessens et al. 2005).

Clustering patches can either reduce or increase extinction risk, depending upon the
species’ ecology. In a review of 25 species of Sonoran Desert freshwater fishes, successful re-
colonization of empty habitat was significantly related to clustering and the occasional long-
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distance dispersal during periods of high discharge (Fagan et al. 2002). Groom (2001) exper-
imentally manipulated (1) patch isolation while maintaining constant size; (2) patch spatial
arrangement (whether clustered or single); and (3) pollen availability to examine whether
levels of isolation influenced pollination, herbivory, population growth, and persistence. In
the six-year study, she found more pollen limitation and less herbivory in small isolated pop-
ulations of Clarkia concinna concinna than in clustered patches. Small isolated patches also
had lower population growth and more extinctions. Although patch size interacted with iso-
lation to influence pollinator behavior, Groom (1998, 2001) recommended clustering sub-
populations of insect pollinated plants to enhance long-term population growth (but see ob-
jections to unintentional results of connectivity in Hess 1996a, 1996b, and Earn et al. 2000).

In a comparison of 57 species at 81 sites, Dupre and Ehrlen (2002) found that habitat
quality, especially pH, was more important for the incidence of species than habitat configu-
ration. Patch area and isolation significantly affected only 11 and 4 species, respectively.
Species favored by larger area were also disadvantaged by greater isolation. The importance
of habitat configuration varied with life history. Habitat specialists and clonal perennials that
produced few seeds were more negatively affected by patch isolation, while animal-dispersed
species were more negatively affected by small stand size. 

Using decision analysis methods, Dreschsler et al. (2003) examined four hypothetical
management scenarios where patches of larval host plants for the Glanville fritillary butterfly
(Melitaea cinxia) in southwestern Finland were removed (Figure 4.8). The models indicated
that the removal of the small, dispersed, stepping-stone patches would have the least detri-
mental effect on the butterfly metapopulation, while eliminating the largest, most closely
clustered patches would have the greatest impact. This finding is in agreement with
metapopulation theory, but it does not take into account the risks associated with connectiv-
ity nor the possible genetic cost of losing rare alleles from small isolated populations at the
edge of the species’ range.

How Many Propagules Should Be Moved from One Patch to Another to Sustain a
Metapopulation? Which Patches or Populations Should Be Augmented?
Metapopulation theory indicates that large patches have lower extinction rates than small
patches. Large patches in high-quality habitat should have highest reproduction and they
may serve as source populations for the metapopulation.  

To test whether human-assisted dispersal could enhance persistence of an endangered
plant, I used metapopulation modeling. In a northern New Mexico canyon, nearly 80% of
the population of the federally endangered Holy Ghost ipomopsis (Ipomopsis sancti-spiritus),
a short-lived monocarpic perennial, grows along a 4.5 km stretch of a steep road. Coloniza-
tion is constrained by the canyon topography; most migration between patches probably re-
sults from water carrying seeds downhill. With current population vital rates and no human-
assisted dispersal, metapopulation analysis of average Leslie matrices over six transition years
predicted that I. sancti-spiritus had a high probability of extinction; 60% of the demographic
transects had negative growth rates, occupancy of I. sancti-spiritus in any transect had a prob-
ability of zero within 44 years (Figure 4.9a) and within the next 10 years only two of the ten
transects would be occupied (Maschinski 2001). Persistence improved with human-assisted
dispersal uphill from the more fecund patches in the lower part of the canyon (source popu-
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lations) to less fecund areas at the upper part of the canyon (sink populations) (Figure 4.9b).
However, there was a cost of dispersing seeds away from the downhill patches, as removing
45% of the seeds decreased the patch longevity (Figure 4.9b). 

A potential strategy for conserving the species is to disperse seeds from source to sink
patches. But better options for preserving the metapopulation would be to augment patches
from ex situ seed sources, or to improve the habitat quality in the upper part of the canyon by
increasing light and decreasing competition from aggressive herbaceous competitors where
I. sancti-spiritus grows. Even with such actions, the species remains at high risk of extinction. 

Jacquemontia reclinata: A Case Study

The federally endangered coastal perennial vine, beach jacquemontia, Jacquemontia recli-
nata is endemic to the southeastern coast of south Florida. Intensive development has left
nine populations, which are declining in isolated habitat fragments (Figure 4.10). Five pop-
ulation extinctions have been documented. The Florida Multispecies Recovery Plan (US-
FWS 1999) calls for the establishment of new populations and augmentation of existing pop-
ulations, an idea supported by many coastal public land managers, who are working to
preserve and restore coastal dune habitat. 
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Figure 4.8 The network of habitat patches of the Glanville fritillary (Melitaea cinxia) in south-
western Finland used for a management decision exercise to determine which type of site (indi-
cated by the numbered ellipses) could be removed with the least impact on the metapopulation.
The coordinates on the axes give the east-west and north-south locations of the patches in the
landscape, scaled in kilometers. The sizes of the dots indicate the sizes of the patches, with the
largest patch (A) having an area of 0.91 ha and the smallest one (B) having an area of 0.01 ha.
(redrawn from Drechsler et al. 2003).
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Figure 4.9a Expected occupancy (number of patches) within metapopulation of Ipomopsis
sancti-spiritus in northern New Mexico over the next 100 years. The average ± 1 standard devia-
tion (vertical bars) and minimum and maximum number of extant patches (diamonds) are indi-
cated. The model used average matrices and assumed downhill dispersal only to adjacent
patches. 

Figure 4.9b Expected occupancy (number of patches) within metapopulation of Ipomopsis
sancti-spiritus in northern New Mexico over the next 100 years, assuming human-aided dispersal
uphill to all patches from the two patches at the bottom of the canyon. The average ± 1 standard
deviation (vertical bars) and minimum and maximum number of extant patches (diamonds) are
indicated. The model used average matrices and assumed human-aided dispersal uphill to all
transects. Note the greater variance and range than in Figure 4.9a.



Because 66% of the natural J. reclinata populations have fewer than 100 individuals, and
no population has more than 250 individuals (Figure 4.10), all populations will require ac-
tive intervention to ensure their long-term survival. Although all J. reclinata populations fall
below the minimum viable population size predicted by theory (Shaffer 1987; Lande 1995),
the northern populations have the smallest numbers of plants and highest risk of extinction
(Figure 4.10). Genetic diversity was positively correlated with population size; the two largest
populations had the highest genetic diversity and the smallest populations in the north had
relatively low genetic diversity (Thornton 2003a, 2003b). Thus, the smallest populations
have high demographic and genetic risk. 

The total number of populations falls below the minimum viable metapopulation size of
15 to 20 well-connected patches (Hanski et al. 1996) and some extant patches are separated
by greater than 64 km. Random Amplified Polymorphic DNA (RAPD) analysis of extant J. re-
clinata populations revealed that migration rates were very high between populations (m =
4.05) (Thornton 2003b). Despite habitat fragmentation and large distances between some
populations, Thornton (2003a) suggested that hurricane dispersal of seeds may mix geno-
types across the geographic range of the species. 

How can population dynamic and metapopulation theory help structure the experimen-
tal restoration of J. reclinata along the southeastern coast of Florida? Wright and Thornton
(2003) identified eleven sites that have characteristics suitable for J. reclinata introductions
(Figure 4.10). These habitats range in size from 422 m2 to 4,800 m2 and are dispersed
throughout the extant range of the species. Some are clustered and near source populations,
whereas others are more isolated. Some are near extirpated populations, but none are historic
sites. 
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Figure 4.10 Map of extirpated, extant, and potential reintroduction sites for Jacquemontia recli-
nata along the eastern coast of south Florida. Population sizes are indicated for extant sites. Area
of potential reintroduction sites is indicated.



Theory predicts that increases in immigration and gene flow can increase the probability
of metapopulation persistence. Essentially, restorationists can be the artificial “rescue effect”
that moves migrants into the system and the artificial “establishment effect” that increases
colonization until the metapopulation stabilizes. Researchers could create eleven new popu-
lations in “suitable” habitat that should set the species on the course to recovery. 

According to theory, the highest priority sites for introduction are those with the largest
area closest to the extant populations, where natural dispersal and recolonization could have
the highest probability of occurring (i.e., sites with 2,440 m2, 3,335m2, and 3,853 m2), while
lowest priority would be assigned to the isolated small northern populations. Northern habi-
tats may lack the resources required for optimal reproduction of the species, therefore invest-
ing effort for their augmentation would not improve the species’ persistence, whereas aug-
menting the southern larger populations, which are potentially the source populations,
would improve the probability of species’ persistence from both demographic and genetic
perspectives. Unfortunately, foregoing any augmentation in the north would most likely en-
sure the extirpation of those small isolated populations and would greatly contract the range
of the species, and is not recommended. 

Areas of Research Need and Opportunity

Several guidelines are available for restoration of populations of rare species, communities,
and ecosystems (Falk et al. 1996; ANPC 1998; IUCN 1998; Clewell et al. 2000; SERI 2002).
Most critical is the identification and correction of key factors causing population decline
(Groom 1998, 2001), as restoring sites with ongoing threats will be a losing proposition (D’An-
tonio and Chambers, this volume). Still, there remain many unanswered questions and op-
portunities for utilizing population and metapopulation theory in restoration planning. 

Basic research is needed on demography of young (seeds and dispersed juveniles), seed
and egg banks, dormancy in nature, and dispersal and colonization across populations and
patches. This will best be done in heterogeneous environments over enough time to assess
variability and microsites needed for optimal population growth. Research directed toward
these topics will improve our understanding of species’ biology, will enable better models to
be constructed, and will improve their application toward conserving populations and
metapopulations.

Restorations can be used to test the generalities of PVA and metapopulation theory. This
will require that restoration experimental designs incorporate founding population size, spa-
tial arrangement, restoration site and matrix quality, connectivity, migration, and establish-
ment. These studies will require large spatial scale and monitoring over many years, and re-
searchers should expect possible failure in some locations.

Examining population demography and metapopulation structure is most helpful if it is
integrated with population genetics (Falk et al., this volume) and ecological assessment of
habitat heterogeneity (Larkin et al., this volume) over the entire range of the species. This is
a tall order. However, such correlative information will be essential for understanding the un-
derlying causes (and effects) of variation in demographic rates and will be critical for guiding
restoration decisions. Models can provide tools for exploring assumptions about restoration
activities or about changes under future conditions. By integrating connectivity of landscapes
at a biogeographic scale with species’ demography, it may become possible to examine po-
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tential demographic consequences of climate change and/or habitat destruction, and to de-
velop conservation strategies across whole landscapes (e.g., Opdam and Wascher 2004; Mil-
lar and Brubaker, this volume). It will be important to test the efficacy of corridors and vari-
able nonhabitat mosaics for propagule movement and gene flow (e.g., Opdam and Wascher
2004; Ricketts and Morris 2001) and to determine the best spatial context for optimal popu-
lation growth of restored patches. Studies encompassing the entire range of a species may re-
quire cooperation across several land-managing jurisdictions and incorporation of the social
and cultural contexts in which they occur.

But perhaps a more pressing dilemma is whether it is worthwhile to restore populations
that are small, lack genetic diversity, and have little habitat for expansion. Holsinger (2000)
warned that populations with negative long-term growth rates will require constant manage-
ment and frequent supplementation to prevent their extinction. Many of the world’s rare
species have these attributes. It is clear that without long-term commitments and investments
of time and human action, small populations may not have much chance of long-term per-
sistence. Those committed to preserving biodiversity are building long-term data sets and pre-
liminary results indicate that human action can improve the persistence of populations. Most
restoration projects strive toward the goal of self-sustaining systems, but the untested question
is whether the populations will have a chance, even with such commitment. 

Because it is impractical to develop PVA or metapopulation models for every species of
concern, several practitioners are expanding the application of the models to develop rules of
thumb, decision analyses, and risk assessments, which can be applied to a wide range of eco-
logical conditions and species for management purposes (Frank and Wissel 1998; Frank
2004). This is a worthy new direction in the field that opens opportunities for empirical tests
within restoration contexts. 
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Chapter 5

Restoring Ecological Communities: 
From Theory to Practice

Holly L. Menninger and Margaret A. Palmer

In 1999, ecologist Simon Levin wrote that “the central challenge of our time is embodied in
the staggering losses, both recent and projected, of biological diversity at all levels, from the
smallest organisms to charismatic large animals and towering trees. Largely through the ac-
tions of humans, populations of animals and plants are declining and disappearing at un-
precedented rates; these losses endanger our way of life and, indeed, our very existence.” As
we write this chapter five years later, the loss of species continues to escalate such that species
extinctions may have ramifications for entire ecological communities and the ecological pro-
cesses they support (Loreau et al. 2001; Kareiva and Levin 2003).

Evidence has also accumulated that diverse communities may be more resistant and re-
silient to perturbations (McGrady-Steed et al. 1997; Cottingham et al. 2001; Ives and Car-
dinale 2004). Recognition that the goods and services provided by many ecological com-
munities needed to be recovered and protected from collapse is growing and efforts to
restore entire communities or the ecosystems that encompass them is growing dramatically
(Perrow and Davy 2002; Allen 2003). Thus, while many early restoration efforts targeted
populations, efforts to restore entire ecological communities or ecosystems are becoming
more common.

The shift in focus from restoration of single species or populations (Box 5.1) to entire as-
semblages of plants and animals has not been without controversy. First, the very definition of
an ecological community has been debated almost as much as ecologists have attempted to
identify the factors responsible for shaping communities (Morin 1999). Most ecologists agree
that a community is a collection of associated populations, and they often consider just the
plant or just the animal assemblages. Yet there is considerable disagreement whether this col-
lection is defined exclusively by spatial boundaries or by the interactions among populations
(Ricklefs 1990). In this chapter we are inclusive, working with communities defined either
within a spatial frame or by their functional interactions. 

At the heart of community ecology is a body of theory relating to the formation and
maintenance of species diversity; it is the restoration of this diversity that is the desired end-
point for many projects, from grasslands (Smith et al. 2003) to rivers (Theiling et al. 1999)
to tropical forests (Lamb 1998), and thus we have chosen to focus on these theories ex-
plaining diversity. 
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A Brief History of Community Ecology

Community ecology is rooted in a rich tradition of the observation and description of patterns
of community structure. Community structure includes species composition and diversity as
well as the relative abundance of given species. Early plant ecologists like Cowles and
Clements described plant species associations and discrete stages of succession (Cowles
1899; Clements 1936) while Gleason (1926) emphasized the role of the environment and in-
dividual plant characteristics in determining plant community structure. Early animal ecolo-
gists examined the feeding relations within communities, pioneering food-web ecology
(Forbes 1887; Elton 1966). The study of structure was considered the first step in under-
standing how communities were put together (MacArthur and MacArthur 1961; Brown
1975; Pianka 1975).

The development of ecological theory and an emphasis on experimentation led commu-
nity ecologists from the study of pattern to the underlying processes responsible for commu-
nity structure. Ecologists began to ask how communities form, and what specifically enables
the species in a community to coexist. Much work focused on the role of competition and
understanding how communities became saturated with species—that is, how communities
reached an equilibrium state (MacArthur and Levins 1967; May 1973a, 1973b; Ricklefs
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Box 5.1 

Spillover Effects from Single Species Restoration Efforts
Community restoration is often intimately linked to the recovery of an endangered species.
Moreover, there is evidence that efforts to restore single species often have spillover effects
on other species in the associated community. For example, to create nesting habitat for the
endangered Kirtland’s warbler (Dendroica kirtlandii), land managers in jack pine plantations
in Michigan are using prescribed burns to open the canopy. In addition to creating impor-
tant habitat for the warblers, these openings provide refugia for the unique jack pine-barrens
understory plant community (Houseman and Anderson 2002). In southeastern Australia, ef-
forts to restore the golden sun moth (Synemon plana) have included the restoration of its crit-
ical habitat, the endangered temperate native grasslands (O’Dwyer and Attiwill 2000). Simi-
larly, the upland prairie community in the Willamette Valley in Oregon is a focus of
restoration for the endangered Fender’s blue butterfly (Icaricia icarioides fenderi) and its host
plant, Kincaid’s lupine (Lupinus sulphureus kincaidii) (Severns 2003).

Spillover effects of single species restoration are not necessarily limited to the flora of the
target species’ habitat. In some cases, other members of the associated animal assemblage
benefit. In the southeastern United States, efforts to restore habitat of the endangered Red-
cockaded woodpecker (Picoides borealis) include thinning midstory hardwood vegetation
and performing prescribed burns, thus promoting loblolly-shortleaf and longleaf pine forest
with a more open herbaceous plant understory. In these sites specifically managed for the
Red-cockaded woodpecker, Conner et al. (2002) found significantly more diverse and nu-
merous breeding bird communities than in unmanaged mature forest control sites. Physical
habitat improvement to a mountain stream in Quebec resulted in increases in target trout
biomass as well as benefits to nontarget animals, including crayfish, mink, and raccoons,
which increased in biomass and activity (Armantrout 1991).



1990). The study of other deterministic biotic factors, specifically predation, led to some ele-
gant field studies and a theoretical understanding of the role of keystone predators in struc-
turing communities (Paine 1969, 1974). Niche theory suggested that species occur in a mul-
tidimensional space, the axes of which are both biotic and abiotic environmental factors
along which resources are partitioned (Hutchinson 1957). MacArthur and MacArthur
(1961) introduced the role of habitat heterogeneity and environmental complexity in struc-
turing communities, whereas island-biogeography theory (MacArthur and Wilson 1967;
Simberloff and Wilson 1969) introduced the role of population isolation and species dis-
persal ability as important determinants of species number. In the 1980s and 1990s, em-
phasis moved away from the prevalent deterministic perspective of communities to a non-
equilibrium view defined by disturbance and stochastic processes (Pickett 1980; Pickett and
McDonnell 1989, 1990; Sprugel 1991; Cornell 1999). 

As mechanisms became elucidated, community ecologists expanded their search for pat-
terns of species richness beyond local scales to regional and global scales. Ecologists examined
relationships between biodiversity and habitat area, latitude, and productivity at large scales
(see recent reports and reviews by Stevens and Willig 2002; Hawkins et al. 2003; Ricklefs 2004;
Hillebrand 2004; Pimm and Brown 2004) and considered the consequences of diversity to
ecosystem function (Loreau et al. 2001; Tilman et al. 2001; Naeem 2002). The most famous
relationship, largely considered a law in ecology, is the species-area relationship, where the
number of species (S) scales with local habitat area (A) in the form of a power function 

(S = cAz)

(MacArthur and Wilson 1967; Connor and McCoy 1979). Most recently, the species-area re-
lationship has been used in restoration efforts to estimate local species richness (Plotkin et al.
2000), predict effects of habitat fragmentation and loss (Kinzig and Harte 2000; Peintinger et
al. 2003), and design conservation reserves (Neigel 2003). A focus on regional patterns in
species richness has resulted in a reemergence of scaling laws whereby physical processes and
thermodynamics provide the bases for species diversity and the community organization
(Allen et al. 2002; Brown et al. 2002). 

Although we will spend the majority of this chapter describing how the rich body of com-
munity ecological theory can inform and guide restoration, it is important to note that
restoration ecology correspondingly has tremendous potential to contribute to the further de-
velopment of community ecological theory. Indeed, restoration projects can be viewed as the
ultimate way to test and refine theories (Bradshaw 1987). Community restoration projects
may provide excellent new opportunities for ecologists to examine specific theoretical con-
structs in a more applied and biologically relevant context than closed model or experimen-
tal systems.

Making the Connection Between Community Ecology Theory 
and Restoration Ecology

A central issue in community ecology is understanding the factors that govern the composi-
tion and abundance of species in ecological communities. This question has been tackled by
many theoretical ecologists and is central to the work of restoration practitioners. We will re-
view the answers to this question in the context of restoration using a hierarchical “filter”
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framework, first introduced by T. R. E. Southwood (1977), modified by Tonn et al. (1990)
and Poff (1997), and applied toward the restoration of communities by Temperton et al.
(2004) (Figure 5.1). This framework recognizes that the species diversity of a community is a
function of many factors, biotic and abiotic, working at different temporal and spatial scales.
A restoration practitioner who wishes to restore an ecological community will need to ask the
following questions:

1. How do regional processes determine species composition?
2. What environmental conditions and habitat characteristics favor species survival and

influence community structure?
3. How do biotic interactions shape community structure?

We will use these three questions to demonstrate the important role that ecological theory
can play in restoration. It should be noted that while one can make distinctions between the
terms theory, model, concept, and hypothesis (Pickett et al. 1994), in this chapter, we ac-
knowledge all as belonging to the body of theoretical ecology that tries to explain and gener-
alize the patterns and processes we observe in ecological communities.
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Figure 5.1 The species diversity of a restored community, like natural communities, is a func-
tion of many biotic and abiotic factors operating at different temporal and spatial scales, as repre-
sented by this hierarchical filter framework. Modified from Tonn et al. (1990).



The Influence of Regional Processes

Regional processes, operating at large temporal and spatial scales, strongly affect and even
constrain local community structure. Processes affecting the composition of the species pool,
dispersal, and recruitment all bear on the number and species composition at a restored site.
In addition, historical legacies—the temporal equivalent of regional processes—may con-
strain community structure. Below, we consider a number of ecological theories that attempt
to explain the roles of these larger scale processes in the context of community restoration.

Species Pool
The composition and abundance of species in a local community is largely a function of the
species diversity in the regional species pool (Figure 5.2). Local species diversity is strongly
and positively correlated with regional species distributions in many taxa and systems (Rick-
lefs 1987; Caley and Schluter 1997; Ricklefs 2005). Several models attempt to describe the
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Figure 5.2 Local species diversity (measured as 10% of regional area) is a strong linear function
of regional species diversity across many taxa (e.g., amphibians, birds, mammals, reptiles, fish,
butterflies, corals, odonates, eucalyptus, trees) as well as spatial scale (from local to interconti-
nental). Note, however, that all slopes are less than 1, suggesting variation in environmental con-
ditions among habitats that may lead to local species turnover and variability, causing rare
species to be inadequately represented in local biotas. Adapted from Caley and Schluter (1997).



mechanism by which regional processes maintain community diversity. For example, lottery
models suggest that openings in communities, like coral reefs, are filled at random by recruits
from a large pool of potential colonists, where more abundant species are more likely to fill
empty slots (Sale 1977; Chesson and Warner 1981). The core-satellite hypothesis predicts
that regional species distributions are bimodal (Hanski 1982). “Core” species are the most
abundant species found at almost all sites and “satellite” species are much less frequent and
abundant. While core species may frequently colonize other patches, satellite species are less
likely to colonize patches and are more likely to go extinct in individual patches. This theory
has been suggested to explain regional distributions for mangrove-island insects (Hanski
1982) and prairie grasses (Gotelli and Simberloff 1987). With respect to restoration, being
able to identify core versus satellite taxa may be critical for prioritizing what species to protect
in order to repopulate restored habitats, as suggested by modeling of Unionid mussels by Lee
et al. (1998).

Dispersal 
While the presence of a diverse regional species pool is critical, dispersal processes may gov-
ern if regional species colonists are candidates for establishment at a restoration site. Island-
biogeography theory would suggest that distance from the reference (intact) site and size of
the recipient site (area to be restored) play an important role in determining the number of
species colonizing and inhabiting (MacArthur and Wilson 1967). These ideas are particu-
larly relevant when we think about restoring fragmented habitats, like forests for example,
where fragment distance from the natural habitat may influence dispersal probability
(Jacquemyn et al. 2003). In habitats or for biota where dispersal may be limited, such as the
immigration of non-aerial invertebrates to restored wetlands, facilitation of recruitment via
inoculation from natural habitats may be important for restoration of the invertebrate com-
munity (Brady et al. 2002). In a series of grassland restoration experiments, an unreliable seed
bank and slow seed rain limited the assembly of plant communities in fields (Pywell et al.
2002). Similarly, Galatowitsch and vanderValk (1996) found that the dispersal of sedge and
other wet-meadow species propagules to restored prairie pothole wetlands was much slower
than those of submerged aquatic plant species and may hinder the reestablishment of the full
plant community. Studies of recruitment limitation in marine and freshwater benthic habi-
tats have demonstrated that regional, physical processes like fluid and bed load transport may
govern dispersal and settlement rates of aquatic biota, as well as trophic dynamics in these
communities (Palmer et al. 1996). For example, understanding the physical process of trans-
port, including wind and currents, are essential for the restoration of seagrass beds in coastal
regions like the Chesapeake Bay, where submerged aquatic vegetation has been declining as
a result of anthropogenic disturbance (Harwell and Orth 2002). In sum, theory and empirical
research suggest that restoration efforts will often fail unless there are both sources of
colonists and a means for those colonists to reach the site.

Colonization Sequence
The sequence in which colonists arrive to a habitat can play an important role in the further
development of some communities. This idea dates back to the 1950s when Egler (1954)
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suggested that initial floristic composition was a critical factor in determining the further de-
velopment of plant communities in old fields. More recently, Walker and Vitousek (1991)
found that if Myrica faya, an introduced, nitrogen-fixing tree, first invades and establishes on
young, disturbed, volcanic soils on Hawaii, the native Metrosideros polymorpha does not re-
generate. In primary succession of newly exposed habitats (e.g., glacial moraine, lava flows,
newly emerged islands), inputs of heterotrophic invertebrates and allochthonous organic ma-
terials facilitate the success of subsequently colonizing primary producers in the system
(Hodkinson et al. 2002). In some ephemeral aquatic habitats, the first colonizing species may
inhibit the following species’ establishment (termed priority effects) via competition and pre-
dation (Blaustein and Margalit 1996). In a successional field, leaf litter from a first-year dom-
inant grass hindered growth and dominance of other plants in the community the following
year (Facelli and Facelli 1993). In habitats that are frequently disturbed, colonization by pio-
neering species may promote community development, as, for example, net-building caddis-
flies (Trichoptera: Hydropsychidae) may enhance stream invertebrate recruitment following
floods (Cardinale et al. 2001). The sequence in which species are added (or with current pat-
terns of environmental degradation, the sequence in which species are lost) may have im-
pacts beyond community biodiversity and directly on ecosystem functioning (Ostfeld and
LoGiudice 2003). Thus, the order in which colonists arrive to a habitat may result in either
negative or positive interactions among members of the developing community. Restoration
practitioners have specifically relied on these positive interactions to shorten the time to a di-
verse community, particularly in disturbed habitats, by introducing fast-growing shade trees
to accelerate forest regeneration and employing nurse plants to assist recovering vegetation
(Pywell et al. 1995; Temperton and Kirr 2004).

Temporal Scale of Processes 
While most modeling of ecological communities takes place at short “ecological time
scales,” we must not forget that large and long “evolutionary” scale events, those changing ge-
ography and climate, may also shape local community structure (Ricklefs 2004). For exam-
ple, glaciation during the Pleistocene and the differential availability of refugia in parts of Eu-
rope and North America dramatically changed the regional species pool of freshwater fishes
for Europe and North America (Tonn et al. 1990). Speciation and extinction rates in regions
that varied with degree of climate stability during the Pleistocene are hypothesized to have
determined regional plant diversity patterns in the Cape Floristic Region in southwestern
Africa (Cowling and Lombard 2002). While there has been a call in the recent community
ecology literature to consider the phylogenetic history of species assemblages in the develop-
ment of community structure (Losos 1996; Webb et al. 2002), it is imperative that we also in-
clude the effects of current global anthropogenic change in community restoration (Millar
and Brubaker, this volume). Restoration practitioners must use lessons from both a commu-
nity’s evolutionary history and its current response to environmental change to guide com-
munity restoration. For example, understanding the paleoecology of peatlands, as well as
peatland response to increased nitrogen and elevated atmospheric carbon dioxide, will be
critical for successful restoration in the coming decades, given the expected high rates of ni-
trogen deposition and increases in carbon dioxide (Gorham 1994; Vitousek et al. 1997;
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IPCC 2001b; Mitchell et al. 2002). It is possible that historical legacies over recent or evolu-
tionary time (Harding et al. 1998) will limit restoration progress at a particular site. 

Environmental Conditions and Habitat Characteristics

Following colonization and dispersal, organisms from the regional species pool must pass
through an “environmental filter” if they are to survive and successfully reproduce in a given
habitat. Only those species that have traits matching the habitat characteristics of the filter
can pass through (Tonn et al. 1990; Poff 1997). Habitat, therefore, is the template on which a
species’ ecological strategy and, ultimately, community structure is built (Southwood 1977).
We know that both biotic interactions and abiotic factors structure ecological communities,
yet the roles played by environmental conditions and habitat are particularly relevant, for
these are often the targets of restoration. A popularly held mantra in restoration is, “if we
build it, the community will come” (Palmer et al. 1997). In stream systems, for example, the
manipulation of physical habitat structures (e.g., substrate material, woody debris, channel
geometry) is often the first step toward restoring the biological community (Shields et al.
2003). Note, however, that restoration of physical habitat structure will not lead to ecological
restoration unless the links to the regional species pool of colonists are intact and physiologi-
cal or historical (e.g., legacies of past land use) barriers are not present.

Abiotic Filters 
Abiotic factors, including light, chemical, hydrological and substrate characteristics, may cer-
tainly limit the ability of a species to become successfully established at a site. Sunlight, tem-
perature, water availability and movement, soil texture, and nutrient and salt concentrations
are critical in determining an organism’s tolerance, performance, and productivity in a given
habitat. The harsh-benign hypothesis suggests that ecosystems often fall along a gradient of
environmental conditions from physically harsh (i.e., those producing physiological stress to
organisms) to benign (i.e., supporting a highly productive consumer community). Biotic in-
teractions, namely competition and predation, play a stronger role in shaping communities
with more benign physical conditions (Peckarsky 1983). Predator-stress models suggest that
predators are more susceptible to environmental stress (conditions taxing the organism be-
yond its physiological tolerance) than their prey (Menge and Sutherland 1976). Thus, by af-
fecting the distribution of individual species, abiotic factors have direct consequences on
community and trophic structure.

In practice, abiotic factors have often been directly manipulated for community resto-
ration; for example, buffering was added to acid-rain-damaged fens in the Netherlands
(Bootsma et al. 2002) and controlled floods have been employed in restoration efforts of the
Colorado River in the Grand Canyon (Patten et al. 2001). We know organisms are adapted to
abiotic factors within a range of natural variation. Restoring this variation rather than a sin-
gular standard level of a variable set by a regulatory agency, particularly for factors like water
quality in stream networks, may be a more effective and attainable restoration strategy (Poole
et al. 2004). Changes in abiotic factors beyond the scope of natural variation may result in a
shift in the distribution and abundance of organisms, thereby affecting community structure.
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Indeed, systems that are chronically disturbed (e.g., by anthropogenic factors such as pollu-
tion) may be constantly adjusting, and restoration to a particular “reference” state may be im-
possible (Zedler 2000). Restoration ecologists may need to turn to the theory behind alterna-
tive stable states to guide their efforts (Suding et al. 2004).

Natural Disturbance Regimes
Natural, physical disturbances such as fire and floods play a significant role in shaping the
structure of many communities, particularly conifer forests, prairies, and rivers (Sousa 1984).
Disturbance not only incurs mortality or displacement of organisms but also creates environ-
mental heterogeneity and influences major ecosystem processes, such as primary production
and nutrient cycling, further affecting community structure. The magnitude and frequency
of disturbance to a habitat and its consequences on community structure has been the sub-
ject of theoretical discussion. For example, the intermediate disturbance hypothesis suggests
that habitat disturbance plays a role in managing biotic interactions, particularly dominance
by a given competitor or predator (Connell 1978). Connell described this hypothesis in the
context of tropical forests and coral reefs, whereby diversity may be maximized when distur-
bances intermediate in frequency or intensity are common. These might include physical
processes like storms, floods, and lightning strikes as well as biotic events such as outbreaks of
predators and herbivores. Researchers have found further evidence for the intermediate dis-
turbance hypothesis acting on many communities (Shea et al. 2004), including benthic or-
ganisms living both in the rocky intertidal zone where the most diverse community occurs on
medium-sized boulders that move only periodically (Sousa 1979) and stream bottoms with
intermediate levels of bed mobility (Townsend et al. 1997).

Given that disturbance appears to be critical in shaping the diversity of many habitats, the
absence and loss of disturbance has led to the decline of a number of communities, particu-
larly fire-adapted conifer forests in North America, through loss of diversity, altered commu-
nity structure, and susceptibility to alien invasion (Savage 1997; Williams 1998; Heuberger
and Putz 2003). The restoration of natural disturbance regimes to disturbance-adapted com-
munities has been critical to their recovery as seen by the reintroduction of fire and large her-
bivore grazing to prairie grass communities (Howe 1995; Collins et al. 1998; Knapp et al.
1999; Copeland et al. 2002). In fact, a rich body of literature involving empirical and theo-
retical work, as well as a number of “how to” guides, support the use of controlled burning as
a widespread restoration tool (Packard and Mutel 1997).

In aquatic systems, human modification of natural flow regimes (including the magni-
tude, frequency, duration, predictability, and rate of change of hydrologic conditions) has re-
sulted in the decline of plants and animals in running-water communities (Poff et al. 1997).
For example, dams reduce the frequency and magnitude of high flows in rivers, effectively re-
moving the floods to which many stream and riparian biota are adapted. Below dams where
high flow releases are used to generate hydroelectric power, native species are often replaced
by species that can tolerate more thermally and hydrologically stable flows (e.g., introduced
trout in the Colorado River below dams versus native warm-water fish such as the humpback
chub). River restoration practitioners are beginning to incorporate the importance of the nat-
ural flow regime into their recent efforts; for example, regulated flows in many western U.S.
rivers now mimic the seasonal magnitude and timing of natural flows, resulting in the recov-
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ery of a number of fish species (Poff et al. 1997). Reestablishing the hydrological dynamics
between rivers and their floodplains via the flood pulse has also been critical to wetland
restoration efforts (Middleton 1998, 2002).

Habitat Heterogeneity and Biotic Modifications of Habitat
Species diversity typically increases with habitat complexity. MacArthur and MacArthur
(1962) documented the relationship between the number of bird species and forest foliage
height diversity, and this pattern has been recognized in a number of other communities in-
cluding mammals (Rosenzweig and Winakur 1969), lizards (Pianka 1967), insects (Murdoch
et al. 1972), and demersal fish (Kaiser et al. 1999). Habitat complexity may provide more
physical space, refuge, resource availability, and open niches for members of a community,
thus promoting diversity. Increasing physical complexity is an often-used tactic by practition-
ers of habitat restoration with the implied understanding that a diverse suite of species will re-
spond positively (Larkin et al., this volume). For example, oyster reef restoration in a Chesa-
peake Bay estuary created structurally complex habitat that increased abundance and size of
the transient fish community (Harding and Mann 2001). Interestingly, in addition to known
effects on species diversity (Downes et al. 1998), habitat heterogeneity in aquatic systems may
also enhance the restoration of ecosystem function (e.g., primary production) (Cardinale et
al. 2002). Similarly, researchers in central U.S. prairies found that soil texture and nutrient
heterogeneity influenced restoration of grass community structure and productivity (Baer et
al. 2003, 2004).

The biota themselves often have important reciprocal impacts on the environment. A
simplistic reading of the filter framework might suggest that the relationship between an or-
ganism and its environment is one-directional (environment constrains organisms). But in
many cases, there is a more dynamic feedback relationship: organisms respond to the envi-
ronment, and the environment is significantly modified by organisms. For example, follow-
ing glaciation, plant succession processes in newly exposed habitats led to the development
of soils via the accumulation of litter (increases in carbon and nitrogen) and pH changes ac-
companying vegetation establishment (Chapin et al. 1994). Ecosystem engineers are capa-
ble of changing habitat in such a way that they can completely restructure the community
(Lawton and Jones 1995). For example, the activity of beavers can transform lotic habitats to
lentic, flooded wetlands, and, as a consequence of increasing habitat heterogeneity in the
landscape, they can dramatically increase herbaceous plant species richness (Wright et al.
2002). In fact, restorationists are now taking advantage of this natural engineering by beavers
in the restoration of wetlands and riparian habitats (McKinstry et al. 2001).

Biotic Interactions 

Organisms do not live in isolation in their environment. To restore whole communities one
must also consider the biotic interactions among organisms within the community (D’Anto-
nio and Chambers, this volume). Indeed, species interactions may determine restoration out-
comes. This is particularly true as we enter a century in which a potentially huge impedi-
ment to restoration looms: the invasion of alien species that rapidly garner resources and
exclude native species.
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Competitive Interactions 
Competition theory predicts that interactions within and among species may act to exclude
species from a community, yet identifying the key players and their interactions may be diffi-
cult. For many years, studies of what factors control community structure emphasized inter-
actions among organisms within a single guild or trophic level (Denno et al. 1995). Interfer-
ence or exploitative competition for limiting resources—including nutrients, primary
producers, prey, space—was considered the dominant mechanism responsible for structur-
ing communities and the driver for segregating species into niches. Gause (1934) described
the competitive exclusion principle, concluding that no two species can occupy the exact
same niche. Classic descriptive (Lotka 1925; Volterra 1926) and mechanistic models that in-
clude consumer competition and resource dynamics (MacArthur 1972; Levine 1976;
Tilman 1982) suggest that the outcomes of competition (survival, coexistence, extinction)
depend on consumer differences in resource use. Many empirical studies have provided evi-
dence for competition in communities (Gurevitch et al. 1992), and more recent work has at-
tempted to tease apart the role competition plays in structuring communities, particularly
given environmental variation (Chesson and Huntly 1997) and the interaction between
competition and predation (Chase et al. 2002).

Resource limitation theory has been extended beyond the single trophic level to food
webs in the form of “bottom-up” (versus “top-down”) theory where resources control trophic
interactions (Vander Zanden et al., this volume). Evidence for bottom-up control of food
webs has been well documented in streams where the manipulation of basal food resources
(e.g., algae, leaf detritus) resulted in significant changes to stream trophic structure (Wootton
and Power 1993; Wallace et al. 1997). While there has been much debate regarding the
strength of top-down versus bottom-up forces in structuring communities, there is consensus
that primary productivity ultimately controls whether or not a community may even exist
(Hunter and Price 1992), that is, plants have primacy in food webs (Power 1992). This pro-
vides a compelling argument for the restoration of basal food resources (e.g., reforesting ri-
parian zones) as an important step toward community restoration.

While we discuss predator-prey interactions extensively below, it is worth discussing the
interaction between predation and competition here. In classic top-down predation theory, if
a predator depletes its prey the expectation is that the next trophic level down will increase in
abundance and these effects will cascade down the food web. However, the scenario can be
much more complicated when both predation and competition are involved in a commu-
nity. For example, if a top predator feeds on an intermediate predator and both feed on a
shared prey (intraguild predation) (Polis et al. 1989), then the effects of predation will de-
pend on the relative strengths of exploitation competition for prey versus direct predation of
one predator on another. This means that if the desire is to restore a particular species, its re-
covery may depend on complex community level interactions that must be carefully teased
apart.

Competition between native and invasive species in communities targeted for restoration
is of particular relevance to current restoration practice. Experimental tests of competition
theory may elucidate mechanisms for dominance by an invasive species, including competi-
tive superiority, and they could aid practitioners in choosing appropriate management strate-
gies for restoring natives. An example provided by Seabloom et al. (2003) in the California
grasslands suggests that invasive grasses are in fact not superior competitors to natives but
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dominate due to native recruitment limitation and the effects of prior disturbance on native
species abundance. Good examples of competition can also be found in the tallgrass prairie,
where big bluestem grass (Andropogon gerardii) often dominates and out-competes smaller,
subdominant flowering species for space and light. Copeland et al. (2002) found that late-
growing-season fires, as opposed to the traditionally used early-spring fires, improved sub-
dominant species frequency and richness. Identifying competition as the factor limiting
restoration may be difficult, however, because two species that may not directly compete for
resources may share a predator, thereby negatively influencing each other (apparent compe-
tition) (Holt 1977). For example, one strategy for eradicating exotic pest insects is to release a
natural enemy to reduce pest numbers; yet, if this natural enemy is a generalist, it may have
negative, nontarget effects on native species (Hoddle 2004). 

Trophic Interactions
With the incorporation of multiple trophic levels into community studies, greater emphasis
was placed on the role of the predator in determining community structure (Hairston et al.
1960). Herbivory is probably the best-known example of trophic control over community
structure. It may slow restoration progress (Opperman and Merenlender 2000) or it may be
an integral component of restoring a self-sustaining community. 

Predators may play an extremely important role in restoration efforts. Keystone predators,
such as starfish in the marine intertidal zone, may suppress competitively dominant species,
thereby promoting a more diverse and abundant species assemblage (Paine 1969). In com-
munities where keystone predators have been lost or threatened, restoration of predators may
be an effective strategy for the restoration of community structure. In East Africa, the decline
of red-lined triggerfish (Balistapus undulatus), a keystone predator of sea urchins, has led to
coral reef decline. Recovery of the triggerfish in marine-protected areas may not be an effi-
cient strategy given a long (30-year) time-lag for recovery of the reef community (McClana-
han 2000). The top-down model suggests that predators not only affect the trophic level im-
mediately below them, but also have effects that cascade down the food chain all the way to
primary producers (Hairston et al. 1960; Power 1990; Schmitz et al. 2000; Schmitz 2003).
Limnologists have employed trophic cascades for lake restorations. However, the manipula-
tion of fish abundance to reduce phytoplankton biomass and improve water quality has been
met with mixed success (Sondergaard et al. 1997; Harig and Bain 1998; Drenner et al. 2002;
Vander Zanden et al., this volume). 

Current food-web syntheses incorporate both top-down and bottom-up controls on com-
munity structure where food webs are viewed as a series of feedback loops among trophic lev-
els (see above) that overlay a template of biotic and abiotic heterogeneity (Carpenter and
Kitchell 1988; Hunter and Price 1992). In these complex systems, it is highly unlikely that we
can attribute community structure to a single factor. While restoration efforts may involve the
manipulation of consumer species to affect other trophic levels, the chain of reactions that
follows may not be so predictable given environmental heterogeneity.

There is also emerging research to support the theory that higher levels of biodiversity en-
hance the ability of a community to maintain high levels of ecological functioning (e.g., pri-
mary production, resource acquisition) (Kinzig et al. 2002; Loreau et al. 2002; Naeem, this
volume). Recent theoretical work suggests that depending on the order of species loss, more
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diverse communities may be better able to tolerate environmental degradation (Ives and Car-
dinale 2004). This result is due in part to the ability of some species to compensate (increase
in abundance) when other species are lost. Since species compensation is difficult to predict,
Ives and Cardinale (2004) argue for ecosystem-based management (e.g., restoration) since
the species that may appear “unimportant” (e.g., rare species) may play an important role in
community resistance when other species are lost (or are not restored). The important point
for restoration is that high species diversity may provide some “insurance” for communities in
terms of their function. 

Mutualistic Interactions 
Positive interactions among species and trophic levels may be just as important for structur-
ing communities as competition and predation (Stachowicz 2001; Bruno et al. 2003). Facili-
tation by early successional plants, for example, may be critical in mitigating harsh abiotic
conditions for other associated species (Crocker and Major 1955). Other examples of facilita-
tion with community-level consequences include the dispersal of fruits and seeds by animals
that increase the distribution of plants and overcome dispersal limitation (Chambers and
Macmahon 1994) and the stabilization of wave-disturbed, cobble beach habitat for plant and
invertebrates by Spartina alterniflora (Bruno 2000). Arbuscular mycorrhizal (AM) fungi form
mutualistic symbiotic relationships with the roots of many plants. The plants provide carbon
for fungal growth and, in exchange, the plants are able to uptake more nutrients, such as
phosphorus, and certain plant stresses may be ameliorated. AM fungi are important to plant
growth in ecosystems as diverse as grasslands, forests, and urban areas (Allen 1991). Manipu-
lating the species composition or diversity of soil AM fungi, as well as establishing a hyphal
network, may promote plant species diversity and ecosystem functioning and therefore may
enhance plant restoration efforts (van der Heijden et al. 1998; Cousins et al. 2003). The fact
that mutualism has been identified as one of the mechanisms by which a more diverse com-
munity may be more productive or process materials at higher rates (Cardinale et al. 2002;
Loreau et al. 2002) suggests that reestablishing these relationships (e.g., by ensuring both
species are “seeded” at a site) may be very important to the outcome of a restoration project.

Current Thinking and New Directions

Communities are complex living systems often characterized by nonlinear interactions and
unexpected outcomes. While this complexity makes the work of the restorationist difficult, it
is not impossible. Restoration of the whole community first requires an understanding of its
basic biology (Holl et al. 2000). Recent research has suggested that communities have unique
emergent properties, including biodiversity, trophic structure, stability, invasibility, and pro-
ductivity (Brown 1995; Levin 1998). Particularly with respect to ecosystem function, the
properties of a diverse community can be nonadditive and larger than predicted by the sum of
its parts (Cardinale and Palmer 2002; Cardinale et al. 2002; Swan and Palmer 2004). Restora-
tionists might ask themselves whether the restoration of particular suites of species (e.g., na-
tive species versus non-natives) is important. Certainly, the answer to this depends on the
purpose of the project and stakeholder values. Does it matter if we can regain only a portion
of the native community? Does theory provide guidance on the proportion that is needed?
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How much redundancy is there, and how much is critical to a functional system? Under-
standing the link between individual species and ecosystem function, particularly with re-
spect to functional redundancy and diversity, has already begun (Duffy et al. 2001; Petchey
and Gaston 2002; Chalcraft and Resetarits 2003; Wohl et al. 2004); understanding this link
between species and function in the context of restoration is a critical new avenue for
research. 

Work on the functional roles of species is just one example of several new developments
in community ecology that have recently emerged and may have important bearing on
restoration. Others will require much more work before we fully understand their utility and
relevance to restoration. We explore a few of these new findings and theories and ask critical
research questions that link them to restoration. Our focus on new directions is not meant to
be exhaustive but to demonstrate how rich the opportunities will be for building or extending
community ecological research and restoration.

How Does Ecological Commerce to and from Communities Influence 
Restoration Outcomes? 
The exchange of material that may be useful or detrimental to communities has accelerated
due to human activities and has been termed ecological commerce (Palumbi 2003). The spa-
tial boundaries of communities have been blurred as the importance and extent of cross-
habitat resource subsidies have been realized. Prey, energy, or detritus from one habitat sub-
sidizes the community of another, influencing both population dynamics and productivity
(Polis et al. 1997; Menge et al. 2003). The importance of resource subsidies is particularly ev-
ident at terrestrial-aquatic interfaces (e.g., stream-riparian and ocean-shore interactions)
(Wall et al. 2001). Because resources produced in one community may be critical to mem-
bers of an adjacent community, restoration efforts must incorporate the dynamics of both.
This effect can be seen clearly in stream restoration, where the leaf detritus from reforested ri-
parian zones may be just as important as in-stream channel structures to the recovery of the
aquatic community. Humans also impact the flow of species and material subsidies from one
ecosystem to another (Palumbi 2003). For example, nutrient subsidies flowing from the Mis-
sissippi River watershed are creating anoxic zones in the Gulf of Mexico, contributing to the
decline of coral reefs. The lesson is that external ecological subsidies, both useful and detri-
mental, regulate community structure and may ultimately be important to determining
restoration outcomes. 

What Is the Role of Hidden Players in Community Restoration? 
The roles of historically hidden players in communities, such as cryptic invertebrates, mi-
crobes, and disease, have come to light through recent research (Thompson et al. 2001).
Technological advances have allowed us to explore these realms using new methods for iden-
tifying and collecting biota. Crucial in nutrient cycling, detrital processing, and bioturba-
tion, belowground biota may strongly influence aboveground processes (Wall and Moore
1999; Hooper et al. 2000). Recent research suggests that soil invertebrate fauna may even en-
hance the succession and diversity of grasslands by suppressing dominant plant species (De
Deyn et al. 2003). Microbial community diversity and the critical functional roles of
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microorganisms are being elucidated with molecular genetic approaches (Tyson et al. 2004;
Venter et al. 2004). The urgency of soil-microbe and soil-invertebrate interactions to our un-
derstanding of how ecosystems can be conserved and restored was highlighted recently in a
special focus in Science magazine in 2004 (“Soils—The Final Frontier,” 11 June 2004). Re-
search in disease ecology has focused on how aspects of human-induced change, for exam-
ple, climate change, habitat fragmentation, and biodiversity loss, may affect the occurrence
and risk of exposure to diseases like Lyme disease (Ostfeld and Keesing 2000; Harvell et al.
2002; Allan et al. 2003; LoGiudice et al. 2003). With better understanding of their basic bi-
ology and role in community processes, more hidden players will be incorporated into the
theory and practice of community restoration. 

Can Ecological Disturbance Theory Be Merged with Newer Theories of the
Linkage Between Community Biodiversity and Ecosystem Function in Order 
to Guide Restoration? 
The degree to which biodiversity influences ecosystem function has been highly debated by
ecologists over the last ten years (Loreau et al. 2001; Naeem, this volume). A significant con-
tribution of this debate is a new paradigm suggesting that environmental conditions are
largely a function of ecosystem processes that are in turn driven by biodiversity and commu-
nity interactions (Naeem 2002). Recent work has examined diversity at scales beyond the tax-
onomic level and its implications on function, including the effects of phenotypic diversity in
leaf chemistry on the decomposition of leaf litter (Madritch and Hunter 2002). Ecologists are
examining how disturbance may mediate the biodiversity-ecosystem function relationship
(Cardinale and Palmer 2002) and the implication of the homogenization of the world’s fauna
on ecosystem processes (Olden et al. 2004). Response diversity, or the variability in reactions
to environmental change of species within the same functional group, in addition to func-
tional diversity, may be critical to the resilience of ecosystems and the maintenance of ecosys-
tem services following environmental change (Elmqvist et al. 2003). Research is urgently
needed to determine how we can restore communities that are sufficiently resilient to distur-
bance, and how we can mimic disturbance events that promote restoration.

Do We Need New Theory to Provide Functional Communities 
in Urban Ecosystems? 
By 2030, more than half of the world’s population will be living in urban areas (Sadik 1999).
Urbanization, even in places where it is not the dominant land use, has major influences on
regional and global environments (Alberti et al. 2003). Restoration efforts must be designed
to mitigate the impacts arising from the enhanced flux of people, materials, and energy to
and from urban centers (Palmer et al. 2004). Further, areas that are not urban will be largely
managed (most already are), for agriculture, forestry, aquaculture, and recreation. In such
settings, community structure often bears little resemblance to historical conditions. Many
suburban areas in high socioeconomic regions actually have higher diversity of plants than
surrounding lands, due largely to the use of non-native plants in landscaping. Lower socio-
economic areas may be species depauperate depending on the amount of impervious surface
and the success of non-native weedy species (Hope et al. 2003). Restoration theory must be
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greatly extended to cope with new factors driving community structure: socioeconomics,
landscaping, higher levels of NOx and CO2 from automobile emissions, and increased
movement rates of people. How do humans and human activities influence community as-
sembly and disassembly, species interactions, and our ability to restore communities of plants
and animals? How much intervention is necessary to sustain or restore a site to an acceptable
baseline? Can functioning of urban ecosystems be enhanced by the maintenance of artifi-
cially high species richness?

Can Communities Be Restored to Provide Multiple Functions? 
What role can “proactive” restoration of entire communities play in mitigating the loss of key
ecosystem functions? By proactive, we mean restoration projects that are designed to accom-
plish more than returning a system to some prior state (Palmer et al. 2004). Ecological theo-
ries concerning the role of individual species in ecosystem function, functional redundancy,
and recruitment limitation must be brought together and coupled with experimental restora-
tion projects to test new hypotheses (Foster et al. 2004). Best management practices like no-
till farming and planting cover crops (Dendoncker et al. 2004), coupled with plant commu-
nity restoration, may help to sequester carbon and thus counteract rising atmospheric CO2

levels (IPCC 2001a). Robertson and Swinton (2005) argue that agroecosystems of the future
must be designed or restored (augmented) to not only enhance productivity but also to do so
with fewer pesticides (e.g., using biocontrol) and with plantings that enhance water infiltra-
tion into soils and mitigate atmospheric emissions. Thus we may be “restoring” old farmlands
to areas that provide different functions. What species mixtures optimize restoration of multi-
ple functions and/or target specific functions? Can theory at the interface of ecology, eco-
nomics, and sociology be developed to support a science to restore ecosystems services? 

These topics are not an exhaustive list of new directions, but they do demonstrate rich op-
portunities for building or extending community ecological research and applying predic-
tions to future restoration efforts. More quantitative approaches will have to be applied to
move community ecological theory toward a more predictive framework for restoration ecol-
ogy. Finally, given the diverse impacts that global change is having on communities and
ecosystems worldwide, there is a pressing need for theory describing how to restore commu-
nities that are resilient in a changing world (Carpenter and Cottingham 1997).

Summary

A large body of theory has emerged from the rich history of studying species diversity in eco-
logical communities. Using a hierarchical filter framework, we examined how theories re-
garding regional processes, local environmental and habitat characteristics, and biotic inter-
actions profoundly impact the structure of communities and, ultimately, community
restoration outcomes. The dispersal and subsequent colonization of members from a re-
gional species pool is critical, and restoration may be severely constrained if a site is cut off
from this pool. Assuming successful colonization, recruits must pass through an environ-
mental filter. Physiological constraints may prevent successful establishment of recruits if
abiotic features of a restoration site cannot be restored (e.g., warm-water fish cannot be re-
stored in the cold tailwaters of a dammed river). Aspects of the abiotic habitat that have been
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restored sufficiently to bring back desired species are typically those linked to habitat struc-
ture (“if we build it, they will come”). Other habitat conditions, including natural distur-
bance regimes and habitat heterogeneity, have been more difficult to restore in practice and
often involve large-scale manipulations. The final filter that determines successful restoration
of communities is linked to species interactions. Members of a community do not live in iso-
lation; thus, species interactions like competition, predation, and mutualism must be consid-
ered. They have been directly manipulated in a number of restoration efforts already. For
each of the three filters discussed, we illustrated how theory can assist and inform restoration
with specific, real-world examples from the restoration literature. Within each filter we also
explored how community restoration efforts may be further challenged by anthropogenic im-
pacts including global climate change and the rapid spread of invasive species. Finally, we
highlighted several of the new research developments that have emerged in community ecol-
ogy that may have important bearing on restoration. We posed questions to stimulate ecolo-
gists and practitioners alike to move beyond traditional theory and consider the roles that eco-
logical commerce, hidden players, and functional diversity may play in community
restoration. We asked, in the context of our changing world, if disturbance theory can be in-
corporated into the biodiversity/ecosystem function paradigm to guide restoration and if de-
graded communities can be rebuilt in a way to restore multiple ecosystem functions.
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Chapter 6

Evolutionary Restoration Ecology

Craig A. Stockwell, Michael T. Kinnison, 

and Andrew P. Hendry

Restoration Ecology and Evolutionary Process

Restoration activities have increased dramatically in recent years, creating evolutionary chal-
lenges and opportunities. Though restoration has favored a strong focus on the role of habi-
tat, concerns surrounding the evolutionary ecology of populations are increasing. In this con-
text, previous researchers have considered the importance of preserving extant diversity and
maintaining future evolutionary potential (Montalvo et al. 1997; Lesica and Allendorf 1999),
but they have usually ignored the prospect of ongoing evolution in real time. However, such
contemporary evolution (changes occurring over one to a few hundred generations) appears
to be relatively common in nature (Stockwell and Weeks 1999; Bone and Farres 2001; Kin-
nison and Hendry 2001; Reznick and Ghalambor 2001; Ashley et al. 2003; Stockwell et al.
2003). Moreover, it is often associated with situations that may prevail in restoration projects,
namely the presence of introduced populations and other anthropogenic disturbances
(Stockwell and Weeks 1999; Bone and Farres 2001; Reznick and Ghalambor 2001) (Table
6.1). Any restoration program may thus entail consideration of evolution in the past, present,
and future. 

Restoration efforts often involve dramatic and rapid shifts in habitat that may even lead to
different ecological states (such as altered fire regimes) (Suding et al. 2003). Genetic variants
that evolved within historically different evolutionary contexts (the past) may thus be pitted
against novel and mismatched current conditions (the present). The degree of this mismatch
should then determine the pattern and strength of selection acting on trait variation in such
populations (Box 6.1; Figure 6.1). If trait variation is heritable and selection is sufficiently
strong, contemporary evolution is likely to occur and may have dramatic impacts on the
adaptive dynamics of restoration scenarios. Adaptation to current conditions (the present)
may in turn influence the ability of such populations to subsequently persist and evolve over
short or long periods (the future). Thus, the success (or failure) of a restoration effort may of-
ten be as much an evolutionary issue as an ecological one.

It is also useful to recognize that contemporary evolution may alter the interactions of
species with their environments and each other. Restoration ecologists may thus be faced
with a changed cast of players, even if many of the same nominal species are restored. Efforts
that assume species and populations are evolutionarily stagnant may face frustrating and
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Box 6.1 

Evolutionary Change in Quantitative Traits
For a quantitative trait (influenced by multiple genes, often of small effect), a simple equa-
tion can be used to predict how adaptation should proceed, at least under a number of sim-
plifying assumptions (Lande and Arnold 1983). Specifically, ∆z = Gß, where ∆z is the
change in mean trait value from one generation to the next, G is the additive genetic vari-
ance for the trait and ß is the selection gradient acting on the trait (slope of the relationship
between the trait and fitness). When considering a single trait, this equation is analogous to
the traditional “breeder’s equation” (evolutionary response = heritability * selection; R =
h2S) because G/P = h2 and S/P = ß, where P is the phenotypic variance and S is the selection
differential (difference between the mean trait value before and after selection). When con-
sidering multiple traits, ∆z becomes a vector of changes in mean trait values, G becomes a
matrix of additive genetic variances/covariances, and ß becomes a vector of selection gradi-
ents. That is, ∆z = Gß (Lande and Arnold 1983; Schluter 2000; Arnold et al. 2001). 
In the case of two traits, the multivariate equation expands to

where ∆zi is the evolutionary response for trait i, G11 and G22 are the additive genetic vari-
ances for the two traits, G12 and G21 are identical and are the additive genetic covariance be-
tween the two traits, and ßi is the selection gradient acting on the trait. Selection gradients are
commonly estimated as partial regression coefficients from a multiple regression of both
traits on fitness. In this case, selection gradients represent the effect of each trait on fitness af-
ter controlling for the effect of the other trait (i.e., “direct” selection). This equation shows
how the evolutionary response for each trait will be a function of selection acting directly on
that trait, the additive genetic variance for that trait, selection acting on the other trait, and
the additive genetic covariance between the traits. That is, ∆z1 = G11ß1 + G12ß2 and ∆z2 =
G22ß2 + G21ß1. This formulation illustrates how apparently paradoxical evolutionary changes
can be observed in some situations. For example, the first trait can evolve to be smaller even
if it is under selection to be larger (e.g., Grant and Grant 1995). This can occur when G12ß2

< 0 and |G12ß2| > G11ß1; that is, when the negative indirect effect of selection on the first trait
is stronger than the positive direct effect of selection. These negative indirect effects should
increase as selection on the second trait becomes stronger and as the genetic covariance be-
comes stronger, with one of these quantities necessarily being negative.

Phenotypes in an undisturbed population should be centered around an optimal value
(i.e., the population is well adapted). In a restoration context, however, a disturbance to the
environment may shift the phenotypic optimum away from the current phenotypes (Figure
6.1). This shift leads to a mismatch between current phenotypes and optimal phenotypes,
leaving the population maladapted and subject to directional selection. Under a number of
assumptions, the strength of this selection can be represented as:

where z is the mean trait value, q is the optimal trait value, P is the phenotypic variance, and
w2 is the strength of stabilizing selection around the optimum (for simplicity, we assume w2 is

b = 
�1z � q 2

w2 + P

c
Dz1

Dz2
d  = c

G11 G12

G21 G22
d c

b1

b2
d



the same around the optimum before and after the disturbance). Smaller values of w2 corre-
spond to steeper fitness functions and therefore stronger stabilizing selection around the op-
timum. When a disturbance shifts the optimum away from the current phenotypes, direc-
tional selection on the population increases (larger |ß|), causing evolution toward the new
optimum. 

These equations can be used to predict the evolutionary responses of traits following a dis-
turbance and have proven effective in predicting evolutionary responses in natural popula-
tions (Grant and Grant 1995, 2002). Figure 6.2 shows evolutionary responses for a popula-
tion in relation to different additive genetic variances (G = 0.1–0.5) and strengths of
stabilizing selection (w = 2 – 5; i.e., w2 = 4 – 25). In each case, we assume the mean trait
value is larger than the optimum (z – q = 1) and the phenotypic variance is P = 1. In general,
evolutionary responses will increase as genetic variance increases (G increases) and the
strength of stabilizing selection increases (w decreases). Evolutionary responses will also in-
crease with increasing differences between the mean trait value and the new optimal trait

Figure 6.1 The distribution of trait values is shown in relation to the fitness function be-
fore and after a disturbance (native habitat versus restoration habitat), where z is the mean
trait value, q is the optimal trait value, P is the phenotypic variance, and w2 is the strength of
stabilizing selection around the optimum. The width of the fitness function reflects the
strength of stabilizing selection, which is denoted by w2. (Reprinted from Trends in Ecology
and Evolution 18; Stockwell, Henday and Kinnison, Contemporary evolution meets con-
servation biology, 96, © 2003 from Elsevier.)



unanticipated outcomes. For instance, mounting evidence suggests that sustained harvest re-
sults in rapid life-history evolution toward less preferred phenotypes (e.g., smaller body size)
(Haugen and Vøllestad 2001; Coltman et al. 2003; Olsen et al. 2004), potentially influencing
both the ecological roles of these species in their communities and our own ecological inter-
actions with them (e.g., rates of harvest). 

Simply acknowledging, or even anticipating, that evolution will occur in restoration con-
texts is, however, probably not an entirely satisfying message for many readers of this book.
We wish to go further and suggest that restoration ecology may include evolutionarily en-
lightened approaches (Ashley et al. 2003) or even constructive management of evolutionary
processes. Regardless, it is our hope that the study of evolution may not only inform restora-
tion, but that restoration may also inform the study of evolution. Indeed, the tempo and
mode of contemporary evolution is still not well understood (Kinnison and Hendry 2001),
and restoration ecology offers an opportunity to study the mechanics of evolution for diverse
taxa under a variety of circumstances. 

In this chapter, we consider the roles of evolutionary processes in both ecological endan-
germent and restoration. Because our actions as practitioners of restoration are largely lim-
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value. However, it is important to recognize that several factors can lead to discrepancies be-
tween predicted and observed evolutionary responses (Merilä et al. 2001b; see Box 6.2).

Figure 6.2 The evolutionary response (∆z) of a population is shown for different additive
genetic variance (G = 0.1–0.5) and strengths of stabilizing selection (w = 2 – 5).
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ited to the present, much of our discussion will surround interactions with contemporary evo-
lution. First, we describe the conditions under which contemporary evolution occurs and the
factors by which it may be facilitated or constrained. Second, we discuss approaches and tools
available for assessing evolutionary mechanics acting in populations of restoration concern.
We consider evolutionary dynamics in a landscape context because restoration schemes will
generally involve contributions from, and interactions with, the larger metapopulation and
metacommunity (Maschinski, this volume; Menninger and Palmer, this volume). Our ap-
proach links historically established genetic diversity (the past) with contemporary evolution
(the present) and long-term evolutionary potential (the future). Third, we provide an evolu-
tionary perspective on traditional topics within the field of restoration ecology, such as the
identification of suitable seed sources. We conclude by discussing research areas ripe for
evaluation in the context of evolutionary restoration ecology.

Evolutionary Ecology and Contemporary Evolution

Evolutionary ecology, by analogy to other areas of ecology, is the study of processes that in-
fluence the distribution and abundance of individuals with different genotypes (genetic forms
within a species or population). These processes often involve interactions of organisms with
their abiotic and biotic environments. The term evolution is reserved for heritable changes in
the relative abundance of trait values among generations. Often, adaptive evolution results
from natural selection driven by correlations between heritable trait variation and fitness (the
likelihood that an individual will contribute to future generations). However, a suite of addi-
tional factors, including anthropogenic effects, influence the likelihood and outcome of
adaptive evolution and, by association, the performance and sustainability of populations. 

In fact, anthropogenic activities are often associated with cases of evolution on contempo-
rary time scales. We use the general term, contemporary evolution, in lieu of the other com-
monly used term, rapid evolution, which carries a historic perspective that such evolution is
exceptional. In reality, contemporary evolution is now widely documented, and there is no
evidence to suspect that it is either uncommon or exceptionally fast, given time-scaling ef-
fects (Kinnison and Hendry 2001; Stockwell et al. 2003). In general, contemporary evolution
should occur whenever there is sufficient heritable variation for a trait under directional se-
lection (Box 6.1; Figure 6.1). In a restoration program, we might expect a mismatch between
the optimal trait value and the actual mean trait value for the given population. This mis-
match causes directional selection to act on the trait: that is, selection favoring a shift in the
mean trait value toward the optimum (highest net fitness value) (Figure 6.1). If the pheno-
typic variation has some genetic basis, the population mean should shift toward the optimum
in the next generation (i.e., adaptation to the restoration environment). Of course, the popu-
lation may go extinct, even while it is adapting, if the population is too small or if selection is
too strong (Figure 6.3; also see Lynch 1996). 

Contemporary evolution should occur in the above situation in general, but adaptation
can be influenced by many factors, including population size, gene flow, antagonistic
pleiotropy, and life-history constraints (Table 6.2; see also Box 6.2). Small populations are less
likely to evolve for two reasons. First, low population size may not provide sufficient pheno-
typic variation for selection to act (Lande 1995; Lynch 1996). Second, small populations are
less likely to persist through the initial reduction in population size during the early stages of
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adaptive evolution (Figure 6.3). Gene flow has the potential to slow adaptation by introduc-
ing maladapted genes from adjacent populations, an effect we discuss at length below. An-
tagonistic pleiotropy may impede adaptation when two genetically correlated traits (e.g.,
both partly influenced by the same underlying genes) are under different patterns of selec-
tion. Life-history constraints can hinder adaptation by limiting a population’s growth rate un-
der selection (Reznick et al. 2004). For instance, populations with delayed maturity were at
high extinction risk when introduced to sites with greater predation risk (Reznick et al. 2004).
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Figure 6.3 For large populations (A), novel selection is expected to cause an initial decline in
population size (N) until the population adapts and population size increases (A). However,
small populations (B) are more vulnerable to extinction because they are more likely to reach
sizes where demographic stochasticity becomes overwhelming (C). Figure modified with per-
mission from Gomulkiewicz and Holt (1995).

table 6.2

Factors constraining and facilitating contemporary evolution. 
Factors facilitating contemporary evolution Reference

High genetic variation Boulding and Hay 2001
Strong selection (directional, stabilizing) Hendry 2004
Absence of gene flow Boulding and Hay 2001
Large populations Gomulkiewicz and Holt 1995; Lande 1995; Lynch

1996; Franklin and Frankham 1998; Lynch and
Lande 1998

Factors constraining contemporary evolution 
(in addition to the converse of those listed above)

Antagonistic pleiotropy Etterson and Shaw 2001
Life history constraints Reznick et al. 2004
Environmental deterioration (evolution masked) Merilä et al. 2001b

Reference



Box 6.2  

The Effects of Gene Flow and Stabilizing Selection on Evolutionary Divergence
One such complication relevant to restoration is gene flow, where populations may be held
from separate optima by genetic exchange among populations. The equations from Box 6.1
can be modified quite simply to include the effects of gene flow (Hendry et al. 2001). For ex-
ample, when selection acts on each population and then some individuals move between
populations (e.g., adults but not juveniles move), the difference in mean phenotype between
the two populations for a single trait (∆D) will change according to:

where is the proportion of individuals exchanged between populations, D is the current
difference between the populations, and G and ß are the additive genetic variance and se-
lection gradient for the trait in population i and population j. As above, a multivariate version
of the equation would replace ∆D, D, G and ß with their matrix or vector equivalents. One
can then predict the equilibrium difference in trait value between the two populations (D*),
by setting ∆D = 0 and solving for D:

As noted in Box 6.1, it is often useful to express ß as a function of the deviation of the mean
trait value from the optimum for that population, the strength of stabilizing selection around
the optimum, and the phenotypic variance for the trait. Assuming w2, P, and G are the same
in both populations, the equilibrium difference when selection takes place before move-
ment is:

where is the difference in the optimum trait value between the two populations. Figure
6.4 uses this last equation to explore how the equilibrium difference between two popula-
tions will be a function of varying gene flow ( = 0 – 0.05) and stabilizing selection (w = 2
– 10; i.e., w2 = 4 – 100). The analysis assumes a typical heritability (G = 0.3, P = 1, therefore
h2 = 0.3) and an optimal difference in mean trait value of = 1. Figure 6.4 shows that rel-
ative adaptation (deviation from the optimum) decreases with increasing gene flow even
when gene flow is quite low and with weaker stabilizing selection around the optimum. The
negative effect of gene flow on adaptation is strongest when stabilizing selection is quite
weak, as is thought to be the case in nature (Kingsolver et al. 2001). 

In the context of restoration, these relationships have implications for how the restored
site(s) interacts with surrounding sites. In general, we would expect that increases in gene
flow between populations in different environments will reduce their adaptive divergence
and therefore fitness (see also Boulding and Hay 2001). This potential negative effect of gene
flow should therefore be considered when contemplating artificial manipulations of popula-
tion density or movements of individuals between environments. These negative effects of
gene flow, however, will need to be balanced with the consideration of positive effects that
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Landscape Genetics and Restoration

A profitable way to evaluate current evolutionary processes and future evolutionary potential
is through landscape genetics (sensu Manel et al. 2003; Guillot et al. 2005), which, at its sim-
plest, is the quantification of genetic variation within and among populations (i.e., popula-
tion genetics) in the context of a spatially and temporally complex landscape. Genetic varia-
tion within populations is important because it mediates adaptive evolution in response to
changing conditions (Houle 1992; Bürger and Lynch 1995; García-Ramos and Rodríguez
2002; Reed et al. 2003). Genetic variation among populations is important as a reflection of
local adaptation and the potential role of gene flow. In some situations such gene flow may
be an important source of variation, whereas in others it may prove an impediment to local
adaptation (Box 6.2). 
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might arise when populations are inbred (Hedrick 1995), or when gene flow allows a new or
marginal population to persist long enough to then adapt to their environment (Holt and
Gomulkiewicz 1997; Kawecki and Holt 2002).

D*

m̂

w

Figure 6.4 The effects of gene flow (m̂ = 0 – 0.05) and stabilizing selection (w = 2 – 10) on
relative adaptation (D*, divergence from the optimum) are shown. Adaptation decreases
with even modest increases in gene flow as long as stabilizing selection is weak, as is
thought to be the case in nature.



Strong adaptation to different ecological environments implies that restoration efforts
might benefit from choosing source populations that have phenotypes similar to those at the
restoration site or, equivalently, source populations that occupy similar environments. If the
restoration site is a novel environment and local adaptation is strong, it may be better to gen-
erate a genetically diverse group by mixing source populations. Selection at the restoration
site can then weed through the various combinations based on their relative fitness (Lesica
and Allendorf 1999; Falk et al., this volume; Maschinski, this volume). Restoration thus has
two possible relationships to contemporary evolution. On one hand, the practitioner or re-
searcher should be aware that contemporary evolution is likely in a restoration context. On
the other hand, some researchers may choose to modify the conditions of restoration in such
a way as to intentionally influence evolutionary change.

One way in which evolution may be managed is by managing gene flow to and from the
restoration site. Gene flow is most commonly viewed as a constraining force in adaptive di-
vergence (e.g., Storfer et al. 1999; Riechert et al. 2001; Hendry et al. 2002; Calsbeek and
Smith 2003; see also Box 6.2) that contributes to a “migrational load” (Lenormand 2002)
limiting the fitness of local populations (Boulding and Hay 2001). Restoration practitioners
may consider restricting the rate or pattern of gene flow in cases where migrational load is ex-
pected and mediated by anthropogenic influences. For example, translocation rates might be
reduced after initial establishment of restoration populations to allow them to adaptively di-
verge from their sources. However, negative effects of gene flow need to be weighed against
potential positive effects, such as reduced inbreeding depression, increased genetic variation,
and increased potential for future adaptation (e.g., Hedrick 1995; Newman and Tallmon
2001). Precedent already exists for providing artificial gene flow for the purpose of genetically
“rescuing” inbred populations (Hedrick 1995). In either case, information about genetic vari-
ation within and among populations, habitat heterogeneity, and dispersal over landscapes
would be essential to any attempted management of gene flow. 

Landscape genetics, including the assessment of local adaptation, gene flow, and genetic
variation, is commonly based on surveying molecular markers (neutral or selected) and
quantitative traits (phenotypic traits coded for by multiple loci) (Falk et al., this volume).
Variation in neutral markers generally reflects the combined effects of mutation, gene flow,
and genetic drift. Variation in markers under selection or in quantitative traits is influenced
by these same factors, but also by the strength and direction of selection. In the following sec-
tion, we consider methods and inferences based on (1) neutral markers, (2) selected markers,
and (3) quantitative traits.

Neutral Markers
Much of landscape genetics focuses on variation at presumed neutral loci, including some al-
lozymes, microsatellites, mitochondrial DNA, AFLPs (amplified fragment length polymor-
phisms), RAPDs (random amplified polymorphic DNA), and SNPs (single nucleotide poly-
morphisms). Genetic variation at such markers can be summarized with a variety of metrics,
the most common being various versions of FST, the amount of genetic variation among pop-
ulations (va) for a given locus relative to the total variation among (va) and within (vw) popu-
lations: 
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For a single locus with two alleles, FST will equal zero when none of the genetic variation is
found among populations (i.e., they have the same allele frequencies), but will equal unity
when all of the genetic variation is found among populations (i.e., they are fixed for alterna-
tive alleles) (Wright 1969). The situation is more complicated for highly polymorphic mark-
ers (Hedrick 1999).

The magnitude of FST at equilibrium will theoretically reflect three factors: the effective
population size (Ne), the rate of mutation (µ), and the rate of gene flow (m, proportion of pop-
ulations that are immigrants). When mutation is low relative to gene flow (and a number of
other assumptions are adopted; Whitlock and McCauley 1999), mutation can be ignored,
leaving a simple relation between genetic divergence and gene flow: FST = 1/(1+4Nem). This
simplicity has led to the frequent use of FST to infer the amount of historical (i.e., long-term)
gene flow, a quantity typically indexed as the effective number of migrants (Nem). However,
it is also useful to estimate the rate of gene flow (m), because it is this latter quantity that has
a direct effect on divergence in selected traits (Hendry et al. 2001). Estimation of m from Nem
therefore requires the estimation of Ne.

The above estimation procedure has been criticized heavily (Whitlock and McCauley
1999), largely because it rests on a number of dubious assumptions, particularly an “island”
model of population structure. Alternatively, gene flow can be estimated using methods such
as the rare alleles method or coalescent approaches that are a bit less restrictive to some as-
sumptions (e.g., Slatkin 1985; Beerli and Felsenstein 1999; Pearse and Crandall 2004). Ulti-
mately, however, all of these methods require relatively low rates of gene flow and equilib-
rium between gene flow and genetic drift, which may take thousands of generations to
achieve (Waples 1998). Restoration sites, and the landscapes around them, are often far from
equilibrium, and so estimates of historical gene flow must be interpreted with caution.
Specifically, gene flow will be overestimated when populations are still diverging from a com-
mon ancestor under drift (Kinnison et al. 2001) but underestimated during periods of in-
creased gene flow among previously divergent populations (Whitlock 1992). Fortunately, the
problem of non-equilibrium conditions can sometimes (but not always) be circumvented by
estimating “current” immigration with genetic assignment methods (Berry et al. 2004;
Paetkau et al. 2004). However, practitioners should note that these methods detect immi-
grants that might not actually contribute to genetic introgression. Further, assignment power
should be taken into account before attributing mis-assigned individuals as immigrants. 

Gene flow estimates in restoration scenarios can be used to infer evolutionary potential:
low gene flow facilitates the independent evolution of different populations, whereas high
gene flow constrains it (Hendry et al. 2001; Lenormand 2002). This generalization is largely
true for divergence in neutral markers but is heavily nuanced for divergence in selected
markers or traits. Large numbers of effective migrants may belie strong selection that weeds
out an even larger number of unsuitable immigrants, or their offspring, while favoring more
suitable individuals. Selected markers or traits can thus undergo adaptive divergence even in
the face of apparently moderate gene flow (Hendry et al. 2001). In short, gene flow estimates
can be useful tools in restoration contexts, but are best interpreted along with an understand-
ing of selection acting on traits in the populations of concern.

FST = 
va

va + vw
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Selected Markers 
Some molecular markers reflect traits that are under direct selection or are physically linked
to loci under selection (Mitton 1997). If these markers can be identified, surveying them
within and among populations can reveal the amount and structure of adaptive genetic vari-
ation. For example, allozyme loci are sometimes under selection (Mitton 1997) and can be
easily and quickly assayed for large numbers of individuals. Indeed, variation in allozyme
markers has already been considered in a restoration context (Stockwell et al. 1996; Stock-
well and Mulvey 1998). For instance, approximately 75‰ of recently established popula-
tions have low allelic diversity relative to their ancestral source (Stockwell et al. 1996). Fur-
ther, contemporary evolution has been reported for several allozymes (Mitton and Koehn
1975; Smith et al. 1983; Stockwell and Mulvey 1998). For example, allele frequencies at the
phosphogluconate dehydrogenase (Pgdh) locus are correlated with salinity in native and re-
cently introduced populations of the White Sands pupfish (Cyprinodon tularosa). This varia-
tion likely reflects adaptive variation across space and time (Stockwell and Mulvey 1998). 

Another approach to quantifying divergence for selected markers is to infer quantitative
trait loci (QTL) based on associations between phenotypic differences and particular alleles
at marker loci (e.g., Hawthorne and Via 2001; Peichel et al. 2001). Unfortunately, QTL
analyses have a number of limitations. From a practical perspective, they are time consuming
and expensive, often requiring a breeding program coupled with extensive controlled rear-
ing. Even if these practical problems can be overcome, however, a serious theoretical limita-
tion is that divergence at QTLs is unlikely to reflect the divergence in the traits influenced by
those QTLs (Latta 1998; Pfrender et al. 2000; Le Corre and Kremer 2003). QTL surveys may
therefore provide little information about the genetic basis and adaptive significance of phe-
notypic variation. And so, QTLs may be of limited use in most conservation and recovery pro-
grams, which are more concerned with heritable adaptive differences than in the number,
nature, and genomic locations of loci influencing those differences. 

An emerging approach to the study of adaptation at the molecular level is the use of
cDNA (complimentary DNA) microarrays for examining differences in gene expression be-
tween populations in different environments (reviews: Gibson 2002; Jackson et al. 2002). At
present, microarrays have been developed for only a handful of model species (e.g., Ara-
bidopsis) and are very costly and time consuming. For most conservation concerns, microar-
rays will therefore be prohibitive for the foreseeable future. Ultimately, however, this ap-
proach might provide a powerful tool for selecting populations for recovery efforts that best
match the gene expression patterns appropriate for a particular restoration environment.

Quantitative Traits
Heritable variation in quantitative traits arguably provides the most direct link to evolution-
arily important phenotypic patterns. By far the easiest and most widespread method for esti-
mating such variation is to measure phenotypic traits on wild individuals. The resulting pat-
terns will reflect a combination of genetic and environmental influences, which may interact
in complicated ways. For example, phenotypic differences among individuals or populations
may not have a genetic basis (e.g., James 1983) if trait expression is directly influenced by en-
vironmental factors (i.e., phenotypic plasticity). In this case, the offspring of individuals trans-
planted between environments may express traits that are expected to suit individuals in
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those environments. Alternatively, phenotypic similarity among individuals or populations
may be maintained by substantial genetic differences that override environmental hetero-
geneity (e.g., countergradient variation: Conover and Schlutz 1995). In this case, individuals
subjected to identical environments may subsequently differ dramatically in trait expression.
These two examples illustrate how inferences about heritable variation are tenuous when
based on phenotypic variation in the wild alone.

Genetic variation within populations is important because it influences the ability of 
a population to adapt to changing environments (Houle 1992; Bürger and Lynch 1995;
García-Ramos and Rodríguez 2002; Reed et al. 2003). The influence of genetic variation on
short-term evolutionary potential can be assessed by measuring the narrow-sense heritability
(i.e., additive genetic variance divided by total phenotypic variance) of fitness-related traits
(Roff 1997), or of fitness itself. With this information, one can predict the evolutionary re-
sponse of a trait to a given intensity of selection (Box 6.1). The influence of genetic variation
on long-term evolutionary potential can be considered by assessing the “evolvability” of the
trait (i.e., coefficient of variation of additive genetic variance) (Houle 1992). In some cases
features that are strongly correlated with fitness (i.e., under strong selection) may retain less
variation for future evolutionary challenges. Hence, current adaptation and future adaptive
potential can be at odds with each other.

The most direct, robust, and informative way to infer heritable adaptive differences is
through the use of reciprocal transplants (O’Hara Hines et al. 2004). Differences in trait ex-
pression and overall performance (e.g., survival, growth, reproductive success) between indi-
viduals in “home” versus “foreign” environments can then be used to infer adaptive genetic
differences. The optimal design of reciprocal transplant experiments has many important
nuances (O’Hara Hines et al. 2004), which we do not discuss further because such experi-
ments are often prohibitively difficult in a restoration context. A more common and tractable
approach is to rear/grow individuals from different populations in controlled environments,
such as a greenhouse, where conditions can sometimes be set to mimic environmental fea-
tures at natural sites. Such “common-garden” experiments can reveal whether phenotypic
variation within or among populations is heritable and can incorporate breeding designs 
that reveal the quantitative genetic architecture (e.g., additive, dominance, epistasis) of that
variation.

Although such rearing experiments are useful and prevalent, they have important limita-
tions. A seemingly obvious point, often forgotten or ignored, is that genetic variation within
populations (e.g., significant heritability) does not mean that phenotypic differences among
populations necessarily have a genetic basis, only that genetic variation exists for evolution of
a given population. Common-garden experiments should include all populations about
which inferences are to be made. Even when this can be achieved, the phenotypic expres-
sion of genetic variation will depend on the specific rearing/growing conditions (Roff 1997;
Hoffmann and Merilä 1999). Accordingly, differences observed in a specific common envi-
ronment may not reflect differences that would be observed under other rearing environ-
ments, or in nature. Moreover, common-garden experiments do not directly demonstrate the
adaptive significance of phenotypic variation, because they do not expose organisms to the
full suite of challenges they would encounter in nature. 

Instead, the adaptive significance of heritable phenotypic variation among populations
might be inferred by comparing genetic divergence in phenotypic traits (i.e., estimated in a
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common garden) to divergence expected under the absence of natural selection (i.e., based
on mutation and genetic drift alone). When additive genetic differences exceed these “neu-
tral” expectations, selection is inferred as the basis of phenotypic divergence (review: Turelli
et al. 1988). At present, neutral models of trait evolution are limited in that they rarely con-
sider gene flow, variable demographics, or founder effects. Moreover, although the rejection
of a neutral model provides evidence that phenotypic patterns are the product of selection,
failure to reject a neutral model does not provide evidence for or against anything; there is no
reason selection cannot produce values consistent with neutral expectations. 

A recent extension of such approaches is to estimate the neutral expectation directly from
the genomes of the populations under consideration. For example, an analog of FST has been
developed for quantitative traits (termed QST by Spitze 1993):

where is the additive genetic variance among populations and is the additive genetic
variance within populations. Neutral and selected variation within and among population
are both subject to the same patterns of demography and immigration. When phenotypic
traits are not under selection, QST should approximately equal FST as estimated from neutral
markers (Lande 1992; Spitze 1993; Whitlock 1999; but see Hendry 2002). QST values greater
than FST thus imply that phenotypic differences are driven by selection and are therefore
adaptive. 

QST/FST comparisons have attracted considerable recent interest. A point of general
agreement is that QST often exceeds FST, suggesting that divergence in quantitative traits is
the result of selection (Merilä and Crnokrak 2001; McKay and Latta 2002). Nonetheless,
QST is sometimes appreciably less than FST, implying parallel or convergent patterns of se-
lection on some traits in some systems (e.g., Lee and Frost 2002). A point of general disagree-
ment is whether or not FST and QST are correlated. If they are, the easy-to-measure FST might
be used to infer the difficult-to-measure QST, which generally requires rearing experiments to
estimate genetic variances. Some authors argue that these measures are correlated (Merilä
and Crnokrak 2001; Crnokrak and Merilä 2002) and others, that they are not (Pfrender et al.
2000; Latta and McKay 2002; McKay and Latta 2002). Regardless, the correlation is clearly
not very strong (see also Reed and Frankham 2001). FST is therefore unlikely to provide a re-
liable estimate of relative heritable trait divergence. Despite this limitation, QST/FST com-
parisons are useful for revealing phenotypic traits that are under strong divergent selection
even in the face of some gene flow.

Owing to the difficulty of formally estimating QST, several short-cuts have been proposed.
The simplest, and hence most appealing, is to assume that phenotypic variation reflects addi-
tive genetic variation. If so, QST might be estimated simply by measuring the phenotypes of
individuals captured from the wild (perhaps with some correction using known heritabili-
ties). Although quantitative trait divergence estimated using additive genetic variation (QST)
and phenotypic variation (perhaps we can call this PST by analogy) may sometimes be equiv-
alent, there is no fundamental expectation (see arguments above) or empirical data to sup-
port this. Additive genetic variation within populations might be estimated in the wild using
phenotypic similarity and genetic relatedness or pedigree (Ritland 2000), but such ap-
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proaches would not address the problem of estimating heritable variation among popula-
tions. Despite all these concerns, evidence that QST or PST exceed FST would support the im-
portance of environmental heterogeneity in determining trait variation over the landscape.

Application of Contemporary Evolution to Restoration Ecology

Restoration ecology includes a number of strategies that can be considered in the context of
contemporary evolution. First, the temporal and spatial context of the restoration site is im-
portant. The need for restoration suggests that the site has undergone dramatic transforma-
tions. The legacy of previous land uses such as pesticide residue may continue to generate
important selective pressure during and after restoration. Alternatively, organisms that persist
during a cleanup may actually evolve to post-cleanup conditions (Levinton et al. 2003). As al-
ready discussed, the spatial context is also important because the site will interact spatially
within its local region in terms of gene flow (or absence thereof). Here, we consider various
restoration strategies in an evolutionary context.

Selection of Seed Sources
The restoration of populations to environments from which they have been extirpated re-
quires the selection of suitable source populations (i.e., seed sources). The first order ques-
tion faced in such cases may be whether to use a captive lineage derived from that site prior
to extirpation or to use an exogenous source. If an exogenous source is selected, geographi-
cally proximate sources are often chosen under the assumption that these are more likely to
have structure and function similar to that required at the restoration site (Jones 2003). How-
ever, adaptive divergence and geographic distance are not always well correlated. As a result,
more optimal seed sources may be quite distant from the target site. It is also important to re-
member that populations undergoing restoration may affect surrounding populations
through dispersal and gene flow, and this impact will again depend on spatial variation in se-
lection and adaptation (Falk et al., this volume).

Rice and Emery (2003) recommend an approach in which source populations are
matched to the general ecological conditions at the restoration site, but the source mixture
includes populations from representative microclimates. The idea here is that the general
population is sufficiently matched to manage genetic load, but that the mixture from various
microclimates maximizes evolutionary potential. We feel that general rules such as these are
likely to engender a false sense of security. It is quite possible that increasing the number of
sources without respect to understanding their actual performance in the new habitat may
simply increase the proportion of individuals that are maladapted and hence the genetic
load. Selection of seed sources based on insights into patterns of selection, genetic variation,
and local adaptation for the landscape under consideration may have higher odds of success.
However, such information is often not readily available. We suggest that the most pragmatic
alternative is to start with releases (even small scale) of a suite of likely candidate sources, and
then recompose further (and perhaps larger) releases based on empirical insights into the best
performing sources (e.g., tagging or genetic studies). If a local population takes hold, further
empirical evaluations can be made to determine if continued supplementation from outside
sources is likely to be beneficial or detrimental.
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An additional complication is that preferred donor sites may have limited seed surplus,
making it necessary to consider less preferred alternatives. Other options that have been pur-
sued include multiple origin polycrosses, the use of related taxa or interspecific hybrids, or
unrelated species that serve a similar function (Jones 2003). Each of these approaches can
have important implications in the context of contemporary evolution, and each should
again be evaluated empirically on a limited scale before risking continued long-term supple-
mentation with the same sources. Literature on exotic and invasive species suggests that
some of these options, such as releases of related taxa, carry risks of creating pestiferous inva-
sions. Hence, issues of containment or eradication should be carefully ensured before even
performing test releases.

Although captive populations are commonly used in restoration efforts and may retain
the traits best suited to a restoration site, they could pose some severe drawbacks. In particu-
lar, captive populations may have limited genetic variation, suffer from inbreeding or intro-
gression, and may be adapted to captive conditions (“domestication,” see Frankham et al.
2000; Woodworth et al. 2002; Gilligan and Frankham 2003). Such adaptation need not in-
volve intentional selection, or even obvious differences between captive and wild environ-
ments. Instead, captive populations can evolve simply due to relaxed selection pressures
(Heath et al. 2003). These changes may have negative impacts on the evolution of native
populations when captive lines are used for supplementation (Heath et al. 2003). For in-
stance, relaxed selection pressure presumably selected for smaller egg size in a hatchery pop-
ulation of chinook salmon (Oncorhynchus tshawytscha) (Heath et al. 2003). Populations sup-
plemented with large numbers of fish from this hatchery showed a reduction in egg size that
theoretically could be detrimental to fitness (Heath et al. 2003). 

How then might captive populations be managed to prevent unwanted evolutionary
changes? Common prescriptions include (1) maintaining limited inputs from any remaining
wild source, (2) continual release of captive offspring into the wild to ensure their exposure to
natural selection, and (3) manipulations of the captive environment to better match the wild
environment. The issue for many captive populations may thus come down to approaches for
preventing their domestication and adaptation to captive conditions. Preventing evolution or
adaptation is a difficult proposition for the reasons described above. Unfortunately, the evi-
dence that these approaches are effective is limited and considerable debate exists on the role
that captive populations should play in conservation and restoration. Captive propagation
has been credited with the persistence and reintroduction of some populations and species
(e.g., California condor, red wolf). However, supportive releases from captive lineages or
even artificial propagation of otherwise wild populations have also been implicated as inef-
fective or damaging for recovery of remaining wild populations (e.g., salmon) (Myers et al.
2004). Ultimately, fully controlled comparisons simply do not exist to indicate whether al-
ready declining wild populations would have fared better or worse in the absence of such
measures.

An interesting, but as yet untested, approach may be to mimic natural selection when
implementing captive breeding programs. However, accurately determining natural selec-
tion is extremely difficult (Hersch and Phillips 2004), and mimicking this selection in cap-
tivity is likely to be equally difficult. At present, captive breeding programs usually focus on
retaining or increasing genetic variation, reducing inbreeding, and removing individuals
with obvious deleterious traits (color variants, deformities, etc.). As noted above, however,
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supplementation with exogenous sources may actually reduce population fitness if the pop-
ulation is already partly adapted. We suggest that practitioners consider the value of a hybrid
approach that favors propagation of individuals having phenotypes/genotypes well suited 
for the restoration site, while specifically avoiding inbreeding (i.e., not mating with close
relatives). 

Inoculation, Stocking, and Natural Colonization
One philosophy of restoration is “if you build it, they will come.” That is, restoration sites with
suitable environmental characteristics will be naturally recolonized by appropriate species.
However, the rate of natural colonization can be slow and may vary as a function of species
vagility and habitat fragmentation (Maschinski, this volume). Brady et al. (2002) used meso-
cosms to compare the merits of inoculation versus natural colonization of experimental wet-
lands. They found that natural colonization resulted in higher species richness but lower
species diversity (as measured by richness and evenness) and generally mimicked a natural
wetland. Snails dominated inoculated mesocosms, whereas naturally colonized mesocosms
were dominated by chironomids. This difference in community structure is likely to influence
local selective pressures for a variety of species. For instance, snails act as intermediate hosts for
a suite of parasites that also infect fish (Hoffman 1999) and so these different approaches may
produce habitats that vary considerably in parasitism risk for various fish species. 

The alternative strategies of introduction or colonization may also have important impli-
cations for genetic variation. Restoration efforts that proceed by introduction often result in
reduced genetic variation at presumably neutral markers (Stockwell et al. 1996; Helenurm
and Parsons 1997), which can compromise evolutionary potential. In contrast, Travis et al.
(2002) found that naturally colonized sites had high genetic variation. These results suggest
that natural colonization is preferable, when possible, but more research should be con-
ducted to confirm these conclusions and to evaluate alternative introduction approaches.

Managing “Refuge” Populations in the Context of Contemporary Evolution

For many actively managed species, refuge populations are sometimes established as a hedge
against extinction (Stockwell et al. 1996; Stockwell and Weeks 1999). This approach is espe-
cially common for desert fishes, due to the precarious nature of their habitats in the face of
anthropogenic disturbance. In most cases, refuge populations are intended as “genetic repli-
cates” of native populations, but this goal can be undermined when refuge populations face
different selection pressures to which they adapt. This adaptation may increase the long-term
viability of refuge populations, but also decrease their value as genetic replicates of the source
population. If adaptive divergence is substantial, refuge populations may no longer possess
adaptive variation suited to the original site, although they nonetheless preserve the evolu-
tionary legacy of the lineage. Management actions designed to limit the local adaptation of
refuge populations would slow the decay of genetic equivalence but might reduce sustain-
ability of the refuge population. 

An example of evolution in refuge populations is provided by White Sands pupfish
(Cyprinodon tularosa) in New Mexico. Native populations of this species occur at Malpais
Spring (brackish spring) and Salt Creek (saline river). These two populations are genetically
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distinct at microsatellite markers and have nearly fixed differences at an allozyme marker
(Stockwell et al. 1998). Circa 1970, two populations of C. tularosa were established at
Mound Spring (brackish spring) and Lost River (saline river) (Stockwell et al. 1998; Pittenger
and Springer 1999). These refuge populations underwent subsequent changes in allele fre-
quencies at an allozyme locus (Stockwell and Mulvey 1998) and in various aspects of body
shape (Collyer et al. 2005). Thus, the Mound Spring population has lost some of its value as
a genetic replicate of the Salt Creek population. We contend that refuge populations should
not necessarily be managed to maintain evolutionary stasis but should instead be managed as
reserves of the evolutionary legacy of species (Stockwell et al. 1998, 2003).

Summary and Research Opportunities

Recent work has suggested that contemporary evolution is common, and decades of re-
search support the significance of natural selection, gene flow, and other evolutionary
mechanisms in determining the fate of populations. Evolutionary ecology should thus be
considered a central element of a more comprehensive restoration science. Indeed, the
non-equilibrium conditions associated with restoration efforts are likely to promote evolu-
tionary changes and the success or failure of such efforts is as much an evolutionary prob-
lem as an ecological one. Further, evolutionary restoration ecology should be considered
from the genotype to the landscape scales. After all, it is the heterogeneity of the landscape
that determines patterns of selection and gene flow and thus the potential distribution of in-
dividuals and their traits.

We have spent the bulk of this chapter describing potential contributions of evolutionary
ecology to restoration. However, restoration activities also provide excellent opportunities for
evolutionary biologists to study population genetics, natural selection, and contemporary
evolution. From an evolutionary biology perspective, exciting opportunities may be afforded
by the manipulative experiments in evolution posed by restoration activities. Here we iden-
tify a few topics that we think are ripe for collaborative attention.

• The relationship between contemporary evolution and ecological function: Seliskar
(1995) reported that the genetic background of the founding stock may have profound
influence on the ecological function of an introduced population (cord grass, Spartina
alterniflora). It is also possible that subsequent contemporary evolution may alter the
functional role of a species. Collaborations between functional ecologists, evolutionary
biologists and restoration practitioners may provide exciting opportunities to explore
the cause and effect relationships of contemporary evolution and ecosystem function.

• Contemporary coevolution: Species interactions, such as predation and herbivory, are
important selective factors associated with contemporary evolution. This creates the
potential for contemporary coevolution (e.g., herbivory/defense) or trophic evolution-
ary cascades (Thompson 1998). For example, selection for smaller size at maturity may
lead to a reduction in gap size and a shift in diet, thus releasing (or changing) preda-
tion pressure on prey species. This change might lead to evolution in the prey species,
which could have cascading effects on additional species.

• Managed releases: The traditional approach for reintroduction efforts is to use large
numbers of individuals to maintain genetic variation. An alternative is to not only in-
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troduce suitable sources, but to select phenotypes within those sources that are best
matched to the new environment (Stockwell et al. 2003). This alternative may result
in lower initial genetic variation but may facilitate contemporary adaptation. After all,
adaptation and population productivity are the product of natural selection associated
with reduction of maladaptive variation from the population. Again, the best pheno-
types may be gleaned empirically by monitoring preliminary releases. These and other
approaches for source selection could be compared in experiments in which multiple
sites are targeted for restoration with comparable species and sources. 

• The evolutionary control of exotics: Some investigators have advocated an evolutionary
approach to the control of exotic and weedy species (Palumbi 2001; Stockwell et al.
2003). For instance, simulations by Boulding and Hay (2001) showed that high gene
flow among locally adapted populations may cause population extirpation. Perhaps
gene flow can be increased in situations where extinction would be desirable (e.g., of
an exotic), though the risk of genetically enhancing such populations also exists. An-
other evolutionary control method may be the simultaneous use of multiple control
agents to slow the evolutionary compensation of disease/pest organisms (Palumbi
2001). We agree that evolutionary approaches may be useful for control efforts but cau-
tion that the various options must first be evaluated in replicated experiments. 

• Reversing the evolutionary trajectory for managed species: As indicated above, most pop-
ulations are likely to evolve when faced with new patterns of selection and such selec-
tion is expected to result in some loss of genetic variation. This raises the possibility
that they are no longer adapted to their native habitats. A question of critical impor-
tance for some actively managed populations may be whether and how rapidly they
might evolve back toward their original condition if needed. Restoration ecologists
may have unique opportunities to evaluate the reversibility of contemporary evolution
by studying cases where exploitation is ceased, for example, when captive lineages are
reintroduced to the wild, or where refuge populations are reintroduced to native habi-
tats. 

• The evolution of fitness: Most studies of contemporary evolution examine changes in
just one or a few traits. This atomization of an organism’s phenotype will not capture
the full implications of contemporary evolution on population productivity and persis-
tence. Much greater insights would be provided by measuring the evolution of fitness
itself (Kinnison et al., forthcoming). For example, one might introduce a population to
a restoration site, allow that population to adapt for several generations, and then com-
pare its performance (survival and reproductive success) in the introduction site
against more individuals from the source population. This sort of comparison would
reveal the rate at which fitness evolves in restoration contexts. Such studies would pro-
vide a more comprehensive understanding of the implications of contemporary evolu-
tion for restoration ecology.
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part two

Restoring Ecological Function 

The desire to restore species and communities stems both from their intrinsic ecological
value as well as the provision of critical ecosystem services (e.g., fisheries, timber, etc.). How-
ever, a focus on ecological processes in a restoration context provides a different view of the
state and dynamics of ecosystems and the services they may provide. In pragmatic terms,
measuring ecological functioning requires appraisal of key ecological processes, such as nu-
trient processing, productivity, or decomposition. The currency is typically a process rate,
and it reflects system performance. Because ecosystem function may indicate important ele-
ments of system performance, environmental managers are also increasingly interested in
the use of functional assessments. Thus, theoretical treatments of the link between structure
and function are potentially important for both theoretical and practical reasons.

Historically, many restoration efforts have focused on single species, populations, or the
composition of ecological communities. However, it is recognized increasingly that restora-
tion of ecological processes, such as nutrient turnover or hydrological flux, may be critical
components of restoration outcomes. This understanding has been paralleled by an upsurge
in ecological research on the linkage between ecological structure (e.g., species diversity,
habitat complexity) and ecological function (e.g., biogeochemical processes, disturbance
regimes). Theoretical and empirical work focused on this linkage has grown exponentially in
the last decade alone. Chapters in this section illuminate how that work can inform restora-
tion in practice and, perhaps more important, why understanding this linkage is critical to
advancing the science of restoration ecology. 

Larkin, Vivian-Smith, and Zedler review the growing evidence that topographic hetero-
geneity not only plays an important role in influencing community composition, but it can
also exert strong influence on ecological processes. The authors summarize a diverse body of
theory and directly link this to the practice of restoration by examining how restoration of het-
erogeneity can enhance or accelerate restoration of ecological processes, constrain invasions,
and facilitate recruitment. Using detailed examples and examination of underlying mecha-
nisms, they stress how critical experimentation and additional theoretical work are to under-
standing the explicit link between restoration and fine-scale ecological heterogeneity.  

While food-web manipulations are often not explicit in efforts to restore degraded ecosys-
tems, Vander Zanden, Olden, and Gratton argue that understanding trophic connections
may explain outcomes of restoration experiments, and how best to implement or evaluate
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projects. They review relevant theory including trophic cascades, direct and indirect interac-
tions, keystone predators, biological invasions, and food-web assembly. The concept (and
mathematic treatment) of top-down and bottom-up effects is especially important, because
many restoration efforts involve the use of fertilizers or are targeted at the recovery of top
predators. The authors provide a review of the expanding use of stable isotopes, not only to
understand trophic interactions but also to document how food webs have been altered rela-
tive to reference conditions and to identify important energy sources for restoration-target
organisms. 

Linking theoretical models of ecosystem and community change with restoration ecology
has the potential to advance both the practice of restoration and our understanding of the
dynamics of degraded systems. Suding and Gross summarize theory representing three per-
spectives on the mechanisms and predictive nature of species turnover and ecosystem devel-
opment: equilibrium, multiple-equilibrium, and non-equilibrium. Incorporating these per-
spectives in restoration planning may be critical, yet Suding and Gross also stress the need for
experimental work to test which system characteristics indicate the presence or absence of
multiple states, how to determine whether thresholds exist, and the relative strengths of dif-
ferent factors affecting resilience in degraded systems. The identification of ecosystem re-
sponses that operate at different scales of time and space may be critical to both theoretical
and practical advances in restoration ecology. 

Intensive theoretical and empirical work on the relationship between biodiversity and
ecosystem functioning has taken place in the last decade. Naeem contends that this work is
relevant not simply to the field of restoration ecology but is potentially a unifying foundation
for the field. While community and ecosystems ecology separately have provided insights
into identifying restoration targets, into selecting what ecological processes to monitor, and
into designing restoration strategies, these fields typically focus either on restoration of popu-
lations and communities or on nutrient and energetic processes. Naeem points out that, from
a biodiversity-ecosystem functioning perspective (BEF), ecological structure and function
are inseparable —any change in a community has consequences for ecosystem functioning,
and vice versa. Thus, restoration as experiments can both test and inform BEF theory, in-
cluding the link between diversity and ecological stability. 

Ecological modeling offers an opportunity to explore restoration outcomes. Urban makes
a strong case for a model-based framework for restoration, including heuristic models similar
to those discussed by Naeem or more complicated simulation models. Models can describe
how we believe a system behaves and thus guide restoration efforts. Models can also help
evaluate where a system is with respect to reference points and can be used to forecast various
restoration scenarios. Urban reviews some of the modeling approaches that can be brought to
bear on restoration, including schematic diagrams and conceptual models; statistical models,
such as regression; and models implemented as numerical algorithms and “solved” by simu-
lation. Throughout, he emphasizes the need for an adaptive framework that evolves from
conceptual heuristics to data-driven models. A multivariate framework based on ordination
can be appropriate for field data, heuristic models, or forecasts from simulators; conse-
quently, ordination can serve effectively as an integrating framework for restoration ecology. 

Ideally, ecological restoration efforts create physical and ecological conditions that pro-
mote self-sustainable, resilient systems with the capacity for recovery from rapid change and
stress (Holling 1973; Walker et al. 2002). Natural ecological systems are both self-sustaining
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and dynamic, often with high variability resulting from natural disturbances. But this vari-
ability does have limits (Suding et al. 2004), and understanding the relationship between
ecological processes and ecological structure in a restoration context should help define
those limits. Can a system be restored, or has some threshold already been crossed? What are
the mechanistic links between structure and function? Can these be understood using con-
ceptual frameworks, such as those coming out of work on biodiversity-ecosystem functioning,
or are more complex statistical and mathematical models required? Such questions about
ecological function may constitute the next frontier for restoration ecology research.
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Chapter 7

Topographic Heterogeneity Theory 
and Ecological Restoration

Daniel Larkin, Gabrielle Vivian-Smith, and Joy B. Zedler

Natural ecosystems are heterogeneous; their physical, chemical, and biological characteris-
tics display variability in both space and time. In trying to understand vegetation heterogene-
ity, the earliest ecologists found that species sorted out among habitats according to environ-
mental conditions, as along lakeshore dunes of different size and age (Cowles 1899). Later
ecologists acknowledged that some species act as “engineers,” by creating variation that in
turn affects other species (Jones et al. 1994), as in sedge tussocks (Watt 1947), ant mounds
(Vestergaard 1998; Nkem et al. 2000), animal burrows (Inouye et al. 1997; Minchinton
2001), and bison and alligator wallows (Collins and Barber 1985; Gunderson 1997;
Coppedge et al. 1999). Abiotic and biotic components of an ecosystem often act together to
create variability, making it difficult to separate cause from effect.

Heterogeneous environments are the rule in nature, and the relevant literature is explod-
ing. The ISI Web of Knowledge (Thomson Corporation 2004) shows only nine papers
matching the search criteria “heterogene* and ecolog*” from 1970 to1990. The same search
for just 2000–2004 returns 1,343 papers. Ecologists urge consideration of heterogeneity in
designing reserves (Dobkin et al. 1987; Miller et al. 1987), maintaining threatened species
(Fleishman et al. 1997), and preserving ecosystem functions (Ludwig and Tongway 1996).
Understanding how habitat heterogeneity regulates the structure and function of biotic com-
munities is one of the most important challenges in modern ecology (Cardinale et al. 2002).
Here, we limit our review to topographic heterogeneity (see Box 7.1), which has long been
recognized as a key ecological variable (e.g., Watson 1835), and which has important appli-
cations in ecological restoration. 

A human tendency is to homogenize landscapes, for example, through agriculture
(Whisenant et al. 1995; Paz González et al. 2000), forestry (Krummel et al. 1987; Mlade-
noff et al. 1993), flood control (Koebel 1995), and landscaping. Yet humans can also in-
crease topographic complexity. Restorationists could manipulate sites to create topography
ranging from uniform and flat to complicated and spatially variable, although incorporating
heterogeneity beyond that in reference systems might not be beneficial, and there are 
examples of detrimental increases in topographic heterogeneity (e.g., eroded gullies) (Leo-
pold 1999). To manipulate topography for effective restoration, key questions need to be
answered: 
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• What topographic patterns will facilitate the reestablishment and persistence of de-
sired ecosystem structure and function?

• Will mimicking the topography of a reference ecosystem be sufficient for reestablish-
ing species, or did the current topography develop after organisms modified a different
starting condition? 

• How much topographic variability needs to be in place for “nature” to provide the rest? 
• How much topographic heterogeneity is too much? 
• What are the costs (in time, money, and resources) of incorporating topographic het-

erogeneity into restoration sites?
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Box 7.1 

Defining and Measuring Topographic Heterogeneity
Topographic heterogeneity is defined as pattern in elevation over a specific area. It is a type
of spatial heterogeneity defined as patterns in the distribution of elements in a biotic assem-
blage (Armesto et al. 1991) or rates of a process (Smith 1972). 

The origins of topographic heterogeneity include geologic processes (e.g., hills, cliffs);
the movement of water over a landscape (channels, banks, sandbars); wind (dunes, blow-
outs); waves (beaches of sand, cobble, or rock); and biotic activity (ant mounds, tussocks).
The cumulative effect of these processes is a complex three-dimensional landscape that ex-
erts tremendous influence on the composition and function of ecological systems. Micro-
topographic differences (<1 m) can result in variability in the physical environment and
chemical and biological processes over small spatial scales, whereas macrotopography (hills
and mountains) can alter the local climate. While macrotopography is generally beyond the
scale that can be manipulated for restoration, roughness at the centimeter scale (as in hum-
mocks and hollows of bryophyte bogs) or several-meter scale (as in dunes and swales) is rele-
vant to consider during restoration planning and implementation. 

Quantification of topographic heterogeneity must take into account characteristics that
are both vertical (e.g., elevation minima, maxima, means, and variance) and horizontal (e.g.,
frequency and distribution of elevation fluctuations, clustering, density, etc.). Auto-levels, to-
tal stations, and high-accuracy global positioning systems facilitate detailed measurements
along transects, a grid, or a cyclic sampling design (see Clayton and Hudelson 1995). Even if
time and budget constraints limit quantitative analyses, written descriptions (e.g., ridge ver-
sus mound, apparent origins, etc.); key measurements (e.g., highest point, lowest point, etc.);
and photographs or field sketches are still recommended, as they will inform future restora-
tion efforts.
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• Are there key “ecosystem engineers” (Jones et al. 1994) that need to be introduced first
to help structure topography and facilitate establishment of other species? 

• Will topographic heterogeneity facilitate sustainability of restoration sites, given their
open-ecosystem and non-equilibrium conditions (cf. Pickett and Parker 1994)?

Conversely, one can ask how practices that foster homogeneity affect restoration out-
comes (e.g., oversimplified topography) (Figure 7.1).

Current Theory and Testable Hypotheses

Theory about the relationship of topographic heterogeneity to ecosystem structure and func-
tion comes largely from theory on habitat diversity. Ecologists tend to agree that habitat di-
versity enhances species diversity. Brose (2001) viewed area as a “surrogate variable for habi-
tat heterogeneity, which directly enhances vascular plant species diversity.” Others hold that
heterogeneity contributes to the persistence of entire ecological systems (Wu and Loucks
1995). Levin (1976) proposed that spatial heterogeneity gives rise to a mosaic of locally stable
communities, a multiple equilibrium dynamic. Tessier et al. (2002) proposed that hetero-
geneity can promote diversity by maintaining habitats in a state of non-equilibrium. The ap-
parent contradiction between multiple stable equilibria and non-equilibrium conditions may
have more to do with the use of different definitions and scales of observation than with fun-
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Figure 7.1 A consequence of smoothly mounded islands in a tidal marsh restoration site
(dredge spoil excavation in San Diego Bay) was that salts were “wicked” to the surface, and sub-
strate was too saline for plant establishment. This site was graded and made tidal in 1984; the
higher elevations of the islands, although within the tidal range, remain unvegetated to date
(2004).



damentally different ecological processes (Wu and Loucks 1995). For more about stability
and multiple states, see Suding and Gross, this volume.

In community ecology, heterogeneity provides a variety of ecological niches, where a
niche is the “N-dimensional hypervolume” that characterizes the spatial distribution and
function of a species (Hutchinson 1957). Each “dimension” is composed of the range of an
important environmental factor that a species can tolerate. Combined, the total of such di-
mensions (some number N) constrain a species’ distribution (Hutchinson 1957). With more
topographic heterogeneity, one expects greater diversity of distinct niche spaces, thus en-
hancing diversity by facilitating species coexistence (see Jeltsch et al. 1998), as well as greater
physical space per unit area.

An interesting feature of many landscapes is that their topographic heterogeneity medi-
ates environmental processes. Sharitz and McCormick (1973) described how slight de-
pressions in barren, granite mountain outcroppings accumulate sediments because of their
wind-sheltering capacity, allowing cushion plants to establish. In marine systems, the hetero-
geneity of coral reefs creates zones of hydrodynamic convergence where debris and organ-
isms are sieved from prevailing currents, increasing meiofaunal density and diversity (Netto
et al. 1999). In rangeland restoration, surface soil roughness can increase the capture of water
and other limiting resources and slow erosion, accelerating vegetation recovery (Whisenant
1999; Whisenant 2002). These and other examples highlight the importance of viewing 
heterogeneous topography not just as a static landscape feature but as a “driver” of habitat
conditions.

Another perspective on topographic heterogeneity comes from fractal theory (Mandel-
brot 1983). Fractals have some degree of self-similarity at multiple scales, though they need
not be self-similar at all scales (Williamson and Lawton 1991; Halley et al. 2004). Examples
of topographic features that may be fractal are large rivers that fan out into convoluted deltas.
A tidal marsh in such a delta might reveal a creek network similar in geometry to the delta it-
self. Within the marsh, centimeters-wide rivulets mimic this geometry at a still-smaller scale.
Topographic convolutions that increase the fractal dimension of habitat may have important
ramifications for organisms. Because fractal surfaces disproportionately increase as measure-
ment units decrease, smaller animals experience more absolute and relative space than larger
animals (Morse et al. 1985; Williamson and Lawton 1991). Morse et al. (1985) predicted a
560- to 1,780-fold increase in abundance for an order of magnitude decrease in body size
from this effect. Palmer (1992) used a simulation model to show that increasing the fractal di-
mension of a habitat allows more species to coexist. Fractal topographic heterogeneity might
enhance diversity by making room for a wider range of organisms.

In this chapter, we propose a theory of topographic heterogeneity: all else being equal, ar-
eas with more heterogeneous topography will have greater surface space, environmental vari-
ability, and fractal dimensions. The resultant increase in niche space should enhance species
diversity and act as a key driver of community structure and ecosystem processes and functions.
As such, topographic heterogeneity should be a central component of restoration planning. 

Effects of Topographic Heterogeneity

Topographic heterogeneity is known to affect several classes of response variables, including
(1) abiotic patterns and ecosystem processes; (2) distributions of organisms; (3) genetic, re-
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productive, and developmental attributes; and (4) animal habitat use, behavior, and trophic
interactions. Following a review of these relationships, we summarize the research of restora-
tion ecologists who have tested the effects of topographic heterogeneity on ecosystem struc-
ture and function.

Abiotic Patterns and Ecosystem Processes
Variability in elevation exerts a strong influence on edaphic conditions. In a dune-grassland,
Gibson (1988) found that soil under hummocks was moister, more acidic, and higher in con-
ductivity than under hollows, with higher levels of root biomass, organic carbon, and key nu-
trients. In a deciduous woodlot, low microtopographic positions had greater litter accumula-
tion, lower moisture loss and temperature variability, and three-and-a-half times as many
bacteria as level or high sites (Dwyer and Merriam 1981). Cantelmo and Ehrenfeld (1999)
found that the intensity of mycorrhizal infection differed on tops, sides, and bottoms of hum-
mocks in Atlantic white cedar swamps. Topographic depressions in a dry tropical forest had
more fine roots to support tree growth and maintained fairly high productivity in an area with
leached, shallow, and nutrient-poor soils (Roy and Singh 1994). In a variety of herbaceous
plant communities, topographic variability induces differential moisture stress, waterlogging,
and redox conditions (Pinay et al. 1989; Ehrenfeld 1995a; Li et al. 2001; Werner and Zedler
2002).

Cardinale et al. (2002) tested the effect of fine-scale vertical and horizontal heterogeneity
by manipulating variation in the size of stream bed sediments and found immediate impacts
on benthic algae and biofilms. Benthic respiration rates were 65% higher in high- versus 
low-heterogeneity riffles, and benthic biofilms had 39% higher gross productivity. The au-
thors attribute these effects to altered near-bed flow velocity and turbulence due to substrate
heterogeneity.

Topographic heterogeneity can also affect gas fluxes, an area of interest in global change
studies. Bubier et al. (1993) found that seasonal mean water table position, especially at the
microtopographic scale of hummock and hollow, explained most of the variability in
methane emissions among wetlands (R2 = 0.74), likely through effects on soil temperature
and moisture. Generalizations that do not account for differences at the microtopographic
scale inadequately predict methane flux in boreal wetlands and in global methane budget
models (Bubier et al. 1993). In a Minnesota peatland, rates of carbon dioxide emission from
hummocks were consistently higher than those from hollows, apparently due to peat temper-
ature and water table depth covariates (Kim and Verma 1992). In fertilized grassland and
winter wheat plots, highest nitrous oxide emissions were found in areas lying below the aver-
age slope, which is attributed to differences in air permeability and nitrate, ammonium, and
soil water content (Ball et al. 1997). These examples of effects on methane, carbon dioxide,
and nitrous oxide suggest that researchers adjust sampling regimes to characterize small-scale
variations adequately.

Distribution of Organisms
Topographic variability can act as an important control on the distribution of organisms over
fine to coarse spatial scales. In aquatic communities, this is often through mediation of hy-
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drodynamic processes. For example, Guichard and Bourget (1998) linked the biomass and
diversity of intertidal macrobenthos on rocky shores to a spatial cascade that related topo-
graphic heterogeneity, hydrodynamics, and community structure. Likewise, topographically
controlled hydrodynamic fronts were shown to affect the distribution and diversity of benthic
invertebrates in a South Atlantic reef, with hydrodynamic control of particle size distribution
and organic matter content leading to increased meiofaunal diversity and complex effects on
macrobenthos (Netto et al. 1999). At a fine scale, meiobenthic nematodes were more abun-
dant in the sediment of crests than troughs of 8-cm-wide ripples (Hogue and Miller 
1981).

Both terrestrial and wetland communities are subject to topographically controlled spatial
structuring. Several examples point to the importance of topographic variability in providing
“safe sites” that enhance germination and establishment (Smith and Capelle 1992). Both
mounds and hollows have been shown to function as recruitment microhabitats. For exam-
ple, Collins and Barber (1985) found that hollows created by bison wallowing and prairie dog
mounds interacted with fire and grazing to increase habitat heterogeneity and maximize
community diversity. In a mangrove forest, more propagules were dispersed to flats than to
crab-burrow mounds, yet seedling establishment and sapling abundance were greater on
mounds (Minchinton 2001). Likewise, in coastal meadows, anthills and hillocks have been
found to be associated with higher plant species richness (Vestergaard 1998). In a controlled
field experiment using wetland plants, microtopography promoted establishment of rarer
woody species and floristic diversity (Vivian-Smith 1997). Carex stricta tussocks present in
sedge meadows were shown to increase diversity in three ways: by adding surface area, pro-
viding diverse micro-habitats, and supporting progression in species composition during
spring warming and late-summer drawdown (Peach 2005).

Patterns of vegetation and elevation are especially strong in intertidal wetlands, where one
or a few “low marsh” species occur next to the water’s edge and a richer mixture of “high
marsh” species occurs further inland in salt marshes worldwide (Adam 1990). Within a me-
ter’s rise in elevation, the daily rise and fall of tidewaters creates conditions that range from
frequently inundated and relatively buffered from environmental variability at the low end to
intermittently wet and highly variable in soil moisture and soil salinity at the high end. In a
near-pristine coastal marsh in Baja California, Mexico, 16 halophytes display individual dis-
tributions in relation to elevation (Zedler et al. 1999) (see Figure 7.2). One species’ distribu-
tion, however, responded to both vertical and horizontal heterogeneity. Spartina foliosa oc-
curred only in the bayward margin of the wetland; it was absent in areas of appropriate
elevation farther inland (Zedler et al. 1999). Similarly, four marsh-plain species of San Diego
Bay salt marshes were strongly influenced by both elevation and proximity to tidal creeks,
possibly due to better drainage at tidal creek margins (Zedler et al. 1999). Patterns of Spartina
patens physiology within Gulf of Mexico coastal marshes likewise display interactions be-
tween vertical and horizontal topographic variations. Plants in better-drained swale and dune
habitats generally respired aerobically while anaerobic metabolism was important in plants
in lower, more poorly drained marsh habitat (Burdick and Mendelssohn 1987). 

Topographic heterogeneity can enhance diversity by protecting plants from competitive
exclusion by dominant species (Tessier et al. 2002) or herbivory (Lubchenco 1983). In Okla-
homa mixed-grass prairie, increased spatial heterogeneity associated with trampling by un-
gulates and bison wallows increased species richness by limiting dominance of the most
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common “core” species (Collins and Glenn 1990). In a drained Wisconsin marsh, invading
prairie species took over higher microtopographic positions, but some wetland species were
able to persist in depressions (Zedler and Zedler 1969). In southern Wisconsin sedge mead-
ows, species richness was positively correlated with surface area of Carex stricta tussocks
(Werner and Zedler 2002). In areas where the tussock microtopography was reduced by sed-
iment accumulation, monotypic stands of reed canary grass (Phalaris arundinacea) replaced
species-rich mixes (Werner and Zedler 2002). In a rocky intertidal zone, microtopography
protected Fucus germlings from grazing by periwinkle snails, providing spatial refugia that al-
lowed Fucus to escape herbivore control (Lubchenco 1983).
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Figure 7.2 In this conceptual plan for a large restoration site, topography would be manipu-
lated at three spatial scales. At the landscape scale, a channel would be excavated with a mean-
der that mimics a natural river. Within the meander, patches of different elevations would sup-
port mesoscale vegetation patterns. At the microscale, hummocks and gaps favor different plant
species. (From Zedler 2001, with permission from CRC Press.)



Over very large scales, topography can be an important variable in regional diversity.
Topographic heterogeneity has been identified, along with local variation in energy avail-
ability, as the best predictor of mammal species richness over most of the continental United
States and southern Canada (Kerr and Packer 1997) and second to potential evapotranspira-
tion in predicting richness of North American Papilionidae (swallowtail butterflies) (Kerr et
al. 1998). In the Flooding Pampa grasslands of Argentina, latitude played a secondary role to
fine-scale topographic features and associated salinity gradients in determining regional
species composition (Perelman et al. 2001). 

Topographic heterogeneity also influences community composition through interactions
with disturbances. In coastal Alaskan wetlands, the spatial variation in flood frequency
(SVFF) was explained by microtopographic variation. Sites with high SVFF and intermedi-
ate flood frequency were species rich, while sites with frequent, rare, or permanent flooding
and low SVFF were species poor (Pollock et al. 1998). In coastal meadows of Queensland,
Australia, seed densities were greatest in depressions where vegetation had been removed by
disturbance from the foraging of large marine vertebrates and turbulent water currents (Inglis
2000). In New Jersey pinelands, fire reduced microtopographic heterogeneity, but blow-
downs increased it (Ehrenfeld 1995b).

Such topography-altering wind disturbances have been shown to influence recruitment.
Carlton and Bazzaz (1998) pulled down trees in a southern New England woodland to sim-
ulate the effects of a hurricane. They found that seeds accumulated in pits, the majority of
seedlings germinated on scarified level areas, and all tree species achieved maximum growth
on tip-up mounds. In a southern Appalachian forest, the uprooting of trees by hurricane
Opal (1995) created pit and mound microtopography that may have contributed to a greater
mix of shade-intolerant and shade-tolerant herbaceous species and higher species richness
than were found in undisturbed forest (Elliott et al. 2002).

Genetic, Reproductive, and Developmental Attributes
Several studies have shown that topographic heterogeneity can affect plant and animal repro-
duction and genetics. Li et al. (2001) sampled allele frequencies and levels of genetic diver-
sity in wild emmer wheat (Triticum dicoccoides) in four topographically distinct habitats.
They found evidence of adaptively directed allozyme diversity and divergence, effects they at-
tributed to differences in water stress among the different landscape positions. Water stress
was also implicated in a study that found populations of the red kangaroo (Macropus rufus) to
have more restricted genetic populations in areas with greater topographic complexity
(Clegg et al. 1998). 

In addition to genetic divergence, topography can also influence reproductive success.
For example, female plants of Atriplex canescens on steep slopes produced lower mass of fruit
and lower mass of fruit per gram of leaf tissue than plants on the bases of slopes. In contrast,
the efficiency of pollen dispersal was enhanced by growth on steep slopes (Freeman et al.
1993). 

Reproductive effects of topographic heterogeneity have also been identified in insects.
For larvae of checkerspot butterflies (Euphydryas editha), the temporal and spatial pattern of
senescence of host plants is determined largely by differences in microclimate resulting from
topographic heterogeneity (Dobkin et al. 1987). Such microclimatic differences also affected
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larval development rates of the federally threatened Bay checkerspot butterfly, E. editha
bayensis (Fleishman et al. 1997). Reproductive success of the aquatic mayfly Baetis bicaud-
catus is influenced by streambed heterogeneity, in that the availability of rocks protruding
above the water surface appears to limit oviposition and egg survival (Peckarsky et al. 2000).

Animal Habitat Use, Behavior, and Trophic Interactions
Topographic attributes have been shown to affect a variety of animal behaviors and interac-
tions. In a coastal heathland, elevation was a highly significant variable in the habitat selection
among two native rodent species (Haering and Fox 1995). In an experiment that manipulated
aquatic topographic complexity, Aronson and Harms (1985) found that suspension-feeding
ophiuroids (Ophiothrix oerstedii) remained in plots with artificially enhanced microtopogra-
phy while emigrating from unmanipulated control plots, apparently a predator-avoidance be-
havior. In an experiment that manipulated topographic complexity in temperate-zone shallow
water, juvenile reef fish suffered 100% mortality in low-complexity treatments compared to
only 13% in high-complexity treatments (Connell and Jones 1991). In another study, prey
mortality was intense and constant in a rocky intertidal area with low substratum complexity
but spatially and temporally variable where holes and crevices were abundant (Menge et al.
1985). 

In salt marshes, small depressions provide habitat for aquatic animals. In New Jersey, loss
of intertidal pools due to Phragmites invasion is thought to reduce macroinvertebrate biodi-
versity at small scales (Angradi et al. 2001) and is also implicated in reduced nursery, repro-
duction, and feeding functions for fishes (Able et al. 2003). At a salt marsh restoration site in
San Diego, where floral and faunal establishment have been constrained by hypersalinity
and sedimentation (Zedler et al. 2003), microtopographic depressions collect tidal water and
appear to act as oases of elevated invertebrate diversity and abundance and as nursery habitats
for juvenile fishes (D. Larkin, unpublished data).

Effects of Heterogeneity in Restoration Sites

Restoration projects provide opportunities to alter the topography of landscapes (as in breach-
ing levees and rewetting fields along the Illinois River and within the San Francisco Bay
Delta), as well as individual sites (e.g., introducing mounds and depressions and reestablish-
ing dunes) and habitats within sites (e.g., leaving rough instead of smoothly graded surfaces).
While experimentation is difficult at large scales, there are many opportunities to establish
field experiments that test the effects of topographic heterogeneity within restoration sites. In-
deed, restoration ecologists have begun to test various ways that heterogeneity might enhance
the stability and resilience of restored, relative to perturbed, sites through diversification of
their “ecological portfolios” (Tilman et al. 1998). 

Given the variety of cause-effect relationships reviewed above, restorationists could expect
many variables to respond to increased topographic heterogeneity. However, rapid assess-
ments and monitoring programs might not detect shifts in community structure until differ-
ences between reference and heterogeneity-manipulated treatment sites are extreme. In such
cases, ecosystem functions (e.g., production, respiration, decomposition) might be able to
measure local-scale changes better than structural attributes (Brooks et al. 2002). 
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Manipulations of topographic heterogeneity need to be tailored to a restoration site’s size,
its relationship to the surrounding landscape, and the specific goals of the restoration project
(Figure 7.2). The actions needed also depend on how much heterogeneity has been lost. At
slightly degraded sites, such as recently drained prairie pothole wetlands, there may be little
reason to manipulate topography. In such cases, restoration may simply require removing
drainage structures and reestablishing wetland species. At heavily degraded sites, the ratio-
nale for manipulating heterogeneity is greater. For example, dredge spoils could be excavated
in ways that mimic the topographic complexity of natural marshes, rather than creating ob-
long pits as in some mitigation projects (Zedler and Callaway 1999). Heterogeneity is best in-
corporated during the initial construction phase of a project to avoid damaging plants, ani-
mals, and processes that might be in place at a later stage. 

Here we consider the ramifications of topographic heterogeneity on the restoration of eco-
logical processes across multiple spatial scales (Figure 7.2; Table 7.1). At the macroscale, to-
pography can be manipulated to improve the functioning and diversity of varied habitats con-
nected across a landscape. At the mesoscale, objectives could address species interactions
and functional aspects of patch dynamics. At the microscale, soil and aquatic sediment sur-
faces can be roughened to restore diversity to community composition. We begin by review-
ing restoration research at the coarse spatial scale. 

Enhancing Landscape Functions
Landscape-level processes, such as movement of organisms, trophic interactions, and fluxes
of materials through an ecosystem, are influenced by aspects of large-scale heterogeneity that
include variation in the size, shape, edge characteristics, distribution, and connectivity of
patches (Turner 1989). For example, forest boundary characteristics (concave versus convex)
can affect small-scale seedling establishment patterns on adjacent mines (Hardt and Forman
1989), and riverine sinuosity at a regional scale can affect processes ranging from nutrient cy-
cling to invertebrate abundance (Koebel 1995). 

Various strategies aim to restore ecosystem structure and function at the landscape level
by restoring natural heterogeneity. Mladenoff et al. (1993) recommended using patterns of
landscape-level heterogeneity and spatial complexity in old-growth forest as a model for
restoring old-growth forest function in managed landscapes. For tallgrass prairie restoration,
Howe (1994) suggested using a variety of management actions to create spatial variation in
plant composition, thereby enhancing diversity and creating conditions more similar to those
under which tallgrass species evolved.

While benefits from large-scale manipulations of topographic heterogeneity in restoration
might be inferred from the literature on landscape heterogeneity, examples of such manipu-
lations are few. Some relevant examples come from river restoration, where management ac-
tions that reconnect and reconfigure channels, alter floodplain habitats, and restore mean-
ders (Kern 1992; Toth et al. 1993; Gore and Shields 1995; Stanford et al. 1996) can be
viewed as altering topographic heterogeneity over large spatial scales (though the vertical
range of these actions may be on the order of only meters or tens of meters). Efforts to reestab-
lish complex tidal creek networks in salt marshes are also relevant to landscape functioning,
as they can occur over large spatial scales and enhance connectivity, movement of organisms,
and trophic transfer between habitats (see Box 7.2).
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Box 7.2 

Restoration Case Study—Southern California Salt Marshes
The need to restore topographic heterogeneity to salt marshes is being tested in Tijuana Es-
tuary, a National Estuarine Research Reserve. The topographic heterogeneity of tidal creeks
is considered to confer important ecosystem functions and is associated with increased plant
diversity (Zedler et al. 1999) and provision of fish nursery habitat (Desmond 1996). Early salt
marsh restoration projects lacked heterogeneity, having smooth marsh plains and highly sim-
plified creeks that are wider, deeper, and less meandering than natural creek networks
(Williams and Zedler 1999). 

Restoring tidal creek networks should aid salt marsh restoration by providing optimal
habitat for tall-growing cordgrass (Spartina foliosa). This species is often distributed along
tidal creeks, with taller plants found at lower elevations along creek edges (Haltiner et al.
1997). Tall cordgrass provides nesting habitat for an endangered bird, the light-footed clap-
per rail, Rallus longirostris levipes (Zedler 1996). Restoring suitable clapper rail nesting
habitat will require improving soil quality and construction of more complex tidal creek
networks with low elevation edges (Gibson et al. 1994; Boyer and Zedler 1996; Haltiner et
al. 1997). 

Figure 7.3 The Friendship Marsh in Tijuana Estuary, California, is an 8-ha salt marsh
restoration site being used to test the ecosystem effects of vertical and horizontal hetero-
geneity. (A) A conceptual drawing and 2004 aerial photo showing the site’s three >1-ha
replicates with tidal creek networks and three replicates without tidal creek networks. (B)
An experimental tidal creek network and microtopographic pools are highlighted. (C)
Lower reach of one of the three tidal creek networks. (D) Naturally formed pool with abun-
dant algae.  



Fish habitat mitigation projects along San Diego Bay and Anaheim Bay have lacked the
heterogeneity of natural habitats (Zedler 2000). Of particular concern is the lack of connec-
tivity with salt marshes and associated tidal creeks. Where creeks are lacking, fish have less
access to food sources on the marsh plain (Kwak and Zedler 1997; Madon et al. 2001; West
et al. 2003). 

A large-scale experimental test of the role of heterogeneity in salt marshes is being con-
ducted in the “Friendship Marsh,” an 8-ha restored site in Tijuana Estuary (Vivian-Smith
2001). Replicate sections of the marsh were constructed with and without tidal creek net-
works (Figure 7.3). Constructed tidal creeks are modeled on nearby natural creeks in their
length, width, orders, and drainage density. Comparing community development and
ecosystem functions between homogeneous and heterogeneous areas will provide vital in-
formation on the ecological role of tidal creek complexity in salt marshes. Preliminary results
on fish feeding indicate that creek-driven increases in marsh access confer important bioen-
ergetic advantages (Madon et al. 2001, unpublished data). Ongoing research is testing the ef-
fects of two scales of topographic heterogeneity (tidal creek networks and marsh plain micro-
topography) on trophic dynamics. These forms of heterogeneity appear to have important
effects on patterns of vegetation recruitment, as well as algal, invertebrate, and fish diversity
and abundance (O’Brien 2003; D. Larkin, pers. obs.). 

Even this mesoscale project required considerable planning and integration of ideas
among various stakeholders. The 10-year lag between the idea and its implementation in-
cluded a lengthy and costly planning procedure, and excavation and sediment disposal alone
cost $3.1 million (J. King, California State Coastal Conservancy, pers. comm.).
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Constraining Species Invasions
Topographic heterogeneity might increase plant community diversity at a restoration site by
limiting the expansion of competitively dominant species. If competition between species
can be moderated, coexistence might be possible (Pacala and Tilman 1994; Hanski 1995).
Fugitive species may be better able to persist in heterogeneous environments (see Hanski
1995). However, invasive weeds are often good colonizers, highly plastic in their habitat re-
quirements, and able to exploit patchiness (e.g., Birch and Hutchings 1994). Attempts to re-
store Wisconsin sedge meadows invaded by Phalaris arundinacea (reed-canary grass) should
benefit from the topography provided by Carex stricta tussocks, which enhance species rich-
ness (Werner and Zedler 2002); however, the time required for C. stricta to grow tussocks is
unknown. Experimentation with artificial tussocks has begun for use in wetland restoration
sites (M. Peach, University of Wisconsin–Madison, pers. comm.).

Accelerating Restoration of Extreme Sites and Highly Degraded Habitats
The restoration of severely degraded ecosystems presents special challenges and opportunities
with respect to heterogeneity. In degraded rangelands, construction of pits or depressions in-
creased primary productivity and vegetation recovery by slowing runoff and increasing infil-
tration (Slayback and Cable 1970; Hessary and Gifford 1979; Garner and Steinberger 1989;
Whisenant 1999). In semiarid Australian woodland, patches of branches were used to simulate
the natural scale of patchiness (Ludwig and Tongway 1996). After three years, soil under
branches had more nutrients, higher rates of soil accumulation and water infiltration, and less
extreme soil temperatures. In addition, perennial grasses and ant populations had established. 

Reintroducing spatial heterogeneity has been a key to restoring productivity and diversity
in arid regions. In a desertified area in Israel, constructing pits and adjacent mounds helped
to restore natural patch dynamics. The resulting habitat patches developed more species and
higher biomass and plant density than areas without this treatment. Differences were attrib-
uted to more favorable germination and establishment conditions and a greater seed-trapping
capability (Boeken and Shachak 1994). Similar restoration strategies have been used in other
arid and semiarid habitats. Workers in Texas rangeland and in Niger used depressions or “mi-
crocatchment basins” to capture water, increase soil nutrients, and improve seedling estab-
lishment and growth (Whisenant et al. 1995; Whisenant 2002). 

Germination and Establishment Microsites 
Low plant diversity at many restoration sites may be due to propagule limitation (e.g., Ash et
al. 1994), but it can also result from a lack of suitable microhabitats. Fine-scale heterogeneity
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is thought to provide a variety of germination microsites, or regeneration niches, enabling co-
existence of more species (Grubb 1977). 

Microhabitat manipulations have been shown to facilitate plant establishment and diver-
sity. In early successional pastures, Reader and Buck (1991) found higher species richness in
areas where they created small mounds, simulating the natural disturbance of burrowing an-
imals. In prairie restoration, mounding had a positive effect on growth and survival of three
species and only negatively affected one species (Ewing 2002). Natural mounds formed from
rabbit-displaced soils in west Texas oak communities were found to increase survival, shoot
and root biomass, root length, number of tillers, mycorrhizal infection, and nutrient uptake
of Schizachyrium scoparium. Artificial mounds created to mimic these mounds were effective
in herbaceous vegetation, though less so under oaks (Dhillion 1999). Mounding has also
shown promise as a restoration technique in deep-sea benthic communities, deciduous for-
est, and desert (examples in Ewing 2002). 

Restoring microtopography also has value in wetlands. Barry et al. (1996) held that repro-
ducing mound and pool heterogeneity is vital for effective restoration of wetland forests; their
design of a 5.3-ha restoration had ~0.6 m mounds created by bulldozers. Tweedy et al. (2001)
found that roughly contoured treatments in two formerly agricultural wetland restoration
sites had higher water tables, reduced outflow and peak outflow rates, and increased duration
of outflow events relative to smooth treatments. Many created wetlands have narrower bands
of emergent vegetation than the broad zones or scattered patches of natural wetlands (Confer
and Niering 1992). Kentula et al. (1992) recommended using the gradient structure (slope +
microtopography) of natural reference marshes as a model for the topography of created
marshes. Topography and elevation will influence hydrochory and plant establishment
through interactions with flood-pulse dynamics (Middleton 2000). Diversity-support func-
tions would likely be enhanced by shallower surfaces, rougher surfaces, and irregular bound-
aries between vegetation types. 

Wetland plants can be very responsive to subtle changes in topography. Tire ruts were loci
of higher plant diversity in a New Jersey freshwater wetland mitigation site (G. Vivian-Smith,
pers. obs.) (see Figure 7.4). This was presumably due to greater microhabitat variation in

7. Topographic Heterogeneity Theory and Ecological Restoration 157

Figure 7.4 A diversity of plants colonized compacted depressions resulting from vehicle traffic
over an otherwise homogeneously graded restoration site at the Route 522 mitigation site, Deans
Rhode Hall Road, New Jersey.



inundation and soil compaction characteristics. Sensitivity of wetland species to microsite
conditions was subsequently demonstrated (Vivian-Smith and Handel 1996; Vivian-Smith
1997). In a mesocosm experiment, Vivian-Smith (1997) found that variation in microtopog-
raphy on the order of 1–3 cm resulted in greater species richness and evenness and higher
abundances of most species than homogeneous treatments. 

In stream and river restoration, a return to the small-scale heterogeneity typical of natural
systems is a common target (Gore and Shields 1995; Stanford et al. 1996). For example,
Hilderbrand et al. (1998) advocated using patches of large woody debris in stream channels
to increase retention of organic matter and promote recovery of biota. Woody debris, rock
weirs, and gravel are examples of structures used to improve streambed morphology and in-
crease local heterogeneity, with benefits for plants, benthic invertebrates, and fish (Gore and
Shields 1995; Jungwirth et al. 1995; Muhar 1996).

Genetic Factors
Topographic heterogeneity may be needed to provide plant communities with appropriate
microhabitats for support of genetic diversity. In natural salt marshes, clones of Spartina
patens are specialized for marsh plain, swale, and dune microhabitats (Silander 1985). A
common garden study of Spartina alterniflora showed that creek-bank and back-marsh forms
of the plant from within the same marsh are genetically distinct (Gallagher et al. 1988). A
subsequent restoration experiment with S. alterniflora showed that genotypic variation pro-
vided differential canopy architecture, above-ground biomass, decomposition rates, algal pro-
duction, and even fish use (Seliskar et al. 2002). The long-term viability of restored popula-
tions of S. alterniflora will likely depend on the presence of adequate genetic diversity to
provide resistance against disease, invasive species, erosion, storm damage, and other pertur-
bations (Travis et al. 2002).

Future Research Needs

These examples of the role of topographic heterogeneity in natural and restored systems pro-
vide strong support for restoring varied elevations where such features have been lost, and to
introduce them where they can benefit ecosystem development (e.g., some desert environ-
ments). But to ensure that the added effort of increasing topographic heterogeneity is worth-
while, restorationists and researchers need to explore cause-effect relationships further.
While the many studies we reviewed provide an emerging theory of topographic heterogeni-
ety, practitioners and researchers are still likely to have system-specific questions:

What Is Topographic Heterogeneity?
• What degree of topographic heterogeneity is typical of relevant reference sites?
• Are topographic conditions in reference sites actually “pristine” or already substantially

altered by historic ecological changes?
• What means of quantifying topographic heterogeneity are feasible and useful in this

system?
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• Are there standardized quantification approaches that could be used for comparison
between sites or across habitat types?

What Does It “Do”? 
• How does topographic heterogeneity interact with abiotic processes that shape this sys-

tem (e.g., tides, winds, hydrodynamics, groundwater movement)?
• How does it mediate important ecosystem functions, such as chemical transforma-

tions, nutrient cycling, resource pulses, productivity, or decomposition?
• What role does topographic heterogeneity play in shaping community composition in

this setting?
• How does topographic variation interact with other forms of spatial heterogeneity and

with temporal heterogeneity?

How Should It Be Used?
• How much should be added to a restoration site? At what stage?
• How should it be added? Using what equipment? With what geometry and roughness? 
• How should increased topographic complexity be implemented in the face of anthro-

pogenic changes such as increased sedimentation, altered peak flows, or increased ero-
sion rates? 

• What design and practice innovations can make use of topographic heterogeneity
more effective and efficient?

Answering these and related questions could be of great benefit to both theory and prac-
tice. Given well-designed experiments, researchers could advance ecological restoration by
elucidating this potent driver of ecosystem dynamics. For instance, future restoration mod-
ules in Tijuana Estuary could build on the experience of the Friendship Marsh (Box 7.2) by
over-excavating the marsh plain to a mudflat elevation, then adding small islands of higher
ground intended for dense plantings, which would reduce the formation of hypersaline sur-
face soil and allow plants to expand vegetatively by accreting sediments from incoming tides
or river floodwaters (J. Zedler, pers. obs.). The size, shape, height, location, and frequency of
mounds could all be experimental variables in future adaptive restoration efforts. Innovative
approaches to site-based restoration in this and other settings should yield useful and inform-
ative results.

Summary

A broad review of the ecological literature revealed that topographic heterogeneity acts as an
important driver of physical and environmental processes, ecosystem functions, and com-
munity composition in settings ranging from terrestrial to aquatic, desert to rain forest, and
ocean to bog. Mechanisms to explain these effects come out of habitat heterogeneity, eco-
logical niche, and fractal theory, as well as other ecological literature. Responses have been
identified in organisms as different as microbes, cushion plants, and kangaroos and in func-
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tions ranging from methane flux to fish nursery support. Findings from restoration settings
and experimental manipulations echo effects observed in natural settings. We advocate the
use of careful and ambitious experiments to answer remaining questions and develop inno-
vations that can improve restoration practice. 
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Chapter 8

Food-Web Approaches in Restoration Ecology

M. Jake Vander Zanden, Julian D. Olden, and Claudio Gratton

No species exists in a vacuum. Rather, each species is embedded within a network of
predator-prey interactions in what Charles Darwin referred to as an “entangled bank” and is
now known in the most general sense as a food web. In its most basic form, a food web reveals
to us something about the feeding relationships in a system. More broadly, food webs repre-
sent a way of thinking about an ecological system that considers trophic (consumer-resource)
interactions among species or groups of similar species (trophic guilds or trophic levels).
Food-web ecology is an ever-changing subdiscipline of ecology, and it is critical to recognize
the diversity of approaches to the study of food webs (Paine 1980; Schoener 1989; Pimm
1991; Polis and Winemiller 1996). The term food-web structure can have several meanings to
food-web ecologists. Food-web structure can refer simply to the number of trophic levels in a
food chain (Figure 8.1a) or, alternatively, can represent the degree of complexity in a food-
web network (Figure 8.1b). Food-web diagrams may be used to represent the pathways of en-
ergy flow through a system (energetic webs, Figure 8.1c) or, alternatively, the dynamically
important linkages for regulating trophic structure (functional webs, Figure 8.1d). An alter-
native meaning of food-web structure refers to the distribution of biomass across different
trophic levels, and ultimately how bottom-up and top-down factors regulate the accumula-
tion of biomass across trophic levels (Figure 8.2a–b). These diverse food-web concepts serve
as the basis for our discussion of food-web theory and applications to ecological restoration. 

Despite the intuitive importance of explicitly considering trophic connections, food-web
approaches have yet to take hold in many applied management endeavors, such as fisheries
and wildlife management, conservation biology, and ecological restoration. We argue that
food-web ecology has the potential to contribute to ecological restoration by encouraging a
more dynamic, interaction-driven view of ecosystems, and it can alert practitioners to the
types of trophic interactions that may have bearing on restoration outcomes (Zavaleta et al.
2001). In some situations, adopting a food-web perspective will provide valuable insights into
ecological restoration that would not otherwise be attained from a more static, community-
based approach. For example, the recent reintroduction of wolves into Yellowstone Park,
Wyoming, USA, has precipitated a cascade of food-web changes that has allowed the recov-
ery of riparian vegetation and associated biota from damaging effects of herbivore overgraz-
ing (Berger et al. 2001; Ripple et al. 2001; Ripple and Beschta 2003), an effect that would not
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Figure 8.1 Different meanings of “trophic structure” used by food-web ecologists: (A) number
of trophic levels (three versus four levels); (B) food-web connectance, the pattern of trophic link-
ages among species in a complex web; (C) energetic web, depicting the pathways of mass or en-
ergy flow; and (D) interaction web, showing the dynamically important food-web linkages.



have been predicted without considering the cascading effects of predator-prey interactions
across multiple trophic levels. 

Many of the world’s ecosystems are highly degraded, and natural recovery processes, par-
ticularly in light of the onslaught of biological invasions, are often inadequate to achieve de-
sired goals for ecosystem recovery (Dobson et al. 1997; Hobbs and Harris 2001; D’Antonio and
Chambers, this volume). Ecological restoration is undertaken to hasten the recovery of dam-
aged ecosystems, restore ecosystem function, and slow the declines of biodiversity (Jordan III
1987; NRC 1995; Dobson et al. 1997; Young 2000). Restoration in North America has its his-
torical roots in plant community ecology: a perusal of the leading journals in the field such as
Ecological Restoration and Restoration Ecology reveals the botanical nature of the discipline.
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Figure 8.2 Bottom-up versus top-down control of the distribution of biomass at different trophic
levels. Note that compartment size indicates trophic level biomass: (A) In the case of bottom-up
control, primary production is the basis for higher trophic levels. Increasing primary production
allows higher biomass at subsequent trophic levels, and possibly the support of additional trophic
levels. (B) In the case of top-down control, predation plays a role in determining the distribution
of biomass across trophic levels. In a three-level system, herbivores (2°) are suppressed by preda-
tors (3°), which allows accumulation of plant (1°) biomass. Addition of 4° controls the biomass
of 3°. As a result, herbivore biomass (2°) increases, leading to a reduction in plant biomass (1°). 



As such, succession and community assembly theory have provided the theoretical underpin-
nings for restoration ecology (Weiher and Keddy 1999; Young 2000; Young et al. 2001). While
food-web ecology is often viewed as a subdiscipline of community ecology, community and
food-web ecology differ in several significant ways. Community ecologists generally study the
factors affecting abundance, species composition, and diversity within a particular trophic
guild or group (i.e., the bird community, the plant community) (Drake 1990; Suding and
Gross, this volume; Menninger and Palmer, this volume). In contrast, food-web studies con-
sider the energetic and dynamic linkages within a broader spectrum of the ecological com-
munity, and the scale of analysis typically spans several trophic levels.

A critical aspect of ecological restoration is the establishment of well-defined restoration
targets (Hobbs and Harris 2001). The traditional approach emphasizes structural restoration
targets, including taxonomic characteristics, such as species richness, or the presence or
abundance of indicator species or assemblages. Yet the mere presence of desired taxa or func-
tional groups does not mean that the restored system is functioning as desired, or that the
species are performing ecologically relevant roles within the restored system. Thus, a com-
plementary approach considers functional targets, which include ecosystem processes, such
as primary production, nutrient cycling, and the maintenance of critical food-web linkages
(Palmer et al. 1997). Structural and functional approaches are not mutually exclusive, and
food-web-based targets may incorporate both components. This chapter examines how food-
web theory and, more informally, “food-web thinking” might contribute fruitfully to the plan-
ning, implementation, and evaluation of ecological restoration. 

Relevant Theory—A Historical Overview

This section provides a brief overview of food-web ecology from a historical perspective. For
more in-depth background reading on food-web ecology, we recommend the following
sources: Schoener (1989); Pimm (1991); Polis and Winemiller (1996); Persson (1999); Post
(2002); and Polis et al. (2004).

Among the first published food web studies was Summerhayes and Elton’s description of
the food webs of Spitsbergen and Bear Islands (Summerhayes and Elton 1923; Elton 1927).
The next major advance in food-web ecology was undoubtedly Lindeman’s (1942) trophic-
dynamic study of a small Minnesota lake. Lindeman viewed the lake as a chain of energy
transformations—solar energy was “fixed” via photosynthesis, a portion was converted to her-
bivore biomass, and so on up the food chain. Decreasing production was available at succes-
sive trophic levels due to metabolic inefficiencies at each trophic step. In this view, primary
production limited higher trophic level production, suggesting “bottom-up” control of the
distribution of biomass in food webs (Figure 8.2a). This work provided the operational struc-
ture for modern food-web research by introducing the concept of trophic levels as well as the
use of energy as a currency. One implication of this work was that available energy could
limit the number of trophic levels (Pimm 1982), an idea that serves as a basis for assessing
whether the energetic needs of higher consumers (often the target of restoration efforts) are
likely to be met within a restored ecosystem. Lindeman’s ideas also raise the issue of whether
variables such as food-chain length could be used as a meaningful restoration endpoint.

Two decades later, a study by Hairston, Smith, and Slobodkin (1960) (now known as
HSS) argued that terrestrial food chains have three functional trophic levels—predators keep

168 restoring ecological function



herbivores in check, thus allowing plant biomass to accumulate. The “top-down” perspective
offered in HSS was predicated on the idea that predators control the abundance of their prey,
and that these effects can subsequently cascade down food chains, ultimately impacting pri-
mary producer biomass (Figure 8.2b). This radical proposition ran counter to the dominant
paradigm of the time: that nutrients and/or environmental factors limited plant communities
and biomass, which, in turn, constrained higher trophic levels (compare Figure 8.2a and
8.2b). HSS has since inspired major research efforts directed toward the role of predators and
resources as determinants of the abundances of organisms at different trophic levels in a vari-
ety of ecosystem types (Oksanen et al. 1981; Fretwell 1987; Power 1992; Hairston and Hair-
ston 1993; Polis and Strong 1996; Polis 1999). To illustrate, if top-down factors dominate, re-
moval of predators from a three-level system should produce an increase in herbivore
biomass and a decrease in plant biomass. Alternatively, if removal of predators does not cause
an increase in herbivore biomass, this indicates bottom-up control, and we might expect that
increasing plant productivity would produce an increase in herbivore biomass. In fact, both
processes likely operate concurrently and often interact in complex ways (Denno et al. 2003). 

Studies predicated upon simple food-chain models have played an important role in
ecology. Not only do such models generate easily testable predictions, but many natural sys-
tems appear to exhibit dynamics consistent with simple food-chain structures (Oksanen et al.
1981; Carpenter et al. 1985). Interestingly, many descriptive food-web studies offer the para-
doxically different view that food webs are immensely complex—with hundreds of species
and trophic links, coupled with rampant complications such as ontogenic diet shifts, om-
nivory, and intraguild predation (Warren 1989; Hall and Raffaelli 1991; Martinez 1991; Polis
1991). In addition, trophic levels themselves are often heterogeneous, such that the addition
of grazers to a system may reduce plant biomass or, alternatively, may cause a compensatory
shift toward grazer-tolerant plants (Leibold 1989; Hunter and Price 1992). While simple
food-chain models undoubtedly overlook certain trophic linkages and interactions, the criti-
cal issue to be resolved is whether these complexities are mere details or, alternatively, when
and if these trophic linkages are truly important in driving the dynamics of the system (Power
1992).

To understand food-web dynamics, it is critical to distinguish between direct and indirect
food-web effects (Abrams et al. 1996). An example of a direct effect is that an increase in
species A reduces the density of species B due to predation. An indirect effect implies a
change in the density of species B in response to a change in species A, but through interac-
tions with a third species. The three trophic level interaction proposed in HSS (Figure 8.2b)
described above is a simple indirect effect (changes in predators affect plant biomass through
impacts on herbivores). In the rocky intertidal zone, Robert Paine’s (1966) seminal food-web
experiments demonstrated that predation by the Ochre sea star (Pisaster ochraceus) upon
competitively dominant prey reduced competition for space, thereby allowing persistence of
inferior competitors. This work highlighted the role of predators in maintaining prey diversity
by mediating interspecific competition (Figure 8.3a). Paine labeled Pisaster a “keystone
species” due to its role in structuring the community. The implication here was that all
species are not equally important, and that a few species play central roles in structuring the
system (Power et al. 1996c; Lawton 2000). Apparent competition is another type of indirect
interaction, whereby two prey species share a common predator, and predation rates on a fo-
cal prey species are increased due to the presence of the alternative prey (Figure 8.3b) (Holt
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1977; Holt and Lawton 1994). If the vulnerability of the two prey differs, consumption of a
less vulnerable, abundant prey can have the effect of augmenting the predator population,
subsequently increasing predation rates on the more vulnerable prey (Holt 1977; Holt and
Lawton 1994). 

Application of Food-Web Theory to Restoration Ecology 

Restoration ecology has historically been based on a succession-driven, bottom-up view of
ecosystems, and current paradigms in ecological restoration do not generally incorporate a
food-web perspective. Even if restoration targets do not specifically involve the reestablish-
ment of trophic linkages per se, there may be value in food-web approaches, since the dy-
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Figure 8.3 Examples of complex food-web interactions. Upward arrows represent energy flow
pathways, downward arrows represent top-down control. Arrow width represents the strength of
the trophic linkage: (A) Predator-mediated competition. High predator biomass suppresses den-
sities of prey taxa, reducing competition among prey. Reduction of predator biomass allows in-
creased prey biomass, thereby increasing competition among prey and domination by the supe-
rior competitor taxa. (B) Apparent competition. The predator consumes the focal prey (top
panel). Addition of a highly productive alternative prey increases predator biomass, causing
greater predation rates on the focal prey than in the absence of alternative prey (bottom panel).
The consequence is elevated predator biomass and decreased biomass of focal prey.



namics of any species or community depend critically on interactions among prey and pred-
ators (Pimm 1991). For example, identifying keystone species may be of concern in restora-
tion, since they play a critical role in determining community and ecosystem structure (Mills
et al. 1993; Power et al. 1996c). Table 8.1 lists the major areas of food-web research examined
in this chapter, with potential applications to restoration ecology.

Food-Chain Approaches 
There is growing evidence that top predators can have impacts that cascade to lower trophic
levels (Pace et al. 1999). In aquatic systems, the decline of top predators (Post et al. 2002) can
have cascading effects on lower trophic levels (Carpenter et al. 2001). Similarly, predation is
now recognized as a key process in the maintenance of biodiversity and ecosystem function
in terrestrial systems (Soulé and Terborgh 1999). Terrestrial conservation biologists and lim-
nologists are recognizing the importance of predation in structuring ecosystems and are fo-
cusing efforts on restoring or maintaining predation as a component of ecological restoration
efforts. Below, we present several examples where an ecosystem was viewed through the lens
of a simple food-chain model, with important implications for ecological restoration.

The importance of simple food-chain interactions in ecosystem restoration has been most
thoroughly described for aquatic ecosystems. Human-induced eutrophication caused by ex-
cess nutrient loading is a critical environmental problem affecting lakes, resulting in algal
blooms, oxygen depletion, loss of aquatic vegetation, and declines in water quality (Carpenter
et al. 1998). While nutrient reductions are an obvious approach for improving water quality,

8. Food-Web Approaches in Restoration Ecology 171

table 8.1 

Areas of food-web research and applications to restoration ecology discussed in 
this chapter.

Section Key references

Food-chain approaches
Ecosystem role of predators Pace et al. 1999; Soulé and Terborgh 1999
Trophic cascades in lakes Carpenter et al. 1985
Trophic control in salt marshes Silliman and Bertness 2002
Mesopredator release Crooks and Soulé 1999
Trophic control in Yellowstone NP Beschta 2003

Complex Interactions
Apparent competition in Guam Savidge 1987
Complex interactions in Channel Islands Roemer et al. 2003
Landscape context in Hudson Bay Jeffries et al. 2004

Invasions and reintroductions
Trout introductions and restoration Knapp et al. 2000
Natural flow regimes Poff et al. 1997

Food-web assembly
Food-web assembly in recovering lakes Gunn and Mills 1998

Applications of stable isotopes
Recovery of salt marsh food webs Kwak and Zedler 1997
Long-term food-web change in Lake Tahoe Vander Zanden et al. 2003



food-web manipulations can also play an important role. The trophic cascade hypothesis
(Carpenter et al. 1985) was conceived to explain unexplained variance in relationships be-
tween nutrient levels and phytoplankton (algae) biomass in lakes, by postulating that changes
in predator abundance can “cascade” down the food chain to affect phytoplankton. This
recognition of the role of predators in lake ecosystems has led to the use of biomanipulation,
particularly the stocking of piscivorous (fish eating) fishes as a lake restoration tool (Shapiro 
et al. 1975; Jeppesen et al. 1997; Hansson et al. 1998). North-temperate lakes generally func-
tion as four trophic level systems comprised of phytoplankton, zooplankton, planktivorous
fish, and piscivorous fish (Carpenter et al. 1985). A common goal of biomanipulation is to al-
ter the food web to increase zooplankton grazing, thus reducing the accumulation of algal 
biomass. Reduction of planktivore biomass “releases” zooplankton from predation, allowing
larger and more abundant zooplankton. Reducing planktivore biomass can be achieved by
protecting or augmenting populations of piscivorous fishes (Horppila et al. 1998). An impor-
tant impact of humans on lakes has been the reduction or elimination of piscivore popula-
tions due to overfishing and habitat alteration (Post et al. 2002). This decline of piscivores has
likely amplified eutrophication effects as a result of changing food-web interactions.

In contrast with lakes, where it is recognized that nutrients and food-web interactions both
play a role in determining plant biomass and productivity, predation in Atlantic Coast salt
marshes has traditionally been assumed to be unimportant in regulating marsh plant
(Spartina, cordgrass) productivity. This view has been challenged recently, as work in mid-
Atlantic U.S. marshes has demonstrated an important role of periwinkle (Littoraria) her-
bivory in regulating Spartina production and biomass (Silliman and Zieman 2001; Silliman
and Bertness 2002). This suggests that efforts to restore salt marsh communities may benefit
from not only the traditional approach of restoring the system’s hydrology and improving abi-
otic conditions for growth (i.e., nutrient enhancements), but may also be hastened by efforts
to manipulate food-web interactions. For example, a temporary reduction of Littoraria abun-
dances at restoration sites would benefit Spartina growth due to reduced grazing and scar-
ring. Based on simple food-chain concepts, augmenting or protecting populations of blue
crabs, a major predator of Littoraria, would also be expected to benefit Spartina restoration
efforts (Silliman and Bertness 2002). 

Similar patterns of relatively simple food-chain dynamics have been revealed in terrestrial
systems. For example, the rapid suburban development in coastal canyons of southern Cali-
fornia has left little remaining habitat, and what remains is highly fragmented. The meso-
predator release hypothesis was proposed to explain the dramatic decline of scrub-breeding
birds in these fragments. Crooks and Soulé (1999) reported that coyotes (Canis latrans), the
top predator in the system, have been extirpated from all but the largest habitat patches. Sites
lacking coyotes support large numbers of small carnivores (raccoon, grey fox, striped skunk,
opossum, domestic cat), which are effective predators on birds and other small vertebrates.
An increase in abundance of these mesopredators following the extirpation of coyotes in
habitat patches is the likely explanation for the recent avifauna decline in these habitat frag-
ments. Based on this work, efforts to restore the avifauna would not be expected to respond to
restoration efforts aimed at improving bird habitat; managing bird predators would perhaps
be a more productive approach. 

In a similar way, ecologists have recently elucidated the central role of top predators in
structuring terrestrial food web in the Rocky Mountains of the western United States. Ripar-
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ian ecosystems in the Greater Yellowstone Ecosystem (and much of the western United
States) have undergone declines over the past century (Ripple et al. 2001; Ripple and
Beschta 2003). An important aspect of this decline has been the unexplained recruitment
failure of riparian trees such as native cottonwoods and aspens. While a number of possible
explanations have been examined, evidence is emerging that food-web interactions play an
important role in maintaining riparian vegetation structure (Beschta 2003). More specifi-
cally, wolves were extirpated from Yellowstone in the 1920s, which coincided with riparian
tree recruitment failure. Reintroduction of wolves in the mid-1990s has altered the foraging
behavior of elk (Ripple et al. 2001; Ripple and Beschta 2003); where elk are vulnerable to
wolf predation, woody plants are now recovering from past unimpeded browsing by herbi-
vores. Emerging evidence suggests that the regeneration of riparian vegetation associated
with wolf reintroductions may have far-reaching positive effects on the broader riparian
ecosystems. There is an expectation of long-term benefits to avifaunal communities by im-
proving bird nesting habitat (Berger et al. 2001). Benefits are also expected for aquatic ecosys-
tems, including stabilization of stream banks, strengthened linkages between riparian and
riverine habitats, and moderation of water temperatures (Osborne and Kovacic 1993). 

Complex Interactions 
The above examples illustrate how simple food chains can be useful models for guiding eco-
logical restoration efforts. Yet chain-like interactions may not accurately describe many sys-
tems, which are often considerably more complex. Here, we illustrate the value of recogniz-
ing food-web complexity, predator-mediated competition, and apparent competition in a
restoration context. In addition to food webs being complex, energy and nutrients also move
across habitat boundaries and may have important dynamic implications (Polis et al. 2004).
Top-down control can be dampened or reinforced by energy “subsidies” from outside the fo-
cal habitat, which can cascade to lower trophic levels (Nakano et al. 1999; Polis 1999;
Nakano and Murakami 2001). Recognition of landscape context and cross-habitat linkages
represents an important conceptual shift in food-web ecology of the past decade (Polis et al.
2004) with potential implications for ecological restoration. 

An example of apparent competition in natural systems is the introduction of the exotic
brown tree snake (Boiga irregularis) to Guam (Savidge 1987). This introduction has caused
the near complete elimination of the island avifauna. A simple predator-prey (snake-bird)
model would predict snake populations to decline following local extirpation of the avifauna.
But Boiga are generalist predators, readily consuming alternative prey such as small mam-
mals and lizards. Because of this, Boiga has maintained high population densities, even after
eliminating bird populations. In effect, the availability of alternative prey sustained high
Boiga populations, thereby preventing avifaunal recovery.

Studies on islands provide strong evidence for the importance of food-web interactions
when conducting ecosystem-level restoration. The eight California Channel Islands off the
coast of southern California have been the subject of intensive restoration efforts during re-
cent years. During much of the nineteenth and twentieth centuries, Santa Cruz Island sup-
ported exotic populations of cattle, sheep, and pigs, which adversely impacted the native
plant community. Restorationists initiated a program to eradicate cattle and sheep. Following
the decline of these two exotic herbivores, European fennel (Foeniculum vulgare) rapidly be-
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came the dominant plant species on the island (Zavaleta et al. 2001). This improved the
plant forage base for feral pigs, resulting in an increase in pig numbers. Feral pigs have sub-
sequently devastated native plant communities as a result of their digging and grubbing
(Power 2001). These interactions would not have been predicted from a simple herbivore-
plant model, as they involve a series of direct and indirect interactions among a mix of native
and exotic plants and herbivores.

Food-web interactions involving predators on Santa Cruz Island also have restoration sig-
nificance (Roemer et al. 2001; Roemer et al. 2002). Santa Cruz Island historically supported
two carnivores—the endemic (and endangered) island fox (Urocyon littoralis) and the island
spotted skunk (Spilogale gracilis amphiala). Introduction of feral pigs in the mid-nineteenth
century expanded the prey resource base, ultimately allowing the island to be colonized by
golden eagles (Acquila chrysaetos) from the mainland. Golden eagles have since become sig-
nificant fox predators, with the result that the endemic island fox has declined dramatically
(Roemer et al. 2002). In turn, skunk populations have increased due to competitive release
from their main competitor, the island fox. As with the fennel-pig interactions described
above, recognizing these more complex food-web interactions will be a central part of devel-
oping a restoration strategy for these island ecosystems. These examples demonstrate the po-
tential role of indirect food-web interactions in determining ecosystem response to restora-
tion. Simple food-chain models would not have predicted the observed changes, thus
underscoring the importance of being familiar with the other types of food-web interactions. 

Because islands are isolated ecosystems, they are free from the heavy influence of land-
scape context that can complicate restoration at mainland sites. In addition, islands are con-
ducive for whole-ecosystem experimental approaches to restoration, allowing comparisons
between experimental and reference ecosystems (Donlan et al. 2002). Yet the majority of
restoration projects occur on mainland systems, meaning that restoration sites are nested
within a broader landscape context (Ehrenfeld and Toth 1997). For example, while the
boundaries of a wetland restoration site may be easily delimited, this target ecosystem is con-
nected in diverse ways to its broader landscape context. Nutrients and consumers may be im-
ported or exported from the wetland via a connecting stream, while mobile consumers
(mammals, birds, insects) move across the wetland boundary. Consumers may be dependent
on the restoration site to satisfy some needs, and areas outside the restoration site for others
(i.e., feeding grounds, reproductive areas, refuge from predators). While restorationists may
have some control over what happens within the boundaries of the restoration site, the
broader linkages to the surrounding landscape are likely beyond their control. A food-web ap-
proach recognizes linkages beyond the boundaries of the restoration site and includes the
broader landscape and ecosystem context of ecological restoration (Ehrenfeld and Toth
1997; Nakano and Murakami 2001).

A dramatic example in which the dynamics of distinct habitats are linked by mobile con-
sumers is that of lesser snow geese, which migrate between arctic breeding grounds in
Canada and wintering grounds in the central United States (Jefferies 2000; Jefferies et al.
2004). Intensification of agricultural activities and fertilizer use in the central United States
during the past century has shifted snow goose wintering grounds from coastal marshes to
agricultural areas. In effect, this has subsidized snow goose populations, allowing a 5‰ an-
nual increase in snow goose population size. The effects of this population explosion are
readily evident in the coastal breeding habitats around Hudson Bay, Canada, approximately
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5,000 km from their winter feeding grounds, producing what has been described as a spatially
subsidized trophic cascade (Jefferies et al. 2004). Goose overabundance has intensified graz-
ing and grubbing in breeding grounds. The local impacts of this range from decreased plant
cover and productivity, to the transformation of intertidal salt marshes to bare mudflats, a pro-
cess involving positive feedback mechanisms analogous to that of desertification (Jefferies
2000; Jefferies et al. 2004). Subsequent changes in ecosystem processes, as well as declines in
bird and insect communities have also been documented (Jefferies et al. 2004). Restoration
of breeding ground habitat would likely necessitate wholesale changes in agricultural man-
agement practices in the United States, an unlikely prospect considering the remoteness of
the impacted habitat and the vast spatial separation between the two areas. This is a clear ex-
ample of how the dynamics of spatially separated habitats can be closely linked trophically,
and it highlights the need to better understand landscape-level food-web linkages (Polis et al.
2004). 

Invasions and Reintroductions
Biological invasions are of global concern because of mounting economic and ecological
costs (Lodge and Shrader-Frechette 2003). Exotic species can pose major barriers to achiev-
ing restoration goals, which are often focused on native species and communities (D’Antonio
and Chambers, this volume). Yet with accumulating numbers of exotics, eradication may not
be compatible with restoration goals due to food-web interactions involving native and exotic
species (Box 8.1). In addition, exotics are not always considered harmful (Ewel and Putz
2004). In the Laurentian Great Lakes, exotics have adversely affected native biodiversity,
though food chains comprising exotic species now support valuable sport fisheries, and the
native predators in these systems are now partially reliant on exotic prey (Kitchell et al. 2000).
Indeed, non-native species are sometimes used for achieving desired restoration goals and
providing ecosystem functions (Ewel and Putz 2004). This does not negate the adverse im-
pacts that exotic species have had on global biodiversity (Wilcove et al. 1998), and reliance
on exotics warrants thoughtful consideration of costs, benefits, and other constraints to
restoration. Once established, many undesirable invasive species are difficult to control since
they tend to be r strategists, with high reproductive rates, broad environmental tolerances,
and high dispersal abilities (Elton 1958). In addition, “disturbed” systems, the very sites that
require restoration, are more likely to be invasible (Mack et al. 2000), and invasive species
may themselves be an agent of disturbance that can promote further invasions, leading to
what has been termed an invasion “meltdown” (Ricciardi and Maclsaac 2000). There are
also many cases where exotics prevent the reestablishment of desired native species (Sim-
berloff 1990; Vitousek 1990), whose recovery is often a primary goal of ecological restoration
(Bowles and Whelan 1994). 

Several trout species (brown trout, brook trout, lake trout, rainbow trout) have been
widely introduced throughout the world. These species have generally been viewed as “de-
sirable” exotics since they provide valuable recreational fisheries. Yet as the broader ecosys-
tem and food-web consequences of these introductions have been documented, this per-
spective is shifting toward a more cautious view of trout introductions (Flecker and
Townsend 1994; Knapp et al. 2000; Schindler et al. 2000). A notable example of food-web in-
teractions involving exotic trout and native species in a restoration context can be seen in the
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Colorado River below Glen Canyon Dam (Stevens et al. 2001). The population size of the
native humpback chub (Gila cypha) has declined precipitously in the last decade (GCMRC
2003). In response, restoration has focused on the removal of rainbow trout (Oncorhynchus
mykiss) to examine whether trout predation on juvenile chub is limiting their recovery
(Marsh and Douglas 1997). 
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Box 8.1 

Complex Food Webs and Management of Exotic Species
Conventional wisdom suggests that undesired exotics should be controlled during restora-
tion. But this may not always be the preferred course of action (Ewel and Putz 2004), and the
ever-increasing numbers of invaders makes removal decisions more complex. What happens
when a desired native animal species comes to depend on an exotic plant for feeding or nest-
ing habitat (Zavaleta et al. 2001)? This was the case in the southwestern United States,
where declines in native riparian vegetation forced the endangered Southwestern willow fly-
catcher (Empidonax traillii extimus) to rely on exotic salt cedar Tamarix for habitat. Removal
of Tamarix, in the absence of concurrent efforts to restore native vegetation, would likely ad-
versely affect this endangered species, underscoring the need for thoughtful consideration of
secondary effects of invasive species removal.

Another concern is the growing number of systems with several exotics interacting at dif-
ferent trophic levels. Again, food-web interactions may be such that exotic species control
may have unexpected consequences for desired native species. Although there are many sce-
narios, Smith and Quin (1996) reported that declines of Australian island-dwelling mam-
mals were most severe on islands containing both exotic predators (cats, foxes) and prey (rab-
bits, mice). To explain this pattern, they proposed a “hyperpredation” hypothesis, in which
exotic predator populations were maintained at artificially high levels due to consumption of
exotic prey, thereby increasing predation rates on native prey species. This process is analo-
gous to apparent competition—in that alternative prey leads to increased predation rates on
native species (Courchamp et al. 2000; Courchamp et al. 2003), and highlights the diversity
of trophic interactions that can occur where food webs comprise a mix of exotic and native
species. In this example, modeling results of Courchamp et al. (1999) indicate that simulta-
neous control of exotic predators and prey would be the best strategy for conserving native is-
land vertebrate species. 
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While trout are common exotic species, populations of these same trout species are often
extirpated in their native range due to loss of habitat, water quality degradation, exploitation,
obstructions to migration, and exotics (Donald and Alger 1993; Gunn et al. 2004). Not only
are trout viewed as “sensitive,” but theory indicates that extinction risk increases with body
size and trophic level and that top predators are vulnerable to habitat fragmentation and
degradation (Pimm 1991). This suggests that top predators would be particularly difficult to
reestablish (Lawton 2000). Indeed, for a reintroduction to succeed, reintroduced individuals
must survive at low population levels and successfully reproduce in spite of predators, com-
petitors, and pathogens. While these are the same challenges faced by invasive species, this
highlights the need to better understand food-web interactions involving exotic and native
species in the context of ecological restoration.

While biological invasions are an important aspect of global environmental change, and
of great importance to ecological restoration (Vitousek et al. 1996), human alteration of phys-
ical processes in ecosystems may also have important food-web implications. Restoring or
maintaining natural flow regimes is critical for maintaining the integrity of riverine ecosys-
tems (Poff et al. 1997; Richter et al. 1997). In Pacific Northwest rivers, human alteration of
stream flow patterns has disrupted food-web interactions (Power et al. 1996a; Wootton et al.
1996). In response, there has been interest in how linkages between flood disturbance and
food-chain length in rivers could guide the restoration of riverine food chains (Power et al.
1996b; Marks et al. 2000). In unregulated streams in the southwestern United States, the nat-
ural flooding regime has allowed the continued persistence of native fishes despite the pres-
ence of exotic predatory fishes (Meffe 1984). Similarly, the occurrence of seminatural flow
regimes in dammed rivers during high precipitation years resulted in greater dominance of
natives fishes (Probst and Gido 2004). Recognition that natural flow regimes promote the
persistence of desired native species has been the basis for experimental flow releases on the
Colorado River aimed at rebuilding aquatic habitats that were lost following dam construc-
tion (Valdez et al. 2001).

Food-Web Assembly
Ecological communities are not static entities but rather are dynamic in their composition,
typically accumulating species through time following disturbances. Community ecologists
have examined whether simple rules and the order of species introductions govern the com-
position of ecological communities. These ideas comprise what are known as the study of
ecological assembly rules, which have played a central role in community ecology (Diamond
1975; Weiher and Keddy 1999). It is important to note that “communities” studied by com-
munity ecologists are most often a single trophic group (i.e., “the plant community” or “the
bird community”) (Drake 1990). Few studies have examined ecological assembly involving
interacting species across several trophic levels. One approach to examine ecological assem-
bly has been to assemble food webs in small containers or laboratory beakers. These micro-
cosm food-web studies generally find that changing the sequence of species introduction dur-
ing food-web assembly can produce very different community outcomes (Robinson and
Dickerson 1987; Drake 1990). For example, a species that is competitively dominant under
one set of circumstances may be unable to establish given a different assembly scenario
(Drake 1990, 1991). Simulation models of food-web assembly generally predict that species-
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rich, complex food webs better resist invaders and their disruptive impacts (Post and Pimm
1983; Robinson and Dickerson 1987; Drake 1991). These studies also indicate that food webs
with more links per species are more resistant to invasions (Robinson and Valentine 1979;
Post and Pimm 1983). Though the applicability of microcosm studies and simulation models
to real ecosystems is uncertain, this work suggests that species diversity, food-web connectiv-
ity, and introduction sequence may be important considerations in ecological restoration. 

One example of food-web assembly concepts being incorporated into ecological restora-
tion involves lake restoration efforts in the region of Sudbury, Ontario (Gunn 1995). Follow-
ing the successful control of industrial sulfur emissions in the region, lake pH has improved to
levels (pH > 5.5–6.0) capable of supporting top predators such as lake trout (Salvelinus na-
maycush) and smallmouth bass (Micropterus dolomieu). The success of predator reintroduc-
tion has recently been examined in these acid-recovering Ontario lakes (Gunn and Mills
1998; Snucins and Gunn 2003). Lake trout, the native top predator, recovered (i.e., recruited
successfully in the absence of stocking) rapidly in lakes with few fish species, while in species-
rich systems lake trout were slow or even unable to reestablish. This suggests that community
attributes or reintroduction order (priority effects) may play a role in the recovery of this
species. In contrast, reintroduced smallmouth bass established rapidly, regardless of commu-
nity composition (Snucins and Gunn 2003). Smallmouth bass have well-documented preda-
tory impacts on forage fishes (Whittier and Kincaid 1999; Findlay et al. 2000) and adverse
competitive impacts on lake trout (Vander Zanden et al. 1999), though the strength of small-
mouth bass–lake trout interactions is mediated by the presence of pelagic forage fishes (Van-
der Zanden et al. 2004). Restoration of native community assemblages in these lakes will re-
quire further attention to priority effects and the order of species reintroductions (Evans and
Olver 1995; Gunn and Mills 1998; Snucins and Gunn 2003). In acid-recovering lakes, lake
trout should be reintroduced as early as possible in the reassembly process (Snucins and Gunn
2003), although such a strategy may limit the subsequent chance of successfully establishing
native prey fishes that are vulnerable to lake trout predation. These lakes should also be pro-
tected from unauthorized introductions of rock bass and smallmouth bass, at least until self-
sustaining lake trout populations establish. Lake trout are a critical component of shield lake
ecosystems—not only do they provide an important fishery, but they are also an important in-
dicator of ecosystem integrity (Gunn et al. 2004). An understanding of food-web interactions
in these systems suggests that species introductions should be controlled during the restoration
process, at least until desired components of the community have established. Yet in other
cases, desired native species may come to depend on exotics in various ways (Kitchell et al.
2000; Zavaleta et al. 2001), such that the broader food-web and ecosystem consequences of ex-
otic species removals also need to be carefully considered (Zavaleta et al. 2001). 

Application of Stable Isotopes to Restoration 
Restoration efforts have traditionally targeted individual species, guilds, or communities,
though there is increasing interest in restoration of ecosystem-level processes such as natural
flow regimes in rivers (Poff et al. 1997), or fire regimes in terrestrial systems (Baker and Shin-
neman 2004). Restoration of food-web interactions has also been discussed as a potential
restoration goal that incorporates aspects of ecosystem function (Palmer et al. 1997), al-
though the idea has not often been applied in restoration projects. The key reason has been
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that monitoring food webs is not a trivial task: food webs are complex, and trophic interactions
are highly variable in space and time. Stable isotope techniques are used increasingly to infer
the movement of energy in food webs (Peterson and Fry 1987; Dawson et al. 2002). Ratios of
stable isotopes (13C/12C and 15N/14N, expressed as δ notation relative to a known standard),
vary predictably from resource to consumer tissues. For example, plants with C4 photosyn-
thetic pathways are enriched in 13C relative to C3 plants. These differences in plant δ13C are
preserved in consumer tissues, such that δ13C is an indicator of the ultimate sources of carbon
in food webs. In contrast, protein biosynthesis and catabolism tend to excrete the lighter N iso-
tope, resulting in a 3%/4% enrichment of δ15N from prey to predator. Nitrogen isotopes have
therefore been used to infer trophic position of consumers in complex food webs (Vander
Zanden and Rasmussen 2001). 

Stable isotopes provide a powerful tool for monitoring and evaluating food-web linkages,
greatly facilitating the incorporation of food-web approaches into restoration ecology. For ex-
ample, Gratton and Denno (unpublished) used stable isotopes to monitor arthropod food
webs in New Jersey salt marshes that have been restored to Spartina following the extirpation
of exotic Phragmites. The trophic position of most consumers including the top predatory
spiders were indistinguishable from those in reference Spartina habitats with no history of
Phragmites invasion (Figure 8.4) indicating that trophic interactions among arthropod con-
sumers had been largely reestablished in restored habitats in less than five years. In the same
marshes, Currin et al. (2003) used stable isotopes to show that benthic microalgae and
Spartina-derived organic matter were a significant component of the diet of mummichogs,
Fundulus heteroclitus, in Spartina-dominated marshes. Reliance on these resources was
much lower in Phragmites-invaded areas. Energy sources for fish in restored marshes were in-
termediate between Phragmites and Spartina marshes. Thus, stable isotopes were useful in
delineating resources use by consumers in degraded (invaded), restored, and reference habi-
tats. In the case of arthropods, the isotope data suggests that consumers utilized resources de-
rived primarily from the habitat in which they were collected and as habitats were restored,
predators integrated into the local food webs. 

Stable isotopes have also been used to assess the restoration of southern California salt
marshes (Kwak and Zedler 1997). Recent work indicates that marsh-derived algae and vascu-
lar plants, particularly Spartina, are important energy sources for invertebrates and fish
(Kwak and Zedler 1997; Desmond et al. 2000; West and Zedler 2000; Madon et al. 2001),
supporting the idea that these habitats should be managed as a single ecosystem. Mitigation
and restoration projects in southern California coastal areas have focused either on the cre-
ation of basin or channel habitat for fishes or, alternatively, the creation of coastal salt
marshes as habitat for endangered birds (i.e., light-footed clapper rail [Rallus longirostris
levipes] and Belding’s savannah sparrow [Passerculus sandwichensis beldingi]). While both
are valid restoration targets, restoration of habitat for fishes and endangered birds may have
erroneously been viewed as competing objectives (Kwak and Zedler 1997). In light of recent
research documenting the importance of linkages between these two habitats (Desmond et
al. 2000; West and Zedler 2000; Madon et al. 2001), future restoration efforts should focus on
the creation of integrated channel–tidal salt marsh systems, which is expected to simultane-
ously accomplish both restoration objectives. 

Food-web approaches are also valuable for assessing long-term changes and the restora-
tion potential of ecosystems. Lake Tahoe has undergone substantial change during the past
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century, including eutrophication, exotic introductions, and extirpation of the native top
predator, Lahontan cutthroat trout (LCT; Onorchynchus clarki henshawi) (Jassby et al.
2001). Vander Zanden (2003) used stable isotopes to characterize historical food-web
changes in Lake Tahoe based on analysis of contemporary and preserved museum speci-
mens. The introduction of exotic freshwater shrimp (Mysis relicta) and lake trout have sub-
stantially disrupted the pelagic food-web structure of Lake Tahoe (Figure 8.5). These two ex-
otics are extremely abundant and both have strong impacts on other species in the pelagic
zone of Lake Tahoe. For these reasons, it is likely that these food-web alterations may limit
the restoration potential of LCT in Lake Tahoe. Interestingly, native food webs in two Tahoe
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Figure 8.4 δ13C stable isotope box-plot (median and interquartile range) of dominant spider
predators from reference Spartina, restored Spartina, and Phragmites-dominated habitats within
the Alloway Creek Watershed Restoration site (Salem County, New Jersey, USA). Dotted lines
indicate the ranges of the basal resources (Phragmites or Spartina) in each habitat. Spiders in re-
stored habitats are feeding on Spartina-based resources (herbivores and other predators) and are
indistinguishable from the same species found in reference habitats, while Phragmites-collected
spiders are feeding on non-Phragmites-based resources, likely detritivores. Spider species are (1)
Tetragnatha sp., (2) Pachygnatha, (3) Grammonota trivittata, (4) Hentzia sp., (5) Clubiona sp.,
(6) Pardosa sp. From Gratton and Denno, unpublished.



Figure 8.5 Food-web structure of Lake Tahoe based on stable isotope analysis of present-day
and historical, museum-archived tissue samples. Food webs are presented for several time peri-
ods: 1880s, 1960s, 2000s. Species represented are lct = Lahontan cutthroat trout; tp = tui chub
(pelagic morph); whi = mountain whitefish; suc = Tahoe sucker; dac = Lahontan speckled dace;
scu = Paiute sculpin; red = Lahontan redside shiner; tb = tui chub (benthic morph); kok = koka-
nee salmon; lt = lake trout (all individuals); llt = large lake trout (>58 cm); slt = small lake trout
(< 58 cm). The trend is toward increased pelagic production, and replacement of native Lahon-
tan cutthroat trout with lake trout. Based on Vander Zanden et al. (2003).
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basin headwater lakes (Cascade Lake and Fallen Leaf Lake) are still relatively intact despite
some non-native introductions, and stable isotopes indicate that food webs in these lakes re-
semble that of Lake Tahoe prior to exotic introductions (Vander Zanden et al. 2003, unpub-
lished data). These smaller and relatively unaltered systems are ideal candidates for “experi-
menting” with native LCT reintroductions, and the U.S. Fish and Wildlife Service has been
reintroducing LCT into Fallen Leaf Lake since 2002. Ongoing studies are assessing the im-
pact of lake trout predation on LCT in Fallen Leaf Lake during this experimental reintro-
duction, so that knowledge gained can be meaningfully applied to the restoration of LCT in
other systems. The food-web component of this work also provides an opportunity to examine
whether historical food-web niches are regained when formerly extirpated species are
reestablished (Vander Zanden et al. 2003).

The above studies demonstrate the potential value of stable isotopes as a tool not only for
documenting how food webs have been altered relative to reference conditions, but also for
identifying important energy sources for restoration target organisms and assessing food-web
recovery as systems move along restoration trajectories. Monitoring schemes that only con-
sider presence/absence or abundance of species may overlook important food-web interac-
tions as well as other important functional attributes of recovering ecosystems. 

Areas of Research Need and Opportunity

Linkages between basic ecological research and restoration practice are weak, potentially
hindering further advancements in both fields (Palmer et al. 1997; Hobbs and Harris 2001).
“Bridging the gap,” or perhaps “blurring the lines” between basic ecology and on-the-
ground restoration represents a major challenge to both researchers and practitioners
(Hobbs and Harris 2001). The good news is that restoration ecology has demonstrated that
the degradation of ecosystems is often reversible, and there is ample evidence that restora-
tion can be effective in nudging ecosystems toward a desired state (Dobson et al. 1997;
Young 2000; Young et al. 2001). As a result, ecological restoration will play a growing role
in global efforts to manage ecosystems to maximize ecosystem services and support biodi-
versity (Dobson et al. 1997). In this section, we have discussed how an understanding of
food-web interactions can contribute to ecological restoration. Below, we identify some of
the challenges and opportunities likely to be encountered in the application of food-web
ecology to ecological restoration.

Food-Web Interactions and Adaptive Management 
In some ecosystems, food-web interactions are critical in structuring ecosystems, while in
other ecosystems, habitat and bottom-up factors likely drive ecosystem dynamics. How can
we identify ecosystems in which predation and top-down forces are important for structuring
the food web? Experimental manipulations of consumers and resources can be used to ex-
amine this, though in many systems the necessary manipulations are not practical or feasible.
Observational studies and a “natural history” understanding of a system can provide some ba-
sis for identifying what factors are responsible for structuring a food web, though important
food-web interactions may simply not be apparent without experimentation (Carpenter and



Kitchell 1993; Silliman and Zieman 2001; Silliman and Bertness 2002). In the absence of ex-
perimentation, there remains a need to understand whether ecosystems are dominated by
top-down (predation) or bottom-up (habitat and productivity) forces, how these dual forces
interact, and the role of indirect and other complex food-web interactions.

The above issues are difficult to resolve because ecological restoration projects are typi-
cally carried out at the whole-ecosystem level, while much of modern ecology is based on
small-scale, but highly replicated, experiments. Can we scale up from small-scale experi-
ments to the management and restoration of real ecosystems? Microcosm and small-scale ex-
periments suffer from “cage-effects,” whereby the results are simply an artifact of the artificial
conditions of the experimental manipulation. Such findings cannot be generalized or
“scaled up” to real ecosystems. Small-scale approaches are also likely to fail to capture rele-
vant food-web processes such as cross-habitat linkages (Polis et al. 2004), complex trophic in-
teractions (Carpenter 1996; Roemer et al. 2002), and the role of mobile predators (Soulé and
Terborgh 1999). The obvious alternative is to conduct large-scale, whole-ecosystem manipu-
lations (Carpenter et al. 1995; Zedler 2001). Restoration projects provide unique opportuni-
ties for whole-ecosystem experiments within an adaptive management, “learning-by-doing,”
framework (Zedler 2001; Holl et al. 2003). Such experiments speed the accumulation of
knowledge about food webs and the response of ecosystems to management actions and has-
ten the application of ecological knowledge to restoration (Walters 1986; Donlan et al. 2002).
In addition, ecological restoration has great potential to improve basic understanding of food
webs and inspire new directions in food-web theory with more direct relevance to ecosystem
management (Palmer et al. 1997). 

The Backdrop of Exotics and Global Change 
While the restoration potential of many ecosystems may be high, we have less optimism
about restoration in light of accelerating species invasions, which may severely limit
prospects for achieving restoration goals (Donlan et al. 2003). Combined with global climate
change, it is certain that existing food webs will be torn apart, and new food webs will be re-
assembled (Root and Schneider 1993). The “rules of engagement” in ecosystems will
change, yielding completely new outcomes and interactions (Lawton 2000). Restoring
ecosystems within the context of the shifting backdrop of climate change and exotics seri-
ously confounds the task at hand, necessitating a more complete incorporation of food-web,
landscape, and ecosystem perspectives (D’Antonio and Chambers, this volume). Restoration
ecology will draw increasingly from the field of invasion biology, and it will demand im-
proved methods for controlling undesirable exotics. Perhaps a more critical challenge will be
to find ways to manage ecosystems so as to maintain native biodiversity and ecosystem ser-
vices in the face of invasive exotics (Kitchell et al. 2000; Rosenzweig 2003). In some cases, re-
liance on non-native species may be crucial for promoting restoration of energy flows and
higher trophic levels, and food-web approaches will figure prominently into assessing the
value and viability of such efforts (Kitchell et al. 2000; Ewel and Putz 2004). Sustaining na-
tive biodiversity will undoubtedly require intensive ecosystem management, which will be
carried out by researcher-managers working at the interface of basic and applied ecology
(Rosenzweig 2003).
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Summary

The study of food webs represents a rapidly expanding subfield of ecology with the goal of un-
derstanding and predicting multispecies interactions. Though ecologists have long recog-
nized the interconnectedness of species in ecosystems, new tools and new paradigms are al-
lowing advances in our understanding of food-web interactions, particularly the role of
predation and indirect effects in structuring ecosystems. We have suggested that restoration
of food-web interactions may not necessarily follow restoration of the plant community or
physical habitat features (i.e., the “field of dreams” paradigm—that is, “build it, and they will
come”) (Palmer et al. 1997). While restoration of habitat is critical, it is not guaranteed that
the desired consumer taxa will recolonize and food webs will assemble as expected. The field
of dreams approach may be sufficient in some systems, while inadequate in others. In addi-
tion, nuisance exotic species can be a barrier to achieving restoration goals. We presented sev-
eral examples in which food-web interactions affect attributes of the ecosystem in important
ways, with important and often poorly appreciated implications for restoration. Viewing
restoration at the whole-ecosystem level and incorporating a food-web perspective can con-
tribute in a real way to ecological restoration efforts (Soulé and Terborgh 1999; Roemer et al.
2002; Donlan et al. 2003). We offered that further advances will derive from restorationists
incorporating “food-web thinking” into restoration projects and treating their efforts as
ecosystem experiments. Food-web ecology has demonstrated the value of more holistic ap-
proaches for understanding species and ecosystems, lessons that will undoubtedly contribute
toward efforts to restore ecosystems. 

Acknowledgments

Thanks to Matt Diebel, Jeff Maxted, Helen Sarakinos, Sudeep Chandra, and Dave Pepin for
helpful comments and discussion on the manuscript. Bill Feeny helped prepare the figures.
Special thanks to the editors for their useful input and for giving us the opportunity to con-
tribute to this book. M. Jake Vander Zanden received financial support from the Wisconsin
Sea Grant Institute, the Great Lakes Fishery Commission, and the Wisconsin Department of
Natural Resources. 

Literature Cited

Abrams, P. A., B. A. Menge, G. G. Mittelbach, D. A. Spiller, and P. Yodzis. 1996. The role of indirect effects
in food webs. In Food webs: Integration of patterns and dynamics, ed. G. A. Polis and K. A. Winemiller,
371–395. New York: Chapman & Hall. 

Baker, W. L., and D. J. Shinneman. 2004. Fire and restoration of pinon-juniper woodlands in the western
United States: A review. Forest Ecology and Management 189:1–21.

Berger, J., P. B. Stacey, L. Bellis, and M. P. Johnson. 2001. A mammalian predator-prey imbalance: Grizzly
bear and wolf extinction affect avian noetropical migrants. Ecological Applications 11:947–960.

Beschta, R. L. 2003. Cottonwoods, elk, and wolves in the Lamar Valley of Yellowstone National Park. Eco-
logical Applications 13:1295–1309.

Bowles, M. L., and C. J. Whelan. 1994. Restoration of endangered species. Cambridge, UK: Cambridge Uni-
versity Press.

Carpenter, S. R. 1996. Microcosm experiments have limited relevance for community and ecosystem ecol-
ogy. Ecology 77:677–680.

Carpenter, S. R., N. F. Caraco, D. L. Correll, R. W. Howarth, A. N. Sharpley, and V. H. Smith. 1998. Non-
point pollution of surface waters with phosphorus and nitrogen. Ecological Applications 8:559–568.

184 restoring ecological function



Carpenter, S. R., S. W. Chisholm, C. J. Krebs, D. W. Schindler, and R. F. Wright. 1995. Ecosystem experi-
ments. Science 269:324–327.

Carpenter, S. R., J. J. Cole, J. R. Hodgson, J. F. Kitchell, M. L. Pace, D. Bade, K. L. Cottingham, T. E. Es-
sington, J. N. Houser, and D. E. Schindler. 2001. Trophic cascades, nutrients, and lake productivity:
Whole-lake experiments. Ecological Monographs 71:163–186.

Carpenter, S. R., and J. F. Kitchell. 1993. The trophic cascade in lakes. Cambridge, UK: Cambridge Univer-
sity Press.

Carpenter, S. R., J. F. Kitchell, and J. R. Hodgson. 1985. Cascading trophic interactions and lake productiv-
ity. Bioscience 35:634–639.

Crooks, K. R., and M. E. Soulé. 1999. Mesopredator release and avifaunal extinctions in a fragmented sys-
tem. Nature 400:563–566.

Currin, C. A., S. C. Waignright, K. W. Able, M. P. Weinstein, and C. M. Fuller 2003. Determination of food
web support and trophic position of the mummichog, Fundulus heteroclitus, in New Jersey smooth cord-
grass (Spartina alterniflora), common reed (Phragmites australis), and restored salt marshes. Estuaries
26:495–510.

Dawson, T. E., S. Mambelli, A. H. Plamboeck, P. H. Templer, and K. P. Tu. 2002. Stable isotopes in plant
ecology. Annual Review of Ecology and Systematics 33:507–559.

Denno, R. F., C. Gratton, H. Dobel, and D. L. Finke. 2003. Predation risk affects relative strength of top-
down and bottom-up impacts on insect herbivores. Ecology 84:1032–1044.

Desmond, J., J. B. Zedler, and G. D. Williams. 2000. Fish use of tidal creek habitats in two southern Cali-
fornia salt marshes. Ecological Engineering 14:233–252.

Diamond, J. M. 1975. Assembly of species communities. In Ecology and evolution of communities, ed. M. L.
Cody and J. M. Diamond, 342–444. Cambridge: Harvard University Press.

Dobson, A. P., A. D. Bradshaw, and A. J. M. Baker. 1997. Hope for the future: Restoration ecology and con-
servation biology. Science 277:515–522.

Donald, D. B., and D. J. Alger. 1993. Geographic distribution, species displacement, and niche overlap for
lake trout and bull trout in mountain lakes. Canadian Journal of Zoology 71:238–247.

Donlan, C. J., D. A. Croll, and B. R. Tershy. 2003. Islands, exotic herbivores, and invasive plants: Their roles
in coastal California restoration. Restoration Ecology 11:524–530.

Donlan, C. J., B. R. Tershy, and D. A. Croll. 2002. Islands and introduced herbivores: Conservation action
as ecosystem experimentation. Journal of Applied Ecology 39:235–246.

Drake, J. A. 1990. Communities as assembled structures: Do rules govern pattern? Trends in Ecology & Evo-
lution 5:159–163.

Drake, J. A. 1991. Community-assembly mechanics and the structure of an experimental species ensemble.
American Naturalist 137:1–26.

Ehrenfeld, J. G., and L. A. Toth. 1997. Restoration ecology and the ecosystem perspective. Restoration Ecol-
ogy 5:307–317.

Elton, C. 1927. Animal ecology. New York: Macmillan.
Elton, C. S. 1958. The ecology of invasions by animals and plants. New York: John Wiley & Sons.
Evans, D. O., and C. H. Olver. 1995. Introduction of lake trout (Salvelinus namaycush) to inland lakes of

Ontario, Canada: Factors contributing to successful colonization. Journal of Great Lakes Research 21
(suppl. 1): 30–53.

Ewel, J. J., and F. E. Putz. 2004. A place for alien species in ecosystem restoration. Frontiers in Ecology and
the Environment 2:354–360.

Findlay, C. S., D. G. Bert, and L. Zheng. 2000. Effect of introduced piscivores on native minnow commu-
nities in Adirondack lakes. Canadian Journal of Fisheries and Aquatic Sciences 57:570–580.

Flecker, A. S., and C. R. Townsend. 1994. Community-wide consequences of trout introductions in New
Zealand streams. Ecological Applications 4:798–807.

Fretwell, S. 1987. Food chain dynamics: The central theory of ecology? Oikos 50:291–301.
Grand Canyon Monitoring and Research Center (GCMRC). 2003. An overview of status and trend informa-

tion for the Grand Canyon population of humpback chub, Gila cypha. Flagstaff: Grand Canyon Moni-
toring and Research Center.

Gunn, J. M. 1995. Restoration and recovery of an industrial region. New York: Springer-Verlag.
Gunn, J. M., and K. H. Mills. 1998. The potential for restoration of acid-damaged lake trout lakes. Restora-

tion Ecology 6:390–397. 

8. Food-Web Approaches in Restoration Ecology 185



Gunn, J. M., R. J. Steedman, and R. A. Ryder. 2004. Boreal shield watersheds: Lake trout ecosystems in a
changing environment. Boca Raton: Lewis Publishers.

Hairston, N. G. Jr, and N. G. Hairston, Sr. 1993. Cause and effect relationships in energy flow, trophic struc-
ture, and interspecific interactions. American Naturalist 142:379–411. 

Hairston, N. G. Sr, S., F. E. Smith, and L. B. Slobodkin. 1960. Community structure, population control,
and competition. American Naturalist 94:421–425. 

Hall, S. J., and D. Raffaelli. 1991. Food-web patterns: Lessons from a species-rich web. Journal of Animal
Ecology 60:823–842.

Hansson, L. A., H. Annadotter, E. Bergman, S. F. Hamrin, E. Jeppesen, T. Kairesalo, E. Loukkanen, P. Nils-
son, M. Sondergaard, and J. Strand. 1998. Biomanipulation as an application of food-chain theory: Con-
straints, synthesis, and recommendations for temperate lakes. Ecosystems 1:558–574.

Hobbs, R. J., and J. A. Harris. 2001. Restoration ecology: Repairing the Earth’s ecosystems in the new mil-
lennium. Restoration Ecology 9:239–246.

Holl, K. D., E. E. Crone, and C. B. Schultz. 2003. Landscape restoration: Moving from generalities to
methodologies. Bioscience 53:491–502.

Holt, R. D. 1977. Predation, apparent competition, and the structure of prey communities. Theoretical Pop-
ulation Biology 12:197–229.

Holt, R. D., and J. H. Lawton. 1994. The ecological consequences of shared natural enemies. Annual Review
of Ecology and Systematics 25:495–520.

Horppila, J., H. Peltonen, T. Malinen, E. Luokkanen, and T. Kairesalo. 1998. Top-down or bottom-up ef-
fects by fish: Issues of concern in biomanipulation of lakes. Restoration Ecology 6:20–28.

Hunter, M. D., and P. W. Price. 1992. Playing chutes and ladders: Heterogeneity and the relative roles of
bottom-up and top-down forces in natural communities. Ecology 73:724–732.

Jassby, A. D., C. R. Goldman, J. E. Reuter, R. C. Richards, and A. C. Heyvaert. 2001. Lake Tahoe: Diag-
nosis and rehabilitation of a large mountain lake. In The great lakes of the world (GLOW): Food-web,
health, and integrity, ed. M. Munawar and R. E. Hecky, 431–454. Leiden, The Netherlands: Backhuys
Publishers.

Jefferies, R. L. 2000. Allochthonous inputs: Integration population changes and food web dynamics. Trends
in Ecology & Evolution 15:19–22.

Jefferies, R. L., H. A. L. Henry, and K. F. Abraham. 2004. Agricultural nutrient subsidies to migratory geese
and change in arctic coastal habitats. In Food webs at the landscape level, ed. G. A. Polis, M. E. Power,
and G. R. Huxel, 268–283. Chicago: University of Chicago Press.

Jeppesen, E., J. P. Jensen, M. Sondergaard, T. Lauridsen, L. J. Pedersen, and L. Jensen. 1997. Top-down con-
trol in freshwater lakes: The role of nutrient state, submerged macrophytes and water depth. Hydrobiolo-
gia 342–343:151–164.

Jordan III, W. R., M. E. Gilpin, and J. D. Aber. 1987. Restoration ecology: A synthetic approach to ecological
research. Cambridge, U.K.: Cambridge University Press.

Kitchell, J. F., S. P. Cox, C. J. Harvey, T. B. Johnson, D. M. Mason, K. K. Schoen, K. Aydin, C. Bronte, M.
Ebener, M. Hansen, M. Hoff, S. Schram, D. Schreiner, and C. J. Walters. 2000. Sustainability of the
Lake Superior fish community: Interactions in a food web context. Ecosystems 3:545–560.

Knapp, R. A., P. S. Corn, and D. E. Schindler. 2000. The introduction of non-native fish into wilderness
lakes: Good intentions, conflicting mandates and unintended consequences. Ecosystems 4:275–278.

Kwak, T. J., and J. B. Zedler. 1997. Food web analysis of southern California coastal wetlands using multiple
stable isotopes. Oecologia 110:262–277.

Lawton, J. H. 2000. Community ecology in a changing world. Luhe, Germany: Ecology Institute.
Leibold, M. A. 1989. Resource edibility and the effect of predators and productivity on the outcome of

trophic interactions. American Naturalist 134:922–949.
Lindeman, R. L. 1942. The trophic-dynamic aspect of ecology. Ecology 23:399–418.
Lodge, D. M., and K. Shrader-Frechette. 2003. Nonindigenous species: Ecological explanation, environ-

mental ethics, and public policy. Conservation Biology 17:31–37.
Mack, R. N., D. Simberloff, W. M. Lonsdale, H. Evans, M. Clout, and F. A. Bazzaz. 2000. Biotic invasions:

Causes, epidemiology, global consequences, and control. Ecological Applications 10:689–710.
Madon, S. P., G. D. Williams, J. M. West, and J. B. Zedler. 2001. The importance of marsh access to growth

of the California killifish, Fundulus parvipinnis, evaluated through bioenergetics modeling. Ecological
Modelling 136:149–165.

186 restoring ecological function



Marks, J. C., M. E. Power, and M. S. Parker. 2000. Flood disturbance, algal productivity, and interannual
variation in food chain length. Oikos 90:20–27.

Marsh, P. C., and M. E. Douglas. 1997. Predation by introduced fishes on endangered humpback chub and
other native species in the Little Colorado River, Arizona. Transactions of the American Fisheries Society
126:343–346.

Martinez, N. D. 1991. Artifacts or attributes? Effects of resolution on the Little Rock Lake food web. Ecolog-
ical Monographs 61:367–392.

Meffe, G. K. 1984. Effects of abiotic disturbance on coexistence of predator-prey fish species. Ecology
65:1525–1534.

Mills, L., S., M. E. Soulé, and D. F. Doak. 1993. The keystone-species concept in ecology and conservation.
Bioscience 43:219–224.

Nakano, S., H. Miyasaka, and N. Kuhara. 1999. Terrestrial-aquatic linkages: Riparian arthropod inputs alter
trophic cascades in a stream food web. Ecology 80:2435–2441.

Nakano, S., and M. Murakami. 2001. Reciprocal subsidies: Dynamic interdependence between terrestrial
and aquatic food webs. Proceedings of the National Academy of Sciences, USA 98:166–170.

National Research Council. 1995. Restoration of aquatic ecosystems: Science, technology, and the public.
Washington, D.C.: National Academy Press. 

Oksanen, L., S. D. Fretwell, J. Arruda, and P. Liemala. 1981. Exploitation ecosystems in gradients of primary
productivity. American Naturalist 118:240–261.

Osborne, L. L., and D. A. Kovacic. 1993. Riparian vegetation strips in water-quality restoration and stream
management. Freshwater Biology 29:243–258.

Pace, M. L., J. J. Cole, S. R. Carpenter, and J. F. Kitchell. 1999. Trophic cascades revealed in diverse ecosys-
tems. Trends in Ecology & Evolution 14:483–488.

Paine, R. T. 1966. Food web complexity and species diversity. American Naturalist 100:65–75.
Paine, R. T. 1980. Food webs: Linkage, interaction strength and community infrastructure. Journal of Ani-

mal Ecology 49:667–685.
Palmer, M. A., R. F. Ambrose, and N. L. Poff. 1997. Ecological theory and community restoration ecology.

Restoration Ecology 5:291–300.
Persson, L. 1999. Trophic cascades: Abiding heterogeneity and the trophic level concept at the end of the

road. Oikos 85:385–397.
Peterson, B. J., and B. Fry. 1987. Stable isotopes in ecosystem studies. Annual Review of Ecology and System-

atics 18:293–320.
Pimm, S. L. 1982. Food webs. New York: Chapman & Hall.
Pimm, S. L. 1991. The balance of nature? Chicago: University of Chicago Press.
Poff, N. L., J. D. Allan, M. B. Bain, J. R. Karr, K. L. Prestegaard, B. D. Richter, R. E. Sparks, and J. C.

Stromberg. 1997. The natural flow regime. Bioscience 47:769–784.
Polis, G. A. 1991. Complex trophic interactions in deserts: An empirical critique of food web theory. Ameri-

can Naturalist 138:123–155.
Polis, G. A. 1999. Why are parts of the world green? Multiple factors control productivity and the distribution

of biomass. Oikos 86:3–15.
Polis, G. A., M. E. Power, and G. R. Huxel. 2004. Food webs at the landscape level. Chicago: University of

Chicago Press.
Polis, G. A., and D. R. Strong. 1996. Food web complexity and community dynamics. American Naturalist

147:813–846.
Polis, G. A., and K. O. Winemiller. 1996. Food webs: Integration of patterns and dynamics. New York: Chap-

man & Hall.
Post, D. M. 2002. The long and short of food-chain length. Trends in Ecology & Evolution 17:269–277.
Post, J. R., M. Sullivan, S. Cox, N. P. Lester, C. J. Walters, E. A. Parkinson, A. J. Paul, L. Jackson, and B. J.

Shuter. 2002. Canada’s recreational fisheries: The invisible collapse? Fisheries 27:6–17.
Post, W. M., and S. L. Pimm. 1983. Community assembly and food web stability. Mathematical Biosciences

64:169–192.
Power, M. E. 1992. Top-down and bottom-up forces in food webs: Do plants have primacy? Ecology

53:733–746. 
Power, M. E. 2001. Field biology, food web models, and management: Challenges of context and scale.

Oikos 94:118–129.

8. Food-Web Approaches in Restoration Ecology 187



Power, M. E., W. E. Dietrich, and J. C. Finlay. 1996a. Dams and downstream aquatic biodiversity: Potential
food web consequences of hydrologic and geomorphic change. Environmental Management 20:887–
895.

Power, M. E., M. S. Parker, and J. T. Wootton. 1996b. Disturbance and food chain length in rivers. In Food
webs: Integration of patterns and dynamics, ed. G. A. Polis and K. O. Winemiller, 286–297. New York: In-
ternational Thomson Publishing.

Power, M. E., D. Tilman, J. A. Estes, B. A. Menge, W. J. Bond, L. S. Mills, G. Daily, J. C. Castilla, 
J. Lubchenco, and R. T. Paine. 1996c. Challenges in the quest for keystones. Bioscience 46:609–620.

Probst, D. L., and K. B. Gido. 2004. Responses of native and nonnative fishes to natural flow mimicry in the
San Juan River. Transactions of the American Fisheries Society 133:922–931.

Ricciardi, A., and H. J. Maclsaac. 2000. Recent mass invasion of the North American Great Lakes by Ponto-
Caspian species. Trends in Ecology & Evolution 15:62–65.

Richter, B. D., J. V. Baumgartner, R. Wigington, and D. P. Braun. 1997. How much water does a river need?
Freshwater Biology 37:231–249.

Ripple, W. J., and R. L. Beschta. 2003. Wolf reintroduction, predation risk, and cottonwood recovery in Yel-
lowstone National Park. Forest Ecology and Management 184:299–313.

Ripple, W. J., E. J. Larsen, R. A. Renkin, and D. W. Smith. 2001. Trophic cascades among wolves, elk and
aspen on Yellowstone National Park’s northern range. Biological Conservation 102:227–234.

Robinson, J. V., and J. E. Dickerson. 1987. Does invasion sequence affect community structure? Ecology
68:587–595.

Robinson, J. V., and W. D. Valentine. 1979. Concepts of elasticity, invulnerability and invadability. Journal
of Theoretical Biology 81:91–104.

Roemer, G. W., T. J. Coonan, D. K. Garcelon, J. Bascompte, and L. Laughrin. 2001. Feral pigs facilitate hy-
perpredation by golden eagles and indirectly cause the decline of the island fox. Animal Conservation
4:307–318.

Roemer, G. W., C. J. Donlan, and F. Courchamp. 2002. Golden eagles, feral pigs, and insular carnivores:
How exotic species turn native predators into prey. Proceedings of the National Academy of Sciences, USA
99:791–796.

Root, T. L., and S. H. Schneider. 1993. Can large-scale climatic models be linked with multiscale ecological
studies? Conservation Biology 7:256–270.

Rosenzweig, M. L. 2003. Win-win ecology. Oxford, UK: Oxford University Press.
Savidge, J. A. 1987. Extinction of an island forest avifauna by an introduced snake. Ecology 68:660–668.
Schindler, D. E., R. A. Knapp, and P. R. Leavitt. 2000. Alteration of nutrient cycles and algal production re-

sulting from fish introduction into mountain lakes. Ecosystems 4:308–321.
Schoener, T. W. 1989. Food webs from the small to the large. Ecology 70:1559–1589.
Shapiro, J., V. Lamarra, and M. Lynch. 1975. Biomanipulation: An ecosystem approach to lake restoration.

In Symposium on water quality management through biological control, ed. P. L. Brezonit and J. L. Fox,
85–96. Gainesville: University of Florida. 

Silliman, B. R., and M. D. Bertness. 2002. A trophic cascade regulates salt marsh primary production. Pro-
ceedings of the National Academy of Sciences, USA 99:10500–10505.

Silliman, B. R., and J. C. Zieman. 2001. Top-down control of Spartina alterniflora production by periwinkle
grazing in a Virginia salt marsh. Ecology 82:2830–2845.

Simberloff, D. 1990. Community effects of biological introductions and their implications for restoration. In
Engineered organisms in the environment: Scientific issues, ed. D. R. Towns, C. H. Daugherty, and I. A.
Atkinson, 128–136. Washington, DC: American Society for Microbiology.

Snucins, E. J., and J. M. Gunn. 2003. Use of rehabilitation experiments to understand the recovery dynam-
ics of acid-stressed fish populations. Ambio 32:240–243.

Soulé, M. E., and J. Terborgh. 1999. Continental conservation: Foundations of regional reserve networks.
Washington, DC: Island Press.

Stevens, L. E., T. J. Ayers, J. B. Bennett, K. Christensen, M. J. C. Kearsley, V. J. Meretsky, A. M. Phillips, R.
A. Parnell, J. Spence, M. K. Sogge, A. E. Springer, and D. L. Wegner. 2001. Planned flooding and Col-
orado River riparian trade-offs downstream from Glen Canyon Dam, Arizona. Ecological Applications
11:701–710.

Summerhayes, V. S., and C. S. Elton. 1923. Contributions to the ecology of Spitsbergen and Bear Island.
Journal of Ecology 11:214–286.

188 restoring ecological function



Valdez, R. A., T. L. Hoffnagle, C. C. McIvor, T. McKinney, and W. C. Leibfried. 2001. Effects of a test flood
on fishes of the Colorado River in Grand Canyon, Arizona. Ecological Applications 11:686–700.

Vander Zanden, M. J., J. M. Casselman, and J. B. Rasmussen. 1999. Stable isotope evidence for the food web
consequences of species invasions in lakes. Nature 401:464–467.

Vander Zanden, M. J., S. Chandra, B. C. Allen, J. E. Reuter, and C. R. Goldman. 2003. Historical food web
structure and the restoration of native aquatic communities in the Lake Tahoe (CA-NV) basin. Ecosys-
tems 6:274–288.

Vander Zanden, M. J., J. D. Olden, J. H. Thorne, and N. E. Mandrak. 2004. Predicting occurrences and im-
pacts of bass introductions in north temperate lakes. Ecological Applications 14:132–148.

Vander Zanden, M. J., and J. B. Rasmussen. 2001. Variation in d15N and d13C trophic fractionation: Impli-
cations for aquatic food web studies. Limnology and Oceanography 46:2061–2066.

Vitousek, P. M. 1990. Biological invasions and ecosystem processes: Towards an integration of population bi-
ology and ecosystem studies. Oikos 57:7–13.

Vitousek, P. M., C. M. D’Antonio, L. L. Loope, and R. Westbrooks. 1996. Biological invasions as global en-
vironmental change. American Scientist 84:468–478.

Walters, C. J. 1986. Adapative management of renewable resources. New York: Macmillan.
Warren, P. H. 1989. Spatial and temporal variation in the structure of a freshwater food web. Oikos

55:299–311.
Weiher, E., and P. Keddy. 1999. Ecological assembly rules—Perspectives, advances, retreats. New York: Cam-

bridge University Press.
West, J. M., and J. B. Zedler. 2000. Marsh-creek connectivity: Fish use of a tidal salt marsh in southern Cal-

ifornia. Estuaries 23:699–710.
Whittier, T. R., and T. M. Kincaid. 1999. Introduced fish in Northeastern USA lakes: Regional extent, domi-

nance, and effects on native species richness. Transactions of the American Fisheries Society 128:769–783.
Wilcove, D. S., D. Rothstein, J. Dubow, A. Phillips, and E. Losos. 1998. Quantifying threats to imperiled

species in the United States. Bioscience 48:607–615.
Wootton, J. T., M. S. Parker, and M. E. Power. 1996. Effects of disturbance on river food webs. Science

273:1558–1561.
Young, T. P. 2000. Restoration ecology and conservation biology. Biological Conservation 92:73–83.
Young, T. P., J. M. Chase, and R. T. Huddleston. 2001. Community succession and assembly. Ecological

Restoration 19:5–18.
Zavaleta, E. S., R. J. Hobbs, and H. A. Mooney. 2001. Viewing invasive species removal in a whole-ecosys-

tem context. Trends in Ecology & Evolution 16:454–459.
Zedler, J. B. 2001. Handbook for restoring tidal wetlands. Boca Raton: CRC Press.

8. Food-Web Approaches in Restoration Ecology 189



Chapter 9 

The Dynamic Nature of Ecological Systems:
Multiple States and Restoration Trajectories

Katharine N. Suding and Katherine L. Gross

One feature of ecological systems is that they are ever-changing and dynamic. As ancient
Greek philosopher Heraclitus claimed, “You can never step in the same river twice.” More-
over, rates and directions of change in systems are shaped increasingly by human activities.
These effects can be intentional or the consequences of engineering of the systems and sur-
rounding landscapes to provide specific services to humans. The dynamics of an ecological
system, particularly of a system slated for restoration, is a function of many factors, some de-
terministic and some stochastic, working at several temporal and spatial scales.

In considering how systems change in restoration, we address several questions:  

1. What types of trajectories characterize the recovery of degraded ecosystems? Is the
pathway to recovery similar to the pathway to degradation?  

2. Can we predict the end states of restoration pathways? Are they similar to states prior
to degradation? 

3. How will dynamics that occur on very different scales of space and time relate to one
another? What should be the scale of focus?

4. How much inherent variability does an ecological system require for adequate recov-
ery and adaptive capacity for change in the future? 

In this chapter, we consider ecological theories that help address these questions and may
reduce the risk of unpredicted or undesired change in restoration projects. While theory can
help guide restoration efforts, it does not provide simple or universal answers for the chal-
lenges that confront restoration. Restoration efforts that document species turnover and envi-
ronmental attributes over time can help test and refine ecological theory related to commu-
nity dynamics. Links between restoration and community dynamics advance both the
practice of restoration and theories of ecological dynamics. We survey the progress and the
further potential of this connection.

Major Theories and Connection to Restoration

Over the last one hundred years, extensive work has documented how communities and
ecosystems change in response to disturbance. Despite the extensive documentation of pat-
terns (Figure 9.1), a general conceptual framework concerning the controls on species
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Figure 9.1 Dynamics of species replacement have been predicted to take many different forms.
Four general patterns of trajectories, each with two starting points (assemblages A and B) are
shown here: (1) Convergent trajectories where initial variability eventually converges to similar
species composition, often termed the (D) equilibrium “climax” community. (2) Initially diver-
gent trajectories that eventually converge to one equilibrium state. (3) Divergent trajectories that
never converge and never reach a permanent state. (4) Divergent trajectories that go to two dif-
ferent stable states (C and D) and, in the case of C, experience an abrupt shift to a third state. 

Time



turnover and ecosystem development is still debated. Several contrasting views concerning
the mechanisms and predictive nature of these dynamics persist today. In this chapter, we
will focus on three views: equilibrium, multiple equilibrium, and non-equilibrium. We dis-
cuss each of these and relate them to the concept of fast and slow processes (sensu Rinaldi
and Scheffer 2000) as a way to evaluate mechanisms of recovery.

Single Equilibrium Endpoint 
Equilibrium systems are assumed to return to their predisturbance state or trajectory follow-
ing disturbance (Table 9.1). This theory predicts a classical successional trajectory: steady, di-
rectional change in composition to a single equilibrium point (Clements 1916; Odum 1969)
(Figure 9.2a). Recovery in an equilibrium framework is a predictable consequence of inter-
actions among species with different life histories and the development of ecosystem func-
tions. Strong internal regulation occurs through negative feedback mechanisms, including
competition and herbivore/predator interactions, as well as climate-ecosystem couplings and
life-history tradeoffs. Many of these mechanisms are considered aspects of community as-
sembly rules (Weiher and Keddy 1999; Booth and Swanton 2002), although assembly rules
do not necessarily assume single equilibrium dynamics.

In some cases, community development can proceed “spontaneously,” with little or no
intervention, to reach desirable target states (Prach et al. 2001; Khater et al. 2003; Novak
and Prach 2003). Mitsch and Wilson (1996) argue that nature has a “self-design” capacity
as species assemble themselves. However, the extent to which this capacity can be expressed
in a recovery will depend on how degraded and isolated it has become prior to restora-
tion efforts (Bakker and Berendse 2001). Some restoration efforts are designed to accelerate
natural succession so that the ecosystem develops along the same trajectory as it would in
the absence of intervention but reaches the goal endpoint sooner. For instance, restoring a
severely degraded river back to its more natural flow regime via dam removal can enhance
recovery of the surrounding plant communities (Rood et al. 2003; Lytle and Poff 2004).
Similarly, prescribed burning of degraded grasslands can promote restoration of native 
plant assemblages, particularly if the fire management regime is applied according to
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table 9.1 

General theories that attempt to predict how the composition and function of systems change over
time and/or behave following a disturbance.

Equilibrium Multiple Equilibrium Non-equilibrium

Assumptions Climax equilibrium, uni-
directional, continuous

Equilibrium, multidirec-
tional, discontinuous

Persistent non-equilib-
rium, nondirectional,
discontinuous

Permanent states One (climax) More than one None
Trajectories Convergent Regime shifts, collapses Divergent, arrested, cyclic  
Predictability High; based on species at-

tributes
Moderate; possible but

difficult
Low; chance and legacies

important
Important factors Species interactions,

ecosystem development
Initial conditions, positive

feedbacks, landscape
position

Chance dispersal, stochas-
tic events



Figure 9.2 Examples of dynamics predicted by single equilibrium, persistent non-equilibrium,
and multiple equilibium theories (A–C). For each, the left frame shows predicted combinations
of “fast” and “slow” variables; arrows indicate direction of change if not at equilibrium. The right
frame shows a stylized example from the ecological literature that is consistent with the ecologi-
cal predictions. In A, changes in the slow and fast variables are linear and unidirectional. Insect
species diversity increase linearly in a Minnesota old-field with years since abandonment. In-
creases in aboveground productivity with time is likely the slow variable that drives the change
in insect diversity (Siemann et al. 1999). In B, a persistent non-equilibrium exists with no pre-
dictable trajectory. Total stem length of cordgrass (Spartina foliosa) shows high interannual vari-
ability and no directional trends in time since restoration in San Diego Bay, CA (Zedler and
Callaway 1999). In C, at a single level of the slow variable there are two possible equilibrial
states. Examples of a pattern predicted by this dynamic, shown in Figure 9.1(4), are strong
threshold effects as the slow variable changes. For instance, in a fragmented Eucalyptus forest in
Australia, the probability that a gecko species (Oedura retiulcata) persists decreases dramatically
if the forest remnant contains less than 400 trees (Sarre et al. 1995).



historical patterns (Baer et al. 2002; Copeland et al. 2002). Thus, restoration of some com-
munities can take a single equilibrium approach to spur recovery along a successional
trajectory. 

Multiple Equilibrium States 
Theoretical models predicting multiple stable equilibriums (MSE) (Lewontin 1969; Law
and Morton 1993; Rietkerk and vandeKoppel 1997; Pastor et al. 2002; van Nes and Scheffer
2003) may be applicable to restored systems where change among states can be discontinu-
ous, abrupt, and have multiple trajectories. The crash of fishery stocks (Pauly et al. 2002), de-
sertification of arid rangelands (Schlesinger et al. 1990; Foley et al. 2003), and the loss of
coral reefs (Nystrom et al. 2000) are examples of discontinuous and abrupt change that sug-
gest MSE.

Evidence that massive, irreversible shifts in species composition and ecosystem processes
can occur with little forewarning has increased interest in how to identify thresholds before
they are reached (Gunderson 2000; Scheffer et al. 2003). In addition, multiple equilibrium
theory provides important insights into system dynamics that can be applied to the recovery
of degraded systems (Hobbs and Norton 1996; Prober et al. 2002; Lindig-Cisneros et al. 2003;
Suding et al. 2004). The feedbacks that maintain a system in a degraded “alternative” state
are likely very different from those in the pristine or target state, and disruption of these feed-
backs can be critical to the return to a target state. Consequently, the trajectory to recovery
will probably be different from what caused the degradation. Restoration needs to consider
positive feedbacks that can make the degraded state resilient to restoration efforts. For exam-
ple, Prober et al. (2002) found evidence for positive feedbacks between soil nitrogen cycling
and persistence of annual exotics in grassy Australian woodlands. They highlight the need for
restoration to focus on nitrate-dependent transitions between annual and perennial under-
story states in these woodlands. Another example comes from wetlands, where secondary
salinization may shift systems to different alternative states, and strong, self-reinforcing feed-
backs can impede restoration efforts (Davis et al. 2003).

Restoration efforts can sometimes send degraded systems along unintended trajectories,
providing evidence that these systems are capable of alternative states. In such cases, man-
agement efforts may need to address the issue of thresholds (Hobbs and Norton 1996; Suding
et al. 2004). For example, in sand barren prairies in the midwestern United States, areas with-
out frequent burning become dominated by woody vegetation. Reintroduction of fire alone
was not effective in restoring these prairies because the woody vegetation (particularly Salix
humulis) resprouts rapidly following fire (Anderson et al. 2000). Identifying the magnitude
and direction of action that is needed in restoration to cross a threshold (e.g., from woody
shrubland to prairie) has proven to be difficult (Stylinski and Allen 1999; Nielsen et al. 2003).
For instance, adding nitrogen to coastal wetlands increased the height of Spartina foliosa and
restored the nesting habitat for bird species, but this effect was only temporary. The tall
canopies were not self-sustaining after nitrogen amendments ended (Lindig-Cisneros et al.
2003). In lakes, the shift to a turbid state due to nutrient loading (see Box 9.1) often requires
more than a nutrient reduction program to bring about the reversal to a clear-water state
(Bachmann et al. 1999).
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Persistent Non-equilibrium 
Non-equilibrium theory assumes external factors play a larger role in the behavior of ecosys-
tems than do internal processes, such as competition and predation. The role of chance and
past history in community dynamics gained widespread acceptance in the 1970s and 1980s
(Pickett et al. 1987b; Luken 1990). Empirical evidence from a variety of systems has shown
that disturbance type, biological legacies, and chance can create multiple trajectories and in-
fluence rates of change (Drury and Nisbet 1973; Pickett et al. 2001). This perspective ac-
knowledges the unpredictability of succession (Table 9.1) with no tendencies toward any one
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Box 9.1 

Two Examples of Application of Theory to Restoration and Management

1. Shallow lakes: In shallow lakes, the interactions among turbidity, nutrients, vegeta-
tion, and fish can produce alternative states (Beisner et al. 2003a; Scheffer et al.
1997). Lakes can exist either in a state where the water is clear and rooted plants are
abundant or where the water is turbid and phytoplankton are abundant. In clear lakes,
rooted plants stabilize the sediment, reducing turbidity, and provide refuges for fish
that eat phytoplankton; under these conditions rates of change are relatively slow.
However, if the plants are removed or if fishing pressure is high, turbidity blocks light
and resuspends sediment for phytoplankton, causing a rapid and dramatic shift. Lakes
can switch states for several reasons: increased phosphorus can cause the rooted plants
to decline; a decrease in the algae-eating fish can encourage phytoplankton domi-
nance; a disturbance can remove vegetation (Carpenter et al. 1999; Moss et al. 1996).
A turbid lake can be restored by manipulating the feedbacks that maintain the system
in the turbid state: increasing the population of fish that consume phytoplankton; de-
creasing the number of predators that eat the phytoplankton-consuming fish; reduc-
ing nutrient loading; and installing wave barriers to create refuges for plants (Bach-
mann et al. 1999; Dent et al. 2002). Feedbacks in this system are strong, and multiple
actions may be needed to cause a conversion back to the clear lake state.    

2. Grazed semiarid systems: State and transition models of rangeland vegetation dynam-
ics split changes in rangeland systems into discrete states and describe processes that
cause transitions between states (Westoby et al. 1989; Friedel 1991; Briske et al.
2003). For example, in an overgrazed system, grass cannot recover quickly and fire
suppression enhances the survival of woody plant seedlings. Grazers do not eat the
woody plants, and shrubs are able to invade the rangeland. Reduction of grazing in-
tensity is not sufficient to restore the system to a healthy rangeland once this transition
occurs (Friedel 1991); burning is needed to remove woody plants (Westoby et al.
1989). State and transition models have altered the general idea of rangeland man-
agement, refuting the general dogma that removing grazing from overgrazed range-
land is sufficient for recovery. State and transition models describe states, transitions,
and thresholds largely qualitatively, and they base much of their classification on ob-
servation of change rather than explicit tests of stability and equilibrium. Such de-
scriptions are accessible and understandable to managers and the general public
(Briske et al. 2003; Stringham et al. 2003). 



permanent state (Zedler and Callaway 1999; Bartha et al. 2003). However, it is often hard to
distinguish between stochastic, non-equilibrium, and multiple equilibrium dynamics be-
cause it is difficult to demonstrate a stable equilibrium (Box 9.2).

Non-equilibrium theories predict divergent, cyclic, or arrested trajectories that never ar-
rive at an equilibrium state. There are many examples that support this view. For instance,
large fluctuations in precipitation are thought to prevent herbivores from regulating primary
production, thereby minimizing negative feedbacks and equilibrium behavior in arid range-
lands (Ellis and Swift 1988). Following the eruption of Mount St. Helens, Washington, USA,
there were variable rates of recovery along several distinct pathways (Franklin and MacMa-
hon 2000). The most rapid rates of recovery were in areas where organisms happened to sur-
vive the eruption. In areas completely bare after the eruption, chance colonization deter-
mined changes over time: species abundance patterns were predicted extremely well by a
stochastic model based on observed frequencies and random accumulation of species (Del
Moral 1998, 1999). 

Stochastic effects resulting from isolation and dispersal limitations have also been shown
to override the deterministic effects of competition that would otherwise lead to convergence
(Underwood and Fairweather 1989; Del Moral 1998; Foster et al. 1998). Restorationists
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Box 9.2 

Testing for Equilibrium, Stability, and Resilience
The idea that communities can develop into alternative or multiple persistent states was first
proposed by Lewontin in 1969, and the existence of multiple stable equilibrium (MSE) has
met with debate ever since (Sutherland 1974; Connell and Sousa 1983; Grover and Lawton
1994). It has proven difficult to test for the existence of MSE due to several experimental and
conceptual requirements (Connell and Sousa 1983; Grover and Lawton 1994; Petraitis and
Latham 1999; Sutherland 1974) that are often hard, if not impossible, to meet in natural sys-
tems. Connell and Sousa (1983) dismissed most evidence of multiple stable states as insuffi-
cient either because researchers used inappropriate scales of space and time (e.g., the study
didn’t last for one complete turnover of all individuals to establish stability); because they
used artificial controls that would not persist naturally (e.g., removal of predators); or be-
cause the physical environment differed between the alternate states. While these criteria are
becoming more relaxed, rigorous tests of whether a degraded system truly represents an al-
ternative and stable equilibrium are beyond the scope of most restoration efforts. 

Experimentation and monitoring of the responses to management can provide evidence
as to whether positive feedbacks and biotic constraints will affect the restoration of a de-
graded system. Given the risk of inappropriate management sending the degraded system in
an unintended direction, it might be more costly to assume that a single dimension controls
system dynamics rather than that alternative states exist and are determined by interactions
among many factors (Gunderson 2000). Adaptive management (monitoring with changes in
restoration strategies or implementation procedures) must be used in most restoration con-
texts—the likelihood of “surprises” should be expected. Perhaps more illuminating is
whether the direction and rate of change in a system is uniform and continuous. If so, then
past work on the system should allow some degree of linear prediction of future behavior. If
not, more complex forecasting might be necessary. 



should be particularly aware of divergence in fragmented areas or areas where disturbance
has removed seedbank, propagule or larval sources, or where the abiotic environment is
highly variable. The role of environmental variability in determining recovery trajectories
has been well documented in running-water systems (Poff et al. 1997); less attention has been
paid to the influence of variability as it relates to restoration in terrestrial systems. Dispersal
limitation is increasingly being identified as a critical constraint in restoration projects in ter-
restrial and aquatic systems (Underwood and Fairweather 1989; Seabloom et al. 2003). 

Restoration in a highly stochastic system may require relatively broad goals, such as restor-
ing functional group presence or particular ecosystem function rather than particular species
or community type (Palmer et al. 1997). It may also tactically assume either bounded regions
of character states or eventual transition into multiple equilibrium dynamics. For example,
dynamics in old-field vegetation may not progress in any one direction or toward any state un-
til, by chance, the community achieves a certain density of woody species. Subsequent dy-
namics may shift behavior to a more equilibrium pathway (Foster and Gross 1999) (Figure
9.1, 2). 

Theories on Mechanism of Change: The Roles of Fast and Slow Processes

Understanding the mechanisms that govern the behavior of change is difficult because it re-
quires relating dynamics that occur on very different scales of space, time, and ecological or-
ganization (Pickett et al. 1987a; Rinaldi and Scheffer 2000; Beisner et al. 2003b) (Table 9.2).
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table 9.2 

Unraveling the mechanisms governing change requires the interfacing of
phenomena that occur on very different scales of space, time, and level of

ecological organization (Pickett et al. 1989).
Attributes of Change

Speed/Scale Level Structure Process

Fast/Small Individual Physiology 
Behavior 

Size

Mortality 
Growth 

Reproduction

Population Density 
Structure (age, 
size, genetic)

Evolution 
Extinction

Community Diversity 
Composition 

Functional groups

Coexistence 
Competition 
Mutualism 
Predation

Ecosystem Nutrient Pools/Production Resistance 
Resilience 

Nutrient flux/retention

Landscape Exogenous 
Disturbance 

Propagule pressure

Connectedness 
Colonization

Slow/Large Region Temperature 
Precipitation

Pollution inputs 
Climate change



One way to simplify cross-scale comparisons is to order dynamics along a gradient of re-
sponses that are “fast” (occurring at the individual or population level, or measured at small
spatial scales) to responses that are “slow” (occurring at the ecosystem or landscape level, or
large in scale) (Rinaldi and Scheffer 2000) (Figure 9.2). While we use fast and slow processes
to coarsely describe the continuum of time, space, and level of organization, it should be
noted that these components are not necessarily correlated (i.e., trait adaptations can be a re-
sult of local species interactions but occur over longer time scales). In this section, we discuss
dynamics that can influence community and ecosystem behavior based on the distinction be-
tween fast and slow process variables (Figure 9.2). In many instances, restoration can be
achieved by either fast or slow mechanisms (Figure 9.3). 

Fast Processes and Restoration 
Understanding the mechanisms for fast processes, such as species replacement early in suc-
cession, was the focus of much work starting in the 1970s (Drury and Nisbet 1973; Connell
and Slatyer 1977; Tilman 1985). In a classic paper, Connell and Slatyer (1977) propose three
mechanisms for species replacement through time: inhibition, facilitation, and tolerance.
These models differ primarily in how early colonists affect the establishment of later colonists.
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Figure 9.3 In a system with multiple equilibriums, restoration could be achieved via “fast” or
“slow” mechanisms. In this hypothetical example, there are two states, one dominated by exotic
species (the triangle) and one dominated by native species (the asterisk) at a given level of nitro-
gen input to the system (NO). (A) Restoration via fast-process mechanisms in a system with multi-
ple equilibriums, one dominated by exotics to one dominated by native species. A restoration ac-
tion or perturbation could break feedbacks that lead to exotic species abundance (double-lined
arrow, from 1 to 2), forcing the system into another basin of attraction and to a state (3) dominated
by native species. (B) Restoration via slow-process mechanisms. If nitrogen inputs are decreased
from NO to NN (double lined arrow to the left, from 1 to 2), perhaps by decreasing nitrogen depo-
sition, native species are predicted to respond as predicted by the trajectory (1–2–3–4). 



There have been many tests establishing the potential for all three mechanisms, and although
one mechanism may dominate in a system, there is also evidence that multiple mechanisms
operate sequentially or in unison in a system (Choi and Wali 1995; Wootton 2002; Franks
2003; Mullineaux et al. 2003; Walker and del Moral 2003). Restoration can use an under-
standing of positive and negative species interactions to either accelerate rates of change (fa-
cilitation) (Luken 1990; Choi and Wali 1995) or to identify times when change is slowed and
intervention is needed (inhibition) (Mullineaux et al. 2003; Vander Zanden et al. 2003; Men-
niger and Palmer, this volume) (Figure 9.3a). 

In the resource ratio hypothesis of succession, Tilman (1985) assumes that species inter-
actions are fast and that species turnover along resource gradients is driven by changes in rel-
ative competitive and colonization ability. Much of the empirical work was done on aban-
doned fields in Minnesota, where soil resources, particularly nitrogen, are limiting, and light
availability is high. Over time, soil organic matter accumulates in these soils, soil nutrient
availability increases, and light becomes limiting. Although this model has not been applied
explicitly to restoration projects, it offers promise because it emphasizes tradeoffs that con-
strain species success (Tilman 1990). Restoration can circumvent tradeoffs such as these by
adding propagules, larvae, or individuals of later-successional species, bypassing their colo-
nization limitations. Restoration also can change species interactions by changing the re-
sources for which species compete (Corbin et al. 2004), for example, by adding carbon to re-
duce nitrogen availability (Blumenthal et al. 2003; Corbin and D’Antonio 2004).

These fast-process models assume a predictable order of species replacement because
turnover is driven by species differences in competitive ability, life history, and effects on the
environment. However, other less predictable types of species turnover may be crucial ele-
ments constraining the recovery of degraded land (Bakker and Berendse 1999; Gunderson
2000). These include priority effects; asymmetric competitive interactions, where one resi-
dent species is able to exclude an invading species, and vice versa (D’Antonio et al. 2001;
Seabloom et al. 2003); sequential species loss effects (Eriksson and Eriksson 1998; Ostfeld
and LoGiudice 2003); and shifts in competitive rankings due to alteration of disturbance
regimes (Dudgeon and Petraitis 2001; Suding and Goldberg 2001). Establishment of non-
native species that have distinctive traits that can change rates of resource turnover, nutrient
distribution, food-web structure, and disturbance regimes can shift competitive rankings and
affect the dynamics and structure of a degraded system (Gordon 1998; Mack and D’Antonio
1998; Ehrenfeld 2003; Vander Zanden et al. 2003; D’Antonio and Chambers, this volume).
Once species have changed ecosystem processes, positive feedbacks can increase the re-
silience of the system in its degraded state and make it resilient to restoration efforts. For ex-
ample, introduced grasses in woodlands in Hawaii alter nitrogen cycling and promote fire,
which further benefits introduced grasses at the expense of native shrub species, creating an
internally reenforced state that has proven very difficult to change (Mack et al. 2001).
Restoration can break these feedbacks by reducing the abundance of the species with strong
impacts or by changing the environment to make the impact less advantageous (Suding et al.
2004).

Changes in trophic-level interactions, involving the removal or additions of predators,
pathogens, or prey, can also influence community dynamics by altering internal feedbacks
(Paine et al. 1985; McCauley et al. 1999; Chase 2003; Vander Zanden et al., this volume).
For instance, herbivory by deer slows recovery of woody species in riparian systems because
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they feed selectively on regenerating saplings (Opperman and Merenlender 2000). In over-
grazed rangelands, herbivores reduce herbaceous plant cover and then move to remaining
areas of plant cover. Higher herbivore densities on these remaining areas cause increased
losses of the remaining plant cover, and so on. This positive feedback can contribute to the
collapse of the rangeland system to desert (vandeKoppel et al. 1997; Van Auken 2000).
Knowledge of these interactions can prove useful in restoration to control, accelerate, or by-
pass particular interactions along a trajectory. 

Slow Processes and Restoration 
At the landscape level, large-scale processes often drive system dynamics, and these slow pro-
cesses can have important effects on restoration efforts (Figure 9.3b). There is strong evi-
dence that the lack of landscape connectivity and sufficient native propagule sources can se-
verely limit recovery trajectories (Bakker and Berendse 1999; Holl et al. 2003). For instance,
declines of source populations of native species due to habitat destruction and fragmentation
limit the regional source of propagules for recolonization. Rivers and streams depend on uni-
directional flow of propagules, potentially creating different upstream and downstream dy-
namics. Loss of source pools, combined with the loss of representation in storage modes, lim-
its the regenerative ability of some species, resulting in patterns of colonization being limited
to chance events (Del Moral 1999; Lichter 2000; Amoros and Bornette 2002). Restoration
sites that are isolated from sources of propagules can reduce this constraint by adding propa-
gules or enhancing dispersal vectors, such as planting trees to attract birds (Bonet 2004).  

Metapopulation dynamics link the landscape and population scales (Maschinsky, this
volume). A connected set of populations (metapopulation) can exist at either a high-density
connected state or a low-density fragmented state. If a population becomes extinct at one site,
recolonization is dependent on the combined size of, and distance between, the surrounding
populations. A positive feedback exists between regional metapopulation size and the proba-
bility that a single population can sustain itself: if a population is not reestablished, the future
probability of a population recolonizing another site is lowered, and the regional population
could decline rapidly (Hanski and Ovaskainen 2002; Melbourne et al. 2004). The creation of
source gardens—not to mimic natural systems but to serve as propagule sources of a wide
range of species to a range of environments—could be an important tool in restoration efforts
by creating large and diverse species pools for isolated restoration projects.

Changes in external factors, such as pollution, harvesting pressure, and climate, also
influence the dynamics of systems (Holmgren and Scheffer 2001; Scheffer et al. 2001). Cli-
matic warming may be a chronic contributing factor to degradation of a system that is accel-
erated by other human activities (Van Auken 2000). Similarly, increased rates of atmospheri-
cally deposited nitrogen can change the effectiveness of natural disturbances and facilitate
the invasion of species (Cione et al. 2002; Matson et al. 2002). Degradation due to changes
in global or large-scale regional factors will be more difficult, and perhaps impossible, to re-
verse through local management efforts (Millar and Brubaker, this volume ). These processes
are considered “slow” and “large” because they do not respond quickly to changes in local
population abundance or community structure, and consequently they are often harder to
manage within any given reserve or project area. When they do respond, the change is pre-
dicted to alter the parameter space and equilibrium points, rather than just push the system
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along another trajectory (i.e., changes are along the x-axis of Figure 9.3). The possibility of a
threshold event is important to consider even if the system does not appear to be tracking the
external changes (Carpenter et al. 1999). It is still unclear how to predict a threshold in an
unstudied system, or whether there are ways to counteract changes in the “slow” variables
with more malleable “fast” variables. In some situations, the goal of restoration may have to
be modified if a larger-scale regional approach is not possible.

How Can This Theory Advance Restoration Science and Practice?

In the last section, we highlighted ways in which theory has informed restoration, and vice
versa. In this section, we expand upon that work and suggest future avenues for progress. To
do this, we revisit the four questions we listed at the beginning of this chapter. 

How Do Degraded Ecosystems Recover? Is the Pathway to Recovery Similar 
to the Pathway to Degradation? 
Although the roles of history, chance, and positive feedbacks in affecting trajectories have
gained wide appreciation among ecologists, restoration efforts are still too often designed
from a perspective of initiating an orderly succession to an equilibrium (Prach 2003; Sheley
and Krueger-Mangold 2003). Proponents of this view suggest that, by understanding succes-
sion, it is possible to predict, control, and perhaps accelerate community recovery after dis-
turbances. Application of equilibrium theory to restoration has widespread appeal because it
implies that we can predict and guide change in a system. It also assumes that there is an ul-
timate “natural system” that can be identified as the desired endpoint of the restoration effort. 

Unfortunately, successional trajectories are still very hard to forecast (Parker 1997; Zedler
2000; Choi 2004; Suding et al. 2004). Assuming any one trajectory could be risky in restora-
tion efforts, particularly if restoration actions have the potential to drive the system in unin-
tended directions. It may be best to not assume directional and continuous change in restora-
tion projects but rather to rely on monitoring programs to document actual trajectories of
change. Monitoring the effects of restoration is essential, and the form and magnitude of fu-
ture interventions must be adjusted, depending on the system response. Nonetheless, sur-
prises could occur even with extensive monitoring programs in place. We need to concur-
rently focus on improving the ability to forecast trajectories of change using attributes of
community structure, indicator species, or generalizations from past monitoring efforts. 

The recovery pathways predicted by the different theories are not mutually exclusive. A
typical test of stable equilibrium is whether the system is resilient in that state—whether the
system returns to that state following a perturbation (Box 9.1). However, equilibrium condi-
tions may depend on the spatial scale being considered. In addition, change can occur
episodically, with periods of apparent stasis in species composition punctuated by intervals of
rapid species turnover and altered ecosystem function. For instance, interactions between
multiple plankton species may give rise to a continuous wax and wane of species within the
community. This chaotic behavior implies that plankton dynamics at the species level are not
at equilibrium (Rojo and Alvarez-Cobelas 2003; Salmaso 2003). Nonetheless, ecosystem
characteristics such as total algal biomass show quite regular and stable patterns. In fact,
much of the diversity-stability theory proposes that stable ecosystem functioning depends on
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less stable population dynamics (Tilman 1996). Thus, systems may express both equilibrium
and non-equilibrium dynamics and both continuous and abrupt change, depending on scale. 

Incorporating non-equilibrium dynamics into restoration planning suggests that many
pathways are likely possible and may depend on restoration actions. While it may be frustrat-
ing and difficult to predict the time frame or pathway to recovery, it may allow for more cre-
ativity in management and the exploration of the mechanisms that facilitate species replace-
ment or function development (Luken 1990). In many cases, it is likely that we do not know
or cannot reach the natural trajectories for a system’s recovery. It may be worthwhile to con-
sider taking an unnatural or novel trajectory in restoration to reach desired endpoints. It is
critical to focus on establishing natural processes, propagule pressure, and disturbance
regimes that maintain the ecosystem in a state where native species can predominate or that
can provide desired ecosystem services. This may be more cost-effective and require less hu-
man input to achieve and maintain than efforts focused on following a natural trajectory.

Can We Predict the Endpoints of Pathways? 
Are They Similar to States Prior to Degradation? 
One major challenge in guiding the recovery of degraded systems is that degraded commu-
nities often do not respond predictably to perturbations, thus producing inconsistent and
sometimes unexpected results (Whisenant 1999; Hobbs and Harris 2001). Given the range
and variability of possible trajectories (Figure 9.2), it may not be possible to design a specific
endpoint for a restoration project. Thus, it may be essential to design and evaluate restoration
efforts at large spatial scales and to embrace variable community dynamics as a natural com-
ponent of the system. Ecological theory also puts into question the assumption of setting goal
endpoints that describe particular species composition or function (Parker 1997). If processes
are dynamic, the rate of change in a particular ecosystem function or in species diversity
might be a more realistic than a static assessment of species composition. Monitoring and ex-
periments that focus on variation in trajectories could help form realistic guidelines about
how to incorporate both stochastic and deterministic processes to guide recovery.

How Will Dynamics That Occur on Very Different Scales of Space and Time
Relate to One Another? What Should Be the Scale of Focus? 
The theoretical framework provides at least two ways to approach the restoration of degraded
lands: (1) actions to alter internal feedbacks of the system (fast-process approach), or (2) ac-
tions to change external conditions of the system (slow-process approach) (Figure 9.3).
Restoration efforts that address fast-process mechanisms would break feedbacks that maintain
a degraded state. A unique or novel disturbance followed by sequential species introductions
or changes in predator/herbivore communities could change species interactions and priority
effects (Figure 9.3a). This type of management could be accomplished on relatively short
time scales and small spatial scales. For example, goose herbivory has converted salt marshes
to hypersaline mudflats off Hudson Bay. While the reduction of herbivory alone does not fa-
cilitate recovery, salt marshes can be restored when seedlings of Puccinellia phryganodes, a
former dominant grass, are transplanted into the mudflats (Handa and Jefferies 2000). Alter-
natively, restoration via slow-process mechanisms would address landscape or regional dy-
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namics (Figure 9.3b). This approach may be a viable alternative in systems that have suffered
severe overexploitation, such as excessive tree harvesting, overgrazing, overfishing, and agri-
culture intensification, over large areas of the landscape. 

A combination of the two approaches, particularly in cases where unavoidable change in
one scale constrains actions at another scale, takes advantage of cross-scale dynamics. For in-
stance, Holmgren and Scheffer (2001) suggest that climatic oscillations such as El Niño
Southern Oscillation (ENSO) could be used in combination with grazing reduction to break
feedbacks and restore degraded arid rangelands. Although this view has rarely been applied,
it should be considered as an option in restoration.

How Much Variability Does an Ecological System Require for Adequate Recovery
and Adaptive Capacity for Change in the Future? 
Theory and experience suggest that it may be as important to conserve the ability of the sys-
tem to change compared to restoring specific elements to a system. Ecological systems are, by
their nature, dynamic and variable. Management has to be flexible and adaptive, and to leave
room for future change to occur. It would be foolhardy to expect that restoration can acceler-
ate change to a given point, and then constrain all subsequent change. Management should
consider the importance of both stabilizing and destabilizing forces in a system. Destabiliz-
ing forces maintain diversity, resilience, and opportunity, whereas stabilizing forces are im-
portant in maintaining productivity and biogeochemical cycles. Maximizing heterogeneity
in restoration projects may promote temporally stable and diverse communities and may aid
in restoration (Brooks et al. 2002; Levin and Talley 2002; Brown 2003). For instance, Brown
(2003) found that temporal variability of invertebrate communities in a northern New
Hampshire stream was minimized with high spatial heterogeneity in stream substrates. Levin
and Tally (2002) found that natural sources of climate heterogeneity exerted a stronger con-
trol on faunal turnover than manipulations of vegetation or soil processes in a southern Cali-
fornia marsh restoration project.   

Summary

Linking theoretical models of ecosystem and community change with restoration ecology
has the potential to advance both the practice of restoration and our understanding of the dy-
namics of degraded systems. However, tight connections between theory and empirical tests
have yet to be developed (for notable exceptions, see Box 9.1). More small-scale experimen-
tal studies and large-scale landscape manipulations are needed to test which system charac-
teristics indicate the presence or absence of multiple states, how to determine whether
thresholds exist, and the relative strengths of different factors affecting resilience in degraded
systems. Addressing these questions involves characterizing internal feedbacks that enforce
the resilience of degraded systems (Carpenter et al. 1999), testing the relative effectiveness of
different restoration tools across environmental gradients (Pywell et al. 2002), and quantita-
tively synthesizing results from a range of projects (Palmer et al. 2005) (Box 9.3).

Restoration can inform ecological theory about the controls of dynamics, furthering the
investigation of temporal dynamics in communities. Ecological theory could benefit from in-
formation on species function and system attributes in restoration projects. Knowledge of
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species and their interactions are extremely important to understand a restoration trajectory,
and yet extensive experimentation would be unrealistic for most restoration projects. It would
be fruitful to explore the extent to which generalizations based on functional group or system
attributes could advance this front (Pywell et al. 2003).

Because no single ecological theory adequately describes community and ecosystem
change, restoration should continue to broaden its perspective to encompass the range and
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Box 9.3 

Critical Research Questions

1. How do we identify ecosystems where we can accelerate succession by skipping
stages, while staying on the same trajectory? What are the ecosystems’ characteristics?
The role of restoration can be to accelerate the recovery of a system to achieve the
goal endpoint more quickly. Likely, there are some stages along a trajectory that can
be skipped and others that are essential to ensure the success of progressive stages.
This question can be likened to identifying critical assembly rules (see Weiher and
Keddy 1999) and is based on the appealing but controversial premise that we should
be able to know the ecology of a system well enough to assemble it from the ground
up. Restoration science has great potential for advancing our understanding of assem-
bly rules. 

2. Can we apply multiple stable equilibrium (MSE) theory as we deviate from true sta-
bility and equilibrium state assumptions, as is typical in most natural systems? It will
be important to develop a tractable approach to distinguish equilibrium and non-
equilibrium dynamics (or at least when equilibrium and non-equilibrium assump-
tions are approximate) in natural systems. Theory could expand to better approximate
degraded sites with complex legacies where the distinction between equilibrium and
non-equilibrium dynamics may be blurred. While this may be an important distinc-
tion in theory, is it important in restoration practice? Further tests are needed to better
understand the extent to which theories that assume equilibrium dynamics can be ap-
plied in restoration. 

3. How can we predict thresholds before a collapse occurs? Studying thresholds presents
a conundrum: it is generally very hard to determine a system’s proximity to a threshold
without actually crossing it. After a system crashes, threshold behavior is relatively
clear. Observations from other systems that have crossed thresholds can help predict
future collapses, particularly if monitoring is done before and after the collapse. In ad-
dition, it would be fruitful to develop experimental approaches to identify threshold
behavior. For instance, experimental climate manipulations (warming, precipitation,
etc.) can suggest future dynamics. 

4. What level of stochastic and destabilizing forces characterizes a self-sustainable, adap-
tive system? What is the relative importance of stochastic versus deterministic pro-
cesses in recovery pathways? While variability is an essential feature in any sustainable
system, it is much more typical for restoration goals to be oriented around a mean
rather than variability. Likewise, ecological research often focuses on deterministic
rather than stochastic processes. A better understanding of the balance between sto-
chastic and destabilizing forces that characterize sustainable, healthy systems would
help set realistic goals and evaluate recovery trajectories. 



variability of recovery. Knowledge that systems may express both equilibrium and non-
equilibrium dynamics and can undergo abrupt change can inform what appears to be insur-
mountable restoration problems (Hawkins et al. 1999; Zedler 2000; McClanahan et al. 2002;
Sutherland 2002). The relevant theory will depend on the temporal and spatial scale, as well
as the stage in the recovery process. It will be important to consider the possibilities of persis-
tent non-equilibrium and multiple stable states, along with traditional equilibrium views,
particularly in the case of severely degraded or isolated systems that seem resilient to restora-
tion efforts. 

Acknowledgments

We thank S. Emery, D. Falk, E. Grman, and M. Palmer for valuable comments on previous
versions of this chapter, and S. Collins for suggesting the idea of source gardens. This work
was supported by the NSF-LTER Program (Kellogg Biological Station) and the Michigan
Department of Military and Veterans Affairs.

Literature Cited

Amoros, C., and G. Bornette. 2002. Connectivity and biocomplexity in waterbodies of riverine floodplains.
Freshwater Biology 47:761–776.

Anderson, R. C., J. E. Schwegman, and M. R. Anderson. 2000. Micro-scale restoration: A 25-year history of
a southern Illinois barrens. Restoration Ecology 8:296–306.

Bachmann, R. W., M. V. Hoyer, and D. E. Canfield. 1999. The restoration of Lake Apopka in relation to al-
ternative stable states. Hydrobiologia 394:219–232.

Baer, S. G., D. J. Kitchen, J. M. Blair, and C. W. Rice. 2002. Changes in ecosystem structure and function
along a chronosequence of restored grasslands. Ecological Applications 12:1688–1701.

Bakker, J. P., and F. Berendse. 1999. Constraints in the restoration of ecological diversity in grassland and
heathland communities. Trends in Ecology & Evolution 14:63–68.

Bartha, S., S. J. Meiners, S. T. A. Pickett, and M. L. Cadenasso. 2003. Plant colonization windows in a mesic
old field succession. Applied Vegetation Science 6:205–212.

Beisner, B. E., C. L. Dent, and S. R. Carpenter. 2003a. Variability of lakes on the landscape: Roles of phos-
phorus, food webs, and dissolved organic carbon. Ecology 84:1563–1575.

Beisner, B. E., D. T. Haydon, and K. Cuddington. 2003b. Alternative stable states in ecology. Frontiers in
Ecology and the Environment 1:376–382.

Blumenthal, D. M., N. R. Jordan, and M. P. Russelle. 2003. Soil carbon addition controls weeds and facili-
tates prairie restoration. Ecological Applications 13:605–615.

Bonet, A. 2004. Secondary succession of semi-arid Mediterranean old-fields in south-eastern Spain: Insights
for conservation and restoration of degraded lands. Journal of Arid Environments 56:213–233.

Booth, B. D., and C. J. Swanton. 2002. Assembly theory applied to weed communities. Weed Science
50:2–13.

Briske, D. D., S. D. Fuhlendorf, and F. E. Smeins. 2003. Vegetation dynamics on rangelands: A critique of
the current paradigms. Journal of Applied Ecology 40:601–614.

Brooks, S. S., M. A. Palmer, B. J. Cardinale, C. M. Swan, and S. Ribblett. 2002. Assessing stream ecosystem
rehabilitation: Limitations of community structure data. Restoration Ecology 10:156–168.

Brown, B. L. 2003. Spatial heterogeneity reduces temporal variability in stream insect communities. Ecology
Letters 6:316–325.

Carpenter, S. R., D. Ludwig, and W. A. Brock. 1999. Management of eutrophication for lakes subject to po-
tentially irreversible change. Ecological Applications 9:751–771.

Chase, J. M. 2003. Experimental evidence for alternative stable equilibria in a benthic pond food web. Ecol-
ogy Letters 6:733–741.

Choi, Y. D. 2004. Theories for ecological restoration in changing environment: Toward “futuristic” restora-
tion. Ecological Research 19:75–81.

9. The Dynamic Nature of Ecological Systems: Multiple States and Restoration Trajectories 205



Choi, Y. D., and M. K. Wali. 1995. The role of Panicum virgatum (switch grass) in the revegetation of iron-
mine tailings in northern New York. Restoration Ecology 3:123–132. 

Cione, N. K., P. E. Padgett, and E. B. Allen. 2002. Restoration of a native shrubland impacted by exotic
grasses, frequent fire, and nitrogen deposition in southern California. Restoration Ecology 10:376–384.

Clements, F. E. 1916. Plant succession: An analysis of the development of vegetation. Washington, DC: Car-
nagie Institute of Washingon Publication.

Connell, J. H., and R. O. Slatyer. 1977. Mechanisms of succession in natural communities and their role in
community stability and organization. American Naturalist 111:1119–1144. 

Connell, J. H., and W. P. Sousa. 1983. On the evidence needed to judge ecological stability or persistence.
American Naturalist 121:789–824.

Copeland, T. E., W. Sluis, and H. F. Howe. 2002. Fire season and dominance in an Illinois tallgrass prairie
restoration. Restoration Ecology 10:315–323.

Corbin, J. D., C. D’Antonio, and S. J. Bainbridge. 2004. Tipping the balance in the restoration of native
plants. In Experimental approaches in conservation biology, ed. M. S. Gordon and S. M. Bartol, 154–179.
Berkeley: University of California Press.

Corbin, J. D., and C. M. D’Antonio. 2004. Can carbon addition increase competitiveness of native grasses?
A case study from California. Restoration Ecology 12:36–43.

D’Antonio, C. M., R. F. Hughes, and P. M. Vitousek. 2001. Factors influencing dynamics of two invasive 
C-4 grasses in seasonally dry Hawaiian woodlands. Ecology 82:89–104.

Davis, J. A., M. McGuire, S. A. Halse, D. Hamilton, P. Horwitz, A. J. McComb, R. H. Froend, M. Lyons,
and L. Sim. 2003. What happens when you add salt: Predicting impacts of secondary salinisation on 
shallow aquatic ecosystems by using an alternative-states model. Australian Journal of Botany 51:715–
724.

Del Moral, R. 1998. Early succession on lahars spawned by Mount St Helens. American Journal of Botany
85:820–828.

Del Moral, R. 1999. Plant succession on pumice at Mount St. Helens, Washington. American Midland Nat-
uralist 141:101–114.

Dent, C. L., G. S. Cumming, and S. R. Carpenter. 2002. Multiple states in river and lake ecosystems. Philo-
sophical Transactions of the Royal Society of London, Series B 357:635–645.

Drury, W. H., and I. C. T. Nisbet. 1973. Succession. Journal of the Arnold Arboretum 54:331–368.
Dudgeon, S., and P. S. Petraitis. 2001. Scale-dependent recruitment and divergence of intertidal communi-

ties. Ecology 82:991–1006.
Ehrenfeld, J. G. 2003. Effects of exotic plant invasions on soil nutrient cycling processes. Ecosystems

6:503–523.
Ellis, J. E., and D. M. Swift. 1988. Stability of African pastoral ecosystems—Alternate paradigms and impli-

cations for development. Journal of Range Management 41:450–459. 
Eriksson, O., and A. Eriksson. 1998. Effects of arrival order and seed size on germination of grassland plants:

Are there assembly rules during recruitment? Ecological Research 13:229–239.
Foley, J. A., M. T. Coe, M. Scheffer, and G. L. Wang. 2003. Regime shifts in the Sahara and Sahel: Interac-

tions between ecological and climatic systems in northern Africa. Ecosystems 6:524–539.
Foster, B. L., and K. L. Gross. 1999. Temporal and spatial patterns of woody plant establishment in Michi-

gan old fields. American Midland Naturalist 142:229–243.
Foster, D. R., D. H. Knight, and J. F. Franklin. 1998. Landscape patterns and legacies resulting from large,

infrequent forest disturbances. Ecosystems 1:497–510.
Franklin, J. F., and J. A. MacMahon. 2000. Ecology—Messages from a mountain. Science 288:1183–1185.
Franks, S. J. 2003. Facilitation in multiple life-history stages: Evidence for nucleated succession in coastal

dunes. Plant Ecology 168:1–11.
Friedel, M. H. 1991. Range condition assessment and the concept of thresholds—A viewpoint. Journal of

Range Management 44:422–426.
Gordon, D. R. 1998. Effects of invasive, non-indigenous plant species on ecosystem processes: Lessons from

Florida. Ecological Applications 8:975–989.
Grover, J. P., and J. H. Lawton. 1994. Experimental studies on community convergence and alternative sta-

ble states—Comments. Journal of Animal Ecology 63:484–487.
Gunderson, L. H. 2000. Ecological resilience—In theory and application. Annual Review of Ecology and

Systematics 31:425–439.

206 restoring ecological function



Handa, I. T., and R. L. Jefferies. 2000. Assisted revegetation trials in degraded salt-marshes. Journal of Ap-
plied Ecology 37:944–958.

Hanski, I., and O. Ovaskainen. 2002. Extinction debt at extinction threshold. Conservation Biology
16:666–673.

Hawkins, S. J., J. R. Allen, and S. Bray. 1999. Restoration of temperate marine and coastal ecosystems: Nudg-
ing nature. Aquatic Conservation–Marine and Freshwater Ecosystems 9:23–46.

Hobbs, R. J., and J. A. Harris. 2001. Restoration ecology: Repairing the Earth’s ecosystems in the new mil-
lennium. Restoration Ecology 9:239–246.

Hobbs, R. J., and D. A. Norton. 1996. Towards a conceptual framework for restoration ecology. Restoration
Ecology 4:93–110.

Holl, K. D., E. E. Crone, and C. B. Schultz. 2003. Landscape restoration: Moving from generalities to
methodologies. Bioscience 53:491–502.

Holmgren, M., and M. Scheffer. 2001. El Niño as a window of opportunity for the restoration of degraded
arid ecosystems. Ecosystems 4:151–159.

Khater, C., A. Martin, and J. Maillet. 2003. Spontaneous vegetation dynamics and restoration prospects for
limestone quarries in Lebanon. Applied Vegetation Science 6:199–204.

Law, R., and R. D. Morton. 1993. Alternative permanent states of ecological communities. Ecology 74:1347–
1361.

Levin, L. A., and T. S. Talley. 2002. Natural and manipulated sources of heterogeneity controlling early fau-
nal development of a salt marsh. Ecological Applications 12:1785–1802.

Lewontin, R. C. 1969. Meaning of stability. Upton, NY: Brookhaven Symposia in Biology.
Lichter, J. 2000. Colonization constraints during primary succession on coastal Lake Michigan sand dunes.

Journal of Ecology 88:825–839.
Lindig-Cisneros, R., J. Desmond, K. E. Boyer, and J. B. Zedler. 2003. Wetland restoration thresholds: Can a

degradation transition be reversed with increased effort? Ecological Applications 13:193–205.
Luken, J. O. 1990. Directing ecological succession. London: Chapman & Hall.
Lytle, D. A., and N. L. Poff. 2004. Adaptation to natural flow regimes. Trends in Ecology & Evolution

19:94–100.
Mack, M. C., and C. M. D’Antonio. 1998. Impacts of biological invasions on disturbance regimes. Trends in

Ecology & Evolution 13:195–198.
Mack, M. C., C. M. D’Antonio, and R. E. Ley. 2001. Alteration of ecosystem nitrogen dynamics by exotic

plants: A case study of C-4 grasses in Hawaii. Ecological Applications 11:1323–1335.
Matson, P., K. A. Lohse, and S. J. Hall. 2002. The globalization of nitrogen deposition: Consequences for

terrestrial ecosystems. Ambio 31:113–119.
McCauley, E., R. M. Nisbet, W. W. Murdoch, A. M. de Roos, and W. S. C. Gurney. 1999. Large-amplitude

cycles of Daphnia and its algal prey in enriched environments. Nature 402:653–656.
McClanahan, T., N. Polunin, and T. Done. 2002. Ecological states and the resilience of coral reefs. Conser-

vation Ecology 6. 
Melbourne, B. A., K. F. Davies, C. R. Margules, D. B. Lindenmayer, D. A. Saunders, C. Wissel, and 

K. Henle. 2004. Species survival in fragmented landscapes: Where to from here? Biodiversity and Con-
servation 13:275–284.

Mitch, W. J., and R. F. Wilson. 1996. Improving the success of wetland creation and restoration with know-
how, time, and self-design. Ecological Applications 6:77–83.

Moss, B., J. Stansfield, K. Irvine, M. Perrow, and G. Phillips. 1996. Progressive restoration of a shallow lake:
A 12-year experiment in isolation, sediment removal and biomanipulation. Journal of Applied Ecology
33:71–86.

Mullineaux, L. S., C. H. Peterson, F. Micheli, and S. W. Mills. 2003. Successional mechanism varies along
a gradient in hydrothermal fluid flux at deep-sea vents. Ecological Monographs 73:523–542.

Nielsen, S., C. Kirschbaum, and A. Haney. 2003. Restoration of midwest oak barrens: Structural manipula-
tion or process-only? Conservation Ecology 7. 

Novak, J., and K. Prach. 2003. Vegetation succession in basalt quarries: Pattern on a landscape scale. Applied
Vegetation Science 6:111–116.

Nystrom, M., C. Folke, and F. Moberg. 2000. Coral reef disturbance and resilience in a human-dominated
environment. Trends in Ecology & Evolution 15:413–417.

Odum, E. P. 1969. The strategy of ecosystem development. Science 164:262–270.

9. The Dynamic Nature of Ecological Systems: Multiple States and Restoration Trajectories 207



Opperman, J. J., and A. M. Merenlender. 2000. Deer herbivory as an ecological constraint to restoration of
degraded riparian corridors. Restoration Ecology 8:41–47.

Ostfeld, R. S., and K. LoGiudice. 2003. Community disassembly, biodiversity loss, and the erosion of an
ecosystem service. Ecology 84:1421–1427.

Paine, R. T., J. C. Castillo, and J. Cancino. 1985. Perturbation and recovery patterns of starfish-dominated
intertidal assemblages in Chile, New Zealand, and Washington State. American Naturalist 125:
679–691.

Palmer, M. A., R. F. Ambrose, and N. L. Poff. 1997. Ecological theory and community restoration ecology.
Restoration Ecology 5:291–300.

Palmer, M. A., E. S. Bernhardt, J. D. Allan, P. S. Lake, G. Alexander, S. Brooks, J. Carr, S. Clayton, 
C. Dahm, et al. 2005. Standards for ecologically successful river restoration. Journal of Applied Ecology,
forthcoming. 

Parker, V. T. 1997. The scale of successional models and restoration objectives. Restoration Ecology
5:301–306.

Pastor, J., B. Peckham, S. Bridgham, J. Weltzin, and J. Q. Chen. 2002. Plant community dynamics, nutrient
cycling, and alternative stable equilibria in peatlands. American Naturalist 160:553–568.

Pauly, D., V. Christensen, S. Guenette, T. J. Pitcher, U. R. Sumaila, C. J. Walters, R. Watson, and D. Zeller.
2002. Towards sustainability in world fisheries. Nature 418:689–695.

Petraitis, P. S., and R. E. Latham. 1999. The importance of scale in testing the origins of alternative com-
munity states. Ecology 80:429–442.

Pickett, S. T. A., M. L. Cadenasso, and S. Bartha. 2001. Implications from the Buell-Small succession study
for vegetation restoration. Applied Vegetation Science 4:41–52.

Pickett, S. T. A., S. L. Collins, and J. J. Armesto. 1987a. A hierarchical consideration of causes and mecha-
nisms of succession. Vegetatio 69:109–114.

Pickett, S. T. A., S. L. Collins, and J. J. Armesto. 1987b. Models, mechanisms and pathways of succession.
Botanical Review 53:335–371.

Pickett, S. T. A., J. Kolasa, J. J. Armesto, and S. L. Collins. 1989. The ecological concept of disturbance and
its expression at various hierarchical levels. Oikos 54:129–136.

Poff, N. L., J. D. Allan, M. B. Bain, J. R. Karr, K. L. Prestegaard, B. D. Richter, R. E. Sparks, and J. C.
Stromberg. 1997. The natural flow regime. Bioscience 47:769–784.

Prach, K. 2003. Spontaneous succession in central-European man-made habitats: What information can be
used in restoration practice? Applied Vegetation Science 6:125–129.

Prach, K., S. Bartha, C. B. Joyce, P. Pysek, R. van Diggelen, and G. Wiegleb. 2001. The role of spontaneous
vegetation succession in ecosystem restoration: A perspective. Applied Vegetation Science 4:111–114.

Prober, S. M., K. R. Thiele, and I. D. Lunt. 2002. Identifying ecological barriers to restoration in temperate
grassy woodlands: Soil changes associated with different degradation states. Australian Journal of Botany
50:699–712.

Pywell, R. F., J. M. Bullock, A. Hopkins, K. J. Walker, T. H. Sparks, M. J. W. Burke, and S. Peel. 2002.
Restoration of species-rich grassland on arable land: Assessing the limiting processes using a multi-site ex-
periment. Journal of Applied Ecology 39:294–309.

Pywell, R. F., J. M. Bullock, D. B. Roy, L. I. Z. Warman, K. J. Walker, and P. Rothery. 2003. Plant traits as
predictors of performance in ecological restoration. Journal of Applied Ecology 40:65–77.

Rietkerk, M., and J. vandeKoppel. 1997. Alternate stable states and threshold effects in semi-arid grazing sys-
tems. Oikos 79:69–76.

Rinaldi, S., and M. Scheffer. 2000. Geometric analysis of ecological models with slow and fast processes.
Ecosystems 3:507–521.

Rojo, C., and M. Alvarez-Cobelas. 2003. Are there steady-state phytoplankton assemblages in the field? Hy-
drobiologia 502:3–12.

Rood, S. B., C. R. Gourley, E. M. Ammon, L. G. Heki, J. R. Klotz, M. L. Morrison, D. Mosley, G. G. Scop-
pettone, S. Swanson, and P. L. Wagner. 2003. Flows for floodplain forests: A successful riparian restora-
tion. Bioscience 53:647–656.

Salmaso, N. 2003. Life strategies, dominance patterns and mechanisms promoting species coexistence in
phytoplankton communities along complex environmental gradients. Hydrobiologia 502:13–36.

Sarre, S., G. T. Smith, and J. A. Meyers. 1995. Persistence of 2 species of gecko (Oedura reticulata and
Gehyra variegata) in remnant habitat. Biological Conservation 71:25–33.

208 restoring ecological function



Scheffer, M., S. Carpenter, J. A. Foley, C. Folke, and B. Walker. 2001. Catastrophic shifts in ecosystems. Na-
ture 413:591–596.

Scheffer, M., S. Rinaldi, A. Gragnani, L. R. Mur, and E. H. van Nes. 1997. On the dominance of filamen-
tous cyanobacteria in shallow, turbid lakes. Ecology 78:272–282.

Scheffer, M., F. Westley, and W. Brock. 2003. Slow response of societies to new problems: Causes and costs.
Ecosystems 6:493–502.

Schlesinger, W. H., J. F. Reynolds, G. L. Cunningham, L. F. Huenneke, W. M. Jarrell, R. A. Virginia, and
W. G. Whitford. 1990. Biological feedbacks in global desertification. Science 247:1043–1048.

Seabloom, E. W., W. S. Harpole, O. J. Reichman, and D. Tilman. 2003. Invasion, competitive dominance,
and resource use by exotic and native California grassland species. Proceedings of the National Academy
of Sciences, USA 100:13384–13389.

Sheley, R. L., and J. Krueger-Mangold. 2003. Principles for restoring invasive plant-infested rangeland. Weed
Science 51:260–265.

Siemann, E., J. Haarstad, and D. Tilman. 1999. Dynamics of plant and arthropod diversity during old field
succession. Ecography 22:406–414.

Stringham, T. K., W. C. Krueger, and P. L. Shaver. 2003. State and transition modeling: An ecological pro-
cess approach. Journal of Range Management 56:106–113.

Stylinski, C. D., and E. B. Allen. 1999. Lack of native species recovery following severe exotic disturbance in
southern Californian shrublands. Journal of Applied Ecology 36:544–554.

Suding, K. N., and D. Goldberg. 2001. Do disturbances alter competitive hierarchies? Mechanisms of
change following gap creation. Ecology 82:2133–2149.

Suding, K. N., K. L. Gross, and G. Houseman. 2004. Alternative states and positive feedbacks in restoration
ecology. Trends in Ecology & Evolution 193:46–53.

Sutherland, J. P. 1974. Multiple stable points in natural communities. American Naturalist 108:859–873.
Sutherland, W. J. 2002. Restoring a sustainable countryside. Trends in Ecology & Evolution 17:148–150.
Tilman, D. 1985. The resource-ratio hypothesis of plant succession. American Naturalist 125:827–852.
Tilman, D. 1990. Constraints and tradeoffs—Toward a predictive theory of competition and succession.

Oikos 58:3–15.
Tilman, D. 1996. Biodiversity: Population versus ecosystem stability. Ecology 77:350–363.
Underwood, A. J., and P. G. Fairweather. 1989. Supply-side ecology and benthic marine assemblages. Trends

in Ecology & Evolution 4:16–20.
Van Auken, O. W. 2000. Shrub invasions of North American semiarid grasslands. Annual Review of Ecology

and Systematics 31:197–215.
vandeKoppel, J., M. Rietkerk, and F. J. Weissing. 1997. Catastrophic vegetation shifts and soil degradation in

terrestrial grazing systems. Trends in Ecology & Evolution 12:352–356.
Vander Zanden, M. J., S. Chandra, B. C. Allen, J. E. Reuter, and C. R. Goldman. 2003. Historical food web

structure and restoration of native aquatic communities in the Lake Tahoe (California-Nevada) Basin.
Ecosystems 6:274–288.

van Nes, E. H., and M. Scheffer. 2003. Alternative attractors may boost uncertainty and sensitivity in eco-
logical models. Ecological Modelling 159:117–124.

Walker, L. R., and R. del Moral. 2003. Primary succession and ecosystem rehabilitation. Cambridge, UK:
Cambridge University Press.

Weiher, E., and P. Keddy, editors. 1999. Ecological assembly rules: Perspectives, advances, retreats. Cam-
bridge, UK: Cambridge University Press.

Westoby, M., B. Walker, and I. Noymeir. 1989. Range management on the basis of a model which does not
seek to establish equilibrium. Journal of Arid Environments 17:235–239.

Whisenant, S. G. 1999. Repairing damaged wildlands: A process-oriented, landscape-scale approach. Cam-
bridge, UK: Cambridge University Press.

Wootton, J. T. 2002. Mechanisms of successional dynamics: Consumers and the rise and fall of species dom-
inance. Ecological Research 17:249–260.

Zedler, J. B. 2000. Progress in wetland restoration ecology. Trends in Ecology & Evolution 15:402–407.
Zedler, J. B., and J. C. Callaway. 1999. Tracking wetland restoration: Do mitigation sites follow desired tra-

jectories? Restoration Ecology 7:69–73.

9. The Dynamic Nature of Ecological Systems: Multiple States and Restoration Trajectories 209



Chapter 10

Biodiversity and Ecosystem Functioning in
Restored Ecosystems: Extracting Principles for a
Synthetic Perspective

Shahid Naeem

The purpose of this chapter is to adapt a synthetic ecological perspective to restoration ecol-
ogy. I will argue that this perspective provides valuable and interesting insights into the theo-
retical and empirical foundations of restoration ecology much the way it has for ecology in
general. This perspective, which I will refer to as the biodiversity-ecosystem functioning per-
spective, or BEF perspective, synthesizes the perspectives of community and ecosystem ecol-
ogy, both of which have been adapted to restoration ecology elsewhere. The community per-
spective focuses on principles of community ecology in which an understanding of the
trophic, competitive, and facilitative interactions among populations can provide insights
into identifying restoration targets, selecting what ecological processes and properties to
monitor, and designing the path or strategies by which one reaches restoration targets. In
contrast, the ecosystem perspective concerns principles from ecosystem ecology in which en-
ergy flow and nutrient cycles in ecosystems provide insights into targets, monitoring, and
strategies. The community and ecosystem perspectives, as they relate to restoration ecology,
are each nicely summarized by Palmer et al. (1997) and Ehrenfeld and Toth (1997), respec-
tively. This chapter builds upon their contributions.

The BEF perspective differs from the community and ecosystem perspectives because it
treats communities and ecosystems as inseparable; any change in a community has its con-
sequences for ecosystem functioning, and vice versa. I will argue that this BEF perspective
provides a different approach to understanding the significance of restoration in modern
landscapes, landscapes that are increasingly or, inevitably, will be mosaics of unmanaged
(e.g., ecological reserves, “wild” or “pristine” lands); managed (e.g., pastures, farms, aqua-
cultural systems, managed lakes and watersheds, or managed wildlife and recreational
parks); and degraded ecosystems (e.g., clear-cut old-growth, collapsed fisheries, eutrophied
lakes and waterways, or the habitats left at the end of strip-mining and mountain-top
removal).

In a nutshell, the BEF perspective considers all ecosystems in the modern landscape as
biogeochemical systems on or displaced from a fundamental relationship between biodiver-
sity and ecosystem functioning. From this perspective, restoration is the activity that seeks to
restore displaced ecosystems to this fundamental relationship. The three perspectives, com-
munity, ecosystem, and BEF perspectives, are compared in Figure 10.1. 
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Biodiversity and Ecosystem Functioning (BEF)

Biodiversity and ecosystem functioning is a large and rapidly growing field (Schulze and
Mooney 1993; Kinzig et al. 2002), but its significance to restoration ecology has not been ex-
plored. While the discipline is new, its foundations are not (Naeem 2002c). The BEF per-
spective is founded on well-established principles in community ecology, such as resource-
competition and niche theory (e.g., Tilman et al. 1997a); Lotka-Volterra theory (e.g., Hughes
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Figure 10.1 The community, ecosystem, and biodiversity-ecosystem functioning (BEF) per-
spectives. This figure compares how each perspective considers the state of an ecosystem desig-
nated for ecological restoration (solid black circles) in relationship to the state of the target
ecosystem (bull’s eye circles) and other states (open circles). The community perspective allows
for the possibility that restoration may lead to alternative stable states that complicate efforts to
reach designated targets. The BEF perspective considers managed ecosystems to be those whose
levels of functioning have been elevated at the expense of biodiversity, while degraded ecosys-
tems are considered ones that have suffered losses in both functioning and biodiversity.



and Roughgarden 1998, 2000); and theory from ecosystem ecology, such as nutrient cycling
and dynamic food webs (e.g., De Mazancourt et al. 1998). Empirical testing of these princi-
ples is also extensive and one of the more rapidly growing areas in ecological research
(Loreau 1998a, 2001). Its key principles, that of niche complementarity (Hector 1998;
Petchey 2000; Loreau and Hector 2001), functional groups (Díaz and Cabido 2001; Lavorel
and Garnier 2002; Petchey and Gaston 2002; Naeem and Wright 2003), and species redun-
dancy (Naeem 1998), are all familiar parts of community and ecosystems ecology developed
long before the BEF perspective began to emerge.

While its parts are largely familiar, BEF is nevertheless unique in its treatment of biodi-
versity as a key factor regulating ecosystem functioning within bounds set by climate and ge-
ography. For the restorationist, the BEF perspective suggests considering not just targets,
whether they be specific community targets or specific ecosystem function targets, but the
full realm of possible community configurations and the ecosystem functions associated with
those configurations. By realm, I mean the range of possible expressions of ecosystem func-
tioning likely to be obtained for all possible community compositions and structures. This
idea is developed further below.

Another important feature of the contemporary BEF perspective is that it is also implicitly
multiscale in its construction. It considers the subset of species found in an ecosystem as the
product of extrinsic factors (e.g., climate, geography, history, or other abiotic factors) that se-
lect for species from the regional or global species pool, while local patterns in distribution,
abundance, and dynamics are governed by intrinsic factors (e.g., biotic interactions) (Loreau
et al. 2001). In other words, global-scale factors set the stage within which local-scale factors
govern the expression of ecosystem functioning. 

I will begin by a review of the basic ecological principles that form the foundation for
BEF ecology, briefly defining the many terms (Table 10.1) that have come to be associated
with BEF research. 

Ecosystem Function and Ecosystem Functioning
Though the scientific domain of the BEF perspective is large, biogeochemical principles are
at its core. Every ecosystem contains an assemblage of species whose individuals, no matter
how evolutionarily or ecologically unique they may be, do one thing: they cycle material
back and forth between organic and inorganic forms, generally referred to as ecosystem pro-
cesses or ecosystem functions. Ecosystem processes are measured by assessing the flux rates of
matter among pools of living organic (biomass), dead organic, and inorganic matter with em-
phasis on C and N, though many other biologically active elements are also measured. The
most frequently measured ecosystem processes are presented in Table 10.2. They allow com-
parisons among ecosystems and the ability to understand ecosystem response to environmen-
tal change, whether these changes involve the loss of species, biological invasion, changes in
species composition or trophic structure, or habitat modification. These measures are there-
fore important tools by which ecologists gauge ecosystem response to change, be they attrib-
utable to natural causes, management, or restoration. Many contemporary methods are re-
viewed in Sala et al. (2000) and Chapin III et al. (2002).

In the absence of biological processes, a habitat exhibits magnitudes and rates of geo-
chemical cycling that are governed by abiotic factors, such as climate and geography, and
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abiotic processes, such as photolysis and chemical weathering. In the presence of organisms,
however, the magnitudes and rates of geochemical processes are modified. The field of bio-
geochemistry is the study of biologically modified geochemical processes (Butcher et al.
1992; Schlesinger 1997; Smil 1997, 1999; Ernst 2000). From the BEF perspective, ecosystem
functions consist of biogeochemical activities associated with the habitat under investigation.
To avoid connotations of “purpose,” ecosystem functioning is often used, rather than ecosys-
tem function, to emphasize activity and not purpose.

Note that I equate ecosystem function with biogeochemical or ecosystem processes.
Ecosystem property, on the other hand, refers to all other ecosystem characteristics (e.g., sta-
bility properties). Note also that ecosystem functions are distinct from ecosystem services, the
latter being associated with values humans place on ecosystems. These terms, however, take
on a variety of meanings within the literature.

Biodiversity: It’s Not Just Species
Biodiversity is an all-encompassing term (Table 10.1), but from the standpoint of ecosystem
functioning, functional diversity rather than taxonomic diversity is the most relevant compo-
nent of biodiversity. Functional groups of species are variously defined, but one of the more
common classification schemes involves grouping species by traits that relate to ecosystem
functioning. There are innumerable ways of classifying species by their contributions to
ecosystem functioning, the most common being a hierarchal system in which trophic groups
represent the first cut. Within trophic groups, functional groups are more finely divided, such
as dividing plants into C3, C4, leguminous forbs, and non-leguminous forbs, or dividing phy-
toplankton into size classes. More recently, ecologists have advocated a dual classification
scheme based on organism traits that involve responses to changes in an ecosystem (response-
functional) and traits that are directly related to the ecosystem process of interest (effect-
functional) (Díaz and Cabido 2001; Lavorel and Garnier 2002; Naeem and Wright 2003).

Classifying species by function is counter to taxonomic classification that is generally
based on evolutionary principles. To classify species by function emphasizes similarities in
functional or analogous traits, as opposed to homologous or shared, derived traits, these being
key to evolutionarily based taxonomic classifications. At very fine scales, the two are likely to
be related (Petchey and Gaston 2002), but not at coarse scales.

Classification by function leads immediately to notions of species redundancy or equiva-
lency (Walker 1992; Lawton and Brown 1993; Walker 1995; Naeem 1998). At coarse scales of
classification, there are likely to be many species that fall into the same functional group, and
such species may be ecologically equivalent to one another even though they are taxonomi-
cally different. Such ecological equivalency can be considered species redundancy if the
equivalent species can truly replace one another by compensatory growth. However, if two
species are identical in their ecology, but the extinction of the dominant species is not com-
pensated for by the rare species (i.e., the species remains rare in the absence of its ecological
equivalent), then the rare species does not actually replace the lost species, and the species
are equivalent, but not redundant. 

Unfortunately, the term redundancy often carries a connotation of expendability, as
though a redundant species is unnecessary or is redundant across all functions. Indeed, one
test for species redundancy would be to remove a species from a functional group and

10. Biodiversity and Ecosystem Functioning in Restored Ecosystems 213



t
a

b
l

e
 
1
0

.
1

Te
rm

s i
n 

bi
od

iv
er

sit
y-

ec
os

ys
te

m
 fu

nc
tio

ni
ng

 re
se

ar
ch

 a
nd

 th
ei

r i
m

po
rt

an
ce

 to
 e

xp
er

im
en

t, 
th

eo
ry

, o
r p

ra
ct

ic
e 

in
 re

sto
ra

tio
n 

ec
ol

og
y.

 T
he

 se
le

ct
ed

re
fe

re
nc

e 
or

 re
fe

re
nc

es
 li

ste
d 

us
e 

or
 d

efi
ne

 th
e 

te
rm

s i
n 

gr
ea

te
r d

ep
th

.
Te

rm
D

efi
ni

tio
n

E
xa

m
pl

e
R

es
to

ra
tio

n 
sig

ni
fic

an
ce

R
ef

er
en

ce
s

B
io

di
ve

rs
ity

T
he

 g
en

et
ic

, p
hy

lo
ge

-
ne

tic
, p

op
ul

at
io

n,
 a

nd
fu

nc
tio

na
l v

ar
ia

tio
n 

of
or

ga
ni

sm
s a

cr
os

s a
ll

te
m

po
ra

l a
nd

 sp
at

ia
l

sc
al

es
 w

ith
in

 a
nd

am
on

g 
ec

os
ys

te
m

s
an

d 
th

ei
r c

om
m

u-
ni

tie
s.

A 
la

nd
sc

ap
e 

of
 m

ul
tip

le
 e

co
sy

ste
m

ty
pe

s (
e.

g.
, a

 m
os

ai
c 

of
 g

ra
ss

la
nd

an
d 

w
oo

dl
an

d 
sit

es
) h

as
 g

re
at

er
bi

od
iv

er
sit

y 
th

an
 a

 la
nd

sc
ap

e 
of

 a
sin

gl
e 

ec
os

ys
te

m
 ty

pe
, e

ve
n 

if
bo

th
 la

nd
sc

ap
es

 h
av

e 
sim

ila
r

nu
m

be
rs

 o
f s

pe
ci

es
. L

ik
ew

ise
, a

co
m

m
un

ity
 th

at
 h

as
 g

re
at

er
 fu

nc
-

tio
na

l d
iv

er
sit

y 
th

an
 a

no
th

er
 h

as
hi

gh
er

 b
io

di
ve

rs
ity

. 

T
he

re
 is

 n
o 

ne
ce

ss
ar

y 
on

e-
to

-o
ne

 c
or

-
re

sp
on

de
nc

e 
be

tw
ee

n 
ta

xo
no

m
ic

di
ve

rs
ity

 a
nd

 b
io

di
ve

rs
ity

. O
fte

n
bi

od
iv

er
sit

y-
ba

se
d 

re
sto

ra
tio

n 
ta

r-
ge

ts 
ar

e 
pu

re
ly

 ta
xo

no
m

ic
 (i

.e
.,

sp
ec

ie
s)

 b
as

ed
 w

he
n,

 in
 fa

ct
, b

io
di

-
ve

rs
ity

 re
sto

ra
tio

n 
sh

ou
ld

 se
ek

 a
ba

la
nc

e 
be

tw
ee

n 
re

sto
rin

g 
ge

ne
tic

,
po

pu
la

tio
n,

 ta
xo

no
m

ic
, a

nd
 fu

nc
-

tio
na

l d
iv

er
sit

y.

H
ar

pe
r a

nd
 H

aw
ks

w
or

th
19

95

B
io

lo
gi

ca
l i

ns
ur

an
ce

H
av

in
g 

a 
di

ve
rs

ity
 o

f
sp

ec
ie

s t
ha

t d
iff

er
 in

th
ei

r r
es

po
ns

es
 to

ch
an

ge
s i

n 
en

vi
ro

n-
m

en
ta

l c
on

di
tio

ns
lo

w
er

s t
he

 v
ar

ia
nc

e 
of

ec
os

ys
te

m
 fu

nc
tio

n-
in

g 
in

 a
 fl

uc
tu

at
in

g
en

vi
ro

nm
en

t.

An
 e

co
sy

ste
m

 w
ith

 m
an

y 
sp

ec
ie

s o
f

he
rb

iv
or

ou
s m

am
m

al
s t

ha
t e

ac
h

re
sp

on
d 

di
ffe

re
nt

ly
 to

 c
lim

at
e

va
ria

bi
lit

y 
is 

m
or

e 
lik

el
y 

to
 sh

ow
lo

w
er

 v
ar

ia
nc

e 
in

 p
rim

ar
y 

pr
o-

du
ct

io
n 

ov
er

 m
an

y 
ye

ar
s t

ha
n 

an
ec

os
ys

te
m

 w
ith

 o
nl

y 
a 

fe
w

 sp
ec

ie
s

of
 m

am
m

al
ia

n 
he

rb
iv

or
es

 o
r w

ith
he

rb
iv

or
es

 th
at

 a
re

 id
en

tic
al

 in
th

ei
r r

es
po

ns
e 

to
 d

ro
ug

ht
.

In
cr

ea
sin

g 
bi

od
iv

er
sit

y 
by

 in
cr

ea
sin

g
th

e 
va

rie
ty

 o
f s

pe
ci

es
 th

at
 d

iff
er

 in
th

ei
r r

es
po

ns
es

 to
 e

nv
iro

nm
en

ta
l

ch
an

ge
 m

ay
 lo

w
er

 th
e 

va
ria

nc
e 

of
ec

os
ys

te
m

 fu
nc

tio
ni

ng
 in

 sy
ste

m
s

w
he

re
 th

e 
en

vi
ro

nm
en

t c
on

st
an

tly
flu

ct
ua

te
s.

Pe
rr

in
gs

 1
99

5;
 F

ol
ke

 e
t

al
. 1

99
6;

 Y
ac

hi
 a

nd
Lo

re
au

 1
99

9

C
om

bi
na

to
ria

l e
x-

pe
rim

en
t

C
on

str
uc

tin
g 

a 
se

rie
s o

f
re

pl
ic

at
e 

ex
pe

rim
en

-
ta

l m
od

el
 e

co
sy

ste
m

s
th

at
 a

re
 in

iti
al

ly
 id

en
-

tic
al

 in
 a

ll 
co

nd
iti

on
s

ex
ce

pt
 b

io
di

ve
rs

ity
.

B
io

di
ve

rs
ity

 is
 e

xp
lic

-
itl

y 
m

an
ip

ul
at

ed
 su

ch
th

at
 it

s c
om

po
ne

nt
s

(s
pe

ci
es

, f
un

ct
io

na
l

gr
ou

ps
, o

r a
ny

 o
th

er
as

pe
ct

 o
f d

iv
er

sit
y)

 a
re

as
sig

ne
d 

to
 re

pl
ic

at
es

at
 ra

nd
om

.

Se
le

ct
in

g 
16

 sp
ec

ie
s o

f d
om

in
an

t
pl

an
ts 

in
 a

n 
ec

os
ys

te
m

 a
nd

 
es

ta
bl

ish
in

g 
ex

pe
rim

en
ta

l p
lo

ts
co

ns
ist

in
g 

of
 m

on
oc

ul
tu

re
s, 

2-
sp

ec
ie

s, 
4-

sp
ec

ie
s, 

8-
sp

ec
ie

s,
an

d 
16

-sp
ec

ie
s p

ol
yc

ul
tu

re
s r

ep
re

-
se

nt
s a

 st
an

da
rd

 c
om

bi
na

to
ria

l
ex

pe
rim

en
t.

C
om

bi
na

to
ria

l e
xp

er
im

en
ta

l d
es

ig
ns

pr
ov

id
e 

a 
m

ea
ns

 fo
r e

xp
lo

rin
g

w
hi

ch
 c

om
bi

na
tio

ns
 o

f s
pe

ci
es

 o
r

ot
he

r e
le

m
en

ts 
of

 b
io

di
ve

rs
ity

 a
re

m
os

t e
ffe

ct
iv

e 
fo

r a
ch

ie
vi

ng
 re

sto
ra

-
tio

n 
ta

rg
et

s. 
H

ow
ev

er
, s

uc
h 

ex
pe

ri-
m

en
ts 

ar
e 

co
stl

y 
an

d 
tim

e 
co

ns
um

-
in

g,
 a

nd
 o

ne
 m

us
t b

e 
ca

re
fu

l t
o

di
se

nt
an

gl
e 

sa
m

pl
in

g 
fro

m
 se

le
c-

tio
n 

ef
fe

ct
s i

n 
su

ch
 e

xp
er

im
en

ts.

N
ae

em
 e

t a
l. 

19
95

;
N

ae
em

 e
t a

l. 
19

96
;

G
ar

ni
er

 e
t a

l. 
19

97
;

Al
lis

on
 1

99
9;

 H
ec

to
r

et
 a

l. 
19

99
; N

ae
em

20
02

a



E
co

sy
ste

m
 p

ro
ce

ss
 o

r
fu

nc
tio

n
A 

bi
og

eo
ch

em
ic

al
 p

ro
-

ce
ss

.
E

xa
m

pl
es

: p
rim

ar
y 

pr
od

uc
tio

n,
 d

e-
co

m
po

sit
io

n,
 b

io
lo

gi
ca

l n
itr

og
en

fix
at

io
n.

M
on

ito
rin

g 
ec

os
ys

te
m

 fu
nc

tio
ni

ng
 is

as
 im

po
rt

an
t a

s s
pe

ci
es

 c
om

po
si-

tio
n 

an
d 

str
uc

tu
re

 in
 te

rm
s o

f o
ut

-
co

m
es

, b
ec

au
se

 re
sto

ra
tio

n 
ef

fo
rts

ar
e 

un
lik

el
y 

to
 b

e 
su

cc
es

sfu
l w

ith
-

ou
t t

he
 su

pp
or

tin
g 

ec
ol

og
ic

al
 p

ro
-

ce
ss

es
.

de
 G

ro
ot

 1
99

2

E
co

sy
ste

m
 p

ro
pe

rty
C

ha
ra

ct
er

ist
ic

s o
f s

tru
c-

tu
re

, d
yn

am
ic

s, 
or

ot
he

r f
ea

tu
re

s o
f a

n
ec

os
ys

te
m

’s 
bi

og
eo

-
ch

em
ist

ry
, p

op
ul

a-
tio

ns
, o

r c
om

m
un

i-
tie

s.

E
co

sy
ste

m
 p

ro
pe

rti
es

 in
cl

ud
e 

st
ab

il-
ity

 (e
.g

., 
va

ria
bi

lit
y,

 re
sil

ie
nc

e,
 re

-
sis

ta
nc

e,
 o

r p
er

sis
te

nc
e 

of
 e

co
sy

s-
te

m
 p

ro
ce

ss
es

 o
r p

op
ul

at
io

ns
),

th
e 

ab
ili

ty
 to

 re
sis

t i
nv

as
io

n,
 o

r
th

e 
co

m
pl

ex
ity

 o
f i

ts 
fo

od
 w

eb
s.

M
on

ito
rin

g 
dy

na
m

ic
s o

f b
ot

h 
po

pu
la

-
tio

ns
 a

nd
 e

co
sy

ste
m

 fu
nc

tio
ns

 is
im

po
rt

an
t b

ec
au

se
 th

is 
m

ay
 se

rv
e

as
 a

 b
ar

om
et

er
 o

f r
es

to
ra

tio
n

pr
og

re
ss

.

M
cN

au
gh

to
n 

19
77

E
co

sy
ste

m
 re

lia
bi

lit
y

T
he

 p
ro

ba
bi

lit
y 

th
at

 a
n

ec
os

ys
te

m
 w

ill
 p

ro
-

vi
de

 a
 g

iv
en

 le
ve

l o
f

ec
os

ys
te

m
 fu

nc
tio

n-
in

g 
ov

er
 a

 sp
ec

ifi
ed

pe
rio

d.

A 
ra

re
 p

re
da

to
ry

 in
se

ct
 m

ay
 g

ro
w

du
rin

g 
an

 in
se

ct
 p

es
t o

ut
br

ea
k 

at
w

hi
ch

 p
oi

nt
 it

 se
rv

es
 a

 m
aj

or
 ro

le
in

 b
io

co
nt

ro
l. 

T
hu

s, 
th

e 
re

sto
ra

-
tio

n 
of

 e
ve

n 
ra

re
 sp

ec
ie

s c
an

 im
-

pr
ov

e 
re

lia
bi

lit
y.

R
es

to
rin

g 
ra

re
, s

ee
m

in
gl

y 
un

im
po

r-
ta

nt
 sp

ec
ie

s, 
no

t j
us

t d
om

in
an

t
sp

ec
ie

s, 
m

ay
 p

ro
ve

 im
po

rt
an

t f
or

in
su

rin
g 

th
at

 re
sto

ra
tio

n 
is 

re
ta

in
ed

du
rin

g 
fu

tu
re

 e
nv

iro
nm

en
ta

l
ch

an
ge

s.

N
ae

em
 a

nd
 L

i 1
99

7;
N

ae
em

 1
99

8;
 R

as
te

t-
te

r e
t a

l. 
19

99
; N

ae
em

20
03

b

E
co

sy
ste

m
 se

rv
ic

e
G

oo
ds

 o
r s

er
vi

ce
s d

e-
riv

ed
 fr

om
 a

 fu
nc

tio
n-

in
g 

ec
os

ys
te

m
. 

G
oo

ds
: l

um
be

r, 
bi

of
ue

ls,
 p

ot
ab

le
w

at
er

. S
er

vi
ce

s: 
G

re
en

ho
us

e 
ga

s
re

gu
la

tio
n 

(e
.g

., 
C

 se
qu

es
tra

tio
n

an
d 

sto
ra

ge
), 

so
il 

fo
rm

at
io

n,
 a

nd
re

cr
ea

tio
n.

W
ha

t e
co

lo
gi

sts
 st

ud
y 

an
d 

w
ha

t p
eo

-
pl

e 
va

lu
e 

ar
e 

re
la

te
d,

 b
ut

 o
ne

 n
ee

ds
to

 tr
an

sla
te

 fr
om

 o
ne

 to
 th

e 
ot

he
r

(i.
e.

, e
co

sy
ste

m
 fu

nc
tio

ns
 to

 e
co

sy
s-

te
m

 g
oo

ds
 a

nd
 se

rv
ic

es
). 

E
hr

lic
h 

an
d 

M
oo

ne
y

19
83

; D
ai

ly
 e

t a
l.

19
97

E
ffe

ct
 fu

nc
tio

na
l

tra
it

Sp
ec

ie
s t

ra
its

 a
ss

oc
ia

te
d

w
ith

 a
 sp

ec
ifi

c 
ec

os
ys

-
te

m
 fu

nc
tio

n.

T
he

 e
ffe

ct
 fu

nc
tio

na
l t

ra
its

 o
f a

dr
ou

gh
t-t

ol
er

an
t l

eg
um

e 
as

so
ci

-
at

ed
 w

ith
 so

il 
fe

rti
lit

y 
w

ou
ld

 b
e

tra
its

 a
ss

oc
ia

te
d 

w
ith

 sy
m

bi
ot

ic
 a

f-
fil

ia
tio

ns
 w

ith
 N

-fi
xi

ng
 m

ic
ro

be
s. 

It 
m

ay
 b

e 
va

lu
ab

le
 to

 c
on

sid
er

 th
e 

ef
-

fe
ct

s o
f s

pe
ci

es
 o

n 
th

ei
r e

nv
iro

n-
m

en
t i

n 
or

de
r t

o 
lin

k 
sp

ec
ie

s
re

sto
ra

tio
n 

w
ith

 e
co

sy
ste

m
 fu

nc
-

tio
n 

re
sto

ra
tio

n.

La
vo

re
l a

nd
 G

ar
ni

er
20

02
; N

ae
em

 a
nd

W
rig

ht
 2

00
3

Fu
nc

tio
na

l d
iv

er
sit

y
T

he
 d

iv
er

sit
y 

of
 sp

ec
ie

s
ch

ar
ac

te
riz

ed
 b

y 
th

ei
r

fu
nc

tio
na

l t
ra

its
.

If 
a 

gr
as

sla
nd

 p
at

ch
 h

as
 1

00
 sp

ec
ie

s
of

 g
ra

ss
es

, i
t i

s f
un

ct
io

na
lly

 le
ss

 d
i-

ve
rs

e 
th

an
 a

 p
at

ch
 w

ith
 o

ne
sp

ec
ie

s o
f g

ra
ss

 a
nd

 o
ne

 sp
ec

ie
s o

f
le

gu
m

e.
 N

ot
e 

th
at

 w
hi

le
 th

er
e 

is
no

 n
ec

es
sa

ry
 c

or
re

la
tio

n 
be

tw
ee

n
fu

nc
tio

na
l a

nd
 ta

xo
no

m
ic

 d
iv

er
-

sit
y,

 in
 g

en
er

al
, i

t i
s b

el
ie

ve
d 

th
at

as
 o

ne
 in

cr
ea

se
s, 

so
 d

oe
s t

he
ot

he
r.

R
es

to
ra

tio
n 

sh
ou

ld
 m

ax
im

iz
e 

fu
nc

-
tio

na
l d

iv
er

sit
y,

 th
ou

gh
 th

is 
is 

of
te

n
di

ffi
cu

lt 
be

ca
us

e 
fu

nc
tio

na
l d

iv
er

-
sit

y 
is 

se
ld

om
 k

no
w

n.
 O

ne
 te

nd
s t

o
as

su
m

e 
th

at
 ta

xo
no

m
ic

 d
iv

er
sit

y 
=

fu
nc

tio
na

l d
iv

er
sit

y,
 b

ut
 th

er
e 

is 
lit

-
tle

 e
vi

de
nc

e 
fo

r t
hi

s, 
an

d 
th

e
re

sto
ra

tio
ni

st 
sh

ou
ld

 e
xp

lo
re

sp
ec

ie
s p

ro
pe

rti
es

 in
 th

e 
pu

bl
ish

ed
lit

er
at

ur
e 

(s
ee

 “
Fu

nc
tio

na
l

gr
ou

ps
”)

.

C
ol

lin
s a

nd
 B

en
ni

ng
19

96
; D

ía
z 

an
d

C
ab

id
o 

20
01

; L
av

or
el

an
d 

G
ar

ni
er

 2
00

2;
Pe

tc
he

y 
an

d 
G

as
to

n
20

02



t
a

b
l

e
 
1
0

.
1
 
(c

on
ti

nu
ed

)
Te

rm
D

efi
ni

tio
n

E
xa

m
pl

e
R

es
to

ra
tio

n 
sig

ni
fic

an
ce

R
ef

er
en

ce
s

Fu
nc

tio
na

l g
ro

up
s

Sp
ec

ie
s g

ro
up

ed
 b

y
fu

nc
tio

na
l t

ra
its

.
Le

gu
m

es
, g

ra
ss

es
, a

nd
 n

on
-le

gu
m

i-
no

us
 fo

rb
s. 

M
ic

ro
- a

nd
 m

ac
ro

-
ar

th
ro

po
ds

 in
 so

il 
fa

un
a.

 D
en

itr
i-

fy
in

g 
an

d 
N

-fi
xi

ng
 b

ac
te

ria
.

Fu
nc

tio
na

l g
ro

up
s m

ay
 a

llo
w

 fo
r a

m
or

e 
ra

pi
d,

 q
ua

lit
at

iv
e 

as
se

ss
m

en
t

of
 fu

nc
tio

na
l d

iv
er

sit
y.

 

K
ör

ne
r 1

99
3;

 C
ha

pi
n 

II
I

et
 a

l. 
19

96
; G

ita
y 

an
d

N
ob

le
 1

99
7;

 S
m

ith
 e

t
al

. 1
99

7
N

ic
he

 c
om

pl
em

en
-

ta
rit

y
W

he
n 

tw
o 

or
 m

or
e

sp
ec

ie
s u

se
 re

so
ur

ce
s

in
 c

om
pl

em
en

ta
ry

w
ay

s s
uc

h 
th

at
 to

-
ge

th
er

 th
ey

 m
or

e 
ef

-
fe

ct
iv

el
y 

us
e 

av
ai

la
bl

e
re

so
ur

ce
s (

e.
g.

, s
pa

ce
,

lig
ht

, n
ut

rie
nt

s)
 th

an
ei

th
er

 c
an

 a
lo

ne
.

D
ee

p 
an

d 
sh

al
lo

w
 ro

ot
ed

 p
la

nt
s

m
ay

 c
ol

le
ct

iv
el

y 
m

ak
e 

m
or

e 
ef

-
fe

ct
iv

e 
us

e 
of

 so
il 

nu
tri

en
ts 

th
an

on
e 

or
 th

e 
ot

he
r a

lo
ne

.

C
om

pl
em

en
ta

ry
 sp

ec
ie

s p
ro

vi
de

 fo
r

m
or

e 
ef

fe
ct

iv
e 

ec
os

ys
te

m
 fu

nc
tio

n-
in

g 
th

an
 c

om
pe

tit
iv

e 
sp

ec
ie

s. 
M

or
e

ef
fe

ct
iv

e 
fu

nc
tio

ni
ng

re
fe

rs
 to

gr
ea

te
r e

ffi
ci

en
cy

 o
r m

or
e 

th
or

-
ou

gh
 e

xp
lo

ita
tio

n 
of

 re
so

ur
ce

s i
n

an
 e

co
sy

ste
m

 b
y 

co
m

m
un

iti
es

 in
w

hi
ch

 n
ic

he
 c

om
pl

em
en

ta
rit

y 
is

pr
ev

al
en

t.

H
ec

to
r e

t a
l. 

19
99

Po
rtf

ol
io

 e
ffe

ct
Se

e 
“S

ta
tis

tic
al

 a
ve

ra
g-

in
g.

”
R

es
po

ns
e 

fu
nc

tio
na

l
tra

it
Sp

ec
ie

s t
ra

its
 th

at
 in

flu
-

en
ce

/d
et

er
m

in
e 

re
-

sp
on

se
 to

 a
n 

en
vi

ro
n-

m
en

ta
l c

ha
ng

e.

T
he

 re
sp

on
se

 fu
nc

tio
na

l t
ra

its
 o

f a
dr

ou
gh

t-t
ol

er
an

t l
eg

um
e 

pe
rm

it
to

le
ra

nc
e 

to
 d

ro
ug

ht
, s

uc
h 

as
de

ep
 ro

ot
s, 

w
ax

y 
ep

ic
ut

ic
al

, o
r

hi
gh

 w
at

er
-u

se
 e

ffi
ci

en
cy

. 

It 
m

ay
 b

e 
va

lu
ab

le
 to

 c
on

sid
er

 a
sp

ec
ie

s’ 
re

sp
on

se
s t

o 
en

vi
ro

nm
en

-
ta

l c
ha

ng
e,

 b
ec

au
se

 th
is 

m
ay

 d
et

er
-

m
in

e 
th

e 
lo

ng
 te

rm
 su

cc
es

s o
f a

re
sto

ra
tio

n 
ef

fo
rt.

La
vo

re
l a

nd
 G

ar
ni

er
20

02
; N

ae
em

 a
nd

W
rig

ht
 2

00
3

Sa
m

pl
in

g 
ef

fe
ct

In
 c

om
bi

na
to

ria
l e

xp
er

i-
m

en
ts,

 o
r i

n 
na

tu
ra

l
ha

bi
ta

ts 
w

he
re

pa
tc

he
s a

re
 re

pe
at

ed
ly

re
co

lo
ni

ze
d 

by
sp

ec
ie

s f
ro

m
 th

e 
re

-
gi

on
al

 sp
ec

ie
s p

oo
l,

sp
ec

ie
s w

ith
 st

ro
ng

po
sit

iv
e 

ef
fe

ct
s h

av
e 

a
hi

gh
er

 p
ro

ba
bi

lit
y 

of
oc

cu
rr

in
g 

in
 h

ig
he

r
di

ve
rs

ity
 tr

ea
tm

en
ts.

If 
th

e 
sp

ec
ie

s p
oo

l c
on

sis
ts 

of
 1

0
sp

ec
ie

s a
nd

 o
nl

y 
on

e 
sp

ec
ie

s i
s a

le
gu

m
e,

 th
en

 th
at

 sp
ec

ie
s h

as
un

iq
ue

 im
pa

ct
s o

n 
so

il 
N

 c
on

-
te

nt
. T

he
 p

ro
ba

bi
lit

y 
th

at
 a

n 
ex

-
pe

rim
en

ta
l p

lo
t c

on
ta

in
s a

le
gu

m
e 

w
he

n 
th

er
e 

ar
e 

10
 sp

ec
ie

s
is 

10
⁄1

0 
or

 1
.0

 in
 th

e 
10

-sp
ec

ie
s

pl
ot

s, 
5⁄

10
 in

 th
e 

5-
sp

ec
ie

s p
lo

ts,
an

d 
1⁄

10
 in

 th
e 

m
on

oc
ul

tu
re

pl
ot

s. 
T

hu
s, 

by
 si

m
pl

e 
pr

ob
ab

ili
-

tie
s, 

hi
gh

er
 d

iv
er

sit
y 

w
ill

 h
av

e
hi

gh
er

 ra
te

s o
f N

 fi
xa

tio
n.

R
es

to
ra

tio
n 

re
se

ar
ch

 th
at

 u
se

s c
om

bi
-

na
to

ria
l e

xp
er

im
en

ts 
ne

ed
 to

 b
e

co
gn

iz
an

t o
f t

he
 fa

ct
 th

at
 p

os
iti

ve
di

ve
rs

ity
-fu

nc
tio

ni
ng

 a
ss

oc
ia

tio
ns

ob
se

rv
ed

 in
 su

ch
 e

xp
er

im
en

ts 
ca

n
be

 d
ue

 to
 se

le
ct

io
n 

ef
fe

ct
s (

w
hi

ch
in

cl
ud

e 
Sa

m
pl

in
g 

ef
fe

ct
s; 

se
e 

be
-

lo
w

) a
nd

 c
om

pl
em

en
ta

rit
y 

ef
fe

ct
s. 

H
us

to
n 

19
97

; L
or

ea
u

19
98

b 

Sp
ec

ie
s c

om
po

sit
io

n
T

he
 p

ar
tic

ul
ar

 se
t o

f
sp

ec
ie

s f
ou

nd
 in

 a
co

m
m

un
ity

.

C
om

m
un

iti
es

 w
ith

 si
m

ila
r l

ev
el

s o
f

sp
ec

ie
s a

nd
 fu

nc
tio

na
l d

iv
er

sit
y

an
d 

sim
ila

r l
ev

el
s o

f e
co

sy
ste

m
fu

nc
tio

ni
ng

 m
ay

 n
ev

er
th

el
es

s d
if-

fe
r i

n 
sp

ec
ie

s c
om

po
sit

io
n.

Su
cc

es
s i

n 
re

es
ta

bl
ish

in
g 

a 
bi

ot
a 

w
ill

be
 m

or
e 

lik
el

y 
if 

co
m

po
sit

io
n 

is 
ad

-
ju

ste
d 

to
 a

ch
ie

ve
 re

lia
bl

e 
an

d 
su

s-
ta

in
ab

le
 fu

nc
tio

ni
ng

.

H
oo

pe
r a

nd
 V

ito
us

ek
19

97
; T

ilm
an

 1
99

7;
H

oo
pe

r a
nd

 V
ito

us
ek

19
98

; D
uk

es
 2

00
2



Se
le

ct
io

n 
ef

fe
ct

In
 c

om
bi

na
to

ria
l e

xp
er

i-
m

en
ts,

 o
r i

n 
na

tu
ra

l
ha

bi
ta

ts 
w

he
re

pa
tc

he
s a

re
 re

pe
at

ed
ly

re
co

lo
ni

ze
d 

by
sp

ec
ie

s f
ro

m
 th

e 
re

-
gi

on
al

 sp
ec

ie
s p

oo
l,

sp
ec

ie
s w

ith
 st

ro
ng

 e
f-

fe
ct

s, 
ne

ga
tiv

e 
or

 p
os

i-
tiv

e,
 h

av
e 

a 
hi

gh
er

pr
ob

ab
ili

ty
 o

f o
cc

ur
-

rin
g 

in
 h

ig
he

r d
iv

er
-

sit
y 

tre
at

m
en

ts.

Se
e 

“S
am

pl
in

g 
ef

fe
ct

” 
ab

ov
e.

 N
ot

e
th

at
 sa

m
pl

in
g 

ef
fe

ct
s r

ef
er

 to
th

os
e 

sp
ec

ie
s t

ha
t p

os
iti

ve
ly

 in
flu

-
en

ce
 e

co
sy

ste
m

 fu
nc

tio
n,

 w
hi

le
se

le
ct

io
n 

ef
fe

ct
s r

ef
er

 m
or

e 
ge

ne
r-

al
ly

 to
 a

ny
 im

pa
ct

 a
 sp

ec
ie

s h
as

on
 a

n 
ec

os
ys

te
m

 fu
nc

tio
ni

ng
,

ne
ga

tiv
e 

or
 p

os
iti

ve
.

R
es

to
ra

tio
n 

re
se

ar
ch

 th
at

 u
se

s c
om

bi
-

na
to

ria
l e

xp
er

im
en

ts 
ne

ed
s t

o 
be

co
gn

iz
an

t o
f t

he
 fa

ct
 th

at
 p

os
iti

ve
or

 n
eg

at
iv

e 
di

ve
rs

ity
-fu

nc
tio

ni
ng

 a
s-

so
ci

at
io

ns
 o

bs
er

ve
d 

in
 su

ch
 e

xp
er

i-
m

en
ts 

ca
n 

be
 d

ue
 to

 b
ot

h 
se

le
ct

io
n

an
d 

co
m

pl
em

en
ta

rit
y 

ef
fe

ct
s.

Lo
re

au
 a

nd
 H

ec
to

r 2
00

1

Sp
ec

ie
s i

de
nt

ity
A 

sp
ec

ie
s’ 

ta
xo

no
m

ic
de

sig
na

tio
n.

W
he

n 
bi

od
iv

er
sit

y 
is 

al
te

re
d,

 th
e

ec
os

ys
te

m
 c

on
se

qu
en

ce
s o

f s
uc

h
an

 a
lte

ra
tio

n 
w

ill
 d

ep
en

d 
on

 th
e

id
en

tit
y 

of
 th

e 
sp

ec
ie

s e
xp

er
ie

nc
-

in
g 

th
e 

ch
an

ge
.

T
he

 id
en

tit
ie

s o
f s

pe
ci

es
 u

se
d 

in
 a

re
sto

ra
tio

n 
pr

oj
ec

t m
ay

 b
e 

us
ef

ul
fo

r p
re

di
ct

in
g 

ho
w

 e
co

sy
ste

m
 fu

nc
-

tio
ns

 w
ill

 re
sp

on
d 

to
 th

e 
re

sto
ra

tio
n

ac
tiv

iti
es

.

Sy
m

st
ad

 e
t a

l. 
19

98
;

C
ra

w
le

y 
et

 a
l. 

19
99

;
Va

nn
i e

t a
l. 

20
02

Sp
ec

ie
s r

ed
un

da
nc

y
W

he
n 

tw
o 

or
 m

or
e

sp
ec

ie
s a

re
 su

bs
ti-

tu
ta

bl
e 

w
ith

 re
sp

ec
t t

o
th

ei
r c

on
tri

bu
tio

ns
 to

a 
sin

gl
e 

ec
os

ys
te

m
fu

nc
tio

n.
 T

hi
s s

ho
ul

d
no

t b
e 

co
nf

us
ed

 w
ith

a 
sp

ec
ie

s h
av

in
g 

ne
g-

lig
ib

le
 e

ffe
ct

s o
n 

an
ec

os
ys

te
m

 fu
nc

tio
n.

 If
a 

sp
ec

ie
s h

as
 n

eg
lig

i-
bl

e 
ef

fe
ct

s, 
it 

m
us

t b
e

de
m

on
str

at
ed

 th
at

 th
is

is 
du

e 
to

 it
s r

ep
la

ce
-

m
en

t b
y 

co
m

pe
ns

a-
to

ry
 g

ro
w

th
 o

f a
no

th
er

sp
ec

ie
s. 

N
ot

e 
th

at
 re

-
du

nd
an

cy
 fo

r o
ne

fu
nc

tio
n 

do
es

 n
ot

m
ea

n 
re

du
nd

an
cy

 fo
r

ot
he

r f
un

ct
io

ns
.

D
ur

in
g 

a 
dr

ou
gh

t, 
dr

ou
gh

t t
ol

er
an

t
pl

an
ts 

th
at

 a
re

 ra
re

 d
ur

in
g 

no
rm

al
ye

ar
s b

ut
 in

cr
ea

se
 in

 a
bu

nd
an

ce
du

rin
g 

dr
ou

gh
t y

ea
rs

 m
ay

 b
e 

im
-

po
rt

an
t s

ou
rc

es
 o

f p
ro

du
ct

io
n.

R
ed

un
da

nc
y 

is 
ge

ne
ra

lly
 a

 g
oo

d
th

in
g.

 S
om

e 
sp

ec
ie

s m
ay

 p
la

y 
lit

tle
or

 n
o 

ro
le

 in
 a

n 
ec

os
ys

te
m

’s 
fu

nc
-

tio
ni

ng
 u

nt
il 

co
nd

iti
on

s c
ha

ng
e,

bu
t t

he
 ro

le
 a

 sp
ec

ie
s p

la
ys

 is
 c

on
-

te
xt

 d
ep

en
de

nt
. T

he
 m

or
e 

re
du

n-
da

nc
y 

in
 a

 sy
ste

m
, t

he
 m

or
e 

eq
ui

-
ta

bl
e 

an
 e

co
sy

ste
m

’s 
fu

nc
tio

ni
ng

 in
th

e 
fa

ce
 o

f fl
uc

tu
at

in
g 

en
vi

ro
nm

en
-

ta
l c

on
di

tio
ns

.

W
al

ke
r 1

99
2;

 L
aw

to
n

an
d 

B
ro

w
n 

19
93



t
a

b
l

e
 
1
0

.
1
 
(c

on
ti

nu
ed

)
Te

rm
D

efi
ni

tio
n

E
xa

m
pl

e
R

es
to

ra
tio

n 
sig

ni
fic

an
ce

R
ef

er
en

ce
s

Sp
ec

ie
s s

in
gu

la
rit

y
W

he
n 

a 
pa

rti
cu

la
r

ec
os

ys
te

m
 fu

nc
tio

n 
is

tie
d 

to
 a

 si
ng

le
sp

ec
ie

s. 
N

ot
e 

th
at

 si
n-

gu
la

rit
y 

fo
r o

ne
 fu

nc
-

tio
n 

do
es

 n
ot

 m
ea

n
sin

gu
la

rit
y 

fo
r o

th
er

fu
nc

tio
ns

.

A 
co

m
m

un
ity

 w
ith

 o
nl

y 
on

e 
to

p
pr

ed
at

or
, o

r a
 p

la
nt

 c
om

m
un

ity
w

ith
 o

nl
y 

on
e 

N
-fi

xi
ng

 le
gu

m
e,

ea
ch

 c
on

ta
in

 si
ng

ul
ar

 sp
ec

ie
s. 

If 
a 

sin
gl

e 
sp

ec
ie

s i
s c

rit
ic

al
 to

 a
n

ec
os

ys
te

m
’s 

fu
nc

tio
n 

be
ca

us
e 

no
ot

he
r c

an
 ta

ke
 it

s p
la

ce
, t

he
n 

su
c-

ce
ss

 o
f a

 re
sto

ra
tio

n 
pl

an
 m

ay
 b

e
tie

d 
to

 th
at

 sp
ec

ie
s.

N
ae

em
 1

99
8

St
at

ist
ic

al
 a

ve
ra

gi
ng

A 
st

at
ist

ic
al

 p
ro

pe
rty

 o
f

ag
gr

eg
at

e 
m

ea
su

re
s i

n
w

hi
ch

 th
e 

va
ria

nc
e 

of
th

e 
ag

gr
eg

at
e 

m
ea

-
su

re
 d

ec
lin

es
 a

s t
he

di
ve

rs
ity

 o
f t

he
 it

em
s

in
 th

e 
ag

gr
eg

at
io

n 
in

-
cr

ea
se

s. 
Al

so
 re

fe
rr

ed
to

 a
s t

he
 “

Po
rtf

ol
io

 e
f-

fe
ct

.”

A 
la

nd
sc

ap
e 

m
ad

e 
up

 o
f m

an
y 

se
m

i-
in

de
pe

nd
en

t e
co

sy
ste

m
s i

s, 
as

 a
w

ho
le

, m
or

e 
lik

el
y 

to
 sh

ow
 lo

w
er

va
ria

nc
e 

ov
er

 ti
m

e 
an

d 
sp

ac
e 

in
to

ta
l e

co
sy

ste
m

 p
ro

du
ct

io
n 

th
an

 a
sim

ila
r l

an
ds

ca
pe

 c
ov

er
ed

 b
y 

a
sin

gl
e,

 la
rg

e,
 h

om
og

en
eo

us
ec

os
ys

te
m

.

D
iv

er
sif

y,
 fo

r t
he

 sa
m

e 
re

as
on

s t
ha

t
co

rp
or

at
io

ns
 a

nd
 in

di
vi

du
al

 in
-

ve
sto

rs
 d

o.
 R

es
to

re
d 

sy
ste

m
s w

ith
hi

gh
er

 b
io

di
ve

rs
ity

 a
re

 li
ke

ly
 to

 p
ro

-
vi

de
 m

or
e 

pr
ed

ic
ta

bl
e 

an
d 

po
ss

ib
ly

hi
gh

er
 le

ve
ls 

of
 d

es
ire

d 
ec

os
ys

te
m

fu
nc

tio
ns

.

D
oa

k 
et

 a
l. 

19
98

;
T

ilm
an

 e
t a

l. 
19

98



monitor whether a particular ecosystem function related to that functional group showed a
response. If the response to loss was nil, then the species is redundant. That does not mean,
however, that it is expendable. Such a test examines only one function, and species redun-
dancy with respect to one function does not mean redundancy with respect to other func-
tions. Additionally, a species that is redundant under one set of conditions does not mean that
it is redundant under all conditions.

Another important aspect of biodiversity concerns commonness (or dominance) and rar-
ity. Most communities consist of only a few common or numerically dominant species while
the rest are relatively rare. The removal of a dominant species, one whose total biomass (the
sum of the biomass of all individuals) is much greater than the average total biomass of other
species, is more likely to have a significant impact on ecosystem functioning than the re-
moval of a rare species whose total biomass is small. Thus, the removal of individual species
within a trophic group is likely to have little to no impact on ecosystem functioning because
most species, on average, are rare (Schwartz et al. 2000). The continuum between redun-
dancy, expendability, and keystone status, or the importance of species, has been reviewed re-
cently by several authors in Kareiva and Levin (2003).

One of the central concepts in the BEF perspective concerns the continuum between
species redundancy and its converse, species singularity, where an ecosystem function is 
governed by a single species. This continuum is key to designating functional groups (as
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table 10.2 

Common ecosystem processes used in ecology, management, and restoration.
Ecosystem process
or function Biogeochemical activity How it is measured Examples

Productivity Transformation of inor-
ganic C to organic
matter.

Biomass of autotroph
(plant or algal) pro-
duced per unit time.

Whole system sequestration
of C per unit time, or sim-
ply the difference in au-
totrophic standing crop
over time.

Decomposition Transformation of dead
organic material into
inorganic material.

Percent mass loss of
dead organic material
per unit time.

Loss of litter, woody debris,
carrion, or other dead or-
ganic mass in bags placed
on or in soil, sediments, or
water. 

N mineralization Transformation of or-
ganic forms of N into
inorganic forms.

Accumulation of ni-
trates, nitrites, and
ammonium per gram
of soil, sediment, or
water, per unit time.

N-free resin bags are buried
in soil, retrieved at a later
date, and inorganic N that
has impregnated the resin
is extracted and measured.

Photosynthesis Acquisition of energy
and inorganic C.

Number of moles of C
fixed per unit time
per mole of photons
intercepted, by the
area, examined over a
unit time.

Measured as oxygen evolu-
tion or CO2 absorption in
the presence of light.

Respiration Loss of energy due to
the biochemical
transformation of or-
ganic C into inor-
ganic C by organisms.

Efflux of CO2. Measured as CO2 evolution
in closed or flow-through
chambers placed over a
portion of the ecosystem of
interest.



discussed above), designing experiments (discussed below), and constructing the fundamen-
tal relationship between biodiversity and ecosystem functioning (also discussed below). Like
redundancy, singularity does not mean that a species singular for one function is singular for
others, nor does it mean that it is singular under all conditions. Such context dependency of
functional classifications, where the redundant or singular status of a species changes if either
the community or environmental conditions change, was seen by the late Masahiko Higashi
as one of the major challenges for BEF research (Naeem et al. 1998).

Ecosystem Functioning: It’s More Than Just Magnitudes
When restoring an ecosystem’s functioning, such as its ability to retain nutrients, produce
plant and animal biomass, degrade pollutants, or produce clean water, the magnitude of
functioning represents only one dimension of restoration; the durability or reliability of the
restored system is equally important. Such stability properties of ecosystems as spatial hetero-
geneity or temporal patterns in biogeochemical processes or the distribution and abundance
of organisms have been studied extensively by ecologists. BEF research has contributed sig-
nificantly to some recent advances in this area of research (McCann 2000; Cottingham et al.
2001; Loreau et al. 2002a). Temporal variability of ecosystem functioning is particularly im-
portant in the context of restoration, especially how variable, predictable, or reliable ecosys-
tem functioning is in relation to biodiversity, rather than resilience or resistance. (Note that
spatial heterogeneity may be equally important in restoration, but I focus on temporal het-
erogeneity as it is more relevant to resilience and resistance.) 

Variability, predictability, and reliability of ecosystem functioning are all important,
closely related properties of ecosystems and constitute an important part of overall restoration
goals and practices. Variability concerns how much fluctuation there is around the mean or
central tendency of an ecosystem function. Predictability refers to the probability that an
ecosystem will exhibit the same level of functioning under the same set of conditions. Relia-
bility is the probability of an ecosystem exhibiting a particular level of functioning over a unit
of time, given the norms for environmental variability and the likelihood that some species
within the ecosystem are likely to suffer local extinction. 

BEF’s contributions to these issues are many, but three are particularly important to
restoration ecology: statistical averaging, or the portfolio effect; biological insurance; and
ecosystem reliability, the latter two having already been discussed a bit in relation to species re-
dundancy. Statistical averaging (Doak et al. 1998) is a simple statistical feature of aggregate
measures of multiple populations in which the variance of the aggregate measure declines
when the number of populations increases. The portfolio effect, which is closely related
(Tilman et al. 1998), nicely captures this statistical property by referring to the well-known
business adage that a portfolio of mixed stocks will, over the long term, be more even in its per-
formance than a portfolio dominated by a few high-yielding stocks. Tilman and colleagues
noted, however, that the strength of statistical averaging, or the strength of the portfolio effect,
is sensitive to deviations from the assumption of neutral covariance in the statistical averaging
model. Neutral covariance among interacting species is unlikely to occur in nature, thus one
should not automatically expect statistical averaging to lower variance as diversity increases.

Biological insurance is the venerable idea in ecology that having lots of species that are
differently adapted to environmental variability provides for more equitable ecosystem func-
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tioning than having a few species that are identical in their response to changes in the envi-
ronment (Perrings 1995; Folke et al. 1996; Yachi and Loreau 1999). Yachi and Loreau (1999)
demonstrated theoretically that if the optima for multiple species vary for some factor, then
not only is the variance of an ecosystem’s function likely to be lower with higher biodiversity,
but the magnitude of ecosystem functioning may also increase. (Note that it is not necessar-
ily always desirable to have greater magnitudes of ecosystem functioning, only that Yachi and
Loreau suggest that biodiversity loss will simultaneously lower ecosystem predictability and
levels of functioning, both of which may need to be restored).

Ecosystem reliability (Naeem 1998; Rastetter et al. 1999; Naeem 2003b) is derived di-
rectly from reliability engineering (e.g., Lewis 1987; Süleyman 1996; Ebeling 1997) and
draws attention to the fact that the probability that an ecosystem will exhibit a particular
level of functioning over time is not likely to be constant unless conditions are constant, as
are all of its species and their interactions and dependencies upon one another. This notion
of reliability as applied to engineered systems has been applied to aging (e.g., Koltover
1997), genetic robustness (Eagner 2000; Gu et al. 2003), and other properties of biological
systems, but rarely applied to ecological systems. The tenet of reliability theory is that relia-
bility declines steadily in any system that is not actively maintained or repaired. The basic
reason for this decline is that every species in an ecosystem has a finite probability of local
extinction if the system is not actively managed to prevent local extinction and there is no
significant immigration. Immigration would ordinarily be the source of recruits in an un-
managed system that would rescue or restore a species from local extinction, but in an in-
creasingly fragmented and depauperate world, immigration may not occur, or it occurs at
too low a level to serve this function anymore. Reliability therefore draws attention to the
importance of recruitment, immigration, restocking, isolation, and ecological subsidies in
restoration.

Community, Ecosystem, and BEF Perspectives

From the above review, it is clear that ecosystem functioning, in terms of localized biogeo-
chemical processes, is governed by the biota within an ecosystem whose boundary conditions
are set by abiotic factors such as material fluxes, climate, and geography. Changes in the
biota of an ecosystem, such as the loss of a species or widespread declines in diversity caused
by an ecological invader or habitat fragmentation, can alter ecosystem functioning, although
the magnitude of the change is dependent on which species are affected and how important
they are to the ecosystem function under consideration. From the standpoint of ecosystem
function, both in terms of response and effect traits, functional classification is more infor-
mative than taxonomic classification, though functional and taxonomic diversity are likely to
be closely related as one uses increasingly higher resolutions of ecosystem function. Theoret-
ically, one would expect that most changes in biodiversity, in terms of species loss or dramatic
reductions in abundance, have little impact on a given ecosystem function since many
species are likely to be redundant, but when the change involves nonredundant species, the
resulting changes in ecosystem functioning may be dramatic.

These principles can be used to derive a general or fundamental relationship between
biodiversity and ecosystem function, which is needed to develop the framework by which we
can relate BEF to restoration ecology.
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A Fundamental Relationship Between Biodiversity and Ecosystem Functioning
Though still a young field, experimental and theoretical BEF research suggests a basic or
fundamental relationship between biodiversity and ecosystem functioning that can be ap-
plied to restoration. The fact that all species are singular when they are the only one in a
functional group and are likely to be redundant when additional species are added (provided
they are capable of compensating for one another in each other’s absence) leads to a theoret-
ically asymptotic relationship between biodiversity and ecosystem functioning. The theoreti-
cal endpoint in this relationship is the point where there is no ecosystem functioning when
no species are present. The addition of species immediately leads to some functioning, but an
asymptote or leveling off occurs at the point where all functional groups are represented by at
least one species (Figures 10.1 and 10.2). As noted above, one has to first declare what func-
tion is under consideration before constructing such a relationship, and the more coarse the
function, the less definite the relationship.

As the number of species (S) often correlates with functional diversity, I will use S to rep-
resent biodiversity and F to represent the number of functional groups. All functional groups
(F) are likely to be present, even at low levels of diversity; thus, the curve begins to saturate be-
yond the point where every functional group is represented by at least one species (S/F ≥1,
Figure 10.2). Debate surrounds just what the actual shape of the curve is (Naeem et al.
2002), but most studies to date have confirmed an asymptotic relationship (e.g., Naeem et al.
1996; Tilman et al. 1996; Hector et al. 1999).

For restoration ecology, BEF suggests that most of an ecosystem’s functioning may be
achieved with only one or a few species per functional group, but such an ecosystem is less
robust than one with many species per functional group. The asymptotic curve and the vari-
ability surrounding it provide the key to implementing a strategy based on BEF. (Note that, in
reality, there are many species, many ecosystem functions, and many relationships among
these, thus these arguments address basic patterns.)

Combinatorial: A View of Nature and a Tool
Envisioning the relationship between biodiversity and ecosystem functioning by imagining
an empty ecosystem that is steadily and randomly populated with species (or steadily and ran-
domly depopulated with species) can be translated directly into an experiment, and this is ex-
actly how early BEF studies sought to articulate the BEF perspective. This combinatorial ap-
proach also articulates BEF’s relevance to restoration ecology.

BEF experimental methods employ combinatorial designs that are immediately applica-
ble to restoration research. Experimental tests involve selecting an ecosystem and a pool of
species, and from this pool establishing monocultures of each species. Monocultures (i.e.,
single-species replicates) and polycultures (i.e., multispecies replicates) are constructed ac-
cording to a design in which several biodiversity treatment levels are used (Naeem 2002b).
This kind of experiment using combinatorial species assembly is referred to as a combinator-
ial experiment and, for biodiversity experiments that use large numbers of species, it is rela-
tively unique to BEF research. The process is illustrated in Figure 10.3, where an original
community is deconstructed into its components, and then reconstructed in a variety of ways,
each way involving some random, usually unique, combination (strictly in a combinatorial
sense) of species.
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Figure 10.2 The biodiversity-ecosystem function (BEF) perspective. (A) This figure captures
the basic components of the BEF perspective by illustrating ecosystem function, referring specif-
ically to ecosystem processes (e.g., litter decomposition, NPP, N-mineralization), as a dependent
function of biodiversity. From the BEF perspective, most changes in biodiversity result in minor
changes in ecosystem function, but at critically low levels, further loss changes ecosystem func-
tion. This point is likely to be where there is only one species per functional group such that if
the number of species (S) within functional groups (F) drops to an average below one, then any
further loss means that an entire functional group is missing, and ecosystem functioning changes
significantly. This yields a theoretical asymptotic function that has been widely observed in BEF
experiments in which the flat portion results from a prevalence of redundant species, whereas
the steep portion to the left results from the predominance of species that are singular in their
function. (B) This figure illustrates the theoretical realm of possible expressions of ecosystem
functioning based on a couple of assumptions. The first assumption is that it is possible to have
higher levels of ecosystem functioning by the restructuring of the biotic composition, though
one must be careful to note that if such a change occurs it is not through subsidization. The
lower boundary follows a Michalis-Menton function in which it is assumed that small additions
of species enhance ecosystem processes, but this enhancement follows a saturating curve. Note
that the true realm of ecosystem function is likely to be both system specific and function spe-
cific and only qualitatively resemble this figure. (C) This figure compares the realm of ecosys-
tem functioning (shaded regions on left and right that surround the saturating curve) with two
versions of the same ecosystem: a species-poor version on the left and a species-rich version on
the right. Note that the larger the shaded region, the larger the realm of possible ecosystem func-
tioning and the lower the predictability of an ecosystem’s functioning. This comparison illus-
trates that even though both versions are capable of providing similar levels of ecosystem func-
tioning, in the face of biodiversity loss, the species-poor version is less predictable than the
species-rich version.



Such experiments, and the thinking behind them, require us to revisit Figure 10.2, be-
cause the importance of the realm of ecosystem functioning now becomes apparent. At low
levels of diversity the range around the central tendency (the asymptotic curve) is enormous.
For any set of monocultures made up of species drawn from a community that typically has,
as described earlier, only a few numerically dominant species and many rare species, those
few numerically dominant species are likely to dominate ecosystem functioning. The rest are
likely to show far lower levels of functioning, which is why the realm of possible values or ex-
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Figure 10.3 The combinatorial experiment as used in BEF research in comparison to restora-
tion ecology. Each square represents an ecosystem, the area reflecting the magnitude of func-
tioning. Letters denote species, and the lines surrounding them, their relative contribution to
ecosystem function. On the left, the large square represents the functioning of a large, complex
ecosystem in its original, unmanaged state. Species D, F, and H are dominant. In the first phase
of a combinatorial experiment, replicate experimental ecosystems are established both as mono-
cultures and as polycultures. In polycultures, species are initially established at equal densities.
Conceptually, this first phase is equivalent to deconstructing the original system into its species,
then reconstructing multiple, replicate ecosystems in which species diversity varies from low to
high. The second phase allows for species interactions to take place. The results (farthest right
set of squares) are different levels of functioning with different degrees of dominance by species.
Which species occur in each replicate reflects sampling effects from the combinatorial design,
while the end results are determined by how the species selected for each plot interact with one
another (e.g., competition, facilitation, niche complementarity). The dashed arrows indicate
how restoration ecology experiments compare with BEF experiments. Typically, restoration in-
volves obtaining species from monocultures or unmanaged systems and using them to construct
diverse communities whose maturation is managed to achieve a relative distribution and abun-
dance of species and level of ecosystem functioning that is comparable to the original ecosystem.



pressions of ecosystem functioning is large when considering monocultures. If one started a
monoculture by selecting species at random from a predefined pool, one would have a low
probability of selecting the single most productive species at random if the pool of available
species is very large. If one starts a polyculture, especially if one selects a large number of
species from the pool, then even if selection is entirely random, the probability is much
higher that the polyculture will contain the most productive species.

Inherent with such empirical approaches is the need to separate sampling, selection, and
niche complementarity effects. Sampling effects concern the simple fact that as one in-
creases the number of species in the replicate, one automatically increases the probability of
including those few dominant species with strong positive effects (Huston 1997). Sampling
effects are special cases of the more general selection effects in which any species with dis-
proportionate impacts (positive or negative) on an ecosystem occur with higher probabilities
in high-diversity replicates. Selection effects mimic niche complementarity effects; the latter
occurring when higher diversity exhibits functioning that exceeds what is predicted from
monocultures (Loreau and Hector 2001). Combinatorial experiments always yield results
that are a mixture of selection and complementarity effects, and Loreau and Hector (2002)
devised methods for separating these two effects.

Much of the controversy surrounding experimental BEF research concerns whether sam-
pling or complementarity account for the results, but this issue is not critical for restoration.
Whichever the case may be (i.e., sampling, complementarity, facilitation, or some mix of
these are responsible for experimental findings), the BEF curve shown in figures 10.1 and
10.2 still stands as a plausible perspective of the general relationship between biodiversity and
ecosystem functioning, and it is supported by theoretical, observational, and experimental
studies. The asymptotic curve is bounded by two curves or boundary conditions. The top
boundary represents the hypothetical maximum functioning achievable for any level of bio-
diversity (here we assume it declines slightly from the monoculture of the highest performing
species simply because some of the resources, even if just a little, are taken up by the other
species in the polyculture). The bottom boundary represents the saturation of an ecosystem
function using a Michaelis-Menton-like model (Naeem 2002c) where diversity acts like an
enzyme—a little enhances ecosystem functioning by facilitating geochemical processes,
whereas more and more eventually leads to a saturation where most aspects of the biologi-
cally enhanced geochemical process are at their maxima. If one plots the area between these
two curves as a function of diversity, one gets plots b and c in Figure 10.2, in which the realm,
or the full range of possible levels of ecosystem functioning between the upper and lower
bounds and the high and low biodiversity values, is clearly much larger for low diversity sys-
tems than for high diversity systems.

The shape of the biodiversity-functioning relationship and its upper and lower boundaries
are meant to be heuristic constructs, and so elucidating the actual curves for any system in
nature is likely to be difficult. But the fundamental principles underlying each curve—that
ecosystem functioning asymptotes with small amounts of diversity; that the upper boundary is
likely to be close to what the numerically dominant species can achieve on their own; and
that ecosystem functioning is very much like a chemical reaction (in this case a geochemical
reaction) that is facilitated by the presence of a biota, much the way a chemical reaction may
be facilitated by an enzyme—maps well onto what we know about nature.

10. Biodiversity and Ecosystem Functioning in Restored Ecosystems 225



Limitations of Current BEF Research
Although its methods represented a radical departure from traditional ecology, BEF research
is still founded on rather traditional ecological thinking. Its theory is based on conventional
resource-based (e.g., Tilman et al. 1997a; Lehman and Tilman 2000), ecosystem, and Lotka-
Volterra models (Loreau 2001). Likewise, the mechanisms of niche complementarity are
based on traditional ideas of resource partitioning and ecological niches traceable to
MacArthur and Levins (1967) and the intercropping literature (Trenbath 1974; Vandermeer
1989). 

While the combinatorial approach is a distinctive feature of BEF research, its experi-
ments have been small scale, short term, focused largely on terrestrial ecosystems, and lim-
ited in trophic complexity (Naeem 2001), though these are not uncommon features of ex-
perimental ecology. Some of these limitations have been addressed. Some studies (e.g.,
Mulder et al. 1999; Griffiths et al. 2000; Spehn et al. 2000; Downing and Liebold 2002), es-
pecially microbial microcosm studies (reviewed in Petchey et al. 2002), have included some
trophic complexity, but this research is relatively limited, given the importance of trophic
structure in communities and ecosystems. Further, with rare exceptions (e.g., Cardinale 
et al. 2002), the mechanisms of sampling, niche complementarity, and facilitation have 
not been directly tested or demonstrated to be the cause of the patterns observed in BEF
experiments.

Another limitation of BEF research might be the debate that surrounds this discipline. Af-
ter all, if scientists are in disagreement, how does one translate the findings of BEF research
into practice? The debates, however, have concerned such issues as experimental design, sta-
tistical methods, separating sampling from selection effects, and conflicts between large-scale
patterns derived from correlative studies with experimental studies. There is little disagree-
ment on the fundamentals: 

1. boundary conditions of ecosystem functioning are set by extrinsic or abiotic factors,
while biodiversity regulates functioning within these boundaries; 

2. many species may be redundant for single functions; 
3. functional diversity is more important than taxonomic diversity;  
4. trophic structure is key; 
5. small amounts of diversity can achieve the bulk of ecosystem functioning, but over

longer terms and large areas, greater diversity may be needed to ensure equitable or
consistent functioning.

Both disagreements and agreements are reviewed in a symposium volume edited by
Loreau et al. (2002b), in which the initial debates have been clarified and, in most cases, trans-
formed into research objectives. Any ecologist, including restoration ecologists, should review
these issues before embarking on research or practice that adopts the BEF perspective.

The BEF Perspective and Current Restoration Research

If we are willing to accept that the fundamental relationship between biodiversity and eco-
system functioning is reasonably approximated by an asymptotic curve, then we can develop
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a simple model for restoration ecology from the BEF perspective. We divide ecosystems 
into three useful categories: unmanaged, managed, and degraded. Unmanaged systems 
are what one might typically consider as wild, pristine, or essentially free of human influ-
ences. Since it is almost impossible, however, to find any area in the modern landscape that
could be deemed wild or free of human influences, it seems more appropriate to refer to in-
accessible ecosystems or areas set aside as reserves as unmanaged, in which, depend-
ing on the system, no extraction is allowed and no burning, stocking, culling, or other man-
agement activities are occurring. Managed systems would be any that are managed sustain-
ably for ecosystem goods and services. I refer to unsustainably managed systems as degraded
systems. Thus, a sustainable plantation or fishery will, at least by definition, never be de-
graded, while an unsustainably managed system will eventually be exhausted of nutrients 
or the necessary biota to achieve the levels of ecosystem functioning expected for the re-
gion within which it is found. This classification of all ecosystems as managed, unmanaged,
or degraded is offered simply to serve the purposes of understanding restoration ecol-
ogy from the BEF perspective, so it should not be taken as a challenge to any existing
schemes.

Managed, unmanaged, and degraded ecosystems are related by their reference to the fun-
damental, asymptotic BEF relationship. Unmanaged ecosystems would generally have
higher native diversity than their managed or degraded counterparts but most likely exhibit
lower ecosystem functioning with respect to the ecosystem functions of interest to humans.
For example, monoculture pine plantations, croplands, and rangelands each support higher
levels of desired autotrophic or heterotrophic production than the unmanaged systems they
replaced. These higher levels of functioning are achieved by the use of biocides, irrigation,
and the manipulation of species composition or species identity, but if done sustainably,
there is little reason to see such managed systems as better or worse than their natural coun-
terparts, with the exception that they require considerable efforts by humans to maintain. By
“better or worse” I mean within the context of human well-being. There are, of course, trade-
offs that have to enter into our assessment of whether a sustainable monoculture improves
human well-being better than the natural ecosystem it replaced. While maximizing one
ecosystem function (e.g., production of edible biomass) one must often minimize another
(e.g., storage of nutrient supplies and prevention of erosion). Such tradeoffs need to be part of
restoration and management strategies.

Degraded lands are simply unsustainably managed habitats that are lower in both diver-
sity and functioning. Whether the degradation occurred by unsustainable extraction (e.g.,
overfishing or overhunting) of biotic resources or by physical or chemical intrusions that dis-
rupted the system (e.g., mountaintop-removal mining or eutrophication), such ecosystems
contain little of the native biodiversity one would expect to find in the region and no longer
provide the ecosystem functions or services once associated with the system.

The business of restoration is primarily that of bringing managed or unmanaged systems,
once they have been abandoned and turned over to restorationists, back to the fundamental
asymptotic BEF relationship (Figure 10.1). The actual target may be one of much higher
biodiversity than what is necessary to achieve basic levels of ecosystem functioning, but the
initial steps would be to get ecosystem functioning back on track and then move toward tar-
gets of higher biodiversity later.
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Comparing Restoration Guidelines
Now that we have explored the foundation of the BEF perspective and related it to the com-
munity and ecosystem perspectives, we can compare guidelines each might provide. If gen-
eral guidelines for restoration were to be constructed, we might envision a slightly different
set for community, ecosystem, and BEF perspectives (Table 10.3). Each would recommend
a sequence of steps in a different order with different emphases. 

These guidelines are not meant to be pitted against one another, but rather to be selected
based on the goals of the restoration project. If the goals of a particular restoration project em-
phasize restoring a community (for example, converting an abandoned habitat to a nature re-
serve or wildlife park) or some other ecosystem in which species are the primary interest, then
one might follow a community-based guideline such as outlined. If goals emphasize restoring
ecosystem functioning—for example, an abandoned strip mining field restored to a sustain-
able rangeland, sustainably harvested forest, or other ecosystem where function is of primary
importance—then one would follow the ecosystem-based outline in Table 10.3.
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table 10.3 

A comparison of possible guidelines for different restoration goals. Each column represents the
distinct restoration goals of restoring communities, ecosystems, or the biodiversity-ecosystem

functioning (BEF) relationship.
Step Community Ecosystem BEF

1 Restore community structure
(basic trophic architecture
and dominant species).

Restore ecosystem structure 
(basic habitat, physical and
chemical conditions typical
for the ecosystem). 

Restore dominant native species
of key functional groups (au-
totrophic groups, consumer
groups, and decomposer
groups).

2 Verify that linkages among
species and community 
function have been estab-
lished (e.g., predator regula-
tion of herbivore abun-
dance, stable competitive
interactions).

Restore energy input ⁄output. Verify linkages among species 
and ascertain that their influ-
ences over ecosystem func-
tion have been established.

3 Monitor community persis-
tence (community stabil-
ity).

Restore material input ⁄out-
put.

Restore ecological redundancy 
by the addition of species that
vary in response-functional
traits and effect-functional
traits.

4 When reasonably persistent,
begin restoring rare species.

Restore community function
(basic trophic architecture
and dominant species).

Monitor community and func-
tional persistence. 

5 Verify intrasystem cycling (de-
composition, uptake, depo-
sition, turnover, residence
times).

Restore to target input and out-
put rates by amendments of
combinations of nutrients,
energy, or water.

6 Restore to ecosystem targets:
efficiency of energy transfer
among trophic groups, 
NPP, standing crop, dy-
namics (disturbance, re-
silience, resistance).

Once spatial and temporal vari-
ance in ecosystem function-
ing is within a desired range,
manipulate disturbance to
create opportunities for rare
species.



While at this stage BEF can only provide qualitative guidelines, the BEF perspective (like
other perspectives) implies that it is not possible to restore biodiversity without considering
ecosystem function, nor is it possible to restore ecosystem function without considering bio-
diversity. If one wants to recreate “natural ecosystems,” the BEF perspective provides useful
insights. If one wants to improve a degraded system and is willing to actively manage it (e.g.,
plantation forests, rangelands), then one may not need to consider the relationships between
biodiversity and ecosystem function, although the resulting system is unlikely to be self-
sustaining.

Interpreting Current Restoration Research from Three Perspectives 
We can apply these three different perspectives and guidelines to current restoration research
to get a feel for how our interpretations of findings might differ, depending on which per-
spective we adopt. In this section, I consider six studies in restoration ecology from a variety
of systems to illustrate how we might interpret their findings from the three perspectives of
community, ecosystem, and BEF. Each of these studies is excellent and makes important
points but, if revisited or expanded using a BEF perspective, they would offer additional in-
sights into developing effective restoration practice.

Example One: Tropical Restoration from a Community Perspective 

Jansen (1997) considered the restoration of a tropical rainforest (Lake Barrine National Park
in North Queensland, Australia) to be a success because the composition of the decomposer
(arthropod) community in planted plots seemed similar to that found in mature forests. This
reflects a community perspective in which the goal is to restore species diversity to targets that
are based on species diversity in natural or pristine ecosystems that can serve as models for the
original systems. From the ecosystem perspective, one might hold off claiming success until
decomposition rates were similar between planted and mature sites. From the BEF perspec-
tive, one would ask if the functional diversity of trees and functional diversity of the decom-
poser arthropod community were appropriate (dominated by the major functional groups),
and if the rates of decomposition observed in the plots were comparable to the mature forest
and robust to perturbation, given litter inputs. Numbers of species are not as key to ecosystem
functioning as functional diversity.

Example Two: Desert-Scrub Restoration from a 

Community/Trophic Perspective

An example of restoration by a community perspective is that of Patten (1997), which exam-
ines a desert-scrub restoration in Palm Springs, California, USA. Unlike the first example,
this study examines two trophic groups. In this study, vegetation appears to provide little util-
ity for predicting response by mammals to restoration, because vegetation responses were
much slower than responses by the mammal community. From an ecosystem perspective,
one might ask if the response of mammals outpaces that of vegetation, or if N-cycling or pro-
ductivity is adversely influenced in such a way that it might hinder restoration. In contrast,
the BEF perspective would suggest that the project might aim to restore a set of mammals
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and plants that represent the key functional groups (dominant plant species, herbivore,
granivore, and carnivore) for that system and then ramp up the diversity in each category as
persistence is achieved.

Example Three: Montane Forest Restoration from a 

Community/Succession Perspective 

Rhoades et al. (1998) found that planting pasture trees in the lower-montane ecosystems of
Ecuador dominated by Setaria sphacelata, an exotic foxtail grass that dominates such pas-
turelands, can help in restoration efforts. The restoration target for this system is montane
forests whose woody species are not well adapted to pasture environments. Pasture trees, how-
ever, are readily established within pastures, and they modify microclimate and edaphic con-
ditions in ways that favor the establishment of woody montane forest species. (It is unclear if
pasture trees would have to be removed or would be naturally replaced during the course of
community development.) This is a community perspective again, in which the goal is to re-
store the plant communities of pasturelands to the original montane forest. The ecosystem
perspective would ask how nutrient retention, soil respiration, and other ecosystem functions
are affected by these pasture trees before employing them as part of an overall restoration
strategy. From the BEF perspective, the goal would be to restore the original functional
groups of this ecosystem and manipulate ecosystem functioning back to levels expected for a
lower-montane ecosystem in this region. It is possible that further restoration may be hin-
dered by pasture trees, if they adversely alter ecosystem function. 

Example Four: Restoration Protocol from a Community and 

Ecosystem Perspective—Making Use of Functional Groups in 

Fynbos Restoration in South Africa 

Holmes and Richardson (1999) have developed a detailed restoration protocol for the well-
studied fynbos of South Africa that is based on a classification of fynbos fragments by their po-
sition along a gradient from highly degraded to pristine. At the highly degraded end of the
gradient, restoration begins by establishing native cover and reestablishing connections be-
tween remnants. At the pristine end of the gradient, management involves maintaining and
enhancing biodiversity. The primary goal for all fragment types is to maintain a balanced
presence of three guilds of plants that are defined by growth form, regeneration, and nutrient-
acquisition traits. This protocol is primarily a community perspective approach, but it in-
cludes an ecosystem perspective, as the authors include the importance of monitoring and
restoring ecosystem functioning as part of the overall restoration goals. Holmes and Richard-
son’s protocol includes restoring “ecosystem diversity, function, and structure” for fragments
that are near pristine. Curiously, however, the monitoring activities all involve monitoring
species, not functioning. From the BEF perspective, one would classify the plants in terms of
how they respond to environmental variability (response-functional traits) and how they im-
pact ecosystem functioning (effect-functional traits) rather than the guilds used. Growth form
(in this study, geophytes, graminoids, annuals/forbs, or shrubs) and regeneration (short-lived,
long-lived, or resprouting plants) reflect groupings by response traits. How each species af-
fects nutrient retention, soil organic N and C, erosion resistance, primary production, rates 
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of decomposition and other ecosystem functions would provide a useful means for classify-
ing species by effect traits rather than the guilds used. These may be the authors’ nutrient-
acquisition guilds, but such guilds are not clearly spelled out in the paper. These functional
groups would be used to develop a more integrative protocol for restoring both fynbos diver-
sity and ecosystem functioning.

Example Five: Using Community and Ecosystem Perspectives in

Restoring German Fens

In a restoration study of German fens, Richert et al. (2003) found that periodic wetting led
to high rates of decomposition that prevented peat buildup (a desired step in fen restora-
tion). The authors also found that the type of vegetation was critical to peat buildup since
decomposition, which removes peat, was also affected by plant community composition. In
this case, constant, not periodic, wetting was required to retard decomposition, but the ap-
propriate plants were also important. A community perspective would have emphasized
only plant community composition, while the ecosystem perspective would have empha-
sized the response of decomposition to water regime treatments (i.e., continuous or peri-
odic). In some regards, this study reflects the BEF approach in that it considered balancing
community (plant composition) and ecosystem factors (decomposition and water inputs and
outputs) to achieve the desired result of building up the peat that is a major component of
fens. The BEF perspective would suggest also identifying the plant functional traits associ-
ated with responses to wetting and effects on decomposition in order to construct a useful
functional classification scheme for fen plants in relationship to the ecosystem function of
peat accumulation.

Example Six: The Direct Application of the Biodiversity-Ecosystem

Function (BEF) Perspective to Wetland Restoration 

In a wetland restoration study, Callaway et al. (2003) directly employed the BEF perspective
both in experimental design and in interpretation of findings. In this study, the authors ex-
amined vegetation biomass and N accumulation in experimental plots of a southern Califor-
nia salt marsh in which plant species richness was experimentally varied between zero, one,
three, and six, following a combinatorial design. They found that total N in surface soil was
highest in six-species plots at the end of the experiment, with intermediate values for one- and
three-species plots, and the lowest values for the zero-species (i.e., unplanted) plots. These
differences were not noted at lower soil depths. A similar pattern was found for root biomass
and shoot biomass of the planted vegetation. Their data suggests that complementarity
among plant species in light utilization may have been the mechanism for the observed bio-
diversity effects. The implication for wetland restoration is that it would benefit from the use
of multiple species both to achieve greater vegetation biomass and N. Had this study been
conducted from either the community or ecosystem perspective, this recommendation may
not have emerged.

These selected studies demonstrate the gradient of approaches found in current restora-
tion activities. Studies either examined how communities responded to restoration practice
(examples One, Two, and Three) or how communities and ecosystems jointly respond to
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restoration practices (examples Four and Five). While each study provides important insights
into restoration ecology, Example Six (Callaway et al. 2003) represents the end of the gradi-
ent in which insights in both community and ecosystem processes are obtained. To my
knowledge, there are few studies like Callaway et al. (2003) in restoration ecology. 

BEF and Restoration Ecology: A Potentially Profitable Union

From the above review of biodiversity and ecosystem functioning research as illuminated by
scientific elements of restoration goals, it is clear that even though BEF is fairly young (about
a decade, if we date it from the publication of the proceedings of the first symposium on the
topic) (i.e., Schulze and Mooney 1993), it has much to offer in terms of developing a foun-
dation for restoration theory.

Perhaps this potentially profitable union is not surprising, because the approach of BEF
research is fundamentally similar to that of restoration ecology. BEF explores how nature
works, by deconstructing and reconstructing it and, during the process, by extracting princi-
ples that inform us about a wide variety of processes and properties of ecosystems and com-
munities (Figure 10.3). Indeed, though there is no way for me to accurately assess this, I will
volunteer that objections to restoration ecology as a science are sometimes similar to objec-
tions voiced concerning BEF as a science. For instance, both disciplines allow for the possi-
bility that nature can be constructed in short periods of times, in small spaces. This mind set
seems contrary to the fact that we generally think of natural systems as being the outcome of
an unfathomably large number of complex processes over extraordinary periods of time, in
which history, evolution, and long-term ecological processes determine the outcome.

There is, however, no necessary conflict here. For example, we know full well at Cedar
Creek, Minnesota, where I and others work on the ecology of grasslands, that it can take 200
years for a field to recover from farming, if it is left to its own devices (e.g., Knops and Tilman
2000). However, that does not mean that we cannot construct grasslands that embody the
ecological processes and properties important to understanding how grasslands work using
relatively small plots in studies lasting sometimes only a couple of years (consider, for exam-
ple, the Cedar Creek studies on communities and ecosystems reviewed in Knops et al. 1999).
Agreement as to whether such research serves the purpose it was intended to—understand-
ing how grassland communities work—is by no means universal, and it remains the heart of
a spirited debate (Tilman et al. 1997b; Wardle et al. 1997; Kaiser 2000; Naeem 2000; Wardle
et al. 2000).  

The fundamental difference between BEF research and restoration research is, of course,
that the former deconstructs and reconstructs nature, while the latter basically reconstructs
nature—the deconstruction having happened in an uncontrolled way prior to the arrival of
restoration ecologists. It follows, logically, that any finding from restoration ecology is of in-
terest to BEF. For example, a recent BEF study showed that ecosystem responses to variations
in biodiversity are sensitive to the sequence of species additions (Fukami and Morin 2003).
This research, like many in BEF research, used microcosms, because they provided for the
replication and the time necessary for conducting the appropriate experiment—an experi-
ment that would be intractable by conventional field methods. A review of restoration activi-
ties in which different sequences of species additions were employed would be incredibly
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valuable. I imagine that these sorts of experiments go on all the time, and that restoration
ecologists exchange, on an informal basis, what sequences work and do not work. If ecosys-
tem processes were part of these restoration experiments, they could readily attest to the effi-
cacy (or lack of it) of assembly theory and the findings from the Fukami and Morin (2003)
microcosm study.

One other example of how restoration research can inform BEF research is a study by
Pfisterer and Schmid (2002). This study found that whether plant biodiversity will positively
influence stability (in this case, recovery from an induced drought) is dependent on whether
diversity and productivity are positively related. If diversity increases productivity, it may also
decrease stability. This study contradicts other BEF studies (Naeem 2002a), and there is
some debate over its findings (Naeem 2003a). Like the Fukami and Morin (2003) study, the
scale of this study was relatively small and short term and would need to be repeated before
we could make sense of just how robust these results are. Studying existing restoration proj-
ects would provide an invaluable, large-scale test of this hypothesis. Given that restoration ef-
forts routinely seed habitats with native plants, and that the diversity of seeds differs among
restoration sites, following these sites would be ideal for potentially resolving the debate sur-
rounding the role biodiversity plays in governing ecosystem stability. All it would take is a
drought or other perturbation to occur across these sites and to compare vegetation before
and after the drought.

These are just two examples of how restoration research can inform BEF research, but
there are many others one could imagine. The next few decades represents tremendous po-
tential for these two disciplines to learn from one another. It will, however, require both dis-
ciplines to keep track of what the other is doing.

As a proponent of the BEF perspective and an ecological researcher whose activities are
structured by this perspective, I am cognizant of the fact that I may be, like the salesperson
analogy used before, unwittingly advocating that restoration ecology needs a BMW when, in
fact, all it has are the resources for a ten-year-old rust bucket. Restoration projects must allo-
cate resources within the constraints of limited budgets, policy, local and federal legislation,
and the desires of the community that has commissioned or will live with the restored ecosys-
tem. Such challenges are seldom deterrents, but they do shape the activities of a restoration
ecologist. In advocating the BEF perspective, I do not mean to imply that one must get a
BMW, but to use the same decision-making process one would apply when purchasing the
ten-year-old old rust bucket as one would apply in purchasing a higher-priced vehicle. Does
the system have all its major parts intact and, if not, can they be obtained? Does the system
function reliably and, if not, what would be the steps necessary to ensure reliable function-
ing? If the system has all its major parts and appears to be functioning reliably, what is needed
to improve both performance and reliability?

In closing, I suggest that both restoration and BEF research are in the business of under-
standing the consequences of nature being deconstructed and how best to reconstruct it. Nei-
ther group of researchers believes that nature, in its ethereal sense, can be constructed in a
short space of time in a small area, but they do believe that the fundamentals of ecology can
be studied and employed in small spaces, over short periods, in deconstructed or degraded
ecosystems, with the result that the processes and properties of ecosystems can be recon-
structed or restored. Given this kinship, they have much to gain from each other.
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Chapter 11

A Modeling Framework for Restoration Ecology

Dean L. Urban

In this chapter I consider the role of models—ranging from simple heuristics to complicated
simulators—in restoration ecology. My intent here is not to provide a perspective on models
in ecology more generally (for which, see Canham et al. 2003), nor to promote a particular
approach to modeling. Rather, I will advocate a model-based framework for restoration ecol-
ogy in which various sorts of models can be brought to bear on the diverse tasks of restoration. 

If restoration can be defined operationally as the process of returning a degraded system to
a healthier, more “normal” state, then there are four fundamental tasks implied by this pro-
cess. First, we must pose a model (conceptual or otherwise) about how we think the system
behaves ecologically. That is, what is normal? Next, an assessment of the current state of the
system should inform us as to how far we are from the target or desired condition. Third,
management experiments are conducted in an effort to steer the system in the desired direc-
tion. Subsequently, monitoring is conducted to gauge the relative success of the experimental
interventions in achieving their aim. This postmanagement assessment might apply as well to
the original model: if our interventions do not have the expected effect, it suggests some in-
adequacy in the underlying model. 

This sequence of steps, of course, outlines the cycle of adaptive management (Holling
1978; Walters 1986; Walters and Holling 1990), and this is familiar to most ecologists in con-
cept, if not in practice (Johnson 1999; Lee 1999). My intention here is to underscore the fun-
damental role that models play in this adaptive cycle. Indeed, I will argue that models should
play two separate, but related, roles in this cycle. 

Models may be applied to a variety of purposes: (1) to serve as an integrating framework
(e.g., Urban et al. 2000); (2) to explore the implications of various management decisions, or
to explore alternative scenarios (e.g., Miller and Urban 2000); (3) to design sampling or mon-
itoring schemes (e.g., Urban 2000); (4) to extrapolate understanding across spatial or tempo-
ral scales (Peters et al. 2004); or (5) to provide forecasts (predictions) (Clark et al. 2001). Typ-
ically, model applications aimed at integration would be developed rather early in a project,
while predictive forecasts would be deferred until later, after the model has been well vali-
dated. Here I will begin with models posed as our working understanding of how the system
behaves and formalize these in as a multivariate framework for assessment. Models aimed at
exploration, extrapolation, or forecasting can then be embedded in this framework, which
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will facilitate model-data comparisons and communication about the models, thus providing
a robust framework for assessment and adaptive management. 

I should note that I use the term model very generally and do so intentionally. This is to
recognize that models of various forms might be useful, ranging from simple heuristics (i.e.,
a hand-drawn graph with postulated relationships on vaguely labeled axes) to more sophisti-
cated, spatially explicit, simulators. In particular, I will argue that the framework I propose
can begin with simple heuristic models, which, if used to marshal field studies and as a guide
to management experiments, will provide the data needed to implement mechanistically
richer and more complicated simulators. 

I have three specific objectives in this chapter: (1) to consider some of the various model-
ing approaches in use in restoration ecology (including some not used, but with clear poten-
tial); (2) to construct a general framework in which these various approaches can be recon-
ciled; and (3) to illustrate the potential utility of this framework for restoration applications,
especially as an adaptive framework that evolves from conceptual heuristics to data-driven
models as its implementation guides data collection. 

The examples I choose as illustrations include fire ecology, wetland restoration, and
wildlife habitat applications, although there is no reason why this approach could not be ap-
plied more generally (Holl et al. 2003). The examples are often projects developed by my
own students. My intent is not to provide an exhaustive review of modeling applications in
restoration ecology, but to propose a more general framework for their broader application. 

Model Applications in Restoration Ecology

While I have no desire to codify a restrictive classification of modeling approaches, it will be
convenient here to recognize three broad classes of models:

1. Heuristic models include schematic diagrams and conceptual models that illustrate
our working understanding of system behavior. These underlie all applications but
are not always formalized (i.e., as equations) or implemented as working models (i.e.,
as computer codes). 

2. Statistical or phenomenological models include various forms of regressions and are fa-
miliar to most ecologists. An example of a phenomenological model would be the
theory of island biogeography (MacArthur and Wilson 1967). Although not widely
used in restoration ecology, more abstract theoretical models, such as Tilman’s (1985)
resource ratio hypothesis, might also be included here. Especially, this class also
should include multivariate models such as ordinations, which are especially useful
in summarizing complicated, multidimensional ecological relationships in a com-
pact, lower-dimensional space (Legendre and Legendre 1998; McCune and Grace
2002). While such models might imply system dynamics, their predictions are typi-
cally static or steady-state. 

3. Simulators are models implemented as numerical algorithms and “solved” by simula-
tion. These include a variety of forest gap models (reviewed by Bugman 2001); fire
models (reviewed by Keane et al. 2004); water quality/hydrology models, such as the
Better Assessment Science Integrating point and Nonpoint Sources (BASINS)
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(USEPA 1998) and Hydrological Simulation Program–Fortran (HSPF) (Bicknell et
al. 1996); the soil and water assessment tool SWAT (Arnold et al. 1994) and the re-
gional hydro-ecological simulation system RHESSys (Band et al. 2001); and a wide
variety of simulators used to explore wildlife populations in spatially complex habitat
mosaics (e.g., McKelvey et al. 1993; Hanski 1994; Dunning et al. 1995, et seq.). 

In practice, models often evolve over time (Gardner and Urban 2003): a seminal heuris-
tic model guides data collection to estimate an initial model (probably statistical), which
might evolve later into a more complicated simulator (often assembled from statistical model
components). Thus, while it might seem that a natural tendency would be to construct a
model as a capstone event (e.g., to summarize a mass of data collected from a system), a more
useful and strategic approach is to start with an initial model—no matter how crude—and
use its formalization, parameterization, and uncertainty to marshal field studies that will
build and refine the model most efficiently (Urban 2000, 2002). 

This evolutionary approach to model refinement is perhaps nowhere more appropriate
than in restoration, where we proceed almost always under conditions of limited data and
high uncertainty. This uncertainty invites an adaptive approach that uses management ex-
periments (essentially, all restoration projects!) as the primary tool for resolving uncertainty
with crucial data. To the extent that restoration projects can thus discover general insights
into ecosystem functioning, this approach also will contribute substantially to ecology in
general (Allen et al. 1997). 

Illustrations: Models in Restoration

To begin, it will be helpful to review a selection of models to clarify the three types of appli-
cations outlined above. These examples are not intended to represent the full range of mod-
eling applications in restoration ecology, but rather to illustrate the sorts of applications that
will be especially amenable to the approach I outline below. 

Heuristic Models 
A conceptual model underlies virtually all management and restoration activities; what varies
is the degree to which this model is articulated formally and communicated to our col-
leagues. For example, Allen et al. (2002) provide an appealing conceptual model for restora-
tion ecology of southwestern fire systems, framed in terms of structural and functional attri-
butes (Figure 11.1). Each dimension (axis) of this conceptual space is scaled arbitrarily from
“good” to “poor,” generating a simple two-dimensional space in which any site can be lo-
cated. A similar example could be posed for wetland systems, in which the relevant dimen-
sions might be hydrologic and biogeochemical function (e.g., Weller et al. 1998). In either
example, we might ask several questions of the model: How are sites distributed within this
space (tightly clustered, dispersed)? How do the sites’ locations vary over time (do they re-
main fixed or vary from year to year)? What management interventions might “move” a de-
graded site toward the desired “natural” or reference condition? Perhaps most important,
what measurable indicator variables define these axes? While even a crude conceptual model
might provide helpful insights into the first several questions, it is the last issue that translates
the conceptual model into a more useful working model. 
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Statistical Models 
King et al. (2004) developed a statistical model of wetlands of the Everglades, emphasizing
vegetation response to increased phosphorus availability resulting from agricultural runoff.
They used ordination methods (nonmetric multidimensional scaling) and spatial regressions
(partial Mantel tests) to explore species compositional response to a number of correlated en-
vironmental variables, over a range of spatial scales (Figure 11.2). While not explicitly a
restoration project, the statistical model implies the compositional and structural responses
one would expect if phosphorus levels were altered through management interventions. This
example nicely illustrates the rich multidimensional structure that characterizes most ecosys-
tem assessment programs and how this complexity can be captured in a compact and intu-
itive statistical space. 

Hierl et al. (forthcoming) developed a conceptually similar assessment framework as a
guide to monitoring and restoring artificial wetlands created as wildlife habitat in the Moose-
horn National Wildlife Refuge (MNWR) in Maine during the 1950s. These impoundments
had been largely unmanaged over several years, and some system for assessing their condition
and prioritizing any restoration effort was needed. Hierl identified five dimensions of habitat
quality, based on a literature review and the expert opinion of refuge scientists. “Optimal”
habitat condition was specified as minimum and maximum values on each of the five axes.
Because these five variables were correlated, Hierl used Mahalanobis distance to index how
far from “optimal” each impoundment was. Mahalanobis distance is essentially (squared)
Euclidean distance, corrected for the correlations among variables (Legendre and Legendre
1998). This was computed for current condition and for their prior condition, based on
archival planning maps from the 1980s. This approach provided two useful assessments of
the wetlands (Figure 11.3). First, the wetlands could be ranked in terms of their Mahalanobis
distances from “optimal” habitat condition. Sites with large distances are farthest from de-
sired condition and most in need of restoration. Second, the distances from two time periods
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Figure 11.1 Schematic diagram of a conceptual, heuristic model for ponderosa pine forest
restoration in the southwestern United States (from Allen et al. 2002, reprinted with permission).
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Figure 11.2 Distribution of sites impacted by phosphorus-rich effluents in the Everglades, rela-
tive to transitional sites and comparatively unperturbed reference conditions, in the framework
of a nonmetric multidimensional scaling ordination. The two panels emphasize fine-scale pat-
terns and coarse-scale patterns based on a nested sampling design (coarse-scale samples are ag-
gregated from fine-scale samples) (Figure 11.2 from King et al. 2004, reprinted with kind per-
mission of Springer Science and Business Media).



indicate which wetlands had improved, degraded, or remained unchanged over the inter-
vening years. The assessment is simple enough to compute that the process can be repeated
in the future, and it also provides an easy means of measuring the efficacy of any manage-
ment interventions aimed at restoring habitat quality. Importantly, the approach can be re-
fined to incorporate more precise information on habitat quality as these data become avail-
able. More generally, the same methods can be extended to other wildlife species being
managed at MNWR. 

Simulation Models 
While not developed specifically for ecological restoration, a number of wildlife habitat sim-
ulators could be used to illustrate this potential. The general approach is to embed a habitat
classification model in a vegetation simulation model, so that the coupled model can simu-
late the dynamics of habitat availability as a result of natural succession, disturbance, or man-
agement (Shugart and Urban 1986). For example, Urban and Smith (1989) used hypotheti-
cal bird habitat affinities (random “niches” in an ordination of structural microhabitats) and
a forest simulator to illustrate that spatiotemporal dynamics in microhabitat pattern could 
account for most of the species abundance patterns observed in real communities of for-
est birds. In this example, microhabitat pattern was summarized statistically in a low-
dimensional principal component space. They also used this framework to explore the im-
plications of alternative forestry practices for bird species communities, contrasting selective
culling of large trees and stand thinning from below (removing small trees from the under-
story). Their approach is a useful illustration of the power of the low-dimensional ordination
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Figure 11.3 Statistical model of wildlife habitat assess-
ment based on Mahalanobis distances between im-
poundment status for waterfowl in 1984–1985 and
status in 2002. Each symbol is an impoundment 
(N = 49). Distances < 20 are in good condition as wa-
terfowl habitat; trajectories emphasize sites that have
improved or been degraded over the past two decades
(Hierl et al., forthcoming).



space as a framework for summarizing complicated spatiotemporal dynamics. In similar fash-
ion, Hansen et al. (1995) incorporated habitat classification functions into a forest simulator
to explore the consequences of alternative silvicultural practices on forest bird communities
in the Pacific Northwest. 

Tong and Chen (2002) used BASINS (Arnold et al. 1994) to model relationships between
land use and surface-water quality at the regional scale in Ohio. They suggested that their ap-
proach could propose guidelines for restoring aquatic ecosystems as well as guidelines for
better land-use planning and watershed management. Brun and Band (2000) simulated the
impacts of impervious surfaces in urbanizing catchments; their approach, though not aimed
at restoration, clearly has implications for restoration. 

Miller and Urban (1999) developed a forest simulation model for Sierran mixed-conifer
forests. They designed their model to integrate feedbacks among climate, forest process, and
fire to explore trends in the Sierran fire regime as a function of elevation (i.e., variability in
space) as well as potential implications of anthropogenic climate change (i.e., variability in
time). They also used the model to evaluate alternative fire management practices, which
would inform efforts to restore fire to these systems after decades of suppression (Miller and
Urban 2000). They considered two management scenarios: mechanical intervention to re-
duce fuels (a structural restoration), and prescribed fire (a restoration of process). They also
experimented with varying levels of cutting (as basal area removed) and varying intensities of
prescribed fire (i.e., hotter than normal prescriptions). In each scenario, they summarized
forest response in terms of the species compositional similarity to pretreatment forest condi-
tion (Figure 11.4). Their aim was to assess whether it was feasible to restore species composi-
tion to that of presuppression forests, and how long this might take. Similarly, Covington et
al. (2001) used the forest succession/fire model (FIRESUM) to evaluate alternative restora-
tion approaches for southwestern Ponderosa pine systems. 

A General Framework

Although these examples might seem superficially different, they share several key attributes.
First, the model output is framed in terms of attributes that might be measured in real sys-
tems. That is, the models speak directly to field data. Second, the applications are inherently
multidimensional; the general attributes of interest are expressed in terms of a number of spe-
cific measurements. Third, each of these examples compares a managed system (or a de-
graded system that is a candidate for restoration) in terms of the ecological similarity between
the managed system and some reference condition. 

These commonalities invite the use of ordination as a reconciling framework. Ordination
is a family of well-developed multivariate techniques used to summarize the main trends or
patterns in multidimensional data spaces into a concise, low-dimensional ordination space. I
suggest that this approach—essentially forcing the restoration and management model to
speak the same language as ordination—will provide a powerful integrating framework for
restoration ecology. 

I propose that we develop these approaches as a general framework for restoration ecol-
ogy. This approach works well for assessment, monitoring, and evaluating experiments or
management treatments (Figure 11.5). What is especially appealing here is that heuristic,
statistical, and simulation models all can be reconciled in this common framework; the main
difference in these models is the extent to which the relevant dimensions (axes) are defined
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quantitatively and, in the case of simulators, the richness of the functional relationships that
can be incorporated. In particular, this framework can begin with simple models and evolve
toward richer, more complicated simulators without changing the framework itself. The or-
dination framework is especially powerful as a tool for illustrating complicated information in
a compact, graphic form—a key issue in communicating with fellow scientists and other
stakeholders. 

A Multivariate Framework for Restoration

In this section, I outline in more detail the most promising multivariate frameworks for
restoration ecology. I begin with an overview of ordination techniques currently in vogue and
close with suggestions for further research in areas that should prove most productive. Along
the way, I hope to assuage some apparent misgivings about this general approach (e.g., Mc-
Coy and Mishinsky 2002) by clarifying some critical details. 
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Figure 11.4 Simulations exploring alternative management treatments for restoring fire to Sierra
Nevada mixed-conifer forests, comparing mechanical thinning and prescribed fire. In each sce-
nario, species compositional change following treatment is summarized as similarity to pretreat-
ment composition using the Bray-Curtis similarity index (from Miller and Urban 1999,
reprinted with permission).



There are several alternative methods for ecological ordination, but there are only two
prevailing lineages. One approach is based on ecological distance or dissimilarity. This line-
age began with polar ordination (Beals 1984), which has been largely subsumed by non-
metric multidimensional scaling (NMS) (Minchin 1987). The other common lineage is
based on weighted averages (i.e., indicator species or variables), which includes simple
weighted averaging as well as more advanced algorithms, such as correspondence analysis
(reciprocal averaging) (Hill 1973), and detrended correspondence analysis (Hill and Gauch
1980). All of these techniques are based solely on a single data matrix, typically species com-
position, and so are indirect ordinations (McCune and Grace 2002). In an indirect ordina-
tion, relationships between the ordination axes and other variables (typically, environmental
factors) must be inferred after the fact. For example, trends in relative species abundances
might be used to infer an underlying environmental gradient expressed on the ordination
axes. Both ordination lineages also include methods that use a second set of ancillary vari-
ables to constrain the ordination of species composition. In a constrained ordination, the
(compositional) ordination axes are forced to be linear functions of the ancillary (environ-
mental) variables. In the case of distance-based ordinations, the environmentally constrained
alternative is distance-based redundancy analysis (Legendre and Anderson 1999). In the case
of weighted averaging, canonical correspondence analysis is the technique of choice (ter
Braak 1986). Any of these might be appropriate, depending on the application and the nature
of the data. All of these techniques, as well as other methods such as principal components
analysis (PCA), have been applied in environmental assessment or restoration studies. 
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Figure 11.5 Schematic of environmental assessment in the framework of ordination space.
Round dots are reference sites representing target conditions (as a domain with a centroid im-
plied by the points). Squares are restoration sites being managed actively to move them toward
target condition. Change vectors over time monitors their trajectory in terms of direction and
rate (vector length). Triangles represent a management experiment posed as a BACI design, with
paired control and treatment sites. Paired sites should be close together in ordination space. Suc-
cessful management implies that the experimental sites should move toward target condition,
and at a rate (vector length) that justifies the cost of the intervention.



Nonmetric Multidimensional Scaling 
Polar ordination (Bray and Curtis 1957) is among the earliest ordination techniques available
to ecologists. Polar ordination locates each sample, depending on its ecological (composi-
tional) dissimilarity to each of two endpoints (poles) of an ordination axis. While still a viable
technique in many applications (Beals 1984), it seems safe to say that polar ordination largely
has been subsumed by nonmetric multidimensional scaling (NMS). NMS is essentially a po-
lar ordination done on multiple axes simultaneously, without endpoints. The goal of NMS is
to arrange samples (e.g., vegetation quadrats) in ordination space so that distances between
samples in the reduced ordination space are as faithful as possible to the compositional dis-
similarities between plots. The solution is reached by iterative approximation. 

Ecological dissimilarity can be computed using any of a large number of distance metrics
(Legendre and Legendre 1998 review dozens). For example, with species compositional
data, ecologists often rely on the Bray-Curtis index (Faith et al. 1987), which—when com-
puted from presence/absence data—depends on the number of species shared in common
between two sample plots. Computed from species abundance data, the same index depends
on the shared species abundances between the two plots. For environmental data (e.g, water
chemistry, soils, topographic indices) ecologists often rely on Euclidean distance, the multi-
variate version of the Pythagorean theorem. (Note that, in this case, the variables must be
transformed or relativized to reconcile their disparate measurement units.) In data sets
plagued by high levels of correlation among variables, Mahalanobis distance provides a use-
ful measure; this is essentially (squared) Euclidean distance corrected for the correlations
among variables (Legendre and Legendre 1998). 

Weighted-Averaging Ordination 
Perhaps the most popular ordinations have been weighted-averaging methods, including cor-
respondence analysis, or reciprocal averaging (RA) (Hill 1973) and detrended correspon-
dence analysis (DCA) (Hill and Gaugh 1980). In these methods, a sample’s ordination score
is the simple average of species abundances multiplied by a weight for each species. The orig-
inal method (Curtis and MacIntosh 1951) assigned weights to tree species based on an in-
ferred gradient from early successional (xeric) to late successional (mesic) species. Similarly,
the current approach of rating wetlands based on indicator species (FICWD 1989) amounts
to a direct weighted-averaging ordination. The appeal of RA and DCA is that the species
weights can be estimated as part of the ordination procedure; they need not be specified in
advance. While this flexibility has clearly influenced the popular appeal of RA and DCA, it is
worth emphasizing that there are several powerful approaches for identifying indicators or
weights, especially including indicator species analysis (ISA) (Dufrêne and Legendre 1997).
Thus, weighted averaging might warrant a fresh look by restoration ecologists. 

Constrained Ordinations 
One of the more widely used ordinations in recent decades has been canonical correspon-
dence analysis (CCA) (ter Braak 1986, 1987, 1988). CCA is a constrained version of RA or
DCA, in which the ordination axes are forced to be linear combinations of measured envi-
ronmental variables provided as ancillary data. More recently, distance-based redundancy
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analysis (dbRDA) has emerged as an alternative to CCA. Distance-based RDA amounts to a
principal components analysis of a distance matrix, constrained by a second (e.g., environ-
mental) data matrix. The use of a distance matrix for the ordination provides considerable
flexibility to the analysis, including the potential to sidestep some issues that often plague or-
dinations based on RA or DCA (Minchin 1987; McCune and Grace 2002; and see below).
The two constrained methods differ in that CCA assumes a nonlinear relationship between
species and the constraining (environmental) variables, while dbRDA assumes this relation-
ship is linear. 

Note that these constrained approaches can be reconciled with indirect ordinations via re-
gression after the fact. For example, any indirect ordination axis can be regressed on ancillary
(environmental) variables to derive indicators for that axis. In the ideal case where the ancil-
lary variables are in truth the operative constraints on species composition, this after-the-fact
regression analysis should essentially match the constrained ordination. Importantly, in cases
where the ancillary variables do not explain trends in species composition, a constrained or-
dination might provide an inadequate or biased depiction of the trends. By contrast, an after-
the-fact regression approach would (presumably) faithfully depict the compositional trends
while also indicating the inadequacy of the ancillary variables. For example, Urban et al.
(2002) found three NMS axes in an ordination of Sierran mixed-conifer forests. One of these
axes was clearly characterized by Jeffrey pine (Pinus jeffreyii), but this axis was not correlated
with any measured environmental variable. A CCA of these data would fail to find the “Jef-
frey pine axis” for this reason, essentially hiding this compositional information in the con-
strained solution. Thus, it is a good idea to corroborate constrained ordinations using other
(unconstrained) techniques. 

Environmental Assessment in Ordination Space

An appealing aspect of ordination as a framework for assessment is that samples can be con-
nected through time (i.e., monitored) simply by charting their changing positions in the or-
dination space (Figure 11.5). For example, a time series of sample plots in ordination space
delineates a trajectory over time, with each “movement” of a sample summarized by a
change vector (Halpern 1988; Smith and Urban 1988; McCune and Grace 2002). This opens
a wealth of opportunities to examine sample trajectories in terms of the direction and magni-
tude of these changes. For example, if we apply a management intervention to a sample and
monitor it over time, does it move in the direction of the target (reference, pristine) condition,
as desired? How fast does it move (i.e., how long is the vector)? McCune and Grace (2002)
describe methods for assessing the directionality of change vectors. Rates of change (vector
lengths) might be assessed overall or in terms of ancillary environmental variables. For exam-
ple, Taverna et al. (2005) examined change vector lengths in relation to environmental gra-
dients in a study of forest understory change over time. This capability to explore trajectories
directly from empirical measurements clearly would be a boon to restoration ecology (Zedler
and Callaway 1999). 

Importantly, inferences about trajectories (including the effects of interventions) require
that distance in ordination space be related directly to ecological distance, and this relation-
ship must be consistent throughout the ordination space. These criteria are ensured by NMS
to the extent that the numerical algorithm attempts to optimize this relationship (strictly,
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NMS optimizes the linear relationship between rank distances). This relationship between
ordination and ecological distance is not ensured by techniques based on weighted averaging
(including RA, DCA, and CCA). Indeed, these weighted-averaging techniques tend to distort
this relationship, sometimes quite seriously (McCune and Grace 2002). So while any ordi-
nation might provide a workable solution—depending on the nature of the data—it is crucial
to verify that the relationship between ordination distances and ecological distances is ap-
proximately linear. In practice, this is a straightforward exercise: a Shepard diagram provides
the necessary verification. A Shepard diagram is a plot of sample separation in ordination
space versus ecological dissimilarity. This relationship must be linear to make robust infer-
ences about sample locations in ordination space. 

A second concern in ordination-based assessment is that disjunctions between groups of
samples in ordination space actually reflect natural discontinuities in the data (i.e., “natural”
communities or habitat types). NMS, by the nature of its algorithm, allows such natural dis-
junctions to be revealed in ordination space; most other algorithms do not. For example, the
algorithm of DCA attempts to array species at equal distances along the ordination axis and so
will tend to obscure natural discontinuities in the data. 

There have been myriad studies over the past couple of decades that have used various or-
dination techniques as a framework for assessment or restoration. But because many studies
of sample locations or trajectories in ordination space use techniques such as PCA, DCA, or
CCA and do not verify the relationship between ordination distance and ecological dissimi-
larity, inferences about these trajectories (i.e., the implied distances or rates) are highly un-
certain. This is not to say these studies are invalid; to be fair, available software and our un-
derstanding of this issue have evolved considerably over the past couple of decades. Now,
however, it is fair to insist that the underlying assumptions about sample positions within the
ordination space must be evaluated before rigorous inferences can be made about these posi-
tions or their trajectories over time. 

Research Needs and Opportunities

This general modeling framework can be useful for restoration ecology, in part because of
the clarity and commonality it can bring to restoration research and, through this, to ecology
more generally. In this section, I consider some promising research areas in applying various
models in a common framework for restoration ecology.  

Model Translation: Converting Models to the Ordination Framework
The model-based illustrations cited above, while consistent with the framework outlined
here, also are similar in that none of them is explicitly framed in these terms. For this ap-
proach to be useful, model applications must be translated into ordination space. In general,
this is not a daunting task; it merely requires recasting the data in a slightly different context. 

For example, Hierl et al. (forthcoming) based their assessment on Mahalanobis distances
computed from five habitat variables. These same variables could be used to ordinate the
samples (impoundments) by nonmetric multidimensional scaling. Similarly, Miller and Ur-
ban (2000) indexed compositional change under forest management in terms of Bray-Curtis
dissimilarity between managed stands and pretreatment conditions. In other applications in
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the same system, ordinations based on Bray-Curtis dissimilarities have been used to explore 
compositional trends within these forests (Urban et al. 2002). It would be perfectly natural 
to recast the management experiments into ordination space, to illustrate how far from cur-
rent conditions the management interventions might “move” the system. This translation
also would have the benefit (partly sociological) of combining research and management in
the same analytic framework, helping to dissolve the unnatural distinction between these
activities. 

More generally, a multivariate framework lends itself naturally to a quantitative and visual
representation of the natural range of variability in ecological systems (Landres et al. 1999),
an important foundation for restoration ecology (White and Walker 1997). For example, it
would be reasonable to draw confidence limits around a set of reference sites in an ordination
space (Figure 11.5), delineating the reference condition at any one time, as well as the char-
acteristic dynamics of such sites over time. Alternatively, one might use hierarchical cluster-
ing to group samples representing reference conditions (e.g., Harris 1999). The centroid of
these reference groups represents the target condition as a synthetic, average point in the or-
dination space. This approach, in fact, facilitates the conventional application of Maha-
lanobis distances, in which each sample site is indexed by its ecological distance from the tar-
get condition (i.e., as distance to the reference group centroid). 

Manipulations to ecosystems—including management experiments, accidents, and natu-
ral disturbances—are readily reconciled in an ordination framework. In this, an intervention
or perturbation results in a response vector defined by its direction and a magnitude. The di-
rection locates the dynamic relative to the target condition, and the magnitude can indicate
the intensity of the effect or impact. For management interventions, this also suggests the ef-
ficiency of the intervention in terms of benefit versus cost. Michener (1997) reviews a range
of statistical approaches for analyzing experimental and monitoring data in restoration, and
Block et al. (2001) provide an in-depth discussion of monitoring needs and approaches for
wildlife restoration. Their recommendations are generally consistent with the framework
proposed here. Similarly, Philippi et al. (1998) discuss various multivariate methods for 
analyzing long-term monitoring data on species composition, and the techniques they rec-
ommend—based on compositional dissimilarity—are easily embedded in this ordination
framework. 

Evaluating alternative scenarios (effects forecasting) is a straightforward extension of this
framework, requiring only that the simulator (or other model) provide output in terms of the
appropriate indicator variables (e.g., in terms of compositional similarity to the reference or
initial conditions). Scenarios would be evaluated in much the same way as long-term moni-
toring data—tempered, of course, by a consideration of uncertainty inherent in model fore-
casts. 

Model Identification and Refinement 
Within the perspective espoused here—a multivariate framework that summarizes the prin-
cipal dimensions of structural, compositional, or functional aspects of the focal system—
some research needs are beguilingly simple. One research goal of restoration ecology
amounts to identifying the appropriate dimensions (axes) of the reference space, and then
finding efficient and robust indicator variables for these axes. The first task in this is to iden-
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tify the relevant dimensions or axes in a multivariate framework, that is, to “label” these axes
in a narrative sense, with labels that participants (academic researchers, managers, regulatory
policy agents, community stakeholders) find mutually interpretable. This is essentially an ex-
ercise in data analysis and inference. Ordination is specifically designed to find these domi-
nant dimensions, although many regression-based approaches could provide similar results. 

The issue of identifying which variables might serve as robust indicators for the relevant
dimensions is a somewhat more complicated question. Currently, at least some camps in en-
vironmental assessment or restoration are well invested in environmental indicators (e.g.,
Karr 1991; Tiner 1999; Lenz et al. 2000; McLachlan and Bazely 2001; Ahn et al. 2002; see
Dale and Beyeler 2001 for an overview). But the statistical tools for identifying and designing
ecological indicators have developed well beyond the current state-of-the-art in restoration
ecology or environmental assessment. 

There are two general approaches to identifying indicator variables for assessments based
on multivariate dimensions of ecological condition. The first is essentially a multiple regres-
sion problem, where the task is to identify a variable (or variables) that can capture the large
trend represented by a multivariate ordination axis. This approach is especially amenable to
after-the-fact regressions of ordination axes on a set of measured variables—either the primary
variables (e.g., species composition) or ancillary variables (e.g., environmental factors). For
example, what easily measurable variable might best serve as an indicator variable for ecosys-
tem “structure” in a fire model (Figure 11.1)? How might we best index “hydrologic func-
tioning” for a model of wetlands? Within this context, it might be emphasized here that a
good indictor variable is not only highly correlated with the ecological dimension of interest,
a good indicator is also readily measured (i.e., is logistically affordable) and is highly repeat-
able (i.e., has low observer bias). Thus, while a high partial r2 between a measured variable
and a complex ecosystem dimension is certainly desirable, this criterion must be weighed
against more pragmatic concerns about repeatability and cost. 

Although less straightforward than simple regression-based approaches, the use of indi-
cator species is common in ecology in general, and restoration in particular. While many
systems of indicators are strongly infused with expert opinion, it is worth emphasizing that
there are many other ways to define indicators, some of which have not been explored ade-
quately by ecologists involved with restoration and environmental assessment. Direct meth-
ods based on lab experiments (e.g., dosage trials in toxicology, greenhouse trials for envi-
ronmental tolerances) are one obvious approach to defining indicators. Indirect methods
are also readily available. For example, species ordination scores derived from RA, DCA,
and CCA are in fact indicator scores that can be used to order new samples by weighted av-
eraging (this presumes, again, that the assumption of linearity in the Shepard diagram is
met). A somewhat less familiar but often useful technique, Two-Way Indicator Species
Analysis (TWINSPAN) (Hill 1979) provides a simultaneous ordination (based on RA) and
classification of samples into discrete types, and also identifies indicator species for each
classified group. More recently, Indicator Species Analysis (ISA) (Dufrêne and Legendre
1997) has been developed to identify indicators for groups defined by the user (e.g., as iden-
tified by hierarchical clustering, or pristine reference versus restoration sites). These indica-
tors are based on the relative frequency and abundance of species in each group: a good in-
dicator species occurs with high frequency in its group, reaches it greatest abundance in that
group, and is uncommon in any other group. Indicators in ISA are tested using Monte
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Carlo permutations to verify the most robust indicators. Clearly, these techniques warrant
further application in restoration ecology. 

A compelling argument for a common modeling framework for restoration ecology is that
this commonality invites comparison and synthesis. Restoration activities are necessarily idio-
syncratic to the particular application, and this site-specific nature would tend to discourage
comparisons among systems. A common assessment framework based on similar analytic
techniques would facilitate comparisons, allow researchers to share results, and ultimately
yield a more synthetic understanding of regional or cross-system patterns in ecosystem struc-
ture and functioning. 

Model Evolution: Opportunities in Restoration Ecology
While the scientific benefits of comparison and synthesis in a common framework are obvi-
ous, adopting a common modeling framework for environmental assessment offers addi-
tional capabilities and benefits. One promising area is to use the parametric summaries ex-
plicit in ordination space as a guide to site selection in restoration and sampling design in
environmental assessment. The increasingly common use of geographic information systems
(GIS) as a framework for research and management makes this especially compelling. Urban
(2000, 2002) discusses a variety of ways to use models—from simple heuristics to compli-
cated simulators—to guide sampling design. In this, sites that are especially informative in
parameter space (e.g., sites representing an especially sensitive or vulnerable environmental
setting) can be selected in parameter space (ordination space) and then mapped into geo-
graphic space to select sampling locations. In this way, even a tentative, preliminary model
can help marshal the field studies that will refine the model efficiently, so that this model-
guided sampling approach is self-improving (Urban and Keitt 2001; Urban 2002). 

The natural evolutionary trajectory for many models seems to be from simple to compli-
cated, often culminating in a spatially explicit simulator (Gardner and Urban 2003; Peters et
al. 2004). While this complexity does come at some cost in terms of model uncertainty (Pe-
ters et al. 2004), the endpoint is nonetheless attractive because spatially articulated simulators
provide some capabilities that are crucial to the larger success of restoration ecology. In par-
ticular, spatially explicit models provide the capability to evaluate and prioritize restoration
projects in a larger context: sites within landscapes, and landscapes within regions. Thus, spa-
tially explicit hydrology models (e.g., RHESSys and similar approaches) could be used to
evaluate sites within the context of their larger watersheds, spatially explicit metapopulation
simulators could be used to evaluate the conservation value of individual sites, and so on. A
powerful method for this evaluation is to use a site-deletion algorithm in model experiments.
In a site-deletion algorithm, some index of overall ecological integrity or conservation value
is computed at the landscape scale, based on simulations. The simulations are then repeated,
with each site withheld in turn. At each iteration, the ecological index is recomputed and
that site is ranked in terms of the overall impact resulting from its removal. For example, Keitt
et al. (1997) and Urban and Keitt (2001) used two different models and a site-deletion algo-
rithm to evaluate the conservation value of discrete habitat patches to the long-term persis-
tence of the Mexican spotted owl (Strix occidentalis lucida). In this instance, the larger con-
text is that of metapopulation dynamics for habitat patches linked by dispersal. But this
approach could be generalized to other classes of models operating spatially in a landscape
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context. Watershed assessment, in particular, invites an analysis in a spatially explicit context.
This capability to extrapolate the site-evaluation process to the larger scales of management
and policy is an especially compelling argument for the development of robust, spatial mod-
els in restoration ecology. 

Summary

I have tried to emphasize two themes in this chapter: First, models are an integral part of
restoration ecology—whether posed as simple heuristics or implemented as complicated
simulators. Second, a common integrating framework based on ordination can be equally ap-
propriate for field data, heuristic models, or forecasts from simulators, and thus it can recon-
cile these otherwise disparate approaches to restoration ecology. The multivariate framework
is a natural construct for evaluating the natural range of variability in ecosystems, manage-
ment experiments, long-term monitoring data, and model forecasts of the implications of al-
ternative management scenarios. Importantly, the approach I propose also can help to mar-
shal research efforts to facilitate the evolution of initial heuristic models, through statistical
models, toward spatially explicit simulators. Central to this effort is the inference of major di-
mensions of ecosystem variability and the identification of robust indicator variables to char-
acterize these dimensions. I have pointed to several promising techniques for addressing
these issues. I also suggest that the natural evolution of ecological models toward spatially ex-
plicit simulators is an important trend to foster, as it will provide the means to assess individ-
ual sites or restoration projects in a larger landscape context, and thus extrapolate these site-
specific analyses to the larger scales of land-use planning and policy. 
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part three 

Restoration Ecology in Context

Ecologists promote the need to think about the natural world at many spatial scales because
ecosystem structure and functioning are products of processes across the spatial spectrum.
From the small-to-large perspective, we acknowledge that microorganisms dictate rates and
levels of dead biomass on earth. From the large-to-small view, we recognize that landscape
configurations determine where local uplands and wetlands occur. In restoration, likewise, it
is not sufficient to consider only the attributes of the site or immediately adjoining lands. A
big-picture view is essential for planning restoration projects, as well as for implementing and
managing projects. For uplands, the key questions about the ecoregional landscape are what
land uses dominate the region; what air-borne contaminants might be carried to the site; and
where the nearest habitat blocks and wildlife corridors are. If a migratory songbird is the
restoration target, it is necessary to think about wintering grounds in South America, as well
as nesting grounds in North America. For wetlands, watersheds are a more appropriate land-
scape unit for analysis, and initial questions are likely to concern the quantity and quality of
water sources and threats of flooding. For a riparian project located in the lower Mississippi
River Basin, it is highly relevant to consider how the 40% of the United States that is up-
stream will affect restoration downstream.

The big picture also demands that we look backward and forward in time. Historical in-
formation helps set goals based on former conditions and species that might become targets
for reintroduction. Forecasts of changing environmental conditions can help modify histori-
cal targets, especially for species that are at the edges of their distribution. Species at their
southernmost distributional limits might become more restorable as climate warms; coastal
wetlands might become highly vulnerable to river flooding as storms strengthen and increase
in frequency.

Space and time considerations can expand the big picture almost indefinitely, leading us
to ask of restoration plans: How big is big enough? How long is long enough? Reconstruction
of disturbance regimes (for instance, by palynological, geomorphological, or dendroecologi-
cal studies) can provide valuable information about how systems have operated over long
stretches of time. Such information offers an essential perspective on contemporary ecosys-
tem conditions, such as the extent to which current conditions represent departures from a
system’s states and dynamics.
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Strategies for prioritizing restoration efforts over large areas and long time periods are of-
ten missing. Much restoration work is site based because so little funding and few incentives
are directed toward the big picture. Statisticians have increasingly important tools that allow
us to think and plan strategically, but these tools are rarely employed. So, we need to think
bigger about spatial, temporal, and strategic issues. With restoration dollars hard to find, ef-
forts need to target the landscapes with the most potential, sites in optimal locations, targets
that match the times, and approaches that meet statistical guidelines. In this section, four
chapters challenge us to consider the largest contexts within which restoration is being
undertaken.

At local to regional scales, invasive species create the need for restoration while threaten-
ing the outcomes of restoration efforts. D’Antonio and Chambers discuss the challenges
posed by invasives, first, by emphasizing the need to prevent problems in restoration sites
and, second, by taking steps to eradicate them where they are already present or when they ar-
rive. In both cases, ecological theory can help design effective restoration strategies. For in-
stance, life-history traits help predict which of the region’s invaders might threaten a site, suc-
cession theory can help characterize the effect of invaders, population models can help
identify when invaders are still vulnerable to control, and competition theory helps explain
the effects of invaders on resident species. Theories of resilience and resistance are relevant
to the maintenance of native species; theories of top-down and bottom-up control are rele-
vant to the control of invasives. 

The evaluation and statistical analysis of restoration outcomes are critical to restoration.
Osenberg, Bolker, White, St. Mary, and Shima discuss methods that can assess how well
restoration projects achieve their goals. Different statistical approaches can evaluate how
closely a site meets a specific endpoint versus determining the effect-size of the restoration ac-
tivity. The authors argue that the latter, more innovative, approach is more relevant in
restoration ecology, where controls may be few and replication difficult. Spatial scale is often
a limitation to experimentation in restoration sites, so for ecosystem-level effects to be as-
sessed across large projects, something other than an ANOVA is needed. Using marine pro-
tected areas as case studies, they consider how projects achieve their goals with various de-
signs: before-after, control-impact, and the preferred before-after–control-impact paired
series. Clearly, big thinking about assessment of restoration challenges us to plan ahead so
that more informative evaluations can be accomplished and to apply better statistical ap-
proaches in judging outcomes.

How can a site be restored to some historical condition when the historical extent of the
ecosystem was much larger? Maurer contributes the macroecology perspective by consider-
ing the limitations imposed by restoration sites that are small relative to the lists of species we
would like them to support, small relative to the scale of ecological processes that influence
them, and often unconnected to other undeveloped lands in modern landscapes. On an im-
mediate level, restoration planners need to acknowledge and address the constraints of small
size. The larger, macroecology perspective helps restoration research and practice move to-
ward ecoregional and even continental-scale thinking.

At the global spatial scale and millennium temporal scale, Millar and Brubaker expand
our thinking about restoration in relation to climate change. Over long time frames, vegeta-
tion has responded to alternating periods of warm/cold and wet/dry climates, with additional
patterns of change over shorter time periods, including rapid shifts in the environment.
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Given this big picture, Millar and Brubaker consider the implications for restoration ecology.
Changes in populations, communities, and other ecological attributes suggest the need to re-
think concepts of sustainability and restoration targets. We are then challenged to consider
the novel goal of realignment in lieu of restoration where future climates will match histori-
cal conditions and species’ former distributional ranges. 

On the whole (and “the whole” is the topic of this final section), we restoration ecologists
need to consider just how much can be achieved in sustaining species on this planet and how
to maximize the results of our efforts. As demonstrated by Radeloff et al. (2000), restoring en-
tire landscapes requires thinking beyond the norm of “returning a tiny site to a recent condi-
tion.” We need to be strategic about where we place our efforts in order to accomplish the
most with the resources at hand. And “accomplishing the most” needs to take into account
the long-term persistence of species as global climate changes.
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Chapter 12

Using Ecological Theory to Manage or Restore
Ecosystems Affected by Invasive Plant Species

Carla M. D’Antonio and Jeanne C. Chambers

The widespread degradation of ecosystems around the globe has necessitated implementa-
tion of a range of restoration or rehabilitation practices to restore valued ecosystem functions.
Invasive non-native plants can contribute directly to the loss of ecosystem services, or they
can increase in response to environmental change (Figure 12.1) and thereafter interfere with
the achievement of restoration goals. While invasive plants have been the focus of control ef-
forts in agriculture for decades, it is only in the past twenty years that they have been recog-
nized as a significant economic and ecological cost to management and restoration of less
managed ecosystems. A relatively small fraction of wildland invaders causes significant eco-
logical or economic damage (Simberloff 1981; Williamson 1996). Those that do can inter-
fere with the maintenance of particular vegetation types by outcompeting more desired
species; threatening the persistence of rare species and, at the same time, other trophic levels;
co-opting the direction of postdisturbance succession; and maintaining communities in a
persistent undesirable state. We refer to these species throughout this chapter as invasive and
damaging plant invaders. We do not consider the term invasive alone to imply ecological
damage. For lists of invasive and damaging wildland invaders in the United States, see the fol-
lowing websites: “related links” on www.bbg.org/gar2/pestalerts/invasives/ and “plant lists” at
www.nps.gov/plants/alien/. 

Because of the various ways that introduced plant species can interfere with management
goals, we discuss different types of management and restoration actions designed to deal with
the threat or impact of such invaders. The Society for Ecological Restoration International
(SER) defines ecological restoration as the process of assisting the recovery of an ecosystem
that has been degraded, damaged, or destroyed (SER 2002). Here we explicitly acknowledge
that management actions, or lack thereof, prior to obvious ecosystem degradation, influence
ecosystem trajectories and the likelihood of successful plant invasions. The type of manage-
ment or restoration action employed will depend on the state of degradation of the ecosystem
and the causes of degradation (Figure 12.2). If the system is still providing valued ecosystem
functions, preventive management may be used to reduce the likelihood of invasion by dam-
aging species. If the ecosystem has already been invaded by species that might hinder
achievement of management goals and is at risk of further degradation, removal of problem-
atic species is an essential step toward restoration. By itself, however, removal may not be
enough, and further actions may be necessary to achieve ecological restoration. Theories rel-
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evant to those tools needed for ecological restoration overlap strongly with those relevant to
preventive management because, as detailed below, the goal of management is to maintain
or recreate sustainable ecosystems.

We acknowledge that some introduced species can be used to the benefit of land man-
agers or may be important for the achievement of particular restoration goals (D’Antonio and
Meyerson 2002; Ewel and Putz 2004). We will not deal with those situations here. Instead,
we focus on ecological theories that are relevant to eradication or control of wildland plant
invaders and restoration in the face of invasion by species considered to be damaging.

We begin this chapter by discussing differences in two fundamental approaches to restora-
tion of invaded ecosystems: prevention and active restoration. We then examine ecological
theory relevant to (1) preventing and controlling invasions, and (2) managing for sustainable
conditions during prevention or restoration. We explore ecological concepts that are relevant
to preventing the arrival of invaders or controlling them with top-down measures after their
establishment and then discuss theories that are relevant to full-scale restoration.

Management-Restoration Approaches for Invasive Species

The ultimate goal of restoration and associated management activities is sustainable ecosys-
tems with a particular composition or series/trajectory of desired states. Sustainable ecosys-
tems, over a cycle of routine disturbance events retain characteristic abiotic and biotic pro-
cesses including rates and magnitudes of geomorphic activity, hydrologic flux and storage,
biogeochemical cycling and nutrient storage, and biological activity and production (modi-
fied from Chapin et al. 1996 and Christensen et al. 1996). In their ideal form, sustainable
ecosystems are resilient in that they return to predisturbance conditions or a trajectory close to
that within a reasonable time frame following a disturbance (Holling 1973) without large-
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Figure 12.1 Hypothetical relationships between invader abundance and ecosystem change. In
pathway A, invasion occurs simultaneous with changing conditions. Causal relationships are dif-
ficult to determine, as invasion and process change may happen independently. In pathway B,
the invader triggers ecosystem change when a threshold of invader abundance is reached. In-
vaders may also create internal feedbacks that perpetuate the altered state. In pathway C, ecosys-
tem change triggers a large increase in invader abundance. A threshold for environmental
change may be required for the invader to become widely abundant.



scale human intervention (Figure 12.2). Ideally, they are also relatively resistant to change
following arrival of propagules of potentially damaging species. That is, the ecological pro-
cesses in resistant systems greatly reduce the likelihood of successful establishment and pop-
ulation growth of invaders.

Ecological theory can provide significant insights into the mechanics and value of differ-
ent restoration approaches. Because of the threat that invasive non-native species can present
to the sustainability of ecosystem services, preventive management may be the most valuable
approach for keeping intact ecosystems that currently provide valued services free from po-
tentially damaging invaders (Figure 12.2). This approach should be specifically designed to
maintain or increase ecosystem resistance prior to or during the early stages of invasion (Mas-
ters and Sheley 2001) as well as ecosystem resilience after a disturbance. Resistance and re-
silience can potentially be enhanced by manipulation or maintenance of structural proper-
ties and ecosystem processes known to favor the persistence or recovery of resident or
desirable species. Knowledge of controls over resistance and resilience are therefore essential
for successful management. 

Following the establishment of damaging invaders and subsequent changes in ecosystem
properties and processes, active restoration is required and involves two basic elements. Top-
down control involves removing or eliminating the damaging invader or reducing its abun-
dance and supply of propagules to acceptable levels, while bottom-up control emphasizes
restoration of properties or processes that contribute to sustainability (sensu McEvoy and
Coombs 1999). In restoring invaded ecosystems, the top-down approach primarily involves
manual removal, herbicides, or biological control but can also involve identifying and con-
trolling the pathways through which propagules of unwanted species are arriving at a site.
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Figure 12.2 Conceptual scheme for restoration of systems affected by invasive plant species.
Propagule flow of invading species is indicated by black balls. The size of the upper three arrows
indicates the intensity of control effort required to stem propagule flow of invaders. The shading
intensity of the restoration arrow indicates the likely intensity of effort required to ameliorate
stressors or reverse changes in ecosystem processes that affect underlying conditions for plant
growth.



Bottom-up control can involve the removal or amelioration of ecosystem stressors that affect
the status of more desirable species, manipulation of disturbance regimes, alteration or ma-
nipulation of soil conditions to reduce potential growth of undesirable species, and direct
seeding to increase the likelihood of competitive dominance being achieved by the desired
species. Bottom-up control ultimately includes many elements of preventive management
and also encompasses both “designed disturbance” and “controlled species performance” el-
ements of Sheley and Krueger-Mangold’s (2003) scheme for how to manage communities
toward a desired state (Figure 12.3).

The initial choice of a preventive or restoration approach, and whether either of these
should be accomplished using top-down or bottom-up control, or some combination of the
two, should be based on knowledge of the known ecological condition and likely trajectory of
a given site. Simultaneous top-down and bottom-up control is generally required to achieve
restoration of desired conditions in severely infested or highly degraded sites, and bottom-up
manipulations can improve the success of top-down measures (for examples see McEvoy et
al. 1993; Wilson and Partel 2003). 

Preventing and Controlling Invasions

Lonsdale (1999) suggested that the number of invaders with reproducing populations in a
site or region (E) is a function of the number of species introduced (I) and the survival and re-
production (S) of those arriving species populations or propagules. Applying this simple con-
cept to damaging invaders and to preventive management, managers should want to control
or anticipate I to keep it as low as possible while manipulating systems to reduce the value 
of S. 

Life-History Theory and Species Traits That Predict Arrival (I)
Theory and research relevant to controlling I is based largely on dispersal and life-history
traits of populations and species. Restoration actions can be taken in advance of the arrival 
of invader propagules. Managers can try to protect against species that are likely to be arriving
in a site based on their presence in the region and knowledge of their dispersal modes. In-
deed, both economists and practitioners have argued that control prior to arrival is the most

12. Using Ecological Theory to Manage or Restore Ecosystems Affected by Invasive Plant Species 263

Figure 12.3 Three causes of succession that can be manipulated to move communities from an
altered condition to a more desired state. Adapted from Sheley and Krueger-Mangold (2003).



cost-effective means of managing damaging invaders (e.g., NISC 2001; Leung et al. 2002).
Such arguments are the basis for development of “early detection, rapid response” (EDRR)
programs (http://ficmnew.fws.gov/FICMNEW_EDRR_FINAL.pdf). When an invader is
widespread in a geographic region or has been planted extensively nearby as an ornamental,
its eventual arrival in a reserve can be assumed. The intensity of effort to search for and erad-
icate incipient populations relates, in part, to dispersal mode. Hence, dispersal and life-his-
tory theory can provide insights into predicting which species are most likely to arrive regu-
larly and where they are most likely to establish. 

Seeds of invading species represent a wide range of dispersal modes, and thus it has been
difficult to find generalizations that characterize damaging plant invaders (Mack et al. 2000;
NRC 2002). This is perhaps because most studies looking for traits that predict invasion ability
evaluate all established non-native species in a flora or region, including many that have no
measurable ecological impact. Studies evaluating traits of invaders versus non-invaders within
particular groups (such as pines and a variety of other woody species), have found some gen-
eral species traits that correlate with a high likelihood of invasion (Rejmanek and Richardson
1996; Reichard and Hamilton 1997). These studies have found that although wind-dispersed
seeds tend to be more common among successful pine invaders, both wind- and animal-
dispersed species can invade successfully if they produce large seed crops (e.g., Rejmanek
1996). The importance of these traits is likely that high rates of propagule supply, or larger
numbers of propagules in an introduction event, lead to a greater likelihood of establishment.
This has been shown clearly for birds and insects introduced for biological control (see review
in D’Antonio et al. 2001); for woody species introduced into southeastern Australia (Mulvaney
2001); and for eucalypts invading away from plantations (Rejmanek et al. 2005).

Life-History Traits Predicting Reproductive Rate Once Established (S)
Traditional life-history theory divided up species by their reproductive strategies and desig-
nated species as falling on a continuum from r- to k-selected species (MacArthur and Wilson
1967; Pianka 1970), referring to species whose reproductive strategy is keyed to maximum
growth rate and carrying capacity, respectively. Rapidly colonizing ephemeral species are at
the r extreme, while slow-colonizing, slow-growing, long-lived competitors fall near the k
end. While r–k theory came under fire during the 1980s, it nonetheless provides a useful
framework for thinking about species differences and how they might relate to the types of
habitats where species would establish successfully and have subsequent impacts.

Nobel and Slatyer (1980) suggested that species could be divided into groups based on
clusters of traits rather than along a simple two-dimensional continuum, and they success-
fully predicted plant community responses to disturbance based on trait association groups.
Invasive non-native plants in any region tend to cover a spectrum of life-history traits, but
where particular invaders are likely to show up and where they are likely to persist may be
predictable based on both dispersal and life-history trait associations. For example, Rejmanek
(1996) found that rapid growth to reproductive stage (short juvenile period) and short inter-
vals between large seed crops are more likely to be traits of invaders than non-invasive
species. Ranking potential weeds by their presence in a geographical region and their known
traits can help managers and restorationists target and prioritize areas and species for EDRR
and preventive management.
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Succession Theory as a Means of Prioritizing Species for Removal
The decision to initiate a restoration project that involves the removal of a non-native species
is based upon the belief or knowledge that a species interferes with achievement of a desired
ecosystem state, successional trajectory, or delivery of ecosystem services. Successional the-
ory can be used as a basis to help make this decision. Prioritization is important since multi-
ple invaders are present in many settings and resources for control are usually limited. Con-
nell and Slatyer (1977) proposed three models to explain the potential influence of a
colonizing species on subsequent species compositional change. An invader could (1) facili-
tate, (2) inhibit, or (3) have no effect on subsequent species colonization in a system. While
they did not propose this theory as a framework for evaluating the impact of an invasive
species, it nonetheless can be used to provide a baseline for evaluating whether a species is of
concern. An invader that can facilitate the establishment of additional potentially undesir-
able invaders could lead to “invasional meltdown” (Simberloff and Von Holle 1999), a situa-
tion in which invaders facilitate one another until little of the original native system remains.
For example, nitrogen-fixing invaders have been shown to facilitate the establishment of
other undesirable species after their death or removal from a site, potentially with dire conse-
quences for native species (Maron and Connors 1996; Adler et al. 1998; Alexander and D’An-
tonio 2003). When desired ecosystem services are dependent upon native species, invaders
that inhibit their establishment should receive priority for removal. 

Evaluating and anticipating the successional effect of invaders is particularly important in
the context of restoration projects where a site has been severely degraded or is being con-
verted from one use (e.g., agriculture) to another (e.g., a wetland). Invaders in these contexts
may facilitate the establishment of native species, or they may have little effect on them.
Non-native species that might facilitate the establishment of more desirable species can be
useful in such full-scale restoration, particularly if site conditions are extremely harsh and it 
is difficult to establish the more desirable species (D’Antonio and Meyerson 2002). In
essence, the restoration practitioner might use the facilitation model of traditional primary
succession to approach the establishment of desired species under severely altered environ-
mental conditions. 

When invaders already dominate a degraded site or rapidly invade after the large-scale dis-
turbance that might be necessary to create or restore a habitat (e.g., unearthing a filled salt
marsh), the practitioner can evaluate based on species traits whether invaders are likely to
persist. Invaders that respond quickly to disturbance but drop out relatively easily without dis-
rupting succession can be more or less ignored. For example, on severely disturbed sites in
semiarid areas of the western United States, Salsola kali, an annual Eurasian weed, is often
highly abundant the first and second years following restoration but rapidly declines as
seeded species become established (Allen 1988). In contrast, invasive species that inhibit suc-
cession toward the desirable states should be targeted for early control. An example from
more mesic areas of these same semiarid systems is Lepidium latifolium, a perennial and
highly rhizomatous mustard with high growth rates that rapidly establishes on restored sites
and effectively prevents establishment of seeded species (Young et al. 1998). The extent to
which disturbance caused by the removal of an invader will reset succession will depend on
its abundance and life-history characteristics. Methods that minimize disturbance should be
given preference. 
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Using Population Models to Determine When and Where to Remove a Species
Once a species has been identified as a target for removal, the decision of when and where to
remove it can be based on an understanding of population growth curves. Many investigators
have noted that introduced species typically show a lag phase between introduction and ex-
ponential population growth (Kowarik 1995; Crooks and Soulé 1999). The sources of this lag
are debated, and many hypotheses have been proposed to explain it. Regardless of the causes,
the existence of lags in many settings is an opportunity for EDRR teams and site managers to
implement removal programs. Removing a target at or before exponential population growth
occurs is likely to be much more successful and less costly than treating it later (Hobbs and
Humphries 1995). Likewise, population growth models at the landscape scale, such as that of
Moody and Mack (1988), suggest that targeting outlying small populations (e.g., “nascent
foci”) is the best way to slow landscape-scale invasion rates once an invader is established in a
region. 

Targeting small invader populations has several distinct advantages. The goal of EDRR
programs is to remove the damaging invader species before it has exerted a significant effect.
In this case, the need for full-scale ecological restoration may be avoided. In addition to the
practical considerations of costs and access, a focus on small populations should result in
minimal disturbance during the removal process, thereby reducing the likelihood of distur-
bance-stimulated invasion. Also, because the impact of an invader is likely a function of its
abundance (Parker et al. 1999), removal of small populations should mean that negative ef-
fects have been minimal and can therefore be readily reversed. 

Disturbance Theory and Increasing Community Resilience 
Following Disturbance 

Resilient systems are those that return to predisturbance conditions or a trajectory close to
that within a reasonable time frame following a disturbance (Holling 1973) without large
scale human intervention. Disturbance is a part of virtually all ecosystems. Because it re-
leases resources and opens up space, it can promote invasion if factors promoting resilience
of the resident community are absent or impeded. The duration of an invasion window cre-
ated by a disturbance is influenced by the type, size, and frequency of disturbance events, as
well as the tolerance and response of the resident species to those events. For example, severe
disturbances can greatly depress resident populations and potentially destroy their seed
banks, increasing the length of time that the community is relatively open to invasion by any
species. If propagule sources of damaging invaders are limited, the community may eventu-
ally recover. Likewise, disturbance frequencies that are higher than what resident species
have experienced routinely may select for short-lived species that may or may not be de-
sirable. The trick is to anticipate which species are likely to respond to different types of
disturbances.

Most ecosystems have evolved with disturbance, and yet disturbance can also be manipu-
lated to prevent invasion. For example, frequent prescribed burning in tallgrass prairies pre-
vents invasion of prairie stands by Canada thistle because the native regional flora is well
adapted to fire (Reever-Morghan et al. 2000). Its role in promoting versus preventing inva-
sion is thus a function of the evolutionary history of both the resident species and invaders
(Hobbs and Huenneke 1992; D’Antonio et al. 1999). Fires are essential for the maintenance
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of native vegetation states in southeastern pine savannas. Yet poorly timed fires (those outside
the lightning season) can promote invasive species (especially native and exotic hardwoods)
in these species-rich systems. In addition, altering other characteristics, as for example, de-
creasing fire frequency, appears to favor invasive grasses and shrubs in these sites (e.g., De-
Coster et al. 1999; Platt 1999; Platt and Gottshalk 2001; Drewa et al. 2002). The extensive
work in this ecosystem emphasizes the complications of manipulating disturbance regimes to
obtain desired conditions.

The most widely known theory of species responses to disturbance is the intermediate-
disturbance hypothesis, which predicts that species diversity should be highest in landscapes
with intermediate sizes, frequencies, or times since disturbance (Connell 1978). To our
knowledge, no one has tried to relate the presence and persistence of non-native plant species
to the intermediate-disturbance hypothesis in the context of managing against undesirable
species. If the regional pool of non-indigenous species is diverse, one would expect invader
diversity, and possibly abundance, to increase rapidly after disturbance and then decline over
time as the early colonizers drop out but before later colonizers arrive. Invader diversity, how-
ever, may not be a good predictor of invader impacts. Many naturalized non-indigenous
species are disturbance responsive but may persist for only a relatively short time after distur-
bance. Others may exist as a component of the community during all subsequent seral stages.
It is only those invaders that persist after disturbance and/or that spread into undisturbed ar-
eas that are potentially of concern to managers. Such invaders are common on environmen-
tal weed lists. In terms of preventive management, the postdisturbance window should be
watched closely for incipient invader populations. Planned disturbances should be timed to
maximize the likelihood of stimulating the regeneration of native species while depressing
undesirable ones. 

Competition Theory and Enhancing Community Resistance 

Ecological resistance refers to the biotic and abiotic factors in a recipient ecosystem that limit
the population of an invading species. The impact of prior residents on invaders is therefore
part of the concept of ecological resistance (Elton 1958). Although biotic elements impor-
tant to resistance can include herbivory and the presence/absence of mutualisms, studies of
resistance have largely focused on competition. This reflects the strong focus of plant ecolo-
gists on competition as a dominant force structuring plant assemblages (reviewed in Levine
and D’Antonio 1999; but see Maron and Vila 2001 for a review of the contribution of herbi-
vores to ecological resistance). In terms of trying to prevent invasion, competition theory pre-
dicts that if residents are abundant, they should be able to monopolize available resources, re-
ducing the likelihood that an invader can establish unless the invader has access to unique
resources, that is, it is functionally wholly different from the residents. These hypotheses stem
from the competitive-exclusion principle and the related limiting-similarity hypothesis,
which predict that only invaders that are very different from residents in their use of limiting
resources should persist in a site (MacArthur and Levins 1967; May 1973). When a very dif-
ferent invader arrives and establishes successfully, that invader is assumed to have entered an
“empty niche” or is utilizing resources distinct enough from residents that interspecific com-
petition is unimportant. Plant invaders that are quite different from residents as adults and are
thus invading an “empty, adult-plant niche,” nonetheless are still likely to face competition
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from residents upon arrival. For example, the nitrogen-fixing tree, Myrica faya, is invading
Hawaiian woodlands previously lacking symbiotic nitrogen fixers (Vitousek et al. 1987; Vi-
tousek and Walker 1989). Thus it appears to be entering a vacant niche for a symbiotic nitro-
gen fixer. Nonetheless, seedlings of M. faya are suppressed by prior residents, slowing the
rate of establishment of the invader even though invasion is proceeding (D’Antonio and
Mack 2001). The point here is that resistance can slow an early invasion, giving managers
more opportunities for controlling a target species even if the species is one whose success
appears to be inevitable. Unfortunately, in most sites, we do not know which species contrib-
ute most effectively to resistance, but we do know that resistance is real and should be part of
restoration planning. 

Competition theory is also largely the basis for the hypothesis that diverse (here defined
simply as more species rich) plant assemblages utilize available resources more fully than less
diverse ones and therefore are less likely to be invaded (reviewed by Levine and D’Antonio
1999). Small plot studies generally confirm the prediction that more diverse assemblages are
more resistant to invasion (Tilman 1997; Levine 2000, 2001; Naeem et al. 2000; Kennedy et
al. 2002; Dukes 2001, 2002), although there are exceptions (Robinson et al. 1995; Wiser et
al. 1999). Studies based on manipulation of functional group richness rather than simply
species diversity also generally confirm the prediction that invasion success decreases with in-
creasing functional richness (Pokorny et al., 2005; Hooper et al., forthcoming). Results from
these studies suggest that enhancement of diversity within a park, reserve, or restoration plot
should reduce the probability of establishment of arriving propagules of many invader
species. These hypotheses can thus be guiding principles for practitioners both in preventive
management and postinvasion restoration. 

The literature debate over the importance of diversity or species richness in limiting inva-
sion (e.g., Stohlgren et al. 1999, 2003) provides interesting lessons for restoration practition-
ers. In extensive surveys from both their own work and published species lists, Stohlgren et al.
(1998, 1999, 2003) evaluated the relationship between native and exotic species diversity
across several spatial scales and concluded that hotspots for native biodiversity are also
hotspots for introduced species. These tend to be resource-rich sites with high exotic diver-
sity. Lonsdale (1999) also recognized that, at a landscape scale, more nutrient-rich sites have
higher diversity of both native and non-native species. With regard to restoration, such pat-
terns suggest only that non-native species should be expected to occur in relatively rich sites
because they are good places for plants to grow. These data say nothing about whether we
would expect to find strong invader impacts in these areas or whether particularly damaging
invaders tend to proliferate and have their greatest impacts in these sites. Indeed, Dukes
(2001) demonstrated that despite being able to invade and persist in diverse assemblages, the
noxious weed Centaurea solsticialis showed reduced impact on native species as diversity in
experimental plots was increased. The relationship between number of invaders, richness
hotspots, and invader impacts needs more careful exploration.

Correlations observed at the landscape scale suggest that factors that covary with diversity
similarly affect both native and exotic species. For example, disturbed sites tend to have both
more exotics and more natives because disturbance generally promotes diversity. Despite ob-
servations like this, resistance may still occur on a local scale as demonstrated experimentally
by Levine (2000, 2001). He found that, at the scale of large stretches of river, native and ex-
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otic richness were positively correlated, yet he demonstrated experimentally that, at a local
scale, native diversity could slow establishment of several invaders. Brown and Peet (2003)
have made similar findings.

Such results are directly relevant to restoration, because most restoration projects are
concerned with the local scale. Enhancement of local resistance should increase the time
available for managers or EDRR teams to find and remove establishing invaders while cre-
ating environmental conditions that favor native species and potentially increasing native di-
versity or desired composition. 

Davis et al. (2000) attempted to provide an overarching theory to explain community
“invasibility” (susceptibility to invasion) or resistance and referred to it as the fluctuating re-
sources hypothesis. This framework predicts that invasibility (or resistance) is a function of
the balance between community-level resource uptake and resource renewal or gross re-
source supply rates (Figure 12.4, adapted from Davis et al. 2000). When supply and uptake
are equal, no invasion occurs, presumably because there are no extra resources for invaders
to harvest. Disturbances can reduce resource uptake without enhancing supply rates or al-
ter both supply and uptake rates, allowing for invasion. Pulses of resources such as might oc-
cur with nitrogen deposition or high rainfall years in an arid system can result in windows
of opportunity for invaders to establish. Davis and Pelsor (2001) demonstrated experimen-
tally that even short pulses of high-resource availability can result in new invader popula-
tions that persist for many years. For preventive management and restoration, this hypothe-
sis helps to solidify a dynamic understanding of ecosystems, with resistance fluctuating
along with climate or other factors. It can also help managers to target invasion win-
dows (e.g., a high rainfall year in an otherwise arid site) as times when an EDRR approach
is critical. 
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Figure 12.4 The theory of fluctuating resource availability holds that a community’s susceptibil-
ity to invasion increases as resource availability (the difference between gross resource supply
and resource uptake) increases. Resource availability can increase due to a pulse in resource
supply (A → B), a decline in resource uptake (A → C), or both (A → D). Adapted from Davis et
al. 2000, Figure 1.



Integrating Concepts: Disturbance, Fluctuating Resources, and Competition
Across Resource Gradients 

Ecological restoration may be needed in conjunction with control of damaging invaders in
natural ecosystems because the act of removal typically stimulates germination of other often-
introduced species and frees up resources for their growth. The fluctuating resources hypoth-
esis of Davis et al. (2000) suggests that removal of invaders reduces resource uptake, thereby
moving a site away from the uptake/supply rate isocline, which paradoxically can increase its
further invasibility. Without intervention, replacement species may be those that perpetuate
the impacts of the original invader or are even worse than the original invader. For example,
control efforts to remove Hakea sericea in South Africa can lead to invasion of native fynbos
sites by Acacia longiflora, a species that is much harder to control (Pieterse and Cairns 1986). 

Resource conditions at a restoration site or across a management unit have a strong influ-
ence on the outcome of management actions because they affect the interactions among
both desirable and undesirable species. The relative importance of disturbance, competition,
facilitation, and herbivory across abiotic gradients has been a major focus of community ecol-
ogy for the past several decades and can provide a framework for predicting when and where
species interactions are likely to affect the outcome of restoration. Since the classification of
species along axes of stress tolerance and competitive ability by Grime (1977), there has been
lively debate over whether the intensity of plant competition changes across resource gradi-
ents. While the debate currently remains unresolved (for a review, see Gurevitch et al. 2002),
it appears that competition for light can be very intense in resource-rich sites. In the context
of restoring communities affected by harmful invasive species, site productivity can affect
growth rates of establishing species as well as the response rates of resident species to removal
of target weeds. 

Fertilization has long been a restoration practice because of its positive effects on plant
growth in many settings. Yet the now-widespread occurrence of aggressive fast-growing and
damaging invaders calls this practice into question. Fertilization studies in many regions of
the United States have demonstrated that undesirable invaders can increase with fertilization
(e.g., Huenneke et al. 1990; Vinton and Burke 1995; Maron and Jeffries 1999; Green and
Galatowitsch 2002; Woo and Zedler 2002) and potentially persist for long time periods after
fertilization. By contrast, Chambers (1997) demonstrated that, in a highly infertile alpine soil
where almost no invasive species were present, fertilization increased the establishment and
growth of desirable species during restoration. In intact organic soils, fertilization was not
necessary to restore native plant cover. Thus, careful consideration of soil fertility conditions
is an essential first step to restoration in sites where damaging invaders could become impor-
tant community constituents.

In resource-rich sites, native species with high relative growth rates often respond most
strongly to disturbance or resource pulses. If such species are already present or can be read-
ily seeded onto a site, they can quickly take advantage of resources released during distur-
bance and maintain the resiliency of the system. However, if seeds of fast-growing and dam-
aging invaders are in the area, there is a reasonable likelihood that desirable species will face
resource competition. If the invaders suppress the desired species, then active top-down and
bottom-up control should be enacted. The application of sucrose or sawdust to soils during or
prior to the planting of desirable species has been evaluated as a bottom-up tool to reduce
fast-growing weeds (eg., McLendon and Redente 1992; Reever-Morghan and Seastedt 1999;
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Alpert and Maron 2000; Paschke et al. 2000; Torok et al. 2000; Corbin and D’Antonio 2004).
This approach is based on the assumption that the added carbon will stimulate microbial im-
mobilization of nitrogen and that this in turn will reduce competitive suppression of the de-
sired species. While studies generally confirm that carbon addition immobilizes available ni-
trogen, they are mixed in support of the prediction that decreased nitrogen will alter the
strength of competition, thereby favoring slower growing native species (McLendon and Re-
dente 1992; Reever-Morghan and Seastedt 1999; Alpert and Maron 2000; Paschke et al.
2002; Monaco et al. 2003; Corbin and D’Antonio 2004; Perry et al. 2004). 

Other practitioners trying either to restore native species to nitrogen-enriched sites or to
increase native species abundances have tried mowing or cutting followed by biomass re-
moval to reduce undesirable species. The ultimate goals appear to be reduction of ecosystem
nitrogen while directly reducing the competitive effect of the fast-growing invaders by de-
creasing their stature and biomass. For example, prior to the last two decades, serpentine
grasslands in California were refugia for native species richness, presumably because low soil
nutrients limited the growth of fast-growing natives (McNaughton 1968; Harrison 1999). In
recent decades, however, nitrogen deposition from automobiles has fertilized these grass-
lands, which has favored invasion by fast-growing European grasses to the detriment of native
annual forbs (Weiss 1999). To ameliorate the effects of nitrogen deposition and promote 
native richness, Weiss instituted a mowing and biomass removal program. Likewise, at Bo-
dega Marine Reserve in northern California, Alpert and Maron (2000) repeatedly mowed
nitrogen-enriched pasture soils and found that both total soil nitrogen and exotic plant cover
declined with repeated mowing and biomass removal, although the mechanism of reduction
of the exotics was not clearly identified. 

The relationship between intensity of competition, disturbance, and availability of water
is less well established than competition for soil nutrients. Thus, tools such as sucrose, saw-
dust, or mowing designed to reduce soil resource levels during restoration are not as appro-
priate if water is the primary limiting resource at a site. As with nitrogen, too much water can
promote invasive weeds (e.g., Kercher and Zedler 2004) but largely because it can be directly
detrimental to some native species. Alterations of hydrological regime have been correlated
with the invasion of aggressive weeds in several systems (Horton 1977; Everitt 1998; Gala-
towitsch et al. 2000; Zedler and Kercher 2004), and manipulation/restoration of hydro-
period can be a tool to select against weedy species. However, tolerance of many invaders to
a wide range of hydrological conditions or susceptibility of native species to the same condi-
tions that restrict invaders may limit its usefulness (e.g., Maurer and Zedler 2002; Miller and
Zedler 2003). For example, it has long been believed that alterations to flooding regimes in
western U.S. rivers have contributed to invasion by saltcedar (Tamarix spp) (Horton 1977;
Everitt 1998; Levine and Stromberg 2001). However, manipulations of flooding regimes to
try to reduce now abundant Tamarix and restore cottonwoods have proven difficult, because
conditions that kill Tamarix seedlings also kill cottonwood seedlings (Stevens et al. 2001).
Likewise, conditions that favor Tamarix establishment also favor cottonwood establishment
(Stromberg 1997, 1998; Levine and Stromberg 2001). In addition, flooding severe enough to
remove Tamarix from established stands can be difficult to simulate (Stevens et al. 2001).
Similarly, wetland restoration ecologists do not yet fully understand what aspects of natural
hydro-period are critical for sustaining natives, so aiming for the “right” hydro-period is diffi-
cult (Joy Zedler, personal communication). Nonetheless, manipulation of hydrological
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regime at the same time that other tools are employed for species control may be the key to
restoration in riparian and wetland settings.

Alternative States and Breaking the Cycle
While invaders may become abundant because of changing site conditions, they also can be
the cause of the changing conditions (Figure 12.1). The persistence and strength of changes
created by invaders can affect the type of management activities needed to restore more de-
sired conditions. Indeed, some of the most pernicious invaders are species that create positive
feedbacks and enhance their own growth. To adequately restore a site invaded by one of these
species requires breaking the positive feedback cycle. While many investigators have sug-
gested that such biologically driven positive feedbacks are important in locking invaded sys-
tems into “alternative states,” which may be difficult to restore (e.g., D’Antonio and Vitousek
1992; Whisenant 1999; Suding et al. 2004), actual positive feedbacks caused by invasive
species are not well documented except in the case of invader impacts on disturbance
regimes (Mack and D’Antonio 1998). In these cases the altered disturbance regime typically
results in a decline in desirable species and persistence and/or spread of the invader.

Perhaps the most widespread example is the invasion of the semiarid to arid deserts of the
western United States by fire-enhancing annual grasses of Eurasian origin at the expense of
native species (Figure 12.5). Because of the poor tolerance of fire by the native species as
these sites become increasingly arid, breaking the fire cycle or significantly reducing the fre-
quency of the fires is essential to directing the system toward more desired communities. Re-
searchers in the Great Basin and Sonoran deserts are actively exploring potential restoration
toward plant communities that will suppress annual grasses. The intent is to reduce the mass
and continuity of fine fuels and, thus, decrease the frequency and spread of desert fires. Be-
cause of the severely degraded state of the most alien-grass-dominated sites, in the western
deserts of the United States, heavy-handed restoration may be needed to achieve desired re-
sults. Preventive management is being employed to protect intact areas from fire by plant-
ing fire resistant buffers (i.e., green-stripping) and reduction of stresses that might increase
the likelihood of cheatgrass (Bromus tectorus) conversion (Pellant, http://www.fire.blm.gov/
gbri/). A framework for controlling and restoring sites invaded by fire-altering plants has been
suggested by Brooks et al. (2004). 

Invading species can affect soil nutrient pools and fluxes (Levine et al. 2003; Ehrenfeld
2003), but their long-term legacies are relatively unexplored, and the extent to which they
contribute to internally reinforced states is questionable. One significant challenge for
restoration appears to be when nutrient distributions or pool sizes are dramatically altered by
invasive species, such as nitrogen-fixing shrubs and trees (e.g., Vitousek et al. 1987; Vitousek
and Walker 1989; Stock et al. 1995) or halophyte forbs (Vivrette and Muller 1977; Blank and
Young 2002), and the growing conditions for potential desired species are impacted. In these
cases, soil conditions may need to be manipulated to restore the site. 

Summary

Damaging invasive species are among the many significant challenges that land managers
and restoration practitioners face now and into the future. Ecological theory, and the body of
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research that supports it, provide a strong foundation for devising management and restora-
tion methods aimed at creating or maintaining sustainable ecosystems. However, our review
also indicated that there is still much to be done with regard to integrating relevant theories,
collecting the necessary ecosystem and species-specific information, and developing man-
agement and restoration approaches that target the appropriate processes at the proper times
and scales. Until recently, methods for controlling invaders have often been agronomic in
origin and have consequently focused largely on top-down measures. It is increasingly clear
that, for wildland ecosystems, a major emphasis needs to be placed on bottom-up approaches
that will increase the resistance of the ecosystem to invaders and foster resilience following
disturbance. Central to this approach is preventive management that maintains the ecologi-
cal integrity of ecosystems by facilitating routine disturbance and minimizing degradation
caused by human activities and other stressors. Integrating preventive management with top-
down control and, when necessary, active restoration is increasingly important, as the pres-
sure from damaging invaders increases. 

Regardless of the stage of invasion or the causes of degradation, effective management
and restoration will require increased understanding of the properties and processes of
ecosystems that convey resistance and resilience. It will also require furthering our ability to
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Figure 12.5 Examples of desert sites in western North America that have burned in the past 15
years as a result of fires fueled by invasive annual grasses. These grasses create positive feedbacks
toward more fire and reduced abundances of desired species, making restoration very difficult.
(A) unburned sagebrush (Artemisia tridentata) shrubland with cheatgrass (Bromus tectorum) in
understory. (B) burned sagebrush shrubland now largely dominated by cheatgrass. (C) unburned
blackbrush (Coleogyne ramossisima)/Joshua tree (Yucca brevifolia) shrubland with understory of
annual brome grasses. (D) burned blackbrush/Joshua tree shrubland now largely dominated by
red brome (Bromus rubens). (E) unburned creosote (Larrea tridentata) shrubland with scattered
annual grasses, Schismus spp. and Bromus rubens. (F) burned creosote shrubland now largely
dominated by Schismus and B. rubens. 



recreate communities with those properties and processes. In this chapter we identified and
discussed ecological theories relevant to increasing ecosystem resistance and resilience. Us-
ing these theories as a basis, we summarize below some of the specific types of information
that can be used to improve effectiveness of preventive management and restoration at local
to regional scales: 

1. Information on the dispersal processes, life-history traits, and the controls on popula-
tion lags and growth for damaging invaders can be used to minimize invader dispersal
to new sites, target sites for monitoring, and facilitate control of both local and source
populations.

2. Information on the effects of invaders on community dynamics and ecosystem pro-
cesses can contribute to our understanding of the conditions that result in communi-
ties crossing critical thresholds. Beyond these thresholds, a community may not re-
turn to its original state, and restoration may need to focus on feedback processes that
must be interrupted for the system to be returned to its original state or to an appropri-
ate alternative state.

3. Information on the pathways through which both natural and anthropogenic distur-
bances, including management activities, affect individual species, native or other-
wise, can help managers to identify ways to use disturbance to their advantage or, con-
versely, alert them to necessary postdisturbance treatments.

4. Information on the phenology of growth and resource uptake of species in wildland
ecosystems could be used to design communities capable of maximizing resource use
and minimizing “vacant niches” in the presence and absence of the dominant distur-
bance(s).

5. An understanding of species life-history characteristics that convey both native and in-
vasive species persistence following the dominant disturbance(s), for example, fire or
drought tolerance, will aid in prioritization and development of control methods.

6. An understanding of characteristics of native species that increase their competitive
ability with dominant invaders, for example, similar phenologies or resource-use pat-
terns (e.g., Booth et al. 2003), will help in both preventive management and restora-
tion. 

The information above, while not all encompassing, provides a basis for using preventive
management and restoration to direct successional processes and trajectories. It addresses the
primary elements of succession—disturbance, colonization, competitive interactions, and
adjustment (MacMahon 1987)—and can thus help move communities at risk of invasion, or
already degraded by invasive species, toward more desired states (Figure 12.3; Luken 1990;
Sheley and Krueger-Mangold 2003). 

The ability to use preventive management or restoration effectively to maintain ecosys-
tems that are both resistant to invaders and resilient to disturbances will depend on the char-
acteristics of the ecosystem of interest, as well as those of the invaders. For many ecosystems,
prescribed disturbances coupled with control over propagule supply and manipulation of
species performance may be most effective in controlling invaders (e.g., Reever-Morghan et
al. 2000). It also is possible that practitioners will have to create “designer ecosystems” (sensu
MacMahon 1987) that maintain a diverse composition of desired species and that include
species tolerant of disturbance and capable of maximizing resource uptake following pertur-
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bations. The task for ecologists and practitioners is to obtain and integrate relevant ecological
information to test theories and approaches at local and regional scales. Interdisciplinary re-
search and management programs that utilize “restoration experiments” will contribute to
valuable advances in this growing and important field.
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Chapter 13

Statistical Issues and Study Design 
in Ecological Restorations: Lessons Learned 
from Marine Reserves

Craig W. Osenberg, Benjamin M. Bolker, Jada-Simone S. White,

Colette M. St. Mary, and Jeffrey S. Shima

Scientists and managers often seek to restore degraded systems to more desirable states. A sys-
tem might be restored by eliminating a putatively deleterious factor(s) and allowing the sys-
tem to recover naturally (e.g., by removing a sewage outfall or abolishing pesticide applica-
tion) or by aggressively managing the system to reduce the time required for natural recovery.
Regardless of the approach taken, we need to know if the restoration has fulfilled expecta-
tions. Thus, two fundamental questions underlie the scientific assessment of any restoration
project: (1) What is the goal (e.g., to what state should the system be restored)? and (2) Did
the restoration project achieve this goal (or, more generally, what were the effects of the
restoration project)? Both aspects are central to the inferences we draw about restoration ef-
forts and intimately linked to the statistical tools that we use to make these inferences.

Goals of restoration projects fall into two broad categories. The first, which we call end-
point based, aims to restore the system to a predefined state. We may define endpoints theo-
retically (e.g., that the density of an endangered bird species be restored to ≥50 breeding pairs
based on a population viability analysis) or empirically, by comparison to a more “pristine”
reference site (e.g., that species richness be ≥90% of that found at the reference site). Out-
comes can be assessed by sampling the restored system and comparing it with the stated end-
point. To help formulate inferences, we might use a standard statistical null-hypothesis
framework in which a single sample is compared with a theoretical expectation, or two sam-
ples are directly compared. Statistical power could also be considered in the assessment of
restoration effects (low power will reduce our ability to detect the effects of restoration: Map-
stone 1995). Although useful in many contexts, these endpoint-based approaches fail to pro-
vide an estimate of the effect of the restoration activity. In fact, the restoration effort may not
have had any effects and yet the site may reach the desired state (e.g., due to natural variation
independent of the restoration). This may be satisfactory in many contexts, but such a result
would fail to inform future restoration projects.

Thus, we also define effect-size-based goals, in which we quantify the effects (and the as-
sociated uncertainty) of the restoration activity (e.g., determine the increase in the abun-
dance of a threatened species caused by the restoration project), possibly by comparison with
similarly degraded sites (as opposed to pristine sites), so that the response to the restoration
can be quantified. 
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A combination of both approaches is likely ideal—we would like to know how much 
of an effect we have produced (effect-size-based outcomes) and if that change is “sufficient”
(endpoint-based outcomes). In this chapter, however, we focus on effect-size-based goals and
the study designs that facilitate this assessment, because endpoint-based approaches can be
tackled with well-known statistical tools (e.g., ANOVA). In contrast, the apparently “simple”
task of quantifying an effect size requires approaches that often are distinct from the standard
quantitative tools we learn in basic statistics or experimental design courses, especially when
dealing with large-scale, unreplicated assessments. These solutions are not, therefore, gener-
ally appreciated or applied. Fortunately, the complex challenges (and solutions) that are
posed are very similar to those shared by assessments of unreplicated human interventions,
such as the study of the effects of sewage outfalls, foresting practices, or nuclear power plants.
As a result, we borrow heavily from the literature on impact assessment (e.g., Stewart-Oaten
et al. 1986; Schmitt and Osenberg 1996). Effect sizes may be either univariate or multivari-
ate, but for simplicity of discussion and presentation, we lay out the framework for univariate
measures. Multivariate analogues exist for our univariate examples. For more general discus-
sion of statistical issues in restoration studies, we refer the reader to the useful reviews by
Michener (1997) and Schreuder et al. (2004). 

To provide context to our discussion of assessment designs, we draw examples from the
restoration of marine systems through the establishment of marine protected areas (MPAs)
(Allison et al. 1998; Lubchenco et al. 2003; Norse et al. 2003). MPAs share many features
with other restoration activities: (1) they are expected to have local effects within the bound-
aries of the restoration activity; (2) they also may have effects that extend beyond the MPA
boundaries and therefore help restore degraded sites that are not actively managed, but may
nonetheless benefit from distant restoration activities; and (3) there remains a considerable
need for improved tools to document and estimate the local and regional effects of a given
restoration effort. 

Below, we discuss the central concepts drawn from experimental design and contrast
these approaches with those needed in large-scale restorations (and impact assessments in
general). We then discuss the major types of assessment designs, including their advantages
and limitations, and highlight these issues with a critique of MPA studies. Last, we propose
future directions, including more appropriate designs that will address current shortcomings
and enhance the practice of restoration ecology.

Central Concepts

The basic question posed in any effect-size-based assessment study is simple to state and hard
to solve: how does the state of the system after restoration compare with the state of the system
that would have existed had the restoration activity not taken place (Stewart-Oaten et al.
1986; Stewart-Oaten 1996a)? Of course, the latter cannot be observed directly (because the
restoration activity did take place) and must therefore be estimated. That is the crux of the
problem: how do we estimate this unknown state and therefore (i.e., by comparison with 
the observed state) infer the effect of the restoration activity? The classic approach is experi-
mental and employs null-hypothesis tests. Indeed, experiments are the primary tool of many
restoration ecologists, so we begin with a discussion of issues germane to field experiments. 
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P-values Versus Estimation
Most ecologists use frequentist statistics, epitomized by P-values and tests of null hypotheses.
If the observed data are not very unlikely under the null hypothesis (typically, P > 0.05), then
we tentatively accept the null hypothesis, which is often erroneously interpreted as indicating
“no effect” (Yoccoz 1991). Alternatively, if the data are sufficiently unlikely under the null
(typically, P < 0.05), then we conclude that there was “an effect.” The P-value itself (or the
test statistic), however, gives little indication of the likely effect size or the associated un-
certainty; we know only whether the confidence interval on this effect includes or excludes
zero.

Consider two studies of the effects of two restoration approaches on the abundance of an
endangered species. Approach A leads to an estimated increase in population density of 0.1%
per year (± 0.11%), whereas approach B yields an effect of 100% (±101%). Although neither
result is “significant,” in approach A, we have high confidence that the effect is “small” be-
cause of the high precision in the estimate. In B, we do not even know the direction of the ef-
fect—the restoration might have very detrimental effects or extremely positive effects. A con-
clusion of “no effect” cannot be made with any confidence. 

Instead of P-values we need to estimate the magnitude of effects and their uncertainty
(Yoccoz 1991; Stewart-Oaten 1996a; Johnson 1999; Osenberg et al. 1999, 2002; Anderson et
al. 2000). This is especially true in assessment studies in which policy makers, the public, and
the scientific community should care less about whether there is a demonstrable (but possi-
bly tiny) effect and more about the magnitude (and uncertainty) of the response (Stewart-
Oaten 1996a). In this chapter, we emphasize estimation and refer the reader to these other
sources for greater detail about the P-value culture. 

An Experimental Approach: Why Do We Need an Alternative?
A restoration project might be conducted using a standard experimental approach, with mul-
tiple treatments (including appropriate controls), replication (multiple independent units
that receive a given treatment), and random assignment of units to treatments (Underwood
1997; Scheiner and Gurevitch 2001). Imagine a site in which sea grass was previously present
but was severely damaged by an anthropogenic activity (e.g., dredging or an oil spill). An in-
vestigator could choose multiple plots within this site and randomly assign them to two or
more treatments (e.g., a suitable “control” plus different “restoration” treatments). After some
appropriate amount of time the plots could be sampled and compared using standard statis-
tical procedures. In principle, such an approach can be useful, especially to compare differ-
ent possible restoration techniques. However the extension to a large-scale restoration project
requires that (1) the spatial scale of the plots is appropriate to the overall goals of the large-
scale restoration project; (2) the plots are independent of one another (e.g., restoration treat-
ments do not affect adjacent control plots); and (3) the analysis focuses on effect sizes and
their uncertainty. 

To explore this issue, we reviewed all papers from the 2003 volume of Restoration Ecol-
ogy. Of the 68 papers that reported results from studies that could be used to infer effects of a
restoration activity (or activities), 41 were experimental, with replication, random assign-
ment, and a control. Of these, the modal scale of manipulation was 10 m2 (range: ~0.025–4
× 106 m2) with all but 6 occurring on scales <100 m2.
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However, propagules disperse, herbivores colonize, and predators typically forage over
scales larger than 100 m2. Indeed, scaling up small experiments to their larger-scale implica-
tions is a continuing challenge for ecologists (Englund and Cooper 2003; Melbourne and
Chesson 2005; Schmitz 2005). As a result, small-scale experiments (e.g., conducted on the
scale of 10 m2), although useful for revealing mechanisms and evaluating likely restoration
strategies, may be poor predictors of actual effects of a large-scale restoration project or the suc-
cess of a restoration conducted at a larger scale (e.g., involving hectares or km2). Of course, we
could conduct experiments at larger spatial scales (e.g., using many different sea grass beds as
replicates and having half randomly assigned to controls), but this is rarely feasible. For exam-
ple, in our survey, only 2 of 68 studies were replicated and conducted at a scale >10,000 m2

(also see Michener 1997 and Schindler 1998 for examples of associated constraints). 
Even if a replicated large-scale experiment were possible, it would only reveal the average

effect of a restoration activity on the population of potential sites and not the effect at any par-
ticular site. This would be useful to compare among possible restoration approaches; how-
ever, we are often most interested in understanding the effect of restoration at a particular site
(e.g., for mitigation or regulation). Furthermore, if some sites were positively affected by
restoration while others were negatively affected, one could conclude “no effect” overall. In-
stead, we would prefer to know which sites were positively and negatively affected (and, ide-
ally, why). In an experiment, a “positive,” site-specific effect cannot be inferred by the devia-
tion of one site from the pool of replicates, because the restoration effect is confounded with
other aspects of that site (e.g., initial conditions). This limitation is a generic feature of repli-
cated experiments and standard statistical approaches. 

Thus, we propose an approach that departs from our standard experimental training and
that (1) can be applied to spatially unreplicated interventions; (2) is site-specific; and (3)
yields defensible estimates of the effect of the restoration activity (rather than P-values or
“yes/no” answers). That approach is the BACIPS (Before-After–Control-Impact Series) as-
sessment design, which is currently used in impact assessments (Stewart-Oaten et al. 1986;
Schmitt and Osenberg 1996). Interestingly, none of the studies we reviewed in Restoration
Ecology used a BACIPS study or presented a cogent description of these assessment issues,
suggesting that BACIPS could be a valuable addition to the restoration ecology tool kit.

Local Versus Regional Effects
Local effects, which are the focus of most restoration studies (and all of those we reviewed),
arise within the boundaries of the specific restoration activity. However, effects will not be
limited to the boundaries of the restoration project. Indeed, we expect that there will be re-
gional effects that arise outside the restored site, for example, due to movement of plant
propagules, animals, detritus, or nutrients. Selection of control sites (which need to be inde-
pendent of the restoration effects) must therefore consider the life history and dispersal capa-
bilities of the interacting species and the transport of materials. Local and regional effects also
must be studied with different study designs, because one emphasizes effects that occur
within the boundary of the project and the other focuses on effects outside of the boundary.
In some cases (as we illustrate below), the regional effects are of equal (if not greater) impor-
tance than the local effects, yet they remain understudied because of problems inherent to
their assessment. 
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Assessment Designs and Their Application to Restoration Ecology

For our discussion of effect-size-based approaches, we assume that the restoration effort is un-
replicated, that reference and restoration site(s) are not necessarily assigned at random, and
that all sites are initially degraded, although these conditions are not required. We refer to the
reference site(s) as a “Control” and the site to be restored as the “Impact” site, as in the im-
pact assessment literature (Schmitt and Osenberg 1996). Our goal is to estimate the change
in some variable (say population density of a focal species) at the Impact site resulting from
the restoration activity. Below we summarize common assessment designs to highlight the
differences in their approach and the problems that may arise in drawing conclusions from
the resulting data. 

Control-Impact (CI) Designs
In this common design, multiple samples are typically taken from plots within an Impact site
and at least one Control site. These two sets of samples are compared statistically to deter-
mine if the two sites differ. If they do, then we conclude that there was an effect of the restora-
tion activity. Of course, because no two sites are identical (although Control and Impact sites
may be similar), there will likely be statistically significant differences between the two sites.
This will be true even before the restoration project begins. Thus, the Control-Impact design
confounds the effect of the restoration project with other processes that produce spatial vari-
ation in parameters (e.g., Figure 13.1a). 

Before-After (BA) Designs
The Before-After design avoids problems with spatial variation by sampling only the Impact
site and comparing its state Before versus After restoration (e.g., see Figure 13.1b). We discuss
two variants of this basic design.

BA-Single Time

The Impact site is sampled once Before and once After the restoration activity (with many
plots within each site providing “replication”). However, all systems change through time, so
any two sets of samples from the same site (but different times) will be different (assuming
sufficient sampling). Thus, the BA-single-time design confounds the restoration effect with
other processes that produce temporal variation. 

BA-Time Series

Multiple sampling times within a period provides a form of replication that allows the inves-
tigator to incorporate, and potentially deal with, temporal variation. By using time-series
methods that account for serial correlation, BA designs can be used to infer effects. Indeed,
one of the most famous of all intervention studies was Box and Tiao’s (1975) BA-time-series
study of ozone in downtown Los Angeles and its response to two separate interventions: (1)
the simultaneous reformulation of gasoline designed to reduce reactive hydrocarbons and
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rerouting of traffic following the opening of the 405 freeway (these two were considered to-
gether due to their temporal confluence); and (2) redesign of the engines of new cars. The
first intervention was predicted to produce a step-change reduction in ozone, and the second
was expected to gradually reduce ozone as new cars replaced older versions. Box and Tiao
framed a stochastic model of the interventions, defined an analytic approach based on that
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Figure 13.1 Empirical examples of assessment designs in which erroneous inferences would be
drawn due to confounding of natural variability with effects of an intervention. (A) A Control-
Impact design investigating effects of oil and gas production on a benthic mollusc (Kelletia kel-
letii) (see Osenberg et al. 1992, 1994; Osenberg and Schmitt 1996). The data were taken in a
Before period and therefore represent preexisting spatial variation in density and not an effect of
the oil production activity. (B) A Before-After design investigating effects of the cooling tower ef-
fluent of a nuclear power plant on the abundance (catch per unit effort = CPUE) of pink surf-
perch, Zalembius rosaceus (see Murdoch et al. 1989). Time = 0 indicates the date on which
power was first generated following expansion of the power plant. However, these data came
from a Control site and indicate natural temporal variability, not effects of the power plant. (C)
A BACI design (without a time series) studying effects of oil production on the density of seapens
(Acanthoptilum sp.). Production did not begin when expected, so this relative change in the
Control and Impact sites represents a natural space-by-time interaction and not an effect of oil
production. (D) A BACIPS study showing a time series of differences in sea urchin (Lytechinus
anamesis) between an Impact and Control site, illustrating the possible confounding of an effect
with long-term natural changes in density (e.g., if the two time periods indicated by filled circles
happened to define the Before and After periods). The data come from a Before period and indi-
cate a long-term trend in the differences independent of the intervention. 



model, ran diagnostics to determine model inadequacies, and, barring the latter, derived in-
ferences about the response of ozone to the interventions. They concluded that both inter-
ventions had demonstrable effects (Figure 13.2). 

Box and Tiao’s success was, in part, due to (1) the long and dense time series (monthly av-
erages of ozone from an 18-year period); (2) the well-behaved temporal dynamics of ozone;
and (3) the simple expectations about plausible effects of the interventions on ozone. These
advantages are unlikely to exist for most ecological studies (perhaps with the possible excep-
tion of some epidemiological studies: e.g., Earn et al. 2000). Figures 13.1b and 13.1d offer ex-
amples of ecologically “long” time series (five years) that were too short to capture relevant
background temporal dynamics. We return to this issue in the next section.

Before-After–Control-Impact (BACI) Designs
BACI designs attempt to deal with both spatial and temporal variation by sampling at one or
more Control site(s) and the Impact site both Before and After the intervention. A variety of
permutations on the basic theme have been proposed.

BACI (Single Time)

Green (1979) proposed a BACI design in which a Control and Impact site were sampled
once Before and once After an intervention. A site-by-time interaction indicates an effect of
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Figure 13.2 Summary of the results of Box and Tiao’s (1975) Before-After study of ozone in the
Los Angeles basin. Points give monthly ozone concentrations. Arrows indicate the timing of the
two interventions: one hypothesized to result in a step change and one hypothesized to result in
a gradual reduction in ozone. The solid line gives the estimated trend for summer conditions
and the dashed line gives the estimated trend for winter conditions (other seasonal trends are ex-
cluded for clarity).



the intervention. However, no two sites show the same temporal dynamics. Thus, we expect
site-by-time interactions when two sites are sampled intensively on two different dates (Figure
13.1c). This BACI design therefore confounds effects of the intervention with other factors
that cause site-by-time interactions. 

BACI-Paired Series (BACIPS)

In the basic BACIPS design, a Control (or set of Controls) and an Impact site are sampled si-
multaneously several times Before and After the perturbation (Stewart-Oaten et al. 1986).
The parameter of interest is the difference in a chosen variable (e.g., density of a target
species) between the Control and Impact sites estimated on each sampling date. Each differ-
ence from the Before period provides an estimate of the spatial variation between the two
sites and thus is an estimate of the expected difference that should exist in the After period in
the absence of an effect of the intervention. The difference between the average Before and
After differences provides an estimate of the magnitude of the effect of the intervention. The
simplest design assumes that there is no serial correlation (or temporal trend) in the differ-
ences between the Control and Impact sites (serial correlation will result if the sampling
within a site is done at too short an interval). If there is serial correlation in the differences,
then an autoregressive approach can be used to account for the correlation structure (see
Stewart-Oaten et al. 1992; Stewart-Oaten and Bence 2001). 

If sampling is done too close together for too short a time period, the serial correlation
structure cannot be detected and may be confounded with the “effect” (Figure 13.1d); in-
stead of indicating a true effect of the intervention, the change in the difference from Before
to After may be the result of oversampling during a single, short-lived, local perturbation in
each period, or sampling over a time interval in which the true difference was changing nat-
urally and gradually through time. Indeed, the Before period is critical for developing diag-
nostic tests of the patterns of covariation between the Control and Impact sites (but see Mur-
taugh 2002, 2003). Especially important are the pattern of serial correlation and the
additivity of site and time effects (Stewart-Oaten et al. 1986, 1992; Bence 1995; Stewart-
Oaten 1996b; Bence et al. 1996). We return to this below.

Predictive BACIPS

The BACIPS design uses the Control site to predict the Impact’s state (Bence et al. 1996): the
Impact site’s state in the After period (and assuming no effect of the intervention) can be pre-
dicted as the sum of the Control’s state in the After period plus the mean difference between
the Control and Impact site estimated during the Before period. Bence et al. (1996) have ad-
vocated a more flexible approach in which the relationship between the Control and Impact
values is compared Before and After the intervention (Figure 13.3). This approach is intu-
itively appealing and has the advantage of allowing the effect size to vary (e.g., with the over-
all environmental conditions, as indexed by the Control value), but it has the disadvantage
that the independent variable (the Control value) is measured with error and thus violates a
standard assumption of Model I regression models. This problem has not been clearly re-
solved in the predictive-BACIPS approach.
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Beyond BACI

Underwood (1991, 1992, 1994) promoted a different elaboration of BACI that uses an “asym-
metrical design” in which there are multiple Control sites. The data are not paired in time
(i.e., the samples at the Controls and Impact sites do not share a common time effect) and
thus the differencing approach of BACIPS is not relevant. Stewart-Oaten and Bence (2001)
have critiqued this approach in depth, so we concentrate on the BACIPS designs. 

Why Have a Control? What Makes a Good One?

Recall that Box and Tiao (1975) successfully used a BA design to examine effects of interven-
tions on ozone in downtown Los Angeles. Yet we dismissed BA designs above as confounding
effects of the intervention with other sources of temporal variation. However, Box and Tiao
had a very long-time series of data, from which they were able to construct (and evaluate)
plausible models of ozone dynamics with and without the interventions. In essence, their
model of ozone dynamics from the Before period could be extrapolated to the After period
and contrasted with the observed behavior to infer effects of the intervention. In ecological
assessments we usually lack long-time series and well-defined temporal dynamics. Thus, a
predictive ecological model from the Before period is not likely to provide an accurate null
expectation for the After Period (Figure 13.1b). This is where the Control site helps. 

Imagine that the variable of interest at the Impact site varies considerably (and possibly er-
ratically) through time. Developing a predictive model of these dynamics may be very diffi-
cult. However, if another site (the Control) exhibits similar temporal dynamics in the ab-
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Figure 13.3 Illustration of the predictive-BACIPS design using the Bence et al. (1996) study of
the effect of a nuclear power plant on the areal extent of kelp (Macrocystis pyrifera) in southern
California. The difference between the relationships between the Impact and Control site from
Before to After gives an estimate of the effect of the intervention (operation of the power plant).
In this case, the effect ranges from a reduction in kelp cover of ~40–80 ha, with the largest ef-
fects expected when conditions are good (i.e., when there is more kelp at the Control site).
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sence of the intervention, then the Control site can be used to develop a more accurate
model of the Impact’s dynamics. Indeed, this is the key feature of a good Control site: it is not
necessarily a site that is most like the Impact site, but rather it is one that changes through
time in a way comparable to the Impact site in the absence of an intervention (Figure 13.4)
(Magnuson et al. 1990; Osenberg et al. 1994). If the Control and Impact sites track one an-
other through time (show high coherence), then there will be low variation in the differences
through time, and BACIPS and predictive-BACIPS will have high power and will give rise to
more accurate estimates of the effect sizes (Figure 13.4).

To illustrate this more specifically, let the parameter of interest be the difference (here-
after referred to as “delta,” ∆, or D for its estimate) in density or other suitable variable be-
tween the Control and Impact sites as estimated on each sampling date (e.g., DP,i = NI,P,i –
NC,P,i), where NI,P,i and NC,P,i are sampled densities (often log-transformed) at the Control
and Impact sites on the ith date of Period P (i.e., Before or After). Each difference Before pro-
vides an estimate of the spatial variation between the two sites (∆B), which is the expected dif-
ference that should exist in the After period in the absence of an effect of the intervention.
The difference between the average Before and After differences (D̄B – D̄A) provides an esti-
mate of the effect of the intervention. Confidence in this estimate is determined by the vari-
ance in differences pooled across periods (s2), as well as the number of sampling dates (i.e.,
replicates) in each of the Before and After periods (nB, nA). In the absence of serial correla-
tion in the time series of differences (see also Stewart-Oaten and Bence 2001): 

(1)

(2)

(3)

where for period P,

(4)

In a standard null-hypothesis testing context, low variability (s2, Equation 2 or 4) will lead
to a more powerful test of the intervention effect and more accurate estimates of the effect
(i.e., smaller confidence limits, Equation 3): see Osenberg et al. (1994). By taking differences
between the Control and Impact sites (E, Equation 1), BACIPS removes the effects of back-
ground sources of variation that are common to both sites (e.g., responses to climatic events).
By emphasizing differences and using a time-series approach, the BACIPS design accounts
for some sources of spatial and temporal variation ignored in the BA and CI and BACI de-
signs (Stewart-Oaten et al. 1986; Stewart-Oaten 1996a, 1996b). 

Notice that the two main sources of variation in a BACIPS design are quite different from
those used in other designs. The estimate of the effect (E, Equation 1) is derived from the
Period-by-Location term (in standard ANOVA terms), which indicates how much the re-
sponse variable at the Impact site (relative to the Control site) changed from the Before to 
After periods (i.e., D̄B – D̄A). The error component (Equation 2 or 4) measures how much
the difference between the response variable at the Control and Impact sites varies in the
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Figure 13.4 The effect of coherence between the Control and Impact site on the ability of the
BACIPS and predictive-BACIPS designs to detect effects of an intervention. Coherence is the
degree of strength of the correlation between the Control and Impact sites through time in the
absence of a change in the status of the intervention (Magnuson et al. 1990; Osenberg et al.
1994). The panels on the left (A, C, and E) are for a system with relatively low coherence,
whereas the panels on the right (B, D, and F) apply to a system with relatively high coherence.
The data were simulated by constructing a time series from a random distribution and imposing
a temporal trend in densities at both sites with a sine function. The variance in densities is the
same under low and high coherence; the effect size is also identical (25). The only difference is
the correlation between the two sites (high: r = 0.99; low: r = 0.63). The influence on inferences
from BACIPS analyses is potentially dramatic. Effect sizes were estimated to be 25.6±6.6 (95%
CI) for high coherence versus 21.9±24.9 for low coherence. Notice that under low coherence,
the CI was very wide and included positive effects as well as deleterious effects; a t-test failed to
reject the null hypothesis of no effect (t18 = 1.91, P = 0.07). For predictive-BACIPS, estimated ef-
fects and uncertainty were similarly affected (note difference in elevation and scatter in panels E
and F, which give separate regression lines for the Before and After periods).



absence of a change in the intervention (i.e., the interaction between site and time within a
period). Other designs use error terms based on the within-site sampling variation (Control-
Impact and BACI designs) or temporal variation (Before-After design). Of course, inferences
about cause and effect can be increased with ancillary studies of the mechanisms that might
elicit change at the sites (e.g., Stewart-Oaten et al. 1992; Schroeter et al. 1993).

Case Studies: Marine Restoration Using Reserves

Marine reserves, or marine protected areas (MPAs), have been touted as a powerful tool to re-
store degraded marine systems, improve fisheries management, and conserve biodiversity. By
limiting human activities, MPAs are thought to produce long-lasting increases in the density,
size, diversity, and productivity of marine organisms within reserve boundaries due to de-
creased mortality and habitat destruction, as well as indirect ecosystem effects (e.g., Halpern
2003). Importantly, the effects of MPAs are hypothesized to extend beyond the boundaries of
the MPA by “spillover”: that is, via the density-dependent migration of juveniles or adults
from inside to outside the MPA, or via increased production of planktonic larvae (spawned
within the MPA), which are then exported outside of the MPA (e.g., Sanchez Lizaso et al.
2000). Thus, we expect both local and regional effects of MPAs. Indeed, it is the regional ef-
fect that is often used to motivate the designation of MPAs to the fishing community: reserves
must enhance fisheries enough to compensate for the loss of fishing habitat (Palumbi 2000).
Similar regional effects are expected in other conservation contexts, for example, by protect-
ing the wintering grounds of a migratory bird or butterfly, effects should also arise in the
breeding grounds. 

Given the potential importance of MPAs as a restoration tool, many studies have exam-
ined effects of marine reserves on fishes and invertebrates and a recent meta-analysis by
Halpern (2003) summarized those effects. We evaluated the designs of studies reviewed by
Halpern and added additional studies by searching Web of Science for papers with the key
words “marine protected area” or “marine reserve.” We maintained the criteria for inclusion
used by Halpern (2003): (1) data had to allow an inference about effects of the MPA; (2) mea-
sured variables had to include ecological responses (e.g., density or biomass); and (3) MPAs
had to be “no-take” reserves. In total, we found 118 studies of MPA effects. Each study was
conducted under various constraints (both political and scientific) and therefore the studies
used different designs (e.g., CI versus BA versus BACI) and examined different scales of ef-
fects (i.e., local versus regional). 

The majority of studies (70%) used a Control-Impact design to study local effects (Table
13.1). Fewer than 8% of the studies explored regional effects. No studies used a full BACIPS
design with time series in both the Before and After periods (although some studies had time
series in the After period and a single sample date in the Before period). Thus, not a single
study used the most powerful assessment design (BACIPS) to study the regional effects that
are of most interest to managers and often promoted by the scientific community.

Below, we look at several different approaches that have been taken, and highlight their
limitations based on our previous generic discussions of assessment designs. We do this 
to emphasize the differences among the various study designs and their ability to look at 
appropriate scales of effects, and to inform future restoration studies, especially of marine
reserves. 
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Control-Impact Studies
Because most of the studies that Halpern (2003) tabulated used a CI design to evaluate local
effects (Table 13.1), we discuss Halpern’s results in that context. Halpern achieved replica-
tion by combining the results from many unreplicated studies. Indeed, he observed strikingly
consistent responses across the studies: for example, densities in reserves were 91% (95% CI:
~ 35–147%) greater than outside the reserves. He concluded that this consistent pattern was
the result of a beneficial effect of MPAs on the densities of marine organisms. Increases also
were observed for species richness (23%), organismal size (31%) and biomass (192%). Is there
a reasonable alternative explanation to the appealing interpretation that the designation of
MPAs has these beneficial effects? 

In any single CI design the MPA effect is confounded with other factors whose effects vary
spatially. Thus, we would expect the MPA to sometimes be placed in a “better” site and other
times that the Control would go in the “better” site. On average, however, there should be no
difference between the MPA and Control in the absence of an effect (assuming the MPA was
assigned at random). Thus, the meta-analysis, which achieved replication by looking across
studies, is comparable to a large-scale experiment (with MPA systems representing blocks,
but lacking replication within blocks). 

Of course, MPAs and Controls are not usually assigned randomly. Instead, MPAs are typ-
ically established following a laborious site selection process. Controls are rarely if ever dis-
cussed in the process; indeed, planning for a scientific assessment is rare. This is why CI de-
signs are so common—the assessments are done after the fact, and the Control sites are often
chosen by the investigator in a post hoc attempt to find sites that are otherwise “identical” to
the MPA. Of course this is impossible. In most cases, MPAs (like most restoration sites) are
put in specific sites—for example, the best remaining shallow coral reef habitat. 

Thus, an alternative explanation for Halpern’s result is that it reflects differences between
the MPA and Control site that existed prior to the establishment of the MPA. Indeed, other
meta-analyses indicate that the size of the reserve effect does not increase with time since the
establishment of the MPA (Cote et al. 2001; Halpern and Warner 2002), suggesting a large
role of initial conditions (but see Halpern and Warner 2002 for an alternative explanation).
The problem, of course, is that the data cannot distinguish between the two alternatives.
Hence, we are left either “believing” that MPAs are good and are in no better position than we
were before the study was conducted or being skeptical and arguing that we need better data. 
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table 13.1 

Designs and scales of effects examined in studies
of marine protected areas. Studies were obtained
from Halpern’s (2003) review and supplemented

with further searches of the literature. 
Scale of study

Design Local Regional

Control-Impact 82 3
Before-After 17 5
BACI 10 1
BACIPS 0 0



To further complicate inferences derived from such approaches, note that in the presence
of regional effects, CI designs will underestimate true local effects because the Impact (MPA)
site response will cause a concordant response at the Control site (i.e., they are not indepen-
dent). Our hope is that by understanding the limits of even the best studies, such as
Halpern’s, we can ultimately obtain more defensible and less ambiguous interpretations.
This requires Before data using designs conducted at appropriate scales.

Before-After Studies
Given the problems with site selection and possible non-independence between Control and
Impact sites, why not simply avoid the use of Control sites all together and attempt to emulate
the success of Box and Tiao (1975)? To explore this approach, we have extracted data from
the studies of Russ and Alcala (1996, 2003) in the central Philippines. Although Russ and Al-
cala had Control sites, many of their inferences were based on patterns of change at two sites
on Sumilon Island where fishing was “turned on and off” through time. As with most eco-
logical studies, the data set is relatively sparse. We used these data (Equation 5a–b) to fit a
model of fish dynamics that allowed us to estimate the effect of fishing:

N(t + 1) = N(t) + (r + er(t)) – (a + fF(t))N(t) (5a)

Nobs(t) = N(t)+ eobs(t) (5b)

where N(t) was the sampled density in year t; r was the average recruitment of new settlers
into the local population and er(t) represents independent, normally distributed error with
mean 0 and standard deviation sr; a is the background (nonfishing induced) mortality; ƒ is
the effect of fishing when it was allowed; F(t) is the fraction of the year during which fishing
was allowed (between 0 and 1); and eobs(t) represents independent, normally distributed ob-
servation error with mean 0 and standard deviation sobs. We specified N(0), the starting den-
sity of the population, as a parameter. When sr = 0, the other parameters can be estimated by
simple least-squares fitting of the estimated population densities over time to the observed
population densities, with sobs estimated from the residual sum of squares. To fit the model
with process error (sr > 0), we ran many (up to 50,000) realizations of the population dy-
namics for a given set of parameters and used these realizations to compute the theoretical
mean vector m of the observations as well as the variance-covariance matrix V among the ob-
servations. We then calculated the log-likelihood of the observed data given a multivariate
normal distribution with mean m and variance-covariance matrix V, and used a nonlinear fit-
ting routine to maximize the log-likelihood. In practice, since estimates of standard errors
were available for individual measurements, we determined sobs from the estimated sample
standard error for a given census rather than trying to estimate this parameter from data. We
used published data from 1983–2000 for the Sumilon Nonreserve (SNR) and from
1983–1994 for the Sumilon Reserve (SR). Limited fishing was permitted from 1995–2000 at
SR, so we excluded this period of partial protection. Over these time periods SNR was
opened for fishing except for 1987–1992 and therefore had a pattern of open-closed-open. SR
was opened for fishing during two, approximately two-year, periods, and therefore had a
closed-open-closed-open pattern of exploitation. These repeated “on-off” patterns potentially
provide greater ability to detect interventions than the more standard single switch in Box
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and Tiao’s study. We used estimates of ƒ (the fishing effect) to infer effects of the MPA on fish
dynamics. 

When we included process error, we obtained estimates of ƒ = –0.15 ± 0.20 yr–1 (95% CI)
for SNR, which overlapped zero and failed to distinguish between beneficial and deleterious
effects, and ƒ = 0.60 ± 0.25 yr-1 for SR, which provided good evidence for a demonstrable ef-
fect of the MPA (i.e., an increase of ~60% per year in the growth of the fish population re-
leased from fishing). Indeed, the confidence intervals of the fishing effect at the two reserves
do not overlap, suggesting heterogeneity in the efficacy of the reserves. However, estimates of
sr were large (e.g., 3.4 for SNR), suggesting a major role of environmental variability due to
recruitment, r. Without process error, it was difficult to reconcile the data from SNR with a
biologically plausible model, due in part to the large fluctuations in density that occurred
when the site was continually fished (Figure 13.5). In contrast, the fit of the SR data was quite
good, even in the absence of process error (Figure 13.5).

Our approach assumes that all fluctuations in the growth rate r are independent (and that
there is no variation in the effect of fishing, ƒ) and thus ignores serial correlation in the pro-
cess error (in Box and Tiao’s terms, we are fitting the autoregressive part of the model and ig-
noring the moving-average terms). Accounting for the serial correlation should be done but
would only make our estimates even more uncertain. Despite estimating a significant effect
of fishing for one of the sites, we are dangerously short on data. We are trying to fit a model
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Figure 13.5 Data from Russ and Alcala’s (2003) study of the response of large predatory fishes
to the implementation of marine reserves in the Philippines. SNR and SR are two sites in which
fishing was allowed or prohibited at different times between 1983 and 2000. Data points with er-
ror bars (±SE) give the observed fish densities. Solid lines without points give the predicted dy-
namics based on the mean of 1,000 simulations using parameter values drawn from the sam-
pling distribution of the parameters (estimated from the curvature of the likelihood surface at the
MLE): see equation 5a–b. The dashed lines bound 95% of all simulations. The simulation did
not include process error (i.e., we set er = 0) and thus the confidence bands reflect uncertainty
in the parameter estimates and not temporal variation in the recruitment parameter.



with five parameters (two of them variances, which are notoriously hard to estimate) to 8 (or
13) data points in a time-series, which are not even independent of one another (and hence
represent less than three, or eight, degrees of freedom). Indeed, most ecological data will not
be sufficient in these regards. Furthermore, it will be difficult to develop detailed diagnostic
checks and to compare alternate model formulations (e.g., functional forms, as well as error
structure and serial correlation). 

Unfortunately, Russ and Alcala’s study is one of the best available with a fairly extensive
time series by ecological standards. It helped that we were able to use a semimechanistic
model, based on at least a caricature of a population growth model, that we had relatively de-
tailed data on the interventions (=fishing intensity), and that the intervention fluctuated
more than once (providing a stronger signal to pull out from the noise). Despite doing better
than we initially expected (being able to pull out a signal at all), the estimates of fishing ef-
fects were uncertain. Can we do better?

Before-After–Control-Impact Studies and Spatial Scale
Although there are not any well-designed BACIPS regional studies, there are several that
have elements of a BACIPS design. Here we discuss an important study by Roberts et al.
(2001) on the St. Lucia reserve network in the Caribbean. Roberts et al. focused on regional
effects on fisheries. Although they did not present a formal model, they did present data and
results from a statistical analysis relevant to assessment designs. They used data collected
once prior to the establishment of the MPA and four times during the subsequent five years.
Data on fish biomass were taken inside and outside the reserve (Figure 13.6). They analyzed
the data using a statistical model that included time, location (MPA versus outside of MPA),
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Figure 13.6 Relative abundance (CPUE, based on visual counts) of commercially important
fishes from the Roberts et al. (2001) study of the MPA network on St. Lucia in the Caribbean.
One survey date was available prior to, and four after, establishment of the MPA. Samples were
taken inside (MPA) and outside (Control) the protected areas.



and a time-by-location interaction. The interaction was nonsignificant, suggesting little evi-
dence for a differential change with time at the two sites. Taken alone, these data would ar-
gue against a local enhancement, but Roberts et al. were interested primarily in the regional
effects, so their working hypothesis was that densities both inside and outside the reserve
would increase, which they observed. 

However, the fish responses observed by Roberts et al. apparently occurred within a year
of establishment of the MPA network (Figure 13.6). This rapid response may be plausible for
local effects where migration of fishes into MPAs may exaggerate local effects (e.g., note the
relatively quick response suggested in Figure 13.5). It seems implausible, however, that re-
gional effects would be manifest in a year’s time, because they arise primarily through en-
hanced larval production from increased adult stocks or density-dependent movement, prob-
ably of older life stages (Russ and Alcala 2003; Russ et al. 2004). 

An alternative explanation for this result, as was noted by the authors, is that there was an-
other factor that caused the regional increase in fish stocks. Because fish stocks fluctuate for
many reasons, and each Control site was within ~1 km of the nearest reserve, a common re-
sponse of the Control and Impact sites to another factor is plausible. 

The two competing hypotheses (regional effects of the MPA versus other factors) cannot
be distinguished with the available data. Interviews suggested that fishers thought the MPA
had worked; however, the fishers might have reasonably, but perhaps falsely, inferred an ef-
fect based on the general increase in fish biomass (no matter the cause). The authors ob-
served in a footnote that they had no evidence for similar increases in fish abundance on
nearby islands, although quantitative data were not collected. These interviews illustrate a
more suitable approach: what is needed is an appropriate Control instead of nearby sites that
are expected to be influenced by the MPA (see below and Box 13.1). 
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Box 13.1

Case Study: The Application of BACIPS to Lagoonal Fisheries 
Local and Regional BACIPS: BACIPS designs can be used to assess both local (Figure A)
and regional (Figure B) effects of marine reserves (MPA) on lagoonal fisheries. Local and re-
gional designs are distinguished by the location of the Control site(s). The regional assess-



ment design (B) has never been used in any system but is feasible for lagoonal fisheries be-
cause local retention of larvae is thought to be high (Planes et al. 1993, 1998; Bernardi et al.
2001) and fishing effort localized. Thus, two adjacent islands may have fairly independent
lagoonal fisheries yet may be close enough to one another to be affected similarly by oceano-
graphic and weather conditions. One island could serve as the Impact (receiving an MPA
network within its lagoons) and one island could serve as a Control (lacking MPAs). Moni-
toring of population densities, size-structure, and fisheries yields in the two islands, Before
and After implementation of the MPA, would provide a test of regional effects of MPAs on
fisheries. The expectation is that the fishing yields (and stocks) outside of the MPA, but on
the island with an MPA network, would increase relative to the Control island, despite re-
moval of habitat from the fishers. 

Similar opportunities likely exist in other restoration projects that may have regional-
scale effects, such as prairie restorations designed to rescue other nearby habitats; habi-
tat protection programs for migrating birds or butterflies that affect dynamics on other
continents; or fire management regimes that promote local diversity and thus enhance
the regional pool and therefore the richness of sites outside of the managed areas. 

Coordinated Assessments: X-BACIPS. Consider ten islands in the Indo-Pacific, with
five receiving MPA networks and five others remaining as Controls (as in Figure B). If
MPAs were assigned at random and each site sampled after MPA enforcement, the re-
sulting data could be analyzed using a standard experimental approach. Although this
design could discern average effects, it could not estimate effects of MPAs on any partic-
ular island. Instead, if each island pair was sampled Before and After MPA enforcement,
then inferences could be made about individual islands (as in assessment designs) and
about the population of MPAs as a whole (as with a standard experimental design).
Mean effects and variances could be estimated, for example, using mixed-model meta-
analysis (Gurevitch and Hedges 1999; Osenberg et al. 1999) or maximum likelihood.
Due to the combination of experimental and assessment approaches, we term this de-
sign “X-BACIPS.”



Regional Assessments: BACIPS with an Appropriate Control
Studies of MPAs highlight the need to better match the spatial scale of interest to the assess-
ment design. To study regional effects of MPAs (or any other restoration effort), we require
not a comparison of inside versus outside the MPA, but instead comparison of a region with
an MPA network with a region lacking an MPA (Box 13.1; see Russ 2002 for an alternate de-
sign). At least two major scientific problems are likely to arise in implementing such a study:
(1) the spatial scale of movement of organisms can be large, suggesting that spillover effects
will be fairly dispersed in time and will be hard to detect; and (2) large-scale movement will
also require that the Control site be located a sufficient distance from the region with the
MPA, thus reducing coherence and the power of the resulting analysis. Fortunately, there are
some systems in which such a design is feasible (Box 13.1), and it is imperative that we take
advantage of these opportunities.

Summary of Lessons Learned from MPAs 
Roberts et al. (2001) and Halpern (2003) are among the best of all available studies of MPA
effects. They were constrained by the available data and absence of key design features (such
as random assignment, suitable Controls, and Before data). However, if these studies of
restoration effects lead, at best, to equivocal results, then it is clear that additional studies
(with poorer designs) will lead to even greater equivocation. Thus, we need a better approach
(not just more of the same). This is not unique to restoration of marine systems but constrains
the assessment of most large-scale restoration projects. 

Future Directions

Future assessments will be enhanced through the use of better designs, such as BACIPS, and
improved statistical tools. Although statistical tools are important, we believe design issues
and the increased use of better designs are even more critical. We conclude with a brief dis-
cussion of one analytic tool (Bayesian approaches combined with meta-analysis) that we be-
lieve is relevant and provide a final discussion about the application of BACIPS.

Bayesian analyses are increasingly common in the ecological literature, although many
ecologists avoid them because of concerns about the subjectivity of the prior distribution of
effect sizes. As better assessment studies accumulate (with unbiased estimates of effect sizes
and variances), mixed model meta-analyses can be used to quantify the distributions of effect
sizes (Gurevitch and Hedges 1999; Osenberg et al. 1999). This distribution, useful in its own
right, also can be used to define the prior distribution in a later Bayesian analysis of a new
restoration project. Of course, each restoration setting is unique, and the number of potential
BACIPS studies will likely be small for many types of restoration activities. Thus, the prior
distribution itself will be estimated poorly and should probably carry relatively little weight
(obviating one advantage of the Bayesian method). 

Crome et al (1996) took a different Bayesian approach and used interviews with different
parties involved in forestry practices to assess how much their initial opinions (the priors)
would change (as reflected in the posteriors) by a scientific study based on a BACIPS design.
This was an innovative way to incorporate an assessment into a public policy arena, attempt-
ing to gauge the interaction between public opinion and scientific information. If opposing
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sides of an environmental issue are sufficiently intransigent, then even a well-designed scien-
tific study may do little to bring the groups to consensus. Of course, we already may be in
such a position today, because past studies used poor designs and led to debate among scien-
tists. In such instances, the public has had little choice but to ignore the science and base
their opinions on other matters, like economics. 

In far too many cases (as illustrated for marine reserves) assessments of restoration projects
are post hoc and lack Before data and, therefore, are open to alternate interpretations. As a re-
sult, these scientific studies do little to inform the science or public policy. Moving beyond
BA, CI, and BACI-single-sample designs and toward greater reliance on BACIPS designs will
not be trivial. Successful application of BACIPS requires planning. For politically charged
projects (like MPAs), the science often takes a back seat to social considerations. Sites may be
relocated several times during the planning phases. This may prevent the collection of Be-
fore data from appropriate sites. However, in many cases, candidate sites are known. Sam-
pling can be done at several sites during the planning phase. One of these will likely become
the restoration site (e.g., MPA); the others could be used as Control(s). Some sites may not
track the restoration site well and can be dropped later from the study (for discussion of some
of these issues, see Stewart-Oaten 1996b). Of course, conducting such a “risky” study requires
foresight on the part of funding agencies. This is sometimes possible (Piltz 1996 and Ambrose
et al. 1996 give two nice examples). However, if the scientific community does not aspire to
conduct BACIPS studies, then regulatory and funding agencies will never support them. By
recognizing the limitations of existing studies, we hope to facilitate the execution of better-
designed and more informative studies that will lead to the development of more effective,
large-scale, restoration activities. 

Summary

Rigorous statistical evaluation and sound inference of restoration efforts is difficult to
achieve. As a result, quantitative assessments are often missing, incomplete, or misinter-
preted. Appropriate analyses must be applied within the broader context of the study design
and the limitations of these designs evaluated within the context of the restoration goals (in-
cluding spatial scale). We presented the central statistical concepts relevant to restoration
evaluation and contrasted the strengths and weaknesses of possible approaches, including the
Control-Impact, Before-After, and Before-After–Control-Impact designs. We advocate the
use of Before-After–Control-Impact Paired Series design because it can be applied to spa-
tially unreplicated interventions, is site-specific, does not require random assignment of sites,
and yields defensible estimates of the effect of the restoration activity (rather than P-values
from null-hypothesis tests). We illustrated advantages and limitations of different approaches
through a discussion of studies of marine protected areas and closed by proposing future di-
rections, including the use of more appropriate designs that will address current shortcom-
ings and enhance the practice of restoration ecology.
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Chapter 14

Ecological Restoration from a 
Macroscopic Perspective

Brian A. Maurer

Restoration implies returning an ecological system to a configuration that approximates its
state prior to its alteration by human activities (SER 2002). Determining what this state is 
can be difficult for several reasons. First, ecological systems are constantly in flux, with
changes occurring on a variety of spatial and temporal scales. These changes make it difficult
to delineate natural boundaries that existed prior to human impact. Furthermore, ecological
dynamics and change occur at different rates for different processes. For example, some pop-
ulation processes might operate on very different temporal and spatial scales than biogeo-
chemical processes. Second, the original state that an ecological system occupied previous to
human incursions might have existed at a much larger spatial extent then is available to the
restored system. This means that the biotic and abiotic context within which the restored sys-
tem must operate may be very different than the original context. Third, ecological systems
may have many alternative steady states at which they can operate, some of which may not be
accessible to the restored system due to historical contingencies or changed boundary condi-
tions. Finally, for many of the reasons just listed, the original components that made up the
restored ecological system may be missing. The resulting configuration of the “restored” sys-
tem may be quite different from its original state in terms of ecological functioning and bio-
diversity. The restored system is also likely to be simpler both ecologically and genetically for
reasons that will become clearer below.

Many of these concerns can best be understood by taking a macroscopic perspective re-
garding how the ecological systems function. An emerging paradigm, often referred to as
“macroecology,” is an attempt to deal explicitly with the structure and functions of ecosys-
tems on geographic spatial scales (Brown 1995; Gaston and Blackburn 2000). By examining
the properties of large collections of species on continents, macroecology provides the em-
pirical basis for developing new insights into the structure of biological diversity. Because of
its focus on processes operating on large spatial scales, macroecology explicitly assumes that
the spatial and temporal scales of ecological systems extend far beyond political, geographi-
cal, and functional boundaries within which these systems are often managed. In this chap-
ter, I’ll examine the implications of this paradigm for the practical aspects of ecological
restoration. Macroecology can provide a guide for understanding the context within which
ecological restoration efforts must operate and the limitations that are imposed by restricting
the spatial extent of restoration efforts. One of the major questions currently confronting
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macroecology is the extent to which large-scale patterns are determined by simple stochastic
processes that assume all species are ecologically equivalent (Hubbell 2001; Maurer and
McGill 2004). This question strikes at the heart of restoration ecology, and accumulated re-
sults from studies of successful restoration efforts may shed light on how equivalent species re-
ally are.

Macroecology began as an attempt to explain patterns in geographical distribution, abun-
dance, and body size among many species inhabiting continents (Brown and Maurer 1987,
1989). It was quickly realized that the explanations for such patterns required an expansion of
perspective from the focus on local ecological processes to larger, global-scale processes
(Ricklefs 1987; Brown 1995; Brown 1999; Maurer 1999; Gaston and Blackburn 2000; Price
2003; Ricklefs 2004). These insights were reinforced by advances in a number of other fields,
including studies of species diversity (Rosenzweig 1995), community ecology (Ricklefs and
Schluter 1993), biogeochemistry (Schlesinger 1997), global ecology (Rambler et al. 1989;
Peters and Lovejoy 1992; Kareiva et al. 1993; Southwick 1996), and biogeography (Brown
and Lomolino 1998; Lomolino 2000b, 2000c; Hubbell 2001). Essentially, ecologists found
that it was necessary to expand the temporal and spatial scales at which they viewed ecologi-
cal systems in order to understand what processes were important in determining patterns in
distribution, abundance, ecosystems processes, and species diversity.

This focus on the need for a global perspective on ecological systems has been mirrored
in conservation efforts that focus on continental- and global-scale biological diversity (Scott
et al. 1993; Heywood et al. 1995; Soulé et al. 1999). Such assessments and protocols call for
an expanded agenda for the preservation of ecological systems. Within such a context,
restoration of individual ecological systems is clearly an integral part of global conservation.
But, in focusing on the local scale, it is possible that the large-scale context, constraints, and
process requirements that are needed to truly restore a local system may be neglected.
Hence, it is important to examine the nature of large-scale effects on local-scale ecological
structures.

Given these concerns with the widespread nature of ecosystem changes, it is important to
examine the concept of ecological restoration from a large-scale perspective. In this chapter,
I address three issues from such a perspective. First, I will examine the effects of system size
and ecological processes. As the area occupied by an ecosystem becomes smaller and more
isolated from similar ecosystems, a number of changes occur in the inherent dynamics of the
system. I will review what some of these changes are thought to be and how they might influ-
ence restoration goals. This discussion leads into a consideration of the role of external pro-
cesses in determining local ecosystem structure and function. If an ecosystem becomes suffi-
ciently isolated from other ecosystems, the exchanges of materials, organisms, and energy
that normally would occur are disrupted, and these disruptions should have important con-
sequences for the way the ecosystem behaves. Finally, I will consider the question of the scale
at which long-term progress in the restoration of ecological systems might be expected.

How System Size Affects Ecological Processes

Biological systems of all kinds vary functionally with size (Brown and West 2000; Brown et al.
2002). It is fairly straightforward to understand the consequences of size variation when ex-
amining the properties of individual organisms (Peters 1983; Calder 1984; Schmidt-Nielsen
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1984). As organisms grow larger, physiological processes often change in a nonlinear fashion
as a consequence of the fractal nature of organismal structure (West et al. 1997, 1999a).
These changes in physiological processes with size have a number of profound implications
for the structure of ecological systems (Enquist et al. 1998, 1999a; Enquist et al. 1999b; West
et al. 1999b; Gillooly et al. 2001). Although much is known about organismal scaling, much
less is known about the way that population, community, and ecosystem processes change
with ecosystem size. The seminal contribution to our understanding of such processes was
the publication of the equilibrium theory of island biogeography (MacArthur and Wilson
1963, 1967). After considering this theory and its extensions, I will expand the discussion to
consider a variety of other effects that ecosystem size has on ecological processes.

Ecosystem Size and Species Diversity
Since the dawn of modern ecology in the past century, ecologists have sought to understand
how the size of an ecosystem determines the number of species inhabiting it (Rosenzweig
1995). The pioneering work of MacArthur and Wilson (1963, 1967) explained the number of
species in an ecosystem of a given size as a dynamic balance between immigration of new
species into the system and local extinction of species already residing in the system. Al-
though capable of predicting some aspects of species-area relationships (SAR), the
MacArthur-Wilson model seems to be too simplistic to explain adequately how species rich-
ness varies with ecosystem size (Brown 1986; Lomolino 1994, 2000a, 2000b, 2000c; Lo-
molino et al. 1995). Clearly, the mechanisms underlying SARs on continents and island
archipelagos must include both dispersal and population viability, as MacArthur and Wilson
(1967) envisioned. But the processes that generate the population rates that determine via-
bility and dispersal depend on a large number of complexly interacting mechanisms. These
mechanisms include, among other things, the ecological attributes of individual organisms,
the abundance and variety of resources, the spatial patterns of those resources, and the spatial
context in which the ecosystem exists.

Taking a large-scale perspective on the processes that generate SARs provides a different
perspective that in some ways overcomes the problems with more mechanism-based expla-
nations. The basic idea is that SARs are generated as a consequence of the overlapping distri-
butions of species in geographic space (Maurer 1999; McGill and Collins 2003). To explain
why each species has a characteristic geographic distribution is difficult if one focuses on the
particular mechanisms limiting each species. However, if the patterns in demography of
species across their ranges are examined, the myriad causes underlying SARs can be con-
densed into simpler models describing population mechanisms responsible for SARs (Mau-
rer 1999; Hubbell 2001; Maurer and Taper 2002; McGill and Collins 2003). Consider the
following simple model for distributions of species in space (Maurer 1999; McGill and
Collins 2003). Suppose species are distributed across space in a unimodal manner (Figure
14.1). Each species has a different-sized geographic range, some with larger ranges, others
with smaller ranges. At any given point in space, this results in a skewed distribution of abun-
dance. The SAR resulting from this pattern is similar to empirical patterns seen in many 
collections of species (Figure 14.2). This approach can be expanded to examine SARs at dif-
ferent geographic scales, leading to the prediction that SAR exponents will vary with geo-
graphical scale (Rosenzweig 1995).
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Of particular relevance to ecological restoration is the observation that the smallest is-
lands often depart from the SAR for an archipelago (MacArthur and Wilson 1967; Brown
and Lomolino 1998). Many such islands are too small to maintain viable populations of any
species and therefore must be solely maintained by immigration alone. This observation has
important implications for ecological restoration projects. Small areas that are being restored
may require close proximity to a source of colonization, if the goal is to maintain the species
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Figure 14.1 Schematic representation of the distribution of species in geographic space hypoth-
esized to be responsible for species-area relationships.

Figure 14.2 Species-area relationship derived from a simulation of a two-dimensional version of
the model represented in Figure 14.1.



diversity of a larger ecosystem. Many local populations persist as parts of larger metapopula-
tions (Hanski 1998a, 1998b, 1999). If the size of the area to be restored is too small, or the
area is too isolated from colonization sources, then the likelihood of maintaining the original
species richness and diversity of the restored ecosystem may be low (Maschinski, this vol-
ume). These consequences regarding species diversity have been known and debated for
many years (Brown and Lomolino 1998; Whittaker 1998). What is less clear is whether there
are additional properties of ecosystems that are affected by ecosystem size.

Ecosystem Size and Ecosystem Function 
If ecosystem size has important consequences for species diversity, then it follows that the
ecosystem processes in which those species participate might be altered as well by ecosystem
size. This raises the question, however, of how species diversity impacts ecosystem function.
The relationship between species richness and ecosystem function has been a controversial
topic that has not yet given rise to many clear-cut principles. On the one hand, since species
are each unique, one might expect that the ecosystem function that the species served would
be unique. If this were true, then loss of one species could not be offset in any way by other
species. On the other hand, species may fill redundant functions in an ecosystem, as sug-
gested by recent theories of ecosystem dynamics (Bell 2000, 2001; Hubbell 2001; Hubbell
and Lake 2003; Volkov et al. 2003). Experiments designed to distinguish between these two
alternatives have been equivocal (Huston 1997, 1999; Kinzig et al. 2001; Loreau et al. 2001;
Naeem, this volume). Moreover, the assumption of functional equivalence of species in
ecosystems, as required by neutral theories, remains problematic (Chave 2004).

One of the most ambitious attempts to examine ecosystem structure and function is the
Biosphere 2 experiment (Marino and Odum 1999). The idea behind the experiment was to
enclose eight humans, four small ecosystems, and an intensive agricultural plot in an airtight
compartment for an extended period of time. The facility covered 1.27 ha and had roughly
180,000 m3 of atmosphere. Each ecosystem was inoculated with a specified number of
species of plants and animals and then left to “self-organize” over time. The major result of
this experiment was a significant deviation of gas concentrations in the biosphere’s atmo-
sphere from its original state. Carbon dioxide concentrations increased to high levels, while
oxygen levels dropped. Eventually oxygen concentrations in the atmosphere were increased
by injection of pure oxygen from outside. The basic lesson from this part of the experiment is
that there was not enough atmosphere in Biosphere 2 to buffer the system against relatively
small perturbations (Maurer 1999). The missing oxygen turned out to have been absorbed by
concrete structures within the biosphere (Dempster 1999). The sheer size of the Earth’s at-
mosphere ensures that such oxygen sinks have relatively minor effects on the amount of oxy-
gen available for ecosystem respiration. But at the scale of Biosphere 2, the reaction of oxygen
with concrete became a major limitation on the oxygen cycle of the ecosystem, so much so
that it was not self-sustaining.

A second important result from the Biosphere 2 experiment was that species richness in
most of the ecosystems was reduced (although ecosystems were “overstocked” to allow “self-
organization”). For example, in the tropical rainforest biome of Biosphere 2, species richness
of plants declined 39‰ from over 282 species to 172 species after two years (Leigh et al.
1999). Similar reductions occurred in other biomes in the structure. Although apparently
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there was reproduction of some plant species within the tropical rain forest biome, it is not
clear that sustainable populations would grow there over long periods of time. Intensive hu-
man intervention was also required to maintain forest structure and function.

External Transport Processes and Ecosystem Function

The results of the Biosphere 2 experiment suggest that much of what happens in a local
ecosystem is caused by fluxes and flows across its boundaries. When those boundaries are
closed, as occurred in Biosphere 2, the resulting system operates in a very different manner
than a similar-sized ecosystem that is open to flows from the rest of the Earth’s biosphere. It is
clear that the scientists and engineers involved in Biosphere 2 never anticipated all that hap-
pened in the ecosystem, despite considerable expertise available during the construction and
operation of the facility. An important consideration for ecological restoration is the manner
in which the ecosystem being restored is connected with other ecosystems.

Population biologists have developed extensive theoretical ideas regarding the way in
which flows (migration) into and out of populations influence the behavior of population sys-
tems (both genetically and demographically). The most intriguing set of theories are those
that deal with metapopulations (Hanski 1998b). The way a metapopulation works under-
scores the importance of external transport processes in maintaining a viable ecological sys-
tem. A metapopulation is an aggregate of local populations connected together by immigra-
tion. Each local population in the metapopulation has a short lifespan; hence, all
populations will go extinct in a relatively short period of time. The metapopulation can per-
sist only if there is enough exchange of individuals among local populations to offset extinc-
tions with establishment of new local populations. That is, all local populations can experi-
ence negative growth rates, yet the metapopulation is maintained indefinitely by transport of
colonists among local populations. Within the context of ecosystem restoration, this means
that the species diversity of a restored ecosystem may depend heavily on the amount of im-
migration the ecosystem receives from beyond its borders (Maschinsky, this volume).

The principle that ecosystem functions depend on external transport processes general-
izes to other types of ecosystem attributes, such as material cycles and energy flows. The car-
bon and oxygen cycles of Biosphere 2 dramatically illustrate this. The only way the oxygen
cycle of Bioshpere 2 could operate within limits able to support the ecosystem was by exter-
nal transport of oxygen from outside. This principle can be understood by considering an
analogy from economics (Maurer 1999). In most markets, a corporation (conglomeration of
local businesses) can almost always outcompete a small business that manufactures and sells
the same product for at least two reasons. First, the corporation need only derive a small profit
from each local business, because the accumulated profit across many local businesses
makes up for the small margin of profit expected from each business. In addition, many costs
of conducting business do not scale linearly with corporation size (e.g., raw materials can be
bought in bulk at reduced prices by a corporation). Second, if the local economy experiences
a downturn, a corporation can sustain a longer period of financial losses from a local business
than a comparable small business. Essentially, corporate-wide profits can underwrite local
losses, while a small business has no such resources. If the Earth’s biosphere is analogous to a
large corporation and Biosphere 2 to a small business, then it should be clear that for any lo-

308 restoration ecology in context



cal ecosystem, having access to the biogeochemical products of the Earth’s biosphere more
than makes up for local deficits in ecosystem function over the short term.

Temporal and Spatial Scales Needed for Long-Term Restoration

A comprehensive discussion of how big and connected restored ecosystems need to be to pre-
serve target species and ecosystem functions is beyond the scope of this chapter. For the pres-
ent purpose, we can say confidently that any restoration project will need to take into account
practical issues regarding both size and connectedness of the ecosystem being restored. Since
ecosystem functions often require input from processes not physically contained within the
boundary of the ecosystem, a fundamental principle of ecosystem restoration should be to
ensure that the restored ecosystem resides within a spatial context that is conducive to pro-
viding adequate flows of individual organisms, energy, and materials to maintain ecosystem
function over a specified period of time.

Consider the following example of the importance of spatial context in determining the
course a restored ecosystem might take. I obtained data on land cover for the state of Michi-
gan (USA) from land-cover maps derived for the early 1800s (Albert 1995) and contemporary
satellite imagery (Donovan et al. 2004). The land-cover classifications used in each of these
data maps were crosswalked at a very general level of classification (Figure 14.3) in order to
determine large-scale changes in land cover over the past two hundred years in Michigan. In-
terestingly, the relative amounts of deciduous and coniferous forest cover for the state has
changed little in the past two centuries. The most dramatic changes have been the net loss of
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mixed forests and wetlands, with a corresponding increase in agricultural, urban, and grass-
land cover types.

Now, consider the problem of wetland restoration in such an altered landscape. Nearly
25‰ of Michigan was covered with wetlands 200 years ago. That figure has shrunk to less
than 5‰ today. A local wetland ecosystem in Michigan 200 years ago would have had a high
likelihood of being connected or relatively close to another wetland in that landscape (Figure
14.4). The same ecosystem in a contemporary landscape would exist in a very different eco-
logical context. The average size of a wetland ecosystem in modern Michigan landscapes
looks to be much smaller than the average 200 years ago. Furthermore, the ecosystem is
likely to be more isolated and surrounded by land uses not conducive to wetland ecosystem
functions. For these reasons, a restored wetland ecosystem in a contemporary Michigan land-
scape will probably function very differently than it would have in the same landscape 200
years ago. If the goal of the restoration is to reestablish the original ecosystem function and
species composition, it is likely that intensive management will be needed to replace the ex-
ternal transport processes that operated in the ecosystem 200 years ago.

Restoration Ecology and Neutral Macroecology

In attempting to understand the underlying causes for patterns such as SARs, the neutral the-
ory of biodiversity (Hubbell 2001) posits a specific population mechanism responsible for
these patterns. As discussed above, this mechanism is based on the assumption of functional
equivalence among species. From the perspective of restoration ecology, this means that a
complete, functional ecosystem can be constituted from an arbitrary set of species from the
pool of species that could occupy a given site. Since one species is substitutable for another,
the relative abundances and identities of species in a community should have little impact on
the final structure and function of the ecosystem.
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Figure 14.4 Estimated spatial distributions of wetlands in the northern lower peninsula of
Michigan in 1800 (A) and 2000 (B).  Note that the same major wetland complexes can be seen
at both times. The sizes of these complexes were much larger and more clustered in 1800 than
they are in 2000.



To what degree is this assumption met in nature? The initial response to this question by
many ecologists would be that differences among species are ecologically important. But
demonstrating that differences among species have a cumulative impact on the structure and
function of ecosystems has not been straightforward (Kinzig et al. 2001; Loreau et al. 2001).
Successful ecological restoration, however, often may depend on bringing together the right
combination of species to generate and maintain a functional ecosystem. In this respect, it
may be possible to view ecological restoration projects as experiments that can provide tests
for the assumption of functional equivalence among species. If this assumption is true, then
there may be a relatively large number of species combinations that might produce a persis-
tent, functional ecosystem. If the assumption is false, then there may be only a few appropri-
ate combinations of species that will produce an ecosystem that can persist and function ap-
propriately over time. There are a number of ways that these hypotheses might be tested. A
survey of restoration activities that were evaluated based on whether or not they led to an ap-
propriately functioning ecosystem might provide a test of functional equivalence, if it was
found that species composition was an important factor in determining the success of the
restoration attempt. Better yet, adaptive management of restored ecosystems might provide
opportunities to design experiments to test the degree to which ecosystem integrity depends
on species composition.

Because of the importance of understanding how species composition of an ecosystem af-
fects its structure and function to ecological restoration, it is imperative that restoration proj-
ects be carefully monitored after they are completed. Such monitoring will serve the dual
purpose of establishing criteria to judge the degree to which restoration objectives are met
and providing data to test models of community assembly that make assumptions about the
functional equivalence of species. In this way, ecological restoration can become not only a
practical field that deals with the how of restoring ecosystems but it can also provide a fertile
field to test scientific theories that provide answers about why and how ecosystems must be re-
constructed in order to maintain their integrity in space and time.

Summary

The large-scale perspective I have discussed in this chapter suggests that ecosystem restora-
tion cannot be successfully carried out without careful consideration of the spatial context
within which the ecosystem will exist. An ecosystem is defined not only by the species com-
position, edaphic conditions, and interaction networks that exist within its boundaries but
also by the fluxes and flows across its boundaries that connect its internal processes with
larger systems. A restoration project that fails to consider these flows may be unable to meet
some restoration objectives, because the restored system may be governed by flows across its
borders from landscapes not conducive to its functional integrity. One important way to
maintain the integrity of a restored ecosystem may thus be to replace external transport pro-
cesses with intensive management activities that serve the same function. Data on the rela-
tionship between species composition and the success of restoration activities can be used to
test the important assumption of functional equivalence of species that underlies neutral
models of macroecological patterns. In particular, carefully planned restoration projects can
be used as experiments to test this important assumption for different kinds of ecosystems.
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Chapter 15

Climate Change and Paleoecology: 
New Contexts for Restoration Ecology

Constance I. Millar and Linda B. Brubaker

In this chapter, we explore linkages between two fields that have been little acquainted yet
have much to say to one another: restoration ecology and climatology. The limited discourse
between these fields is surprising. In the last two decades there have been significant theoret-
ical breakthroughs and a proliferation of research on historical climate and climate-related
sciences that have led to an overhaul of our understanding of Earth’s climate system (Smith
and Uppenbrink 2001). These new insights are relevant to restoration and ecology—so much
so that fuller understanding could trigger rethinking of fundamental principles.

Climate Variability as an Ecosystem Architect—In Perspective

Conceptual views of the natural world influence tactical approaches to conservation, restora-
tion, and resource management. The phrase climate change usually connotes global warm-
ing, greenhouse gas impacts, novel anthropogenic threats, and international politics. There
is, however, a larger context that we must begin to understand and assimilate into restoration
ecology theory—that is, the role of the natural climate system as a pervasive force of ecologi-
cal change.

Advances in environmental sciences during the mid-to-late twentieth century on ecologi-
cal succession, disturbance, and spatial and temporal variability motivated a shift from view-
ing nature as static and typological to dynamic and process driven. In turn, restoration ecol-
ogy and practice matured from emphasis on museum-like nature preservation to maintaining
variability and natural function (Jordan et al. 1990). As a result, prescribed fires and managed
floods, for instance, became important restoration tools, and recovery of ecosystem function,
composition, and structure was added to restoration goals.

Important as these changes have been, static concepts still constrain our understanding of
natural dynamism and limit our conservation successes. The recent advances in climate-
system sciences characterize recurrent climate change as a central physical force on Earth
and significant agent of physical, ecological, and even cultural change at micro- to
macroscales. From this perspective, climate is a macrodisturbance element, or the back-
ground stage of change on which evolutionary and successional dynamics play out. Such dy-
namism has only begun to be incorporated into evolutionary and ecological theory, and re-
mains largely untranslated into conservation and restoration ecology. As a result, resource
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analyses and prescriptions, such as evaluation and diagnoses of ecological change, determi-
nation of baselines and evaluation of change in monitoring, and development of targets for
restoration, may have limited applicability.

In this chapter, we bring forward new ideas in paleoclimatology and paleoecology that are
relevant to restoration ecology. In so doing, we hope to foster discussion about fundamental
goals and purposes in restoration that result from dialog between the fields. Our examples
draw from western North American plant communities, but generalities from these extend to
other areas and are supported by theoretical treatments (e.g., Jackson and Overpeck 2000).

Earth’s Climate System: A Paleoclimatology Primer

Changes in weather are familiar features of Earth’s surface, readily recognizable as diurnal
variations, seasonal cycles, and annual differences that irregularly include extremes of
drought, wet, heat, and cold. All forms of life are influenced by this variability in how and
where they live, and mitigate adverse weather effects through conditioned responses and
evolved adaptations. Cycles of climate change occur also over periods of decades to millennia,
although these fluctuations have been little known and poorly understood. Until recently our
knowledge of past climates came mostly from interpreting their indirect effects on the Earth’s
surface—for example, glacial moraines as evidence of past ice ages, coastal terraces as clues to
former sea levels. Collectively these led to early interpretations of the Pleistocene (0.01–2.5
million years ago) as a long, cold interval—the “Great Ice Age” of Agassiz (1840). By the late
nineteenth century, evidence for multiple glaciations accumulated and led to widespread de-
scription of four major glacial periods in the Pleistocene bracketed by brief warm intervals.
The ice ages were regarded as ending about 10,000 years ago with the arrival of novel warmth
of our present epoch, called the Holocene, or Recent, to signify its difference from the Pleis-
tocene. Because the climate of the Holocene was interpreted as distinct from the past, Pleis-
tocene climate processes were viewed as having little relevance to the present. 

In the past two decades, new tools with high precision and resolution, new theory reliant
on high-speed computing capacity, and a critical mass of empirical research have revolution-
ized understanding of Quaternary (the last 2.5 million years) climate. Quaternary climates
are now understood as being far more variable and complex than previously imagined
(Bradley 1999; Cronin 1999; Ruddiman 2001). The most widely applied and useful proxies
first derived from long ice cores retrieved in polar ice caps (Cuffey et al. 1995). Gases and at-
mospheric particles trapped in ice faithfully record atmospheric conditions at the time of
deposition. Due to annual layering and the ability to date layers accurately, analysis of thin
sections at regular intervals yields high-resolution historic climate information for continu-
ous time series. Cores drilled to the bottom of continental ice sheets (e.g., Greenland) have
yielded highly resolved information on more than 40 climate variables that extend over
200,000 years (Lorius et al. 1990). The most important are isotopes of oxygen. Ratios of heavy
to normal oxygen isotopes (d18O) quantify the relative amount of oxygen stored in land ice
relative to seawater, and provide robust indicators of surface air temperature at the time the
isotopes were trapped in the ice. Analysis of these and other climate-related isotopes are now
routinely extracted from other situations where undisturbed deposition occurs, such as lake
beds, coral reefs, and sea floors sediments. Other climatologically important indicators re-
trievable from ice and sediment cores include greenhouse gases (CO2, CH4) and atmo-
spheric aerosols that indicate dust and volcanic ash. Studies of varying time depth around the
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world, from a few decades to over 60 million years ago (Zachos et al. 2001), have led to de-
tailed global and regional reconstructions of historic climate, which cumulatively provide
new insight on the causal nature of climate variability. 

Multimillennial Climate Cycles: Glacial/Interglacial or Orbital Cycles
Taken together, these long, highly resolved records collectively document the repeating,
cyclic nature of climate over the past 2.5 million years (Figure 15.1) (Wright 1989; Raymo
and Ruddiman 1992). Unlike earlier assumptions of persistent Pleistocene ice, oxygen-
isotope records show a repeating pattern of over 40 glacial/interglacial cycles. A startling in-
sight revealed by the oxygen-isotope records is the overall similarity of the Holocene to previ-
ous interglacials in length, trends, and relative temperatures; our Recent is not wholly novel
after all. From the many oxygen-isotope curves now available around the world, it has be-
come clear that these major warm-cold oscillations of glacial/interglacial phases were ex-
pressed globally and more-or-less synchronously. Global temperature differences between
glacial and interglacial periods averaged 10°–20°C (Petit et al. 1997). Compare this to 0.7°C,
the twentieth-century increase (IPCC 2001). 

The oxygen-isotope curves further reveal a repeating structure of climate variability
within glacial and interglacial phases (Lorius et al. 1990). Extensive cold glacial periods
(stades) of the past were interrupted by warm phases (interstades) of about one-third the
warmth of interglacials, and they terminated abruptly into interglacials. At a coarse scale, in-
terglacials, including the Holocene, began abruptly, peaked in temperature in early to mid-
dle cycle, and terminated in a series of steps, each with abrupt transitions into cold stades of
the subsequent glacial period. The cumulative effect is a sawtooth pattern typical of Quater-
nary climate records around the world (Figure 15.1). 
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Figure 15.1 Primary temperature fluctuations between glacial and interglacial periods of the
past 2.5 million years derived from oxygen-isotope analysis of ice cores from the Greenland ice
sheet. High values of δ18O indicate cold temperatures (glacial periods), and low values indicate
warm temperatures (interglacial periods). Our current interglacial period (Holocene) is at the far
left, from 0 to 10,000 years ago. From Wright 1989.



A mechanistic cause for climatic oscillations was proposed by Serbian mathematician Mi-
latun Milankovitch (1941) long before detailed paleoclimate variability had been docu-
mented. Milankovitch integrated knowledge about Earth’s orbit around the sun into a uni-
fied theory of climate oscillations. This has been revised subsequently into a modern orbital
theory that is widely accepted as the pacemaker for the ice ages (Imbrie et al. 1992, 1993).
Three major cycles of orbital variability recur over time (Figure 15.2) (Hays et al. 1976): (1)
change in the shape of Earth’s orbit around the sun from elliptical to circular (100,000 years);
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Figure 15.2 Primary orbital cycles of the Earth, the fundamental mechanism for oscillating cli-
mates of the past 2.5 million years. Temperatures on Earth vary depending on how much heat
from the sun (solar insolation) reaches Earth’s surface. This in turn varies, depending on the ex-
act position of Earth within each of three orbital cycles. Mathematical integration of the three
curves produces a graph of temperature over time that closely matches temperature reconstruc-
tions from δ18O (e.g., Figure 15.1). (A) Eccentricity cycle, or changes in shape of the Earth’s or-
bit from elliptical to circular (100,000-year cycle). (B) Obliquity cycle, or change in tilt of the
Earth on its axis (41,000-year cycle). (C) Axial precession cycle, or change in time of year of peri-
helion (when Earth is closest to the sun; 23,000-year cycle). From Zachos et al. 2001.



(2) change in the angle of Earth’s tilt on its axis (41,000 years); and (3) change in time of year
when the Earth is closest to the sun (23,000 years). The amount of heat from the sun reach-
ing the Earth (solar insolation) at any point in time varies with the Earth’s position in each cy-
cle. Integrating the three cycles mathematically results in a curve over time of predicted tem-
perature on Earth that corresponds to the observed oxygen-isotope curves (e.g., Figure 15.1).

Century- to Millennial-Scale Climate Cycles
Analyses of oxygen-isotope variation at finer temporal resolution further reveal century to
millennial length oscillations nested within orbitally driven climate cycles. These were
known first from a few well-studied climate events, such as the interval known as the Younger
Dryas (Kennett 1990), a 1,000-year return to ice age conditions that interrupted warming at
the end of the last glacial period (11,500 years–12,500 years ago); Heinrich events (Heinrich
1988), a series of short (100 years–1,000 years), extremely cold intervals within the last glacial
period; and Dansgaard/Oeschger interstadials (Dansgaard et al. 1993), brief, abrupt, warm
intervals during the last glacial period. These climate events are increasingly understood as
part of a pervasive oscillation pattern, called “Bond cycles,” documented for at least the last
130,000 years (Bond et al. 1997). Bond cycles average 1,300  years–1,500 years, meaning that
for each warm or cold phase (each ca. 700 years), the warmest and coldest half-phases last
300 years–400 years (Figure 15.3). Climate intervals during the Holocene that exemplify
Bond cycles include the Little Ice Age (LIA), a minor ice advance and global cold period
from A.D. 1450 to 1920 (Grove 1988; Overpeck et al. 1997); the Medieval Climate Anomaly,
a warm, dry interval with regional variability from A.D. 900 to 1350 (Hughes and Diaz 1994;
Stine 1994; Esper et al. 2002); and the 8,200-year cold event (Alley et al. 1997). 

Painstaking analysis at high resolution of several well-known Bond intervals has docu-
mented that oscillations often begin and end extremely abruptly. Annual analysis, for exam-
ple, of 150 years centered on the major collapse of ice at the end of the Younger Dryas cold
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Figure 15.3 Century-millennial scale oscillations, or Bond cycles, have been pervasive at least
through the Holocene and last major glacial age. Individual events have long been recognized,
such as the Little Ice Age (a.d. 1450–1920) and the Younger Dryas (11,500–12,500 years ago),
but these are only recently understood as part of a systematic cycle. Correlations with solar activ-
ity suggest a sun-driven mechanism for this climate pattern. From Bond et al. 1997, 2001.



event revealed that 15°C warming occurred in two 10-year periods (ca. 7°–8°C each) sepa-
rated by a 20-year plateau of no detectable change (White et al. 2001). 

Of particular interest is the warming of the twentieth century. During the preceding four-
century-long Little Ice Age, temperatures in western North America were on average 1°C
colder than present; glaciers in many western North American mountain ranges were at their
greatest extent since the end of the Pleistocene, over 10,000 years ago (Clark and Gillespie
1997). Warming since the late 1800s has been ca. 0.7°C globally with much of the increase
occurring due to increases in minimum temperature (IPCC 2001). Increases in the early part
of the century are now widely accepted as natural climate forcing, whereas continued warm-
ing since mid-twentieth century can be explained only by recent anthropogenic-induced
greenhouse gases (IPCC 2001).

The natural mechanisms driving climate oscillations at the century-millennial scale are a
topic of great current interest. The relationship of extremely cold intervals within glacial pe-
riods to sudden surges of polar ice into high-latitude oceans, and resulting abrupt changes in
global ocean salinity, first led climatologists to believe these intervals were driven by ice and
ocean-circulation dynamics (Broecker et al. 1990; Clark et al. 2001). Recently, however, mil-
lennial cycles in the sun’s intensity (mediated by sun spots and other changes on the sun’s
surface) have been shown to match the timing of the Bond cycles over the last 130,000 years
with high precision (Figure 15.3) (Bond et al. 2001). This has led climatologists to speculate
that a trigger for century-millennial climate changes comes from outside the Earth—that is,
changes in the sun—and that resulting changes in ocean circulation subsequently regulate
and abruptly communicate solar signals worldwide. 

Interannual- to Decadal-Scale Climate Change
In recent years, climatologists have defined high-frequency climate cycles operating on
scales from a few years to several decades. The best known of these is the El Niño pattern,
called the El Niño/Southern Oscillation (ENSO) for its interhemispheric expression and
ocean-based cause (Diaz and Markgraf 2000). Every several years, hemispheric trade winds
that typically blow warm tropical ocean water westward across the Pacific Ocean stall, and
warm water, instead, accumulates in the eastern Pacific Ocean. This leads to the presence of
unusual water temperatures offshore from North and South America. Each year there is
some degree of El Niño or its opposite effect, La Niña. Extreme events cycle on a 2-year to 
8-year basis (Figure 15.4). El Niño events bring different conditions to different parts of the
world. For instance, they portend unusually warm and wet falls and winters in central and
southern California, and unusually cold and dry weather in the Pacific Northwest. The re-
verse occurs during La Niña events.

Climate oscillations on multidecadal (20-year to 60-year) periodicities have also been de-
scribed recently. Like ENSO, these act regionally but have effects on distant locations. The
Pacific Decadal Oscillation (PDO) is a recently characterized multidecadal cycle affecting
western North America. It appears to be regulated by decadal changes in ocean circulation
patterns in the high-latitude Pacific Ocean (as opposed to ENSO’s tropical locus) and yields
climate effects and regional patterns similar to extended ENSO effects (Mantua et al. 1997;
Zhang et al. 1997). Warm (or positive) phases are extensive (10-year to 25-year) periods of El
Niño-like conditions that alternate with cool (or negative) phases of La Niña-like conditions.
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Other ocean-mediated multidecadal patterns affect other parts of the world, such as the
North Atlantic Oscillation, and the Arctic Oscillation (Cronin 1999).

Climate Change as an Ecosystem Architect
Abundant evidence worldwide indicates that life on Earth has responded to climate change
at each of these scales. Changes in biota over time can be measured in many ways, such as
from sediment cores taken from wet areas including meadows, bogs, lakes, and ocean bot-
toms. In dry environments, packrat middens preserve macrofossils, while in temperate forests
tree-ring records archive annual tree growth. In ocean environments, annual coral layers
record ecosystem responses. 

At multimillennial scales, paleoecological records collectively document that, at any one
place, compositions of flora changed significantly in correspondence with major climate
phases, often showing complete species turnover and recurring patterns of similar groups 
of species or species with similar adaptations alternating between glacial and interglacial pe-
riods. In relatively flat terrain, such as in the northeastern United States, eastern Canada,
parts of Scandinavia, and northern Asia, species shifted latitudinally north and south many
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Figure 15.4 The El Niño/Southern Oscillation (right) and Pacific Decadal Oscillation (left) are
internally regulated, ocean-atmospheric patterns that affect climate on interannual (ENSO) and
multidecadal (PDO) scales. Positive ENSO (El Niño) and PDO periods bring systematically
warm, wet conditions to certain parts of the world, while negative ENSO (La Niña) and PDO
bring cool, dry conditions. PDO and ENSO interact such that during times of positive PDO, El
Niño signals are enhanced, and the reverse is true during negative PDO decades. PDO regime
shifts, such as in 1976, can be abrupt, with dramatic physical and ecological effects. Reproduced
with permission from the University of Washington’s Joint Institute for the Atmosphere and
Oceans. Figure created by Dr. Stephen Hare, International Pacific Halibut Commission.



hundreds of kilometers, as modeled, for example, for spruce (Picea) in eastern North Amer-
ica (Figure 15.5) (Jackson et al. 1987). In mountainous regions, by contrast, species re-
sponded primarily by elevational shifts, as indicated by conifers of the Great Basin and south-
western desert region, which shifted as much as 1,500 m (Figure 15.6) (Thompson 1988,
1990; Grayson 1993). In regions where habitats were highly patchy, with steep and discon-
tinuous gradients, species responded primarily by fluctuations in population size and minor
geographic shifts in location, as exemplified by oaks in California (Adam 1988; Heusser
1995). Areas occupied by continental ice caps were often revegetated via rapid colonizations
from refugia (Brubaker and McLachlan 1996).

Significant and rapid response of vegetation to century-scale climate change is also well
documented. Before temperature proxies such as oxygen isotopes provided independent
measures of historic climate, millennial-scale abrupt climate events were inferred from
changes in flora and fauna. For instance, the Younger Dryas cold interval was known from
changes in abundance of the arctic tundra plant Dryas octopetala (Jensen 1935). This species
dominated paleofloras of western Europe during the coldest ice ages and was being replaced
by warm temperate vegetation as climate warmed at the end of the last major ice age. An
abrupt, short-lived reversal to full-glacial abundances of D. octopetala became known as the
Younger Dryas (in contrast to an earlier interval known as the Older Dryas), now recognized
as a phase of the Bond cycles. 
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Figure 15.5 Shift in ranges of spruce (Picea) forests in eastern North America as they track
changing temperatures from the Last Glacial Maximum to present. Reconstructed from pollen
abundances in lake sediments for intervals of 3,000 years. Dots indicate range of spruce; other
stippling represents glacial and periglacial environments. From Jackson et al. 1987.



Many examples now show fluctuating changes of vegetation corresponding to Bond cy-
cles. An illustrative example is the abrupt change in pine versus oak vegetation in southern
Florida that corresponds to Heinrich events (Figure 15.7) (Grimm et al. 1993). Another ex-
ample from the California region comes from the work of Heusser (2000), who demonstrated
that abrupt changes in the dominance of oak versus juniper corresponded to rapid climate os-
cillations of the last 160,000 years. In the Great Basin of North America, major changes in
population size and extent of pinyon pine (P. monophylla), and changes in floristic diversity,
correspond to Bond-scale, century-long cycling (Tausch et al. 2004). Whereas recurring pat-
terns emerge at coarse scales, species responses are individualistic, lags are common, and
non-analog patterns frequent, so that population increases or decreases may not appear to be
“in synch” with climate change, especially when climate changes are extreme and abrupt
(Jackson and Overpeck 2000). 

Vegetation responds also to interannual and decadal variability. At ENSO scale, changes
occur primarily in plant productivity and abundance within populations. The oscillations
contribute to regional fire regimes, where fuel loads build during wet years and burn during
dry years. These lead to mesoscale vegetation changes as ENSO itself cycles, and thus fire
regimes change over time (Swetnam and Betancourt 1998; Kitzberger et al. 2001). Decadal
climate and vegetation oscillations have been well documented in secondary growth of trees,
such as recurring droughts over the past 400 years that led to reduced ring-widths in pon-
derosa pine in New Mexico (Figure 15.8) (Grissino-Mayer 1996), and the recurring pattern
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Figure 15.6 Glacial/interglacial shifts in elevation for plant species of the Sheep Range, south-
ern Nevada, showing current (interglacial, solid line) and past (glacial, pre-11,000 years ago,
dots) elevation limits, and individualistic responses of species. From Thompson 1990.



of ring-widths in big-cone Douglas-fir (Pseudotsuga macrocarpa; Biondi et al. 2001), moun-
tain hemlock (Tsuga mertensiana; Peterson and Peterson 2001) and subalpine fir (Abies la-
siocarpa; Peterson et al. 2002) that correlate with PDO for up to 400 years in the past. Vege-
tation type conversions from meadow to forest, changes in species growth rates and crown
morphology, and changes in forest density were associated with PDO cycles in conifer forests
of the Sierra Nevada, California (Millar et al. 2004).

Summary of Climate Change and Vegetation Response
This brief overview yields several conclusions: First, climate has oscillated between warm
and cold, wet and dry regimes over the last 2.5 million years rather than being dominantly
directional or stochastic. In broad terms, our present warm period (Holocene) is similar to in-
terglacials of the past, and the last glacial period had many antecedents before it. Second, cli-
mate has oscillated simultaneously at multiple and nested temporal scales, including interan-
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Figure 15.7 Correspondence in abundance of pine from Lake Tulane, Florida (indicated by
pollen %, left panel) with millennial scale cold, or Heinrich, events of the last glacial period (in-
dicated by % lithics, or ice-rafted rock debris, right panel). Data from Grimm et al. 1993; figure
first produced by NOAA National Geophysical Data Center’s Paleoclimatology Program (T. G.
Andres, J. T. Andrews, and L. M. Lixey).



nual, decadal, century, millennial, and multimillennial; mechanisms and the nature of ex-
pression differ depending on the scale, although the effects interact. Third, transitions be-
tween major and minor climate phases often occurred abruptly (a few years to decades), and
were accompanied by significant changes in climate (e.g., 3°–15°C). Finally, vegetation re-
sponded to climate change at each scale. Vegetation responses to annual/decadal variability
were mostly in productivity, abundance, and local shifts in community composition, whereas
responses at century/millennial scales involved major and often recurring colonization and
extirpation (migration and range shift) events. Repetitive climate changes at each scale thus
exert significant recurring evolutionary and ecological force on vegetation. Modern species
have been exposed to fluctuating climates and rapid transitions for at least two million years,
and they have likely been exposed to similar phases that punctuated the past 20 million years
(Zachos et al. 2001). 

A key characteristic of Quaternary paleoecology is that species respond individually to
particular climate cues with unique rates and sensitivities to individual climate variables. In-
dividual species follow their own ecological trajectories as climates cycle, leading to changes
in community compositions that themselves form, dissolve, and may reform over time. Often
non-analog communities form, that is, assemblages not observed in modern vegetation.
From this perspective, plant communities exist as transient assemblages of species; species
move individually through time and space following favorable climates and environments.
The apparent recoalescence of vegetation assemblages results from recurrence of similar cli-
mate conditions, although lags and differences in individual species responses, as well as sto-
chastic events, give variation to the exact structure of plant communities at any one time
(Davis et al. 1986; Webb 1986). 
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Figure 15.8 Decadal variability in precipitation for the past 2,200 years as indicated in pon-
derosa pine/Douglas-fir (Pinus ponderosa/Pseudotsuga menziesii) tree-ring reconstruction of an-
nual rainfall from western New Mexico. The drought of the 1950s is shown, as well as droughts
of equal and greater magnitude. Data from Grissino-Mayer 1996; graphic modified and first 
produced by Connie Woodhouse, NOAA National Geophysical Data Center Paleoclimatology
Program.



Implications for Restoration Ecology

Compelling evidence of climate variation across all timescales has implications for the theo-
retical bases and practice of restoration ecology. In particular, our awareness of the dominant
effect that climate has in driving ecological change, and of the dynamic nature of climate
and vegetation change, prompts us to evaluate assumptions about ecological sustainability,
native species range, and restoration targets.

Concepts of Sustainability
Ecological sustainability is a dominant paradigm in restoration ecology. Variously defined,
sustainability and related concepts of ecological heath and integrity imply species, commu-
nity, and ecosystem endurance and persistence over time, and they are often used as implicit
or explicit restoration goals (e.g., Jordon et al. 1990; Lele and Norgaard 1996). In practice,
sustainability has been difficult to describe or to recognize. Sustainability is generally ac-
cepted to pertain when natural species diversity is maintained, species are abundantly dis-
tributed throughout their recent historic native range, community associations are main-
tained, natural processes occur at reference intervals and conditions, and human disturbance
is minimized (Lackey 1995; Hunter 1996). 

The complex and recurring cycles of ecological change in response to climate cycling
challenge the conceptual bases of this interpretation of ecological sustainability. Species
ranges have and will—even in the absence of human influence—shift naturally and individ-
ualistically over small to large distances as species follow, and attempt to equilibrate with,
changes in climate. In the course of adjustment, plant demography, dominance, and abun-
dance levels change, as do vegetation associates and wildlife habitat relations. A major con-
clusion from the paleorecord is that, at scales from years to millennia, ecological conditions
are not in equilibrium, do not remain stable, nor are they sustained, but, by contrast, are in
ongoing flux (Jackson and Overpeck 2000). The flux is not random, chaotic, or unlimited,
but it is driven by regional climate and modified stochastically by local conditions. 

It is important to note that the timescales under discussion are short relative to the life-
spans of most extant plant species. Notwithstanding recently speciated taxa, many native
North American plant species originated during the Tertiary or earlier, commonly 20 to 40
million years ago. Thus, many extant species have been subjected to the demands of shifting
climates, in both large tempo and small, throughout their histories. This implies that adapta-
tion to abrupt climate changes has had many opportunities to evolve. Resilience and sustain-
ability, at least in terms of species persistence, appear to have been met through the capacity
of plants to track favorable environments as they shift over time and through adjustment in
range distribution, habitat, associates, and population characteristics.

Paleorecords in areas where abundant information exists can be used as a test of what has
been sustained naturally over time. When Quaternary vegetation records from the Sierra
Nevada were assessed in this way, Millar and Woolfenden (1999a) found that only a few con-
ditions often associated with ecological sustainability concepts pertained. These included (1)
relative stability of the Sierra Nevada ecoregion, that is, persistence of a distinct ecoregion
over time; and (2) persistence of overall species diversity at the scale of the entire Sierra
Nevada ecoregion, with only one species, a spruce (Picea spp.), disappearing from the region
about 500,000 years ago.
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Beyond these two features, however, other conditions associated with ecological sustain-
ability did not occur. At subregional scales within the Sierra Nevada, species diversity
changed at timescales of centuries to millennia. Similarly, individual species ranges and pop-
ulation abundances shifted, often drastically. An example is giant sequoia (Sequoiadendron
giganteum). Currently limited to small and disjunct groves between 1,500 and 2,100 m in the
southwestern Sierra Nevada, giant sequoia’s range over the past 10,000 to 26,000 years in-
cluded the eastern Sierra Nevada (Mono Lake, Davis 1999a), and locations in the western
Sierra Nevada that are both well above (2,863 m, Power 1998) and below (1,000 m in current
chaparral shrubland, Cole 1983; and 54 m at Tulare Lake in the California Central Valley,
Davis 1999b) its current range. Giant sequoia did not appear in its current range until 4,500
years ago and did not reach modern abundance there until about 2,000 ago, that is, the age of
the oldest living individuals (Figure 15.9) (Anderson and Smith 1994). 

Several other conditions often considered elements of ecological sustainability did not
pertain in the California paleorecord. Movement of individual species meant that vegetation
assemblages changed over time and/or shifted locations as individual species followed cli-
mate gradients (Woolfenden 1996). Vegetation communities appeared sometimes to shift lo-
cations, when individual species tracked climate coincidentally, and in other cases, changed
composition and dominance relations. Non-analog communities occurred transiently, such
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Figure 15.9 Changes in abundance and distribution of Artemesia, Tsuga mertensiana, Se-
quoiadendron giganteum, and Abies over the last 15,000 years as summed from pollen analyses in
western Sierra Nevada meadows. Sequoiadendron pollen reached its present abundance and na-
tive range at Giant Forest only in the last 2,000–3,000 years. From Anderson and Smith 1994.
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as the co-occurrence 20,000 to 30,000 years ago in the southern Sierra Nevada of yucca
(Yucca brevifolia) and Utah juniper (Juniperus osteosperma) with an understory of Artemesia
tridentata, Purshia tridentata, and Atriplex concertifolia (Koehler and Anderson 1995). 

Historic fire regimes reconstructed from charcoal analyses in paleorecords also changed
over time at multiple scales. Over the last 10,000 years, for instance, fire in mid-elevations of
the western Sierra Nevada was a minor ecosystem architect. Beginning about 4,000 years
ago, charcoal records indicate increased local fires and effect on regional vegetation (Ander-
son and Smith 1994, 1997). At scales of decades to centuries, Swetnam (1993) showed that
fire regimes in giant sequoia forests shifted from frequent, light, and localized fires to infre-
quent, intense, and widespread fires in the last 1,000 years following climate changes. 

These and similar records challenge interpretations of ecological sustainability that have
emphasized persistence of species and stability of communities within current ranges. As
widely used, such concepts of sustainability do not adequately accommodate natural dynam-
ics and promote misinterpretations about behavior of natural systems.

Population Size, Population Abundance, and Native Species Range
Declines (or increases) in population size and abundance—observed through monitoring or
other measures—and reductions (or increases) in overall range often are assumed to be an-
thropogenic, whereas these may be instead natural species’ responses to climate change. Two
examples in California illustrate adaptation at millennial to decadal scales. Species of oak
(Quercus) and juniper (Juniperus) expand and contract in complementary fashion: oak pop-
ulation abundances and total range distribution expanded repeatedly during warm climates
and, as often, contracted during cool climates, while the opposite occurred for juniper
species (Figure 15.10) (Adam and West 1983; Heusser 1995). Although oaks in general are
widespread and common in California now, during repeated long glacial periods, they were
rare in the region. Although these changes are most obvious between glacial and interglacial
times, significant changes in abundance tracked climate at scales as short as a decade
(Heusser and Sirocko 1997). 

Coast redwood (Sequoia sempervirens) is another example. Currently rare, it has fluc-
tuated in population extent and abundance following both long (millennial) and short
(century-decadal) cold/warm cycles. Redwood was even more sparsely distributed than at
present during climate periods when coastal fog did not develop and temperatures were hot-
ter or cooler relative to present (Heusser 1998; Poore et al. 2000). Redwood expanded during
mild, equable parts of interglacials when ocean temperature and circulation influenced de-
velopment of coastal fog.

This perspective of Quaternary vegetation dynamics compels us to evaluate causes for
changes in population size, abundance, and native range more carefully. Rather than inter-
preting changes as resulting from undesired anthropogenic threat, we might investigate in-
stead whether these are natural species’ adaptations. For instance, Juniperus expanding in
Great Basin rangelands has been considered an exotic invasive, and measures have been
taken to remove plants. These changes appear, rather, to be adaptive responses to climate
change (Nowak et al.1994). Other things being equal, an ecologically informed conservation
action would be to encourage, not thwart, juniper expansion. 
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Figure 15.10 Correspondence of California oak (Quercus) abundance (pollen ‰) and temper-
ature fluctuations recorded as variability in oxygen-isotope ratios indicating fluctuations between
high and low abundance. Similar and synchronous patterns throughout the California oak
ranges document species fluctuations between rare and widespread condition. (A) 140,000-year
record from Clear Lake, Lake County, CA, in the north-central Coast Ranges (from Adam
1988). (B) 160,000-year record from Santa Barbara Basin, Santa Barbara County, CA (ODP
893A; from Heusser 1995).



Although changes in population size and distribution may be natural responses to climate
change, causes are often difficult to discern in practice. Lags in adjustment and other dise-
quilibria between population distributions and climate mean that population increases or de-
creases may not be synchronous with climate change, especially during periods when rapid
climate changes occur over short periods, making difficult the search for mechanistic causes
(Jackson and Overpeck 2000).  Because individual plants, unlike animals, cannot “pick up
and move” (intragenerational), they migrate and shift in distribution by dying in some areas
while expanding in others (intergenerational). These may be messy on the landscape—with
patchiness and irregularity characteristic—making the effects difficult to evaluate while
they’re happening. Causes may be attributed readily to other proximal factors, such as to in-
sects and pathogens, or anthropogenic effects, such as fire suppression, even where climate is
the ultimate underlying  factor.

A challenging question for restoration ecology becomes, “what is the native range of a
species?” To define the range of a species is the basis for monitoring its condition, under-
standing favorable habitat and ecological interactions, diagnosing threats and risks, deter-
mining restoration targets, and indicting species as “exotic” (Jackson 1997). Viewed against
historic changes in distribution and natural flux, the native range of a species must be con-
sidered a transient and dynamic process itself, readily capable of moving in space as climate
shifts over the landscape. Recognizing that non-equilibrium conditions exist and vegetation
lags occur means that, like Lewis Carroll’s Red Queen, vegetation chases a target (climate)
that is itself changing. Population abundances and species’ distribution ranges may be rela-
tively stable whenever climate is in a more stable phase and/or if the environment of a species
offers considerable local heterogeneity (Thompson 1988; Jackson and Overpeck 2000;
Williams et al. 2001). In these cases, shifts in climate may be tracked with relatively minor
overall geographic changes. By contrast, in regions that are inelastic to change, for instance,
landscapes with little topographic diversity, even small shifts in climate may bring large
changes in population condition. Given that the climate has been undergoing rapid changes
with high variability during the twentieth and twenty-first centuries, we would expect popu-
lation demographics and species ranges to also be highly unstable.

Genetics and Restoration in a Climate-Change Context
During the last 15 years, increasing attention has been given to the importance of genetics in
restoration ecology (Millar and Libby 1989; Falk and Holsinger 1991; Lesica and Allendorf
1999; Guerrant et al. 2004; Rice and Emory 2004). Theory and guidelines have been devel-
oped regarding provenance (genetic origin); allelic and genotypic diversity; effective popu-
lation size, gene flow, and genetic drift relevant to material for restoration; and long-term
maintenance of reintroduction populations (Falk et al. 1996). These have been based on
population-genetic assumptions that local populations are best adapted, that genetic con-
tamination and inbreeding or drift decrease fitness and are to be avoided, and that safeguard-
ing diverse local gene pools over time provides the best option for adaptedness in reintro-
duced populations.

New understanding of climate variability and its influence on plant population dynam-
ics and biogeography raises questions about assumptions concerning local adaptation and
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genic diversity and suggests a need to rethink the role of genetics in restoration (Westfall and
Millar 2004). Genetic theory on selection, drift, and genic diversity rests heavily on equilib-
rium conditions in regard to population size, gene flow, and drift. If, by contrast, rates of
fragmentation, coalescence, population growth and mortality, and selection coefficients are
changing within or between generations, then local populations will almost always remain
in disequilibrium (Pease et al. 1989; Bürger and Gimelfarb 2002; García-Ramos and Ro-
dríguez 2002). This leads to the likelihood that local populations are not necessarily best
adapted, as has been found in common-garden experiments (Matyas 1996; Rehfeldt et al.
1999; Rehfeldt et al. 2001). Further, lags and persistent disequilibria could accumulate over
time, creating a new kind of genetic load. Whenever climates are relatively stable, progress
toward equilibrium may occur. In most species, especially perennial species, and during
times of high climate variability, however, this is unlikely to be the case. Such theoretic pos-
sibilities suggest that restoration guidelines regarding appropriate germplasm collection
zones, requirements for genic diversity in restoration, and germplasm transfer rules be
reevaluated.

Reference Conditions and Restoration Targets
“Predisturbance” or “pre-Euro-American impact” conditions are used routinely as reference
models and descriptions of desired targets for ecological restoration. This assumes, however,
that climate hasn’t changed between the historic target time and the present, and that human
influence hasn’t confounded historic conditions. These assumptions are tenuous, and the
likelihood of their validity decreases with time between the historic target and present. 

In western North America the disturbance period is regularly assumed to start at Euro-
pean/Asian contact with native peoples and their landscape, about 1840–1860, and the prior
centuries are used as predisturbance reference conditions. As that period coincides with the
coldest part of the Little Ice Age, however, it makes a poor model for twenty-first century
restoration. Even in eastern North America, where European contact with the landscape was
several centuries earlier, the dominant climate was Little Ice Age, with ecological conditions
very different from present. Although “premodern contact” times differ around the world, the
point remains: because of climate change, historic conditions are likely to be very different
from present and are poor models for restoration.

The use of historic “predisturbance” landscapes is made further tenuous by confounding
of human influence on environmental conditions. A bold new hypothesis offers an extreme
example. Compiling several lines of evidence, Ruddiman (2003) suggests that humans have
significantly altered world climates for over 8,000 years as a result of the spread of agriculture,
thus radically changing the physical and ecological trajectory of Earth systems for millennia.
Ruddiman’s model postulates that cultural practices associated with agriculture triggered in-
creases in wetlands and clearing and burning of forests, which in turn elevated carbon diox-
ide and methane far above natural levels. The cumulative effect is that global temperature is
1.5°C above what it would be without the anthropogenic input, and that Holocene climates
are more stable than they would have been (W. Ruddiman, pers. comm.). Such long-term
confounding of human with nonhuman influences challenges use of historic conditions as
models for “pristine” or natural conditions in restoration. 
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Restoration or Realignment?

The discussions above prompt reevaluation of restoration assumptions and goals. If sustain-
ability is to remain a guiding concept in restoration ecology, its interpretation would better
focus on sustaining future options for flexibility and adaptation to changing conditions,
rather than attempting to recreate stable conditions that resist change. In practice, rather
than emphasizing historic ranges, or predisturbance species assemblages, compositions,
structures, and landscape patterns, sustainability might instead embrace landscape macrody-
namics that have characterized populations and species over long timeframes. These in-
clude, for instance, the ability to shift locations significantly, fragment into refugia, expand or
contract in range, coalesce with formerly disjunct populations, alter dominance relations,
foster non-equilibrium genetic diversities, and accommodate population extirpations and
colonizations—all in response to changing regional and global conditions. 

Biotas increasingly respond to more than change in climate at these scales. Although a
fundamental goal of ecological restoration may be to remove direct manipulative effects of
humans, in many cases this is impossible. Air pollution, alterations in landscapes surround-
ing the restoration site, presence of exotic invasives from distant continents, and changes in
disturbance regimes all are imposed on restoration populations with little hope of mitigation.
Sustainability in this context implies encouraging successful adaptation to conditions that
cannot be turned back. Restoration ecology would better minimize the focus on restoring
predisturbance historic structures and functions, and, instead promote efforts that foster nat-
ural macrodynamics as processes of adapting to inevitable change.

This does not imply, however, that “anything goes” in restoration. Adaptation is not
chaotic, although stochastic processes play important roles. Populations and species respond
and adapt to external forces of climate, invasives, and disturbance regimes with definable re-
lationships and patterns; these can be better defined by restoration science, and mimicked in
restoration practice. Rather than restoring past conditions, the challenge may be realigning
systems to present and anticipated future conditions in such a way that they can respond
adaptively to ongoing change (Millar and Woolfenden 1999b). 

Realignment will require an understanding of relevant prehistories as well as changing in-
fluences on population dynamics over time in the restoration region. Modeling (quantita-
tively or qualitatively) these conditions as a trajectory forward into the present and future, in-
cluding known or anticipated changes in climate as well as other environmental changes,
allows target conditions for a realigned population to be developed. An example comes from
the Mono Lake, California, ecosystem. A former pluvial lake at the western edge of the Great
Basin, Mono Lake receives its water from four Sierra Nevada streams. It has been docu-
mented that surface elevation has naturally fluctuated with climate for the last 3,700 years
(Stine 1990). In 1941, when the natural elevation of Mono Lake was 1,956 m, the city of Los
Angeles began diverting water from Mono’s tributaries for municipal use. This caused Mono
Basin rivers to dry, aquatic communities and riparian forests to disappear, the lake level to
drop, salinity to increase; diversion also triggered significant declines in floral and faunal pop-
ulations. At the low point, Mono Lake stood 14 m below the 1941 elevation (Stine 1990,
1991). Rather than adopting the predisturbance lake elevation of 1,956 m as a restoration
goal, scientists sought to determine a level based on current and anticipated future climate
and water conditions. Using historic relationships of surface elevation, snowpack, stream
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flow, and climate, a water balance model was developed that allowed estimation of the cur-
rent elevation level, if diversions didn’t exist, incorporating antecedent climates (Vorster
1985). Then, estimates of future climate and water trends, extremes, and fluctuations were
used to estimate input needed to keep the lake at or above a level considered adequate to sus-
tain aquatic and riparian biota. The resulting lake level modeled was lower than the 1941
level, but this can be understood given that the lake was in rebound at the time from an ex-
tremely wet period in the early twentieth century. The court set the level at 1,948 m, incor-
porating the scientific approach in its decision. A lawsuit involving restoration advocates and
the City of Los Angeles resulted in a court decision that incorporated scientific realignment,
and the level for Mono Lake was set at 1,948.

Another example of realignment comes from a conservation assessment of Monterey pine
(Pinus radiata), currently a rare species with three small California coastal populations and
two Mexican island populations. Each population is suffering significant declines from hu-
man threats and conservation plans have been designed to restore these populations. All
plans focus on improving conditions of the extant populations. Another approach to restora-
tion derives from examining Quaternary dynamics of the species (Millar 1999). Analysis of
Monterey pine paleorecords and paleoclimatologic data suggests that the species has a re-
peating metapopulation behavior that responds sensitively to fluctuations in climate. Under
favorable climates, Monterey pine responds via colonization of many small, disjunct popula-
tions extensively along the California and Mexican coast, while during unfavorable climates,
the species contracts to small networks of few populations. This process appears to have been
repeated many times in Monterey pine’s history.

Monterey pine occurred in the past in coastal northern California locations, as far as
600 km from the closest current native population. In this region, Monterey pine has been
planted for landscaping, where it has naturalized widely, eventually spreading into parks and
nature reserves. In these locations, the species is considered an unwanted exotic and is ag-
gressively removed as part of restoration projects. 

Based on analysis of Monterey pine’s paleoecology, a realignment strategy was proposed
as a supplemental restoration approach for the species (Millar 1998). The core of the idea is
that Monterey pine would be encouraged to persist in certain areas on the north coast rather
than being removed as an exotic pest. These locations are defined as areas where Monterey
pine has naturalized, overlaps its historic range under similar climates at present, and in-
cludes floristic associates found in Monterey pine fossil assemblages. Such realignment loca-
tions are considered “neonative” sites for Monterey pine. 

Opportunities for Climatological Research from Ecological Restoration

Whereas we have been describing implications from climate sciences to ecological restora-
tion, there are opportunities for the reciprocal, that is, situations where ecological restoration
research could advance climate science, as the following sections suggest.

Paleoclimate and Modern Climate Monitoring
Restoration projects that incorporate concepts of climate variability and realignment will, by
design, include assessments of prehistory and paleoecological relationships of the restoration
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ecosystems. When this is done for the benefit of designing a restoration project, it will also
contribute to paleoclimatology and paleoecology broadly. Restoration sites are often in loca-
tions that would not be selected for paleoclimatological research, and thus their addition to
databases can be valuable. A similar benefit derives from archeology, where inferences about
cultural sites and ancient human behavior depend on understanding the paleoenvironmen-
tal context of settlement sites. The need for this has motivated many excellent new paleoeco-
logical and paleoclimatic analyses that would not have been undertaken otherwise. The cu-
mulative effect of such contributions is to saturate regions with local information, which in
turn provides new understanding of well-resolved spatial relationships in paleoclimate and
paleoecology.

Similarly, assessment of existing ecological conditions for a restoration project may pro-
vide information about modern climate relationships. In restoration ecology, causes for im-
pacts are sought. Because many aspects of species biology are sensitive indicators of climate
change, such analysis may bring to light important climate effects that would otherwise be
unmonitored. For instance, investigation of conifer invasion into mountain meadows re-
vealed that the primary correlations with invasions were not human disturbance (grazing or
fire suppression) as had been suspected, but instead, multidecadal climate patterns related to
the Pacific Decadal Oscillation (PDO) (Millar et al. 2004). Prior to this assessment, it had
not been known whether PDO was expressed in that region or the nature of its effect. Simi-
larly, restoration concerns throughout southwestern United States, where massive forest
diebacks are occurring, provide an opportunity to understand spatial patterning of climate.
Forest mortality is a sensitive indicator of persistent drought, and so it can be used to delin-
eate resolved maps of the affected climate landscape. Local areas within a general drought
zone where mortality is low may indicate microspatial patterns, such as anomalies in storm
tracks that wouldn’t be recognized otherwise. In this way, restoration projects can contribute
to understanding the spatial and temporal influences of current climate and ongoing
changes in climate. 

Biotic Feedback to the Climate System
Global circulation models are the workhorses of modern climate change analysis. As models
become more sophisticated, they are able to accommodate more information and thus be-
come better estimators of future change. Model improvement focuses on greater spatial reso-
lution of climate, incorporation of background climate variability (e.g., ENSO, PDO), and
role of biota as feedback to climate. The latter is poorly understood and little integrated into
climate change models. Biotic feedback occurs when changes in climate induce changes in
biota, which in turn trigger further changes in climate. Examples include climate-mediated
changes in vegetation life form (e.g., tree to shrub to grass), or changes in fire regimes or wet-
land extant, which initiate changes in albedo and carbon storage and eventually feedback to
further climate changes. Ruddiman’s (2003) Anthropocene is a millennial-scale hypothesis
of biotic feedback to climate. Recent experiments in Rocky Mountain flora demonstrate car-
bon sequestration and feedbacks in meadow ecosystems (Saleska et al. 2002).

Restoration, when conducted with strategic experimental design, provides opportunities
to investigate changes in variables related to climate feedback. For instance, introduction of
restoration materials presents a chance to compare, at one location, the introduced system
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with the original, control condition. Monitoring changes in climate-responsive variables,
such as carbon storage and albedo for specific environments, ecosystems, species, and cli-
mate zones, would contribute valuable input into the nature of biotic feedback and enable
calculations of the significance of cumulative effects.

“Space-for-Time” Studies Versus Experimental Manipulation
A challenge in environmental sciences is how to study long-term processes in short, available
(grant-determined) timescales. An option is to substitute space for time in research design.
Experimental manipulation studies are also surrogates for time. Because studies about cli-
mate change implicitly invoke time-series analysis, these two approaches are often used—ei-
ther one, or the other, or interchangeably, with the assumption that they yield similar results.

What is rarely studied is a comparison of methods and their value or appropriateness for
different ecological or physical processes. Long-term studies by both space-for-time (gradient-
analysis studies) versus experimental manipulation of Rocky Mountain plant communities to
climate change document that, depending on trait, the two approaches can yield similar or
different results. For some traits (e.g., flowering phenology) the two experimental approaches
were comparable, while for others (e.g., carbon storage) they were discordant (Shaw and
Harte 2001).

Because experimental manipulation is expensive, it is less often chosen in ecological or
climatological research. Ecological restoration projects, by contrast, are almost always ma-
nipulative by design and provide an opportunity to do active experimentation. In such cases,
opportunities exist to provide valuable information to climate and climate-related sciences
about anticipated future responses to climate change under contrasting situations of experi-
mentation, gradient analysis (e.g., contrasting elevations approximates space-for-time study-
ing climate change), and in situ controls.

Global Warming and Restoration Ecology

The specter of global warming has raised much concern in conservation communities. As we
now understand, this is not something coming in the future, but something we already are ex-
periencing. At one extreme, the “Anthropocene” era of human-induced climate began 8,000
years ago with the spread of agriculture and its cumulative biotic feedback effects. Nested
within this background, warming observed in the last 120 years is partly rebound in the Bond
cycling events, superimposed on the longer periods of internal and orbital cycling to which
Earth is inextricably bound, and partly induced by modern human effects. Abrupt climate
change and vegetation response have been common in Earth’s history. On the one hand, this
is comforting in that most species, whose roots extend into the Tertiary, must be at least
somewhat adapted to the rates of change occurring now. Certain responses, such as massive
landscape mortality events, range expansions, minor and major population extirpations,
shifts in native ranges, or changes in community composition, may be expressions of land-
scape-scale resilience and realignment to changing external forces. Accommodating these
factors—if we choose to accept them—will require rethinking our concepts about what and
where native habitat is, what are “healthy” population sizes, what are causes of changes in
population size, and when is change acceptable and appropriate. Society may choose not to
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accept such consequences and manage instead for other desired conditions. In such cases we
will benefit by knowing that our management and conservation efforts may run counter to
natural process, and thus restoration efforts may require continuing manipulative input to
maintain the desired conditions. The lessons implied from paleoclimatology and paleoecol-
ogy suggest that making friends with physical and ecological change is an important prereq-
uisite to effective stewardship. Incorporating these ideas into new restoration ecology science
and practice will require considerable thought, discussion, experimentation, and research in
coming years.

Summary

New information from climate sciences and paleoecology increasingly challenges our abil-
ity to grasp dynamic nature. Key concepts for restoration include that natural (without hu-
man influence) climate oscillates regularly, at multiple and nested temporal scales, includ-
ing interannual, decadal, century, millennial, and multimillennial. In addition, transitions
between climate phases often occur abruptly, and vegetation responds to climate change.
Repetitive climate changes at each scale exert significant recurring evolutionary and eco-
logical force on vegetation, and species have evolved mechanisms to adapt despite ongoing
environmental change. These include changes in population size, abundance, and pro-
ductivity, population migration, colonization, and extirpation. Plant communities exist as
transient assemblages as species move individually through time and space following favor-
able climates and environments. 

Such conclusions suggest a rethinking of concepts of sustainability and restoration tar-
gets. Rather than restoring historic, “pre-human-disturbance” conditions, we may better help
species persist into the future by realigning populations with current and future anticipated
conditions, and providing options to cope with uncertain futures with certain high variability.
The capacity for populations to grow, decline, migrate, colonize, even extirpate, has deter-
mined species survival under past conditions of rapid change. Many situations thwart this ca-
pacity at present, including fragmentation, urbanization and development, static land-use
policies (including conservation measures such as reserves, easements, etc.), and even rigid
conservation philosophies that hold species hostage to specific locations and conditions. Un-
derstanding that species have coped with change in the past suggests that restoration sciences
have opportunities to assist species cope with the dynamics of the current world.
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Chapter 16

Integrating Restoration Ecology 
and Ecological Theory: A Synthesis

Donald A. Falk, Margaret A. Palmer, and Joy B. Zedler

Restoration ecology would be easier in a world of linear, deterministic, ordered, predictable
change tending toward stable equilibria. In such a world, many restoration projects would re-
quire only that the restorationist give a degraded or damaged ecosystem an initial push, and
then stand back and watch the system heal itself.

But this is not the world that most ecologists believe we inhabit (Botkin 1990; Wu and
Loucks 1995). Contemporary ecology describes a world characterized largely by nonlinear,
stochastic, imperfectly predictable processes where historical contingencies, spatial context,
and initial conditions are strong determinants of change following perturbation, and in
which equilibria, if they exist at all, are likely to be unstable (Maurer, Menninger and
Palmer, Suding and Gross, this volume). Contemporary ecology sees constant interactions
between intrinsic or endogenous dynamics (for example, population cycles) and a nonsta-
tionary physical environment with multiple frequencies and amplitudes of change. What we
now understand about climate variability suggests that the physical environment is nowhere
near as stable—even on “ecological” time scales—as was once supposed (Cayan et al. 1998;
McCabe et al. 2004; Millar and Brubaker, this volume). Indeed, ecological and evolutionary
adaptation to spatial and temporal variability is a powerful new line of ecological inquiry
(Chesson 2000; Clauss and Venable 2000; Reed et al. 2003).

These emerging views of how the world works pose a fundamental challenge for restora-
tion ecology (Pickett and Parker 1994; Hobbs and Norton 1996; Anand and Desrosiers 2004):
Given that ecosystems are in a constant state of dynamic flux, what state should be restored? 

The contributors to this volume offer some novel and important answers, if only as work-
ing hypotheses. On the whole they emphasize ecological processes that underlie the visible
composition and structure of ecological communities. Although “saving the parts” (Leopold
1953) is often used as shorthand for restoration, restoration ecology shows that how the pieces
are assembled, and how they work together, are at least as critical (Naeem, this volume). 

Retaining all the individual components (species) of communities and ecosystems re-
mains important, however. Restoration is becoming more attuned to underappreciated key-
stone functional groups, such as soil microflora and microfauna, cryptobiotic crusts, and dis-
persal agents. Uncommon and rare species may also play unknown ecological roles at small
spatial scales. Nonetheless, there is a world of difference between having all the parts of an
automobile laid out neatly on the garage floor and an assembled machine that can take you
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down the highway. Restoration requires having all the right pieces, even if the real interest is
how they will function once reassembled.

Perhaps the most important lesson from these fifteen chapters is the reciprocal, mutually
beneficial relationship between ecological theory sensu latu and restoration ecology (Hobbs
1998; Palmer et al., this volume). We see many compelling reasons for closer connections be-
tween restoration ecology and ecological theory, two of which emerge as central themes in
this book.

Ecological Theory Can Help Inform and Improve the Science 
and Practice of Restoration 

The idea that ecological theory can be of significant value to restoration science and practice
runs through every chapter in this book. The science of restoration was motivated initially by
practical applications rather than by theoretical inquiry (Jordan et al. 1987). Increasingly,
however, restoration ecology is defining itself as a scientific discipline in the sense that it
strives not only to observe, but to explain (Palmer et al. 1997; Ginzburg and Jensen 2004).
This is reflected in the growth of journals such as Restoration Ecology, as well as academic
and research programs in restoration ecology around the world (www.seri.org). 

In principle, there are important differences between restoration science and restoration
practice. Science is a means of inquiry, which progresses by asking questions, collecting data,
and forming interpretations that help us to understand the world around us. The aim of re-
search is ultimately understanding and the ability not only to quantify but, more importantly,
to offer coherent explanations for how the world works (Weiner 1995). In science, to learn is
to succeed.

Restoration practice typically begins with a different goal, which is to accomplish specific
objectives. Clients might want to reestablish a species in a particular place; reduce rates of
soil erosion; bring the pH of a lake within its natural range; reestablish a natural disturbance
regime, such as fire; eliminate an aggressive invading species; or create vegetation structure
that will provide nesting habitat for a species of interest.

In reality, the line between restoration science and practice is often fuzzy, and both can
advance simultaneously if each capitalizes upon the other. Even when a restoration project
has a limited objective, the practitioner usually tries out a few alternative treatments to evalu-
ate “what works.” We assert throughout this book that even applied restoration practice offers
many opportunities for learning and testing of scientific ideas. For example, Callaway et al.
(2003) accomplished restoration of the species-rich canopy in a degraded salt marsh plain
while simultaneously testing predictions of biodiversity-ecosystem function theory. 

Of course, not all important insights begin with a theoretical question; ecologists some-
times begin by being good natural historians, observing and processing what they see in a syn-
thetic, holistic mode of thinking. In complex systems, the best questions—and the most chal-
lenging problems—may not be amenable to a simple reductionist paradigm (Pickett et al.
1994). Depending on one’s training and research focus, testable hypotheses can emerge from
good natural history at least as often as the reverse (Weiner 1995).

Restoration ecology can also benefit from closer integration with ecological theory in the
area of research design and statistical analysis (Michener 1997). Restoration experiments are
often constrained by practical considerations that limit replication, the use of balanced facto-
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rial designs, and the range of experimental conditions, especially at large spatial scales. New
research designs and statistical methods can help restorationists deal with these contingen-
cies and, in so doing, help solidify restoration ecology as an empirical science (Osenberg et
al., this volume). Likewise, mathematical and simulation models are becoming more widely
recognized in restoration ecology as valuable tools for anticipating and, in many cases, simu-
lating the responses of complex systems to a variety of perturbations (Anand and Desrosiers
2004; Urban, this volume). Broader application of ecological modeling could help restora-
tion ecology grow beyond trial-and-error experimentation.

Restoration Ecology Can Help Test Basic Elements of Ecological Theory 

While we contend that restoration will benefit from closer integration with ecological theory,
a parallel tenet of this book is that restoration ecology has a great deal of reciprocal value to
offer (Jordan et al. 1987; Hobbs 1998). The contributing authors of this book highlight many
interesting opportunities for restoration ecology to contribute to the development of ecologi-
cal theory. It is hardly an exaggeration to suggest that restoration ecology offers some of the
most promising prospects for advancements in our understanding of how ecosystems work. 

We find examples of such potential at all levels of biological hierarchy. The simple act of
augmenting or reintroducing a population of a single species provides opportunities for con-
trolled, empirical tests of concepts in population and ecological genetics, such as founder
events, effective population size, inbreeding and outbreeding depression, metapopulation
genetics, and temporal changes in gene frequencies (Falk et al., this volume). At the popula-
tion level, restoration ecology offers the opportunity to test predictions about dispersal and es-
tablishment limitation, demographic variability, intra- and interspecific competition, and the
contribution of metapopulation dynamics to persistence and resilience in changing environ-
ments (Maschinski, this volume).

Restorationists have already learned a great deal about the influence of spatial variability
of resources, such as water and limiting nutrients, and how fine-scale heterogeneity influ-
ences species interactions and community structure (Larkin et al., this volume). Similarly, it
is the large extent of manipulation needed to restore land (and water) that allows community
and ecosystem ecologists to test ideas at the large scale. Restoration of whole communities
gives ecologists unparalleled opportunities for detailed and controlled experimentation 
with higher-order processes, such as community assembly, food-web organization, diversity-
stability relationships, and successional pathways, under controlled, repeatable circum-
stances (Menninger and Palmer, Van der Zanden et al., Naeem, Suding and Gross, this
volume).

Disturbed or altered communities and ecosystems, including those that have been in-
vaded by exotic species, are a central domain of ecological restoration (D’Antonio and
Chambers, this volume). Restoration ecology overlaps substantially with disturbance ecology
and invasive species control efforts, partly because species invasions are often a critical factor
triggering the call for restoration. Degraded and restored settings offer a chance to examine
the properties of invasive species, invaded communities, and the effects of removal at large
scales under controlled conditions.

By its very nature, restoration exposes species to novel environmental conditions. In the
short term, controlled in situ experimentation in a restoration context can reveal the
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ecophysiological responses of organisms to stress, and phenotypic tolerance of extreme con-
ditions (Ehleringer and Sandquist, this volume). In the longer term, restoration creates em-
pirical tests of the ability of species to adapt to novel evolutionary environments (Stockwell et
al., this volume). The evolutionary response to changing climate, biogeochemical cycles,
and landscape configuration may be the most pervasive outcome, not only of our globally al-
tered environments, but also of our efforts to restore them.

Good restoration practice and science both require continual observation and data col-
lection. To realize their full scientific potential, restoration projects need to acquire adequate
baseline (pretreatment) data, establish treatments as replicated experiments, and monitor
outcomes systematically (Zedler and Callaway 2003; Zedler 2005). Unfortunately, this is still
not practiced consistently; for example, Bernhardt and colleagues (2005) found that only
10% of more than 37,000 river restoration projects in the United States had documentation
and monitoring protocols in place. Although some responses to restoration actions are visible
immediately after treatments, others may take years to unfold. If we do not monitor consis-
tently to decadal scales, we run the risk of basing adaptive management decisions only on the
short-term component of ecological response. We would then miss important slow changes
in species composition, competitive and coexistence interactions, soil properties, hydrologic
regimes, and community structure (e.g., Friederici 2003; Temperton et al. 2004; Packard and
Mutel 2005). If we want to learn how best to restore the dynamics of ecological systems, even
in an applied context, we need to follow the outcomes of representative projects over de-
cades, with preference given to well-documented, replicated experiments (Larkin et al., this
volume).

Ecology sensu latu embodies a wide domain of subjects and subdisciplines and, in this
first attempt at integration, we have not covered them all. Belowground ecology, species in-
teractions, social organization, quantitative spatial ecology, ecosystem ecology, biosphere-
atmosphere couplings, and ecological time-series analysis are among the areas within ecol-
ogy that merit further exploration from a restoration perspective. Ecology’s allied peer
disciplines—such as soil science, hydrology, geomorphology, and biogeochemistry—are
equally deserving of a careful treatment of links to restoration theory and practice. We find
ample room for fuller exploration of the potential to join restoration ecology to all of these
fields.

In the meantime, we hope this book will lead more restoration ecologists to look to eco-
logical theory for a unifying framework for their work, and more ecologists to look to restora-
tion as an opportunity to test their most basic ideas.
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Establishment microsites, 156–58
Estimation vs. P-values, 282
Eucalyptus cladocalyx, 74
Euclidian distance, 247
Euphorbia forbesii, 45
Everglades, 241, 242
Evolution, 119

contemporary, 113
application to restoration ecology, 128–30
ecological function and, 131
evolutionary ecology and, 119–22
examples of, 114–15
factors constraining and facilitating, 120
managing “refuge” populations in the context of,

130–31
heritable, 116, 119
rapid, 119

Evolutionary change in quantitative traits, 116–18
Evolutionary ecology, 4
Evolutionary potential, 113, 119, 122, 124, 126, 128,

130
Evolutionary process and restoration ecology, 113,

118–19
Evolutionary response, 116–18
Evolutionary restoration ecology, 131

research opportunities, 131–32
Exotic species, 183, 268, 271, 330, 332, 333

evolutionary control of, 132
management of, 175, 176

Experimental design, 5, 342–43
central concepts in, 281–83
see also specific topics

Experimental manipulation, 335
Experiments vs. assessment, 281, 283

see also Assessment designs
Extinction, 15
Extinction risk, 69, 70
Extirpation, 15
Extrinsic factors, 212

Facilitation, 93, 100, 198–99, 225, 226, 265
Feedbacks:

positive, 272, 273
see also Biotic feedbacks

Fens, German:
use of community and ecosystem perspectives in

restoring, 231
Fertilization, 270
“Field of dreams” paradigm, 184

Filters:
abiotic, 95–96
environmental, 95, 103–4

Fine-scale heterogeneity, 4
Fire, 266–67
Fire models, 239, 244, 245, 251
Fire regimes, 323, 328, 334
FIRESUM, 244
Fisheries, lagoonal, 296–97
Fishes, piscivorous, 172
Fitness, 15, 119

evolution of, 132
Flood frequency, spatial variation in, 149
Flow regimes, 177, 178
Fluctuating resources, 270
Fluctuating resources hypothesis, 269, 270
Food-chain approaches, 171–73
Food-web assembly, 171, 177–78
Food-web change, long-term, 179–82
Food-web connectance, 166
Food-web diagrams, 165
Food-web effects, direct vs. indirect, 169
Food-web structure, 165
Food-web theory:

application to restoration ecology, 170–82
complex interactions, 170, 171, 173–75

see also under Food webs
Food webs, 4, 98, 99, 165–68, 184

historical overview of relevant theory, 168–70
Forecasting, 238, 250, 253
Forest succession/fire model (FIRESUM), 244
Forests, 149, 151, 157, 241, 244, 245
Founder effect, 18
Fractal theory, 145
FST, see Inbreeding coefficient
Functional diversity, 215
Functional groups, 213, 216, 230–31
Functional redundancy, 101
Functional restoration targets, 168
Functional traits:

effect, 215
response, 216

Fungi, 49, 100
Fynbos restoration in South Africa, 230–31

Gap models, 239
Gene flow, 26, 28, 30, 31, 33, 34, 80

and evolutionary divergence, 119–22, 124
Genetic adaptation, 330–31
Genetic architecture, 17, 18
Genetic distance, 23
Genetic diversity, 14, 32–34

among populations, measures of, 23
detection and measurement, 17

articulating goals for restored populations, 25
biometric studies, 17
genetic location of source material for restora-

tion, 26–29
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molecular marker variation, 17, 18
number of individuals to sample within popula-

tions, 29–30
number of populations to sample, 30–32
probability of a collected sample surviving to es-

tablishment, 32
quantitative variation in phenotype, genotype,

and genes, 18
sampling the diversity of source populations, 29
spatial and temporal dimensions of diversity and

divergence, 18, 21–24
statistical measures, 21–23
see also Genetic variation

importance to restoration ecology, 14–17
within populations, and inbreeding, 15–17
within populations, measures of, 23
sources of information about, 20–21

Genetic drift, 16, 28, 124
Genetic factors and topographic heterogeneity, 158
Genetic markers:

neutral, 123–24
selected, 125

Genetic rescue, 16
Genetic similarity, 23
Genetic uncertainty, 61
Genetic variation:

marker systems for evaluation of, 19
dominance, 19
information criterion of markers, 19
transferability of markers, 19

see also Evolution, contemporary; Landscape genet-
ics and restoration

Genetically local populations, 26
Genetics, population and ecological, 4

applied in restoration ecology, 24
Genic markers, 19
Genomic coverage, 19
Genotype-environment interaction (G x E), 17
Genotypes, 18, 119

mixing, 28
Geographic distance, 26, 33
Geographic information systems (GIS), 252
Germination, 156–58
Giant sequoia (Sequoiadendron giganteum), 327
Glacial/interglacial cycles, 316, 317, 322, 323

see also Little Ice Age
Glanville fritillary butterfly (Melitaea cinxia), 76, 77
Global change:

backdrop of exotics and, 183
see also Macroecology

Global warming and restoration ecology, 335–36
Grass/fire cycle, 272, 273

breaking the, 272
Grasses, exotic, 268, 271
Grassland, 232
Grazed semiarid systems, 195
Greenhouse gases, 315, 316, 320
GST (coefficient of gene variation), 21, 22, 30–31

Habitat simulators, see Simulations/simulation models
Habitat-specific demographic, 68
Habitat(s):

biotic modifications of, 97
characteristics, 95–97
complexity, 90, 97
fragmentation, 68
heterogeneity, 90, 97
quality, 67–68
requirements, 73–74
suitability, 67, 73–74

Harsh-benign hypothesis, 95
Heritability, 23
Heritable evolution, 116, 119
Heritable phenotypes, 18
Heterogeneity, 142

see also Topographic heterogeneity
Heterosis, 16
Heterozygosity, 15, 16, 21–23
Heuristic models, 239–41
Hierarchical nature of population structure, 22
Historic range of variability, 15
Hollows, 146, 147
Holocene, 317
Homogeneity, 142, 144
Homozygosity, 16
Hummocks, 146, 148
Hydrologic regime, 271–72
Hydrology models, 239–40, 251, 252
Hyperpredation hypothesis, 176

Ice cores, 316, 317
see also Glacial/interglacial cycles; Little Ice Age

Immigration, see Migration
Inbreeding, 14, 16

genetic diversity within populations reduces poten-
tially deleterious effects of, 15–17

Inbreeding coefficient (FST), 21, 23, 123–24, 127
Inbreeding depression, 16, 17
Indicator Species Analysis (ISA), 251–52
Indicator variables, 240
Inhibition, 198–99, 265
Inoculation, 130
Interaction web, 166
Intermediate disturbance hypothesis, 96, 267
Interstades, 317
Intrinsic factors, 212
Introduction of populations, 24, 28
Invader abundance and ecosystem change, 260, 261
Invasion meltdown, 175, 265
Invasions, preventing and controlling, 263–66
Invasive plant species, 260

management-restoration approaches for, 260–63,
272–75

restoration of systems affected by, 260–62
Invasive species, 5, 98–99, 171, 175–77, 332, 334

constraining, 156
Ipomopsis sancti-spiritus, 76–78
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Island biogeography, 64–65, 90, 93
Island models, 65
Isolation, 70–71

Jacquemontia reclinata, 77, 79–80
Journals, ecology, 7
Juniper (Juniperus), 328

Kelp (Macrocystis pyrifera), 288
Keystone predators, 99
Keystone species, 169

Lagoonal fisheries, 296–97
Lahontan cutthroat trout (LCT; Onorchynchus clarki

henshawi), 180–82
Lakes, shallow, 194, 195
Landscape functions, enhancing, 151, 154–56
Landscape genetics and restoration, 122–28
“Learning-by-doing” framework, 183
Leaves:

protein and nitrogen content, 45–46
see also Plant responses in restoration setting

Legacy effects, 195, 204
Leptokurtic dispersal curves, 26
Levins model, 64
Life-history evolution, 118–20
Life-history theory, and species traits that predict ar-

rival, 263–64
Life-history traits predicting rate once established, 264
Light:

and energy balance (aboveground processes), 43–48
high, as stressor, 45–46

Limiting-similarity hypothesis, 267
Little Ice Age (LIA), 319, 320, 331
Local adaptation, 27
Local vs. regional effects, 283
Lotus scoparius, outbreeding depression and local

adaptation in, 27

Macrocystis pyrifera (kelp), 288
Macrodisturbance, 315
Macroecology, 5, 303

restoration ecology and neutral, 311
Mahalanobis distance, 241, 243, 247
Mainland-Island model, 64
Managed releases, 131–32
Managed species, reversing the evolutionary trajectory

for, 132
Managed vs. unmanaged ecosystems, 227
Management:

adaptive, 183, 196, 238, 239
of exotic species, 175
preventive, 260
of “refuge” populations in the context of contempo-

rary evolution, 130–31
resource, 315
and restoration, application of theory to, 194, 195

Management experiments, 238

Management-restoration approaches for invasive spe-
cies, 260–63, 272–75

Mantel test, 241
Marine protected areas (MPAs), 281, 291–98

lessons learned from, 298
Marine restoration using reserves, 291

see also Control-Impact (CI) studies
Matrix quality, 80
Medieval Climate Anomaly, 319
Melitaea cinxia (Glanville fritillary butterfly), 76, 77
Mesopredator release, 172
Meta-analyses, 291–93, 298
Metal-toxicity in soils, 49
Metapopulation, 59
Metapopulation analysis, 64–66

sources, sinks, population regulation, and habitat
selection, 66–68

Metapopulation ecology, 4
Metapopulation structure, 80
Metapopulation theory:

addressing restoration questions using, 69–77
areas of research need and opportunity, 80–81
challenges of, 69–70
principles of, 65–66, 69–70

Methane, 331
Methodology, 5

see also Experimental design; specific topics
Michaelis-Menton model, 223, 225
Microarrays, 125
Microclimatic stressors, 46–48
Microhabitats, 156–58
Micropterus dolomieu (smallmouth bass), 178
Microsatellites, 20, 131
Microsites, establishment of, 156–58
Microtopography, 146–50, 157, 158
Migrant(s), 124
Migration, 80, 124, 221
Migrational load, 123
Milankovitch cycles, 318
Mineralization, N, 219
Minerals in soils, tolerances associated with, 48–50
Minimum amount of suitable habitat (MASH), 67
Minimum viable metapopulation (MVM) size, 67
Minimum viable population (MVP), 60, 70
Mitochondrial DNA (mt-DNA), 123
Model evolution, 252–53
Modeling, 5, 238, 244–45, 253

research needs and opportunities, 249–53
Models, 238–39, 253

applications in restoration ecology, 239–40
identification and refinement, 250–52
illustrations, 240–44
posing, 238
purposes, 238–39
translation, 249–50

Molecular markers, 17, 18
Molecular techniques, 18, 20
Monitoring, 238
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Mono Lake, 332
Montane forest restoration, from a community/succes-

sion perspective, 230
Monterey pine (Pinus radiata), 333
Moosehorn National Wildlife Refuge (MNWR),

241–42
Mounds, 147, 149, 152–53, 156–57
Multimillennial scales, 321
Multiple stable equilibriums (MSE), 194, 196, 204

see also Equilibrium states, multiple
Mutation, 16
Mutation rate, 124
Mutualism, 100

Native species, 330
Natural catastrophes, 61
Natural disturbance regimes, 96–97
Natural range of variability, 15, 250, 253
Natural selection, 119, 129, 131
Niche complementarity, 216, 225, 226
Niche theory, 90
Niches, 145
Nitrogen, 271
Nitrogen content, leaf, 45
Nitrogen loading, 198
Non-equilibrium theory, 192, 195–97
Nonmetric multidimensional scaling (NMS), 246–49
Null model, 65, 280, 281, 289
Nutrients, 48–55

Oak (Quercus), 322, 323, 328, 329
Obliquity cycle, 318
Onorchynchus clarki henshawi (Lahontan cutthroat

trout), 180–82
Orbital climate theory, 317–19, 335
Ordination framework, converting models to, 249–50
Ordination space, environmental assessment in, 246,

248–49
Ordinations:

constrained, 246
indirect, 246, 248

Outbreeding, 17
Outbreeding depression, 16, 17, 27, 29, 34
Oxygen isotopes, 317
Ozone, 285–86, 288

P-value culture, 282
Pacific Decadal Oscillation (PDO), 320, 321, 324, 334
Paleoclimatology, 316–25, 333–34
Paleoecology, 5, 321, 325, 333–34
Panmictic populations, 29
Patches, 69

size, 69–71
which to augment, 76–77
see also Island biogeography; Metapopulation the-

ory
PEP carboxylase, 44
pH of soils, 49

Phalaris arundinacea, 148, 156
Phenomenological models, see Statistical models
Phenotypes, 18, 116–17
Phenotypic plasticity, 17
Phosphoglycerate, 43
Phosphorus, 241, 242
Photoinhibition, 46
Photorespiration, 43

see also Respiration
Photosynthesis, 219

C3 vs. C4, 43–45
Physiological variation, see Quantitative (morphologi-

cal) variation
Phytoplankton, 172
Picea (spruce) forests, 322
Pinus spp., 325

P. elliottii var. densa canopy, 74
P. monophylla, 323
P. radiata, 333

Piscivorous fishes, 172
Plankton, 172
Plant responses in restoration setting, ecophysiological

constraints on, 42–43, 54–55
see also Light, and energy balance; Water, and nu-

trients
Pleistocene, 316
Polymerase chain reaction (PCR), 20
Polymorphisms:

amplified fragment length, 19, 20, 123
restriction fragment length, 19, 20
single nucleotide, 19, 20, 123

Population, 21
defined, 18

Population abundance, 327, 328, 330
Population (dynamic) theory:

addressing restoration questions using, 69–74
areas of research need and opportunity, 80–81

Population dynamics, 4
Population genetic theory, 15

see also Genetics
Population models, used to determine when and

where to remove a species, 266
Population size, 328–30

effective, 16, 124
Population structure, 18
Population viability analysis (PVA), 60–64

uncertainty, 61
Population viability modeling:

challenges of, 62–64
see also Population (dynamic) theory

Populations:
introduction of, 24, 28

see also Reintroduction of populations
which to augment, 76–77

Portfolio effect, 216, 220
see also Statistical averaging

Potential for estimating selection, 19
Predation, 98, 99, 173–74, 176
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Predator-mediated competition, 169–70
Predator-stress models, 95
Predictability, 220, 221, 223

defined, 220
Predisturbance reference, 331
Preventive management, 260
Principal components analysis (PCA), 246
Priority effects, 94
Productivity, 219
Propagule supply, 262, 264, 266, 274
Propagules, 71, 73, 76–77, 262–63
Protein content, leaf, 45–46
Purshia subintegra, 71–73

QST, 21, 127
Quantitative genetic variation, 18
Quantitative (morphological) variation, 18, 20, 21
Quantitative trait loci (QTLs), 18, 21–24, 125
Quantitative traits, 125–28
Quaternary, 316, 325, 328
Quercus (oak), 322, 323, 328, 329

r and k selection, 264
Random assignment, 282, 292
Random genetic drift, 28
Reaction-diffusion models, 65
Realignment:

goal of, 259
vs. restoration, 332–33

Reciprocal averaging (RA), 247–48
Reciprocal transplants, 17, 126
Recovery pathways, 201, 204
Recruitment, 149
Redox, 146
Redundancy analysis, distance-based, 247–48
Redundant species, 213, 217, 219
Redwood, coast, 328
Reference conditions, 331
Regional mixtures, 26, 34
Regional processes:

influence of, 92–95
temporal scale of, 94–95

Regional vs. local effects, 283
Reintroduction of populations, 24, 29, 30, 32, 70, 171,

175–77
Reproductive effects of topographic heterogeneity,

149–50
Rescue effect, 69, 80
Research design, 5, 342–43

see also Experimental design; specific topics
Resident restoration material, 24
Resilience, 261–62, 266–67, 326, 335

testing for, 196
Resistance, 258, 262, 273–74

competition theory and enhancing community,
267–69

Resource competition, 270
see also Competition

Resource limitation theory, 98
Resource management, 315

see also Management
Resource ratio hypothesis of succession, 199
Resource subsidy, 101
Resource supply, 269
Respiration, 47–48, 219

see also Photorespiration
Response functional traits, 216
Restocking, 24
Restoration:

defined, 238
of extreme sites and highly degraded habitats, 156
fast processes and, 198–200
major theories and connection to, 190–97
and management, application of theory to, 194, 195
multivariate framework for, 245–48
nature of, 303
vs. realignment, 332–33
slow processes and, 200–201
tasks in the process of, 238
theories on mechanisms of change, 197–201

and future avenues for progress, 201–5
see also Ecological restoration; specific topics

Restoration ecology, 3, 341–42
foundations of, ix–x
general framework for, 244–45
opportunities in, 252–53
see also Ecological restoration

Restoration Ecology (journal), 7, 282, 283
Restoration goals, guidelines for different, 228
Restoration guidelines, 80
Restoration material, types of, 24
Restoration projects, goals of, 280
Restoration research, 342–43

interpreted from three perspectives, 229–32
see also specific topics

Restoration science vs. restoration practice, 342
Restoration target conditions, 246, 250
Restorations, science-based, 2
Restored populations, articulating goals for, 25
Restriction fragment length polymorphisms (RFLP),

19, 20
Ribulose biphosphate carboxylase (Rubisco), 43
River restoration, 96–97
Rocky intertidal areas, 148, 150
Rubisco, 43

Saline soils, highly, 49
Salinity, 147, 150
Salinizing and groundwater shifts at landscape scales,

54
Salt marshes, 144, 147, 150, 154–55, 172, 179
Saltcedar (Tamarix spp.), 271
Sampling, 29–32
Sampling design, 239, 242, 252
Sampling diversity, 30–31
Sampling effects, 216, 225

362 index



Scales, 197–98, 200–203
spatial, 190, 201–3

Sedge meadows, 147, 148, 156
Sedimentation, 151, 159
Seed banks, 62
Seed source selection, 128–30
Seed transfer, 17, 18
Selection:

directional, 116–17
potential for estimating, 19
stabilizing, 116–22

Selection effects, 217, 225
Self-design capacity, 192
Sequoiadendron giganteum (giant sequoia), 327
Serial correlation, 284, 287, 294
Shepard diagram, 249
Simple sequence repeats (SSR), 19, 20
Simulations/simulation models, 5, 239–45, 252
Single nucleotide polymorphisms (SNP), 19, 20, 123
Sink habitats, 66–67
Smallmouth bass (Micropterus dolomieu), 178
Soil-plant-air continuum (SPAC), 52
Soils, tolerances associated with minerals in, 48–50
Source habitats, 67
Source-sink models, 67–68
Space-for-time studies, 335
Spartina spp., 147, 158, 172, 179, 193, 194
Spatial arrangement of restoration sites, 75–76
Spatial scales, 190, 201–3, 309–10
Spatial variation in flood frequency (SVFF), 149
Spatially explicit models, 64–65
Species-area relationships (SARs), 90, 305–6
Species composition, 216
Species identity, 217
Species interaction, 97–98, 104
Species pool, 92–93
Species range, native, 328–30
Species redundancy, 213, 217, 219
Species reintroduction, see Reintroduction of popula-

tions
Species replacement, dynamics of, 191
Species richness, 147–49
Species singularity, 218
Spillover, 291
Spillover effects from single species restoration efforts,

89
Stability, testing for, 196
Stable isotope analysis, 178–82
Statistical analysis, 5, 21–23, 258
Statistical averaging, 218, 220

see also Portfolio effect
Statistical models, 239, 241–42
Stepping-stone models, 65
Stochasticity, 61, 190, 196–97, 204
Stocking, 130
Stomata, 52
Stomatal conductance, 45
Structural restoration targets, 168

Succession, 192, 194, 195, 198, 201, 204, 243, 244,
247

causes, 263
directed, 274
elements of, 274
resource ratio hypothesis of, 199
see also Community/succession perspective

Succession theory, as means of prioritizing species for
removal, 265

Sumilon Nonreserve (SNR), 293–94
Sumilon Reserve (SR), 293
Sustainability, 326–28

Tallgrass prairie, 151
Tamarix spp. (saltcedar), 271
Target conditions, 246, 250
Temporal scales, 190, 205, 309–10

multiple and nested, 324
see also Scales

Tephrosia angustissima var. corallicola, 73–74
Tetrao urogallus (capercaillie), 70, 71
Thermal stress, see Light, and energy balance
Thresholds, 194, 201, 204, 261, 274
Tidal creeks, 147, 151, 152, 154, 155
Tijuana Estuary, 154
Tolerance(s), 42, 198–99

associated with minerals in soils, 48–50
defined, 42

Top-down control, 98, 99, 167, 169, 173, 262–63
Topographic heterogeneity, 142, 159–60

current theory and testable hypotheses, 144–45
defining and measuring, 143
effects in restoration sites, 150–58
effects of, 145–46

abiotic patterns and ecosystem processes, 146
animal habitat use, behavior, and trophic inter-

actions, 150
distribution of organisms, 146–49
genetic, reproductive, and developmental attri-

butes, 149–50
future research needs, 158–59
how it should be used, 159
questions regarding, 142–44
what it does, 159
what it is, 158–59

Trajectories:
change, 248
ecological, 4
restoration, 190, 192, 194, 196, 200–202, 204

patterns of, 191
reversing evolutionary, 132

Translocation, 17, 24
Transpiration, 47–48
Transport processes, external, 308–9
Trophic cascade, 172
Trophic interactions, 199–200
Trophic levels, 168–69

number of, 166
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Trophic structure, 99–100, 226
meanings, 165, 166

Tropical restoration, from a community perspective,
229

Trout, 175–76, 178, 180–82
Tulane, Lake, 324
Tussocks, 147, 148, 156
Two-Way Indicator Species Analysis (TWINSPAN),

251

Urban ecosystems, need for new theory to provide
functional communities in, 102–3

Variability:
of ecosystem functioning, 220
environmental, 145, 147, 159, 197

Vegetation communities, non-analog, 327–28
Vegetation disequilibrium, 330, 331

see also Equilibrium
Vegetation lag, 325, 330, 331

Vegetation simulation model, 243
see also Simulations/simulation models

Water:
availability and acquisition, 50–51
and nutrients (belowground processes), 48–55

Water limitation stressors, 51–53
Watersheds, 244, 252–53
Weighted averaging, 246
Wetland restoration, application of BEF perspective to,

231–32
Wetlands, 157–58, 241

spatial distributions, 310
see also Salt marshes

X-BACIPS, 297
Xylem water, 50–52

Younger Dryas, 319, 322
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